
The population-level impacts of endocrine 

disrupting chemicals in fish 

 

 

Submitted by Tobias Sayer Coe to the University of 

Exeter as a thesis for the degree of Doctor of 

Philosophy in Biological Sciences, April 2010 

 

 

This thesis is available for Library use on the understanding that it is 

copyright material and that no quotation from the thesis may be published 

without proper acknowledgement. 

 

I certify that all material in this thesis which is not my own work has been 

identified and that no material has previously been submitted and 

approved for the award of a degree by this or any other University. 

 

 

……………………………………. 



 ii 

Abstract 

Endocrine disrupting chemicals (EDCs) are one of the many anthropogenic pollutants 

released into the environment. There is a substantial body of literature that has shown 

a detrimental impact on wildlife, particularly aquatic species, following exposure to 

these pollutants. In particular, exposure to EDCs can cause disruptions in sexual 

development and reproductive function. The majority of the effects observed are 

alterations in the physiology and behaviour of individuals and a key research question 

that has yet to be fully addressed is whether the effects seen in individuals exposed to 

EDCs manifest in measurable changes in population parameters. 

 

Whilst some work has been conducted previously investigating the population-level 

impacts of EDC exposure, this work has generally used mathematical models to 

examine whether measured short-term changes in individual fecundity and survival 

may lead to alterations in population viability and growth in the long-term. Such an 

approach ignores the potential impact of EDCs on more subtle factors (for example 

alterations in behaviour and genetics) that can potentially affect fish population 

dynamics. 

 

The work presented in this thesis used two model species, the zebrafish, Danio rerio 

and stickleback, Gasterosteus aculeatus, to examine whether exposure to EDCs had 

an effect on previously ignored factors that determine group dynamics, including 

behaviour, parentage and reproductive success. In groups of zebrafish (two males and 

two females) exposure to the model oestrogenic compound ethinylestradiol (EE2) at 

10 ng/L caused a reduction in the paternity success of the most successful male, 

reducing the skew in paternity, relative to controls. This disruption in the reproductive 
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hierarchy was associated with a suppression of 11-ketotestosterone (11-KT) 

concentrations in exposed males. Such alterations in reproductive hierarchies have 

implications for population genetic diversity as well as usual patterns of sexual 

behaviour and selection. 

 

In a second study, males were exposed to EE2 (females were not exposed) and then 

placed into colonies of varying size with either 1, 2 or 4 males competing to breed 

with one female. The reproductive success of the most reproductively successful male 

in colonies containing two males and one female was unaffected by previous exposure 

to EE2, relative to controls, but was significantly affected for the most reproductively 

successful male in tanks containing four males competing to breed with one female.  

This finding suggests that the impact of EDC exposure on reproductive hierarchies 

and success is dependent on the group structure and is not a straightforward 

monotonic effect.  

 

It is well known that there exist so-called „windows of sensitivity‟ for the effects of 

EDCs on sexual development in fish. Exposure to EDCs during this period can cause 

dramatic alterations in development, including complete sex reversal if the magnitude 

and/or duration of exposure are sufficient. In the third study in this thesis, zebrafish 

were exposed during the key window of sexual development, from 20-60 days post 

fertilisation (dpf). The reproductive success of both mature males and females was 

then examined in competitive breeding scenarios. Whilst there were no obvious 

effects of the early life EE2 exposures on the gonadal phenotypes in either males or 

females at maturity, the reproductive success in males exposed to 2.76ng EE2/L was 

increased. In contrast, exposure of females to 9.86 ng EE2 /L during early life reduced 
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their subsequent reproductive success. Given the importance of female reproductive 

capability in population demographics and dynamics, the effect of exposure to EE2 on 

female reproductive success may therefore have significant implications for exposed 

fish populations. 

 

Whilst conducting the EE2 exposure experiments, it became clear that the genetic 

diversity in the laboratory strains of zebrafish was much lower than that previously 

published for wild zebrafish. A study was therefore conducted in which several 

laboratory strains of zebrafish and a population of zebrafish obtained directly from the 

wild in Bangladesh were genotyped in order to elucidate the genetic diversity in the 

different strains. The results showed that the genetic diversity in commonly used 

laboratory strains (even those described as outbred or „wild type‟) was significantly 

lower than that of wild zebrafish. Given the impact of reductions in genetic diversity 

and variation on fitness at both the individual and population level, this has 

implications for studies that extrapolate results from laboratory studies to wild 

populations, as exposure to EDCs may have a different impact on laboratory strains 

than their more genetically diverse wild counterparts. 

 

The final study conducted examined populations of wild sticklebacks (Gasterosteus 

aculeatus) from either clean sites or sites with a history of exposure to anthropogenic 

pollutants, particularly EDCs from sewage effluent. All the populations examined 

from sites with a history of pollutant exposure showed evidence of population 

bottlenecks, whereas populations from clean sites did not. Fish from the different 

populations were then placed into competitive breeding mesocosms. Each mesocosm 

contained an equal number of males from a clean, control reference site and from one 
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of the polluted sites. The same number of females from a clean, control reference site 

was also added to the mesocosm. Males from all polluted sites were able to compete 

and breed successfully when placed in these competitive breeding scenarios and there 

was no evidence that they had reduced reproductive success. The implication of this 

finding is that even if exposure to anthropogenic EDCs has impacted on the genetics 

of a wild population, the reproductive potential of individuals may not necessarily be 

altered. 
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1.1 Endocrine Disruption 

A huge range of chemicals enter the global biosphere as a result of anthropological 

activity.  Many of these chemicals find their way into the aquatic environment and are 

a ubiquitous feature within many surface waters, particularly in areas of dense human 

inhabitation. A sub-set of these chemicals have been shown to interact with and affect 

the endocrine system (see section 1.2) of wildlife, often with adverse effects (Jobling 

and Tyler, 2006). These chemicals have been termed ‘Endocrine Disrupting 

Chemicals’ (EDCs).  

 

True EDCs are exogenous compounds that have their effect by acting in a similar 

manner to hormones, often disrupting the physiologic function of endogenous 

hormones. They have been previously defined as “an exogenous substance which 

causes adverse effects in an organism, or its progeny, subsequent to changes in the 

endocrine system”. Many compounds have the capacity to cause alterations in the 

endocrine system of an organism, as a secondary effect of their primary mode of 

action. For the purposes of this thesis, EDCs will be considered to be chemicals that 

have their mechanistic action through the direct interaction with the endocrine system, 

primarily as a result of interactions with the hormonal pathways of the endocrine 

system. 

 

The principle effects seen in wildlife as a result of exposure to chemicals of this 

nature are disruptions in development and reproductive function.  This has been seen 

to occur in a broad spectrum of wildlife, including in invertebrates (Depledge and 

Billinghurst, 1999; Gagnaire et al., 2009; Gibbs and Bryan, 1986; Mensink et al., 

1996; Segner et al., 2003), fish (Jobling et al., 1998; Saaristo et al., 2010; van Aerle et 
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al., 2001; Wang et al., 2010), amphibians (Hayes et al., 2006; Hayes et al., 2002), 

reptiles (Crain and Guillette, 1998; Guillette et al., 2000; Rie et al., 2005), birds (Fry, 

1995; Lundholm, 1997) and mammals (Hall et al., 2006; Jenssen, 1996; Kjellqwist et 

al., 1995).  Full reviews of the effects on the different classes of animal can be found 

in the special issue of Pure and Applied Chemistry (2003), volume 75 [11-12].   

 

The aquatic environment has been called the ‘ultimate sink’ for most chemicals 

whether natural or man-made (Sumpter, 1998).  A primary route by which EDCs 

enter aquatic ecosystems is via point-source discharges from waste water treatment 

works (WwTWs).  The quantity of chemicals within the aquatic environment 

combined with the inherent susceptibility of aquatic organisms to the effects of EDCs, 

results in particularly high impacts on the biota of aquatic ecosystems.  In certain 

water bodies with large inputs of anthropogenic contaminants, aquatic organisms may 

be almost continually exposed to varying concentrations of a huge range of EDCs.  

Sexual development in fish is relatively labile and can be affected by exposure to 

environmental influences, including chemical exposure (Devlin and Nagahama, 

2002), which can occur in fish via a variety of routes including, uptake across the gills 

and skin, as a result of ingestion or even through maternal transfer into developing 

eggs (Ellis et al., 2005).    

 

Fish are particularly susceptible to EDC exposure during the stage of sexual 

development in early life (Devlin and Nagahama, 2002).  Exposure during this stage 

can result in alterations in sexual differentiation and subsequently skewed sex ratios 

(Orn et al., 2003).  In wild populations, significant skews in sex ratio (from the 

normal/control situation) are rarely recorded, however incidences of so-called 
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‘intersex’ (the simultaneous presence of both testicular and ovarian tissue with the 

gonads) are well documented in numerous fish species (Barnhoorn et al., 2004; Gross-

Sorokin et al., 2006; van Aerle et al., 2001; Vigano et al., 2001; Woodling et al., 

2006).  These are typically accredited to the presence of oestrogenic compounds 

within the effluent from WwTWs causing the feminisation of male fish (Gross-

Sorokin et al., 2006; Jobling et al., 2006).  As a result, there is currently a drive to 

install further treatment stages in WwTWs in order to further reduce the quantity of 

EDCs entering the aquatic environment (felebuegu et al., 2006; Snyder et al., 2007; 

Wintgens et al., 2002). 

 

One of the current areas of key research within the field of endocrine disruption is 

attempts to assess whether the effects of exposure to EDCs will ultimately lead to 

detrimental impacts on fish populations (Brown et al., 2003; Coe et al., 2008; Miller 

et al., 2007).  Several different approaches are being taken in order to address this 

question, including theoretical modelling (Miller and Ankley, 2004) and large-scale 

laboratory and field exposures of fish populations (Kidd et al., 2007; Nash et al., 

2004).  However, overall, although some laboratory studies have shown adverse 

effects in individuals exposed to environmentally relevant concentrations of some 

EDCs and predicted effects on fish populations, whether such effects are truly occur 

in wild populations is still unclear (An et al., 2009; Mills and Chichester, 2005). 

 

Overall, the extent of the risk posed to wildlife by exposure to EDCs is still uncertain 

(Hutchinson et al., 2006; Taylor and Harrison, 1999).  Current research emphasis is 

focussed both on the potential long-term ramifications of EDC exposure and the 
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effectiveness of alterations in effluent treatment aimed at reducing the quantity of 

EDCs reaching the aquatic environment (Fukuhara et al., 2006; Snyder et al., 2007).   

    

In the introduction to this thesis, I will initially describe how the endocrine system 

works in fish. I will then detail the chemicals known to acts as EDCs and their source 

to the aquatic environment. The introduction then presents details on the study species 

I adopted in this thesis work, and why. The next section presents evidence supporting 

the involvement of various EDCs in the disruption of physiological function in 

wildlife and the current evidence for population level effects. Penultimately, the issue 

of genetic variation and its importance in ecotoxicological studies and population 

function is addressed. Then finally the aims of the thesis, and an outline on the 

approach taken to address these aims is presented. 
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1.2 The hypothalamus-pituitary-gonadal axis 

The endocrine system is a network within the body, responsible for integrating the 

coordinated control of physiological processes that include growth, development, 

metabolism and reproduction.  The physiological architecture of the system is 

comprised of a network of glands that include the hypothalamus, pituitary, thyroid, 

adrenal, thymus, pancreas, ovaries and testes.  The instructive messengers within the 

system are hormones, which are released into the bloodstream and then have an effect 

by interacting with specific receptors present in target tissues.  The resulting 

interaction between hormone and receptor then regulates the relevant biological 

processes within the body. 

 

A key component of the overall endocrine system is the Hypothalamic-Pituitary-

Gonadal (HPG) axis, which controls and regulates the reproductive system in 

vertebrates (Okubo et al., 2000).  The three endocrine glands comprising the HPG 

axis cooperate and work in synchrony to regulate reproduction and are regulated by 

hormones.  Within this pathway Gonadotropin Releasing Hormone (GnRH) (Okubo 

et al., 2000) is released by the hypothalamus and this stimulates the pituitary to 

release gonadotropins (GTHs); specifically leutinising hormone (LH) and follicle 

stimulating hormone (FSH).   

 

LH and FSH travel through the bloodstream and act on the gonads, where they have 

several effects, including, stimulating the synthesis of sex steroids and the 

maintenance of gonadal integrity.  LH is involved in gametogenesis and oocyte 

maturation (Tyler and Sumpter, 1996).  FSH plays a role in the early stages of 

gonadal development, including in vitellogenesis in females, spermatogenesis in 
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males and steroidogenesis in both sexes.  A schematic representation of the HPG axis 

is given in figure 1.1.  

 

Figure 1.1: Schematic diagram of the HPG axis, adapted from (Jobling et al., 1995).  GnRH = 

gonadotropin-releasing hormone; FSH = follicle-stimulating hormone; LH = luteinising 

hormone.  Release of GnRH by the hypothalamus stimulates the pituitary to produce FSH and 

LH which the stimulate the gonads to produce the sex steroids (oestrogens, androgens).   

 

Steroidogenesis, as a result of stimulation by FSH and LH, includes the production of 

the sex steroids by the gonads.  Sex steroids are small, lipophilic molecules formed 

from the precursor molecule cholesterol and there are three main classes – progestins, 
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androgens and oestrogens.  The principle structural difference between the three 

classes of sex steroids is the number of carbon atoms that they contain; 21 in 

progestins, 19 in androgens and 18 in oestrogens (see figure 1.2).   

 

Figure 1.2: the chemical structure of key examples of the three classes of sex steroids and their 

precursor molecule, cholesterol (A).  A progestin, progesterone (B); an androgen, testosterone 

(C) and an oestrogen, oestradiol-17β (D).   

 

The two classes of steroids of most relevance in the process of gametogenesis are the 

androgens and oestrogens.  The principle androgens in mammals are testosterone and 

5α-dihydrotestosterone (DHT).  However in fish, the predominant androgen found in 

males is 11-ketotestosterone (11KT) (Borg and Mayer, 1995; Tomi and Noriko, 1970; 

Weltzien et al., 2002).  The role of androgens includes the regulation of male 

secondary sexual characteristics and sexual development (Okuzawa, 2002), 
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spermatogenesis (Schulz and Miura, 2002; Weltzien et al., 2002) and male 

reproductive behaviour (Borg and Mayer, 1995; Kobayashi and Nakanishi, 1999). 

11KT has been shown to be a critical androgen in the reproductive behaviour of 

sticklebacks (Jakobsson et al., 1999), although other androgens also play a role 

(Hoffmann et al., 2008).   

 

Oestrogens are produced in the ovaries and result from the conversion of androgens 

by the steroidogenic enzyme cytochrome P450 aromatase (John et al., 2001; Simpson 

et al., 1994). The principle oestrogen produced in vertebrates is oestradiol (E2), which 

is produced by the aromatisation of testosterone.  In fish, oestrogens have parallel 

roles in females as androgens do in males.  These roles include sex determination and 

differentiation (Devlin and Nagahama, 2002; Yann et al., 1999) and the maintenance 

of ovarian tissue, including the production of oocytes (Nagahama et al., 1993; 

Rinchard et al., 1997)  

 

One of the functions of oestrogens is stimulating the synthesis of the yolk protein 

vitellogenin (VTG), an important biomarker used to quantify exposure to exogenous 

EDCs with oestrogenic activity (see section 1.5).  Oestrogens produced by the gonads 

circulate in the blood and then stimulate the production of VTG in the liver.  This is 

then transported back to the ovary, where it is incorporated into the developing oocyte 

(Tyler et al., 1991; Tyler et al., 1990).  In males VTG genes are normally silent but 

they can be activated as a result of exposure to oestrogenic EDCs, leading to the 

production of vitellogenin by male fish (Hansen et al., 1998). 

 



Chapter One – General Introduction 

 - 10 - 

A key element that determines the effect that steroid hormones have within (or on) a 

fish is the relative presence of their specific receptors, the androgen receptor (AR) and 

oestrogen receptor (ER).  In the case of ERs, steroid oestrogens diffuse into the cell 

and then bind to the nuclear steroid receptor (although membrane steroid receptors 

may also be involved (Hall et al., 2001)).  Once a nuclear receptor is bound by 

oestrogen it undergoes a conformational change allowing it to modulate the 

transcription of target genes (Beato et al., 1995; Kuiper et al., 1996).  For both ERs 

and ARs, multiple subtypes have been identified.  In most vertebrates, there are two 

different forms of ER, ERα and ERβ (Kuiper et al., 1996; Mosselman et al., 1996).  A 

third form has been identified in some teleost species, including in the Atlantic 

croaker Micropogonias undulatus (Hawkins et al., 2000), zebrafish Danio rerio 

(Menuet et al., 2002) and goldfish Carassius auratus (Ma et al., 2000). The different 

receptor subtypes also have different tissue distributions (Socorro et al., 2000) and 

independent evolutionary lines, initially as a result of a split between the α and β 

isoforms (Kelley and Thackray, 1999).    
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1.3 Mechanisms of Endocrine Disruption 

EDCs have their effect on the endocrine system of animals in a number of ways and 

these effects can include dramatic changes to an animal’s normal physiology.  In 

many cases, their effect is a result of some form of interaction with relevant receptors, 

such as ERs and ARs.  Oestrogenic EDCs may bind to the estrogen receptor, causing 

its activation and eliciting an oestrogenic effect.  This is the case for natural steroidal 

oestrogens within the environment, which interact with the ER in much the same way 

as endogenous steroidal oestrogens.  The synthetic oestrogen EE2 has been shown to 

have a higher binding affinity for the ER than that of E2 and this has been shown to be 

the case for ERs from different species (Denny et al., 2005).  In addition, the different 

oestrogenic EDCs exhibit highly specific activation of the different ER subtypes 

(Katsu et al., 2007).  Most EDCs that have been identified have an effect by 

mimicking endogenous hormones (Goodhead and Tyler, 2009; Hong et al., 2002; 

Jobling et al., 1995).  A general overview of mechanisms of action of EDCs are given 

in (Katzenellenbogen and Muthyala, 2003; Wilson, 2003). 

 

Some EDCs act as hormone antagonists and bind to the receptor, thereby blocking the 

site of normal hormonal action (Navas and Segner, 1998).  Chemicals that have this 

effect include both anti-oestrogens and anti-androgens, acting on either the ER or AR 

respectively.  For example, the ‘pure’ anti-oestrogen ZM189-154 binds to estrogen 

receptors competitively and causes a range of effects, including alterations in 

steroidogenesis (Garcia-Reyero et al., 2009; Orlando et al., 2009) whilst exposure of 

fathead minnows to the anti-androgen flutamide causes the upregulation of ER 

expression in males and down-regulation of AR expression in females (Filby et al., 

2007a).  Some chemicals, may however have multiple effects, acting as both a 
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receptor agonist and antagonist, making specific assessments of mechanisms of action 

difficult without in vitro techniques (Sohoni and Sumpter, 1998).  
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1.4 Endocrine Disrupting Chemicals (EDCs) 

A huge number of chemicals entering the aquatic environment are able to interact 

with the endocrine system and cause alterations to normal endocrinology and 

physiological function.  The relative potency of these chemicals varies hugely, up to 

several orders of magnitude in terms of the dose required to elucidate a specific effect.   

 

1.4.1 Factors affecting the potency of EDCs 

Assessments of the potency of an EDC are made via toxicological testing and there 

are a range of ways in which this can be done, from Quantitative Structure-Activity 

Relationship (QSAR) modelling to in vivo and in vitro testing.  As an initial stage, 

QSAR enables the prediction of the potential potency of chemicals prior to in vivo or 

in vitro toxicity screening (Tong et al., 1997). In the case of xenoestrogens, initial 

predictions of oestrogenic potential based on structure can be difficult, as they may 

bear slight or even little resemblance to natural oestrogens.   

 

Direct laboratory in vivo and in vitro comparisons of the potency of some of the key 

environmental oestrogenic EDCs have been made performed; see for example (Van 

den Belt et al., 2004).  The relative potency of the oestrogens E1, E2 and EE2 using an 

in vivo exposure of juvenile rainbow trout showed that E2 was 2.3 to 3.2 times more 

potent than E1 and EE2 was 11 to 27 times more potent than E2 (Thorpe et al., 2003b).  

Similar results have also been shown for an in vivo exposure of zebrafish (Van den 

Belt et al., 2004). 

 

Whilst the actual physiological potency of a chemical is an important determinant of 

the impact it has on aquatic ecosystems, it is also necessary to consider several other 
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factors when assessing a chemical’s environmental impact.  These include the half-

life of a chemical, whether it bioconcentrates from the aqueous environment or 

bioaccumulates within the food chain and the duration of the exposure. The half-life 

of EDCs is a contributing factor in its environmental impact.  In the case of some of 

the key oestrogenic steroids entering the aquatic environment (E1, E2 and EE2), half-

lives are typically in the order of 2-6 days (Williams et al., 1999).  This is due in part 

to the relative ease with which these chemicals are degraded (Huang et al., 2007).  

Many EDCs also show high levels of sorption onto sediments (Lai et al., 2000; Lai et 

al., 2002b), which may result in their removal from the aqueous phase, but does not 

eliminate them from the aquatic environment (Beyer et al., 2000).  Alternately, some 

EDCs such as DDT and DDE may have half-lives in water in the order of months to 

years (Geyer et al., 2000). 

 

Bioconcentration and bioaccumulation determine the quantity of EDCs within the 

organisms themselves (Snyder et al., 2001).  Bioconcentration refers to the process 

whereby a chemical in water is taken up by organisms to levels greater than that 

found in the aquatic environment.  Bioaccumulation is the sum of bioconcentration 

and biomagnification and is the process of accumulation of toxic substances within 

the tissues of organisms and the subsequent increase in concentration of these 

substances with increasing tropic levels in the food chain.  Both are related to the 

octanol-water partition coefficient; increasing hydrophobicity results in an increasing 

propensity to bioaccumulate.   

 

A measure of the degree to which EDCs with oestrogenic properties bioaccumulate 

and bioconcentrate is the Biocencentration Factor (BCF), which is the ratio between 
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the concentration of a chemical in an organism to the concentration within the water 

column.  Laboratory tests have shown that the degree of bioconcentration is 

dependent on the chemical being considered, although for a particular chemical, the 

BCF is generally similar across different species.  Examples of BCFs for EDCs of 

concern in fish are up to 10,000 fold for natural and synthetic oestrogenic sex steroid 

hormones in bile (Larsson et al., 1999) and between 610 and 660 for ethinylestradiol 

in whole body tissues (Lange et al., 2001).  However this is not always the case – 

(Maunder et al., 2007b) found a BCF of 50 for sticklebacks exposed to E2.  

Xenoestrogens usually have lower BCFs, for example a BCF of between 245 and 380 

has been reported for fathead minnows exposed to 0.33, 0.93 or 2.36 μg/L 

nonylphenol (NP) (Snyder et al., 2001).  Similarly, a BCF of 167 for killifish (Tsuda 

et al., 2001) and BCFs of 31, 17 and 141 for spotted halibut (Varaspar variegates) 

exposed to 8, 80 and 800 μg/L nonylphenol respectively (Ho chul et al., 2004) have 

also been found.   

 

The exposure route also needs to be taken into account when considering the potency 

of an EDC. In fish, the input of EDCs to the aquatic environment means that there are 

multiple, simultaneous exposure routes (Jobling and Tyler, 2003a). For hydrophobic 

chemicals, the typical route of uptake is via the diet (Thomann, 2002). However, the 

exposure route of EDCs to aquatic organisms is often a result of uptake via the gills 

and skin due to the presence of quantities dissolved within the water column (Jobling 

et al., 1998). For most of the oestrogenic EDCs of importance in the aquatic 

environment, the exposure route is typically via the water (Lai et al., 2002a; Sumpter, 

1998). 
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Some studies have specifically investigated the route of uptake of EDCs and 

examined the relative potency as a result of differential uptake routes.  As an example, 

exposure of fathead minnow to nonylphenol via either the water or oral route showed 

that the oestrogenic potency of nonylphenol was 10-fold higher when administered 

via the water compared with exposure via the oral route (Pickford et al., 2003).  This 

may be due to degradation and de-activation following ingestion, which does not 

occur when chemicals pass across the skin and gills.  This may in turn explain why 

aquatic organisms appear to show a higher sensitivity to some EDCs, relative to 

terrestrial animals, where the major route of exposure is via the diet. 

 

1.4.2 Specific nature of EDCs entering the aquatic environment 

The number of specific EDCs entering the aquatic environment is vast.  However, 

they can be broadly split by functionality, dependent on the effect (at the level of the 

cellular pathway activated) that they have on aquatic organisms. This is only one way 

to categorise EDCs and other reviews have classified them according to the 

physiology or organism affected (Vos et al., 2000) or mode of action (Goodhead and 

Tyler, 2009). Due to the very wide range and numbers of EDCs, the different classes 

of EDCs will be discussed briefly, with an emphasis on compounds with an 

oestrogenic potential and sub-categories (according to the source of these compounds) 

for oestrogenic EDCs.   

 

1.4.2.1 Natural oestrogens 

Natural steroid oestrogens account for a large proportion of the estrogenic activity of 

natural waterways (Shore and Shemesh, 2003).  Much of this estrogenic potential is a 

result of the steroid oestrogens E1 and E2, which are a ubiquitous presence within 
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WwTW effluents worldwide, with concentrations ranging from 1 to several hundred 

ng/L (Desbrow et al., 1998; Larsson et al., 1999; Servos et al., 2005; Ternes et al., 

1999).  The presence of these compounds in WwTW effluent is due predominantly to 

their excretion from humans in large quantities. Women excrete between 10 and 100 

μg of E2, E1 estriol (E3) daily as part of the reproductive cycle, with the quantity as 

high as 30 mg a day for pregnant women (Tyler and Routledge, 1998).   

 

These oestrogens are mainly excreted as inactive conjugates, which are then 

converted to free steroids by bacteria in the aquatic environment or during sewage 

treatment (Baronti et al., 2000; Panter et al., 1999).  Within sewage treatment works, 

E2 is rapidly degraded to E1, hence concentrations of E1 in sewage effluents typically 

exceed those of E2 (Rodgers-Gray et al., 2001).  Natural steroid oestrogens may also 

enter the aquatic environment as a result of agricultural practices, with agricultural 

effluent containing high concentrations of natural steroids excreted from livestock 

(Johnson et al., 2006; Orlando et al., 2004). 

 

Phytooestrogens are non-steroidal compounds originating from plants that have 

oestrogenic potential due to their structural similarity to E2.  They function within 

plants as part of the defence system, particularly against fungi.  The most important 

phytooestrogens (when considering their role as EDCs) are those belonging to the 

class of compounds known as flavonoids.  They have been found in pulp and paper 

mill effluents and WwTW effluent (Kiparissis et al., 2003).  Phytooestrogens have an 

effect by binding to the estrogen receptor (ER), leading to an increase in the 

transcriptional activity of the receptor (Kuiper et al., 1998), particularly the β form 

(Gutendorf and Westendorf, 2001).  Phytooestrogens have also been shown to be 
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present in commercial fish food (Matsuoka et al., 2005) and have also been shown to 

induce VTG production when fed to male goldfish (Ishibashi et al., 2002).   

 

1.4.2.2 Synthetic oestrogens  

The most widely found synthetic oestrogen is 17α-ethinylestradiol (EE2).  It is a bio-

active synthetic oestrogen, used in most forms of the female oral contraceptive pill 

and in Hormone Replacement Therapy (HRT).  The chemical structure of EE2 is 

given in figure 1.3.  

 

Figure 1.3: chemical structure of 17α-ethinylestradiol and (inset) oestradiol 

 

EE2 is a modification of oestradiol, with the substitution of the oestrone steroid at C17 

with an ethinyl group.  As a result, ethinylestradiol is much more resistant to 

degradation than oestradiol following ingestion.  This structural change also has the 

effect of making EE2 a very potent oestrogen, roughly 11-27 times more so than E2 in 

fish (Thorpe et al., 2003b).  EE2 can be a key determinant in the oestrogenicity of 

sewage effluent and is found in some effluents at concentration many times that 
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shown to have an oestrogenic effect on fish (Trudeau and Tyler, 2007).  When 

detected, typical concentrations found in WwTW effluents are in the low ng/L range 

(Desbrow et al., 1998; Johnson et al., 2005) with predicted environmental 

concentrations in surface waters in the order of 0.3 ng/L in Europe (Hannah et al., 

2009).  However, even very low concentrations of EE2 have been shown to be 

oestrogenic to fish.   

 

1.4.2.3 Xenoestrogens 

Xenooestrogens are compounds that mimic natural oestrogens and interact with the 

ER within vertebrates, although their potency is relatively low compared with steroid 

oestrogens (Leffers et al., 2001).  Numerous chemicals have been shown to act as 

xenoestrogens, including Bisphenol A, DDT, phthalates and alkylphenols such as 

nonylphenol.  They are a common component of sewage effluent (Bolz et al., 2001) 

and as such are a ubiquitous component of the EDC load within surface waters (Inoue 

et al., 2002; Kawaguchi et al., 2004; Stachel et al., 2003).  Due to the quantity of 

studies conducted on xenoestrogens, only a few illustrative examples of their effects 

and potency will be given.     

 

Alkylphenols are often found in surface waters at concentrations up to low μg/L (Bolz 

et al., 2001; Hemming et al., 2004).  Laboratory studies have shown that exposure of 

fish to environmental concentrations of nonylphenol (NP) results in disruptions to 

reproduction.  Bisphenol A is another xenoestrogen commonly found in the aquatic 

environment (Fromme et al., 2002; Jin et al., 2004), typically as a result of point 

source effluent inputs (Fürhacker et al., 2000; Jin et al., 2004; Nakada et al., 2004).  
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1.4.2.4 Natural and synthetic androgens and ‘anti-androgens’ (androgen receptor 

antagonists) 

Another important class of natural steroids found in the aquatic environment are 

androgens. Androgens control the development and maintenance of masculine 

characteristics in vertebrates, including the development of male secondary sex 

characteristics, as detailed above. Relatively few environmental androgens have been 

identified, however androgenic activity has been reported in cattle feedlot effluent 

(Soto et al., 2004), pulp and paper mill effluents (Durhan et al., 2002; Larsson et al., 

2002) and effluent from WwTWs (Thomas et al., 2002). Similarly, androgen receptor 

binding has been demonstrated in pulp mill effluent (Larsson et al., 2006). The 

androgen responsible for the androgenic effect in feedlot effluent has previously been 

identified as 17β-trenbolone (Jensen et al., 2006).   

  

Chemicals with so-called anti-androgenic activity are receiving increased attention in 

wildlife due to their widespread presence in freshwaters (Hotchkiss et al., 2008).  

Recent evidence has shown that the presence of these chemicals is likely to be a 

contributing factor to the sexual disruption observed in wild populations of fish 

throughout the UK.  A survey of sewage effluent at 30 sites across the UK found anti-

androgenic activity at almost all of the sites (Jobling et al., 2009). Laboratory studies 

have shown that exposure to anti-androgens has a detrimental effect on fish. Exposure 

of guppies to the anti-androgen vinclozolin caused a decrease in male sperm count 

and the intensity of sexual behaviour (Baatrup and Junge, 2001; Bayley et al., 2003)}.  

 

Anti-androgens therefore have a similar effect on the physiology of organisms as 

oestrogens, however they have a different mechanistic basis. The primary mode of 
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actions results from binding to the androgen receptor and then blocking its 

transcriptional activity (Roy et al., 2004). Anti-androgens bind competitively to the 

AR and experiments with fathead minnows have shown that the model anti-androgen 

flutamide will block the masculinisation effect on females of exposure to the 

androgen 17-β-trenbolone (Ankley et al., 2004). Anti-androgens also have an effect 

by altering the expression of the different ER subtypes, although the expression 

profile resulting from exposure to anti-androgens has been shown to differ from that 

resulting from oestrogenic exposure (Filby et al., 2007b).   

 

1.4.2.5 Other EDCs 

Many other compounds of anthropogenic origin have been shown to interact with and 

modulate the endocrine system of animals.  These include polycholorinated biphenyls, 

which may, after being metabolised, result in the generation of hydroxylated 

metabolites with oestrogenic or anti-oestrogenic properties; dioxins and furans and a 

range of pesticides, herbicides and fungicides.  In the case of dioxins and PCBs, the 

effect pathway appears to involve the activation of the aryl hydrocarbon receptor 

(AhR) and modulation of hormonal activity. Activated AhR has been shown to inhibit 

both ER activity and the expression of E2 induced genes (Matthews and Gustafsson, 

2006; Safe and Wormke, 2003). As for the EDCs discussed in details, the potency and 

environmental impact of each is dependent on a range of factors, including the 

chemical itself, the duration and magnitude of the exposure and species of organism 

in question.     
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1.4.3 Sources of EDCs to the aquatic environment 

More than 100,000 chemicals are manufactured and discharged into the global 

ecosphere (Baronti et al., 2000; Desbrow et al., 1998). Many of these chemicals enter 

the aquatic environment and subsequently have an impact on the fauna and flora.  

There are two mechanistic routes by which EDCs enter the aquatic environment: 

either via diffuse pollution or as a result of a point source.   

 

1.4.3.1 Point sources of EDCs to the aquatic environment 

Three major types of point source pollution of significance, when considering 

endocrine disruption in populations of aquatic organisms, are effluents from 

Wastewater Treatment Works (WwTW), effluents from kraft or pulp mills and direct 

factory discharges.  Many waters in close proximity to WwTWs have elevated 

concentrations of natural, synthetic and xenobiotic endocrine disrupting chemicals.  

Many studies have shown very high levels of estrogenicity and androgenicity within 

raw sewage (Leusch et al., 2006).   Sewage treatment removes the majority of these 

chemicals but still leaves traces, typically in the ng/L range.  For example (Desbrow 

et al., 1998) reported concentrations of E2 in treated sewage effluents in the UK 

between 2.7 and 48.0 ng/L and concentrations of EE2 between 0 and 7 ng/L.   

 

WwTWs also act as a major source of androgens to the aquatic environment (Thomas 

et al., 2001).  As for estrogenic compounds, concentrations in raw sewage may be in 

the low μg/L range prior to treatment, which generally results in concentrations in the 

ng/L range (Johnson et al., 2006; Shore and Shemesh, 2003). In some areas of the 

world, particularly those with large forestry plantations, effluent from kraft mills or 

pulp mills has been shown to impact on the reproductive development of fish living 
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downstream of such effluents (Hewitt et al., 2008).  The observed effects on fish 

include decreases in gonad size, decreasing circulating and gonadal production of 

reproductive steroids, altered expression of secondary sex characteristics and 

decreased egg production (Munkittrick et al., 1998).   

 

1.4.3.2 Diffuse sources of EDCs to the aquatic environment 

Agricultural run-off may release natural steroidal oestrogenic compounds such as 

oestradiol and estrone at concentrations known to cause disruptions in endocrine 

function.  For example, run-off from manured fields after a rain event may contain 

oestrogens at concentrations as high as 1-3 μg/L (Shore and Shemesh, 2003) although 

most measured concentrations of oestrogenic activity within the aquatic environment 

as a result of agricultural practices are in the range of 0-10 ng/l E2 equivalents 

(Matthiessen et al., 2006).  Raw animal waste may contain extremely high 

concentrations of EDCs, up to concentrations > 1000 ng/L of estrone (Sarmah et al., 

2006).  The relatively low final oestrogenic loadings entering the aquatic are due to 

high sorption by soil particles and rapid biodegradation (Lange et al., 2002; Tashiro et 

al., 2003; Ying and Kookana, 2005).  

 

Another important source of diffuse EDCs to the environment is in the form of 

herbicide and pesticide residues resulting from the application of these compounds to 

crops (Racke, 2003).  Run-off from agricultural land can result in the presence of 

these compounds within the aquatic environment (Du Preez et al., 2005; Xue et al., 

2008), including atrazine at concentrations up to 1.2 – 9.3 μg/L , a  compound shown 

to cause severe disruptions in the sexual development of aquatic organisms (Hayes et 

al., 2006; Hayes et al., 2002).  
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1.5 Background details on the study species used for this thesis 

In the research undertaken in this thesis two model species were used, the stickleback 

(Gasterosteus aculeatus) and the zebrafish (Danio rerio). Their basic biology is 

described here in order to provide the necessary background for informing on the 

subsequent experimental chapters.   

 

1.5.1 The zebrafish, Danio rerio 

The zebrafish is easily kept and bred in the laboratory and as a result has become a 

model species in many disciplines, including behavioural ecology (Engeszer et al., 

2004), ecotoxicology (Andersen et al., 2001; Ankley and Johnson, 2004), 

development (Eisen, 1996), endocrine disruption (Segner, 2009) and gerontology 

(Gerhard and Cheng, 2002; Gerhard et al., 2002).  A current project underway at the 

Sanger Institute to sequence the full genome will further the use of the zebrafish in 

scientific research.         

 

The zebrafish is a small cyprinid fish native to South Asia, with a range extending 

across India, Bangladesh, Nepal, Myanmar and Pakistan (Laale, 1977).  It is typically 

between 25-30mm in length, with maximum lengths around 40mm (Spence et al., 

2007b) and occurs in small shoals of between 5-20 individuals (Pritchard et al., 2001).  

In recent years, several field surveys have identified the natural habitat preferences of 

zebrafish.  Engeszer et al. (2007) investigated the habitats utilised by zebrafish across 

several sites in western India.  Zebrafish were most commonly found in rice paddies, 

riverine areas with slow flows, or static pools.  The authors also noted that zebrafish 

were commonly found in habitats with large quantities of aquatic vegetation.  Abiotic 

conditions were a temperature range of 24.6 to 38.6
o
C, pH of 5.9 to 8.1 and 



Chapter One – General Introduction 

 - 25 - 

conductivities of 10 to 271μS.  (McClure et al., 2006) found similar habitat usage by 

Danio rerio, and similar abiotic conditions in the field, observing a temperature range 

of 27 to 34
o
C, pH of 7.9 to 8.2 and slow current speeds, typically less than 0.1 m/s.   

 

The reproductive biology and behaviour of zebrafish has recently been subject to 

considerable study, both in field and laboratory trials.  During reproductive 

development in zebrafish, all individuals go through a stage of juvenile 

hermaphroditism, in which the gonads of all fish initially develop as ovaries (Maack 

and Segner, 2003).  Males then subsequently develop testes from these immature 

gonads, with complete sexual differentiation of all fish by 11-12 weeks (~75-85 days) 

post fertilisation (Maack and Segner, 2003; Maack et al., 2003).  There may however 

be exceptions to this rule, as the extent to which males go through this juvenile ovary 

stage is highly variable and some individuals may show no signs of ovary-like tissue 

at any stage of development (Hsiao and Tsai, 2003; Wang et al., 2007).  Maturation 

has been shown previously to be complete by 75 days post-fertilisation, when females 

reached a length of 24.9mm and males a length of 23.1mm.   

 

Their reproductive biology upon maturity has been well documented recently.  In the 

wild, it has been suggested that reproduction is linked to monsoonal events, with 

spawning being cued by rainfall (Lawrence, 2007), or potentially the availability of 

food (Spence et al., 2006a).  Spence et al. (2007b) found that samples of zebrafish 

from Bangladesh had two distinct age classes, further suggesting that in the wild they 

breed annually, with reproduction linked to the monsoonal period between April and 

August.   
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In the laboratory, zebrafish spawn much more frequently than likely occurs in the 

wild and under favourable conditions can spawn almost continually.  Zebrafish are so-

called ‘broadcast’ spawners, where eggs and sperm are scattered with no prior 

preparation of the substrate (Pyron, 2003).  Under optimal conditions of single 

pairings, Eaton and Farley (1974) found that twelve month old zebrafish spawned 

continuously at an interval of 1.9 days, increasing to 2.7 days three months later and 

Spence and Smith (2006) found a mean (± SD) spawning interval of 1.5 (± 0.60) days 

with a mean batch size of 169 ± 146.0 eggs.  Hisaoka and Firlit (1962) found that 

female zebrafish exhibited an ovarian cycle of 5 days at 26
o
C and 2 days at 29

o
C, 

producing between 78 and 1,109 eggs per spawning event.  In instances in which 

groups of zebrafish are studied, increasing the number of individual adults present 

increases total egg output, but decreases per capita egg production, possibly as a result 

of the aggressive behaviour of territorial males or due to competition amoungst 

females (Santos et al., 2007; Spence and Smith, 2005). 

 

Spawning itself is influenced by photoperiod and is principally limited to a short 

period at dawn (Spence et al., 2007a).  Initiation of spawning is also influenced by the 

presence of pheromones.  Ovulation is dependent on the presence of male 

pheromones and courtship behaviour of males is triggered by the presence of female 

pheromones (see Spence et al. (2008) for a review).   

 

The reproductive behaviour of zebrafish has been recently categorised and described.  

The courtship behaviour consists of a male pursuing a female and attempting to lead 

her to a spawning site.  Once over a spawning site, the male swings closely alongside 

the female, whilst spreading his dorsal and caudal fins around her so their genital 
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pores align.  At this point, the male ‘quivers’ causing the simultaneous release of eggs 

and sperm (Spence et al., 2008).  The individual specific behaviours of both males 

and females have been described previously and are given in table 1.1, adapted from 

(Darrow and Harris, 2004).   

 

Table 1.1: Description of specific spawning behaviours of male and female zebrafish, adapted 

from Darrow and Harris (2004) 

Male behaviours 

Behaviour Description 

Chase Following or swimming alongside female 

Tail-nose Touching the female’s side or tail with nose or head 

Encircle Swimming around or in front of female 

Zig-zag Tail sweep and circle along female’s body,  resembling a ‘figure eight’ 

Quiver Rapid tail oscillation against female’s side 

Reciprocal female behaviours 

Behaviour Description 

Approach Abrupt swimming movement like ‘Present’, expressed independently of any male 

courtship behaviours 

Escort Swimming alongside male or remaining still while being courted 

Present Halting in front of male exposing side or swimming up and down in front of male 

Lead Returning at least three times to one location in the tank 

Egg-Lay Release of eggs with a twitch of the body 

  

Intra-sex interactions are an important part of reproduction in zebrafish.  Males 

compete and display aggression towards one another, often exhibiting territoriality 

and aggressively defending spawning sites (Spence and Smith, 2005).  However, 

some individuals also appear to display an alternative mating tactic in the form of 

non-territorial spawning behaviour, instead actively pursing females independent of a 

spawning site (Spence et al., 2006b)     

 

When placed into single-sex groups, female zebrafish behave aggressively towards 

each other and develop a dominance hierarchy (Delaney et al., 2002).  Females also 

display mate choice, appearing to choose larger males (Pyron, 2003; Turnell et al., 

2003), although female mate preference does not always correlate with male 
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dominance (Spence and Smith, 2006).  This may be due in part to the intra-sex 

aggression exhibited by females and also because olfactory clues may play an 

important role in zebrafish mate preference (Gerlach and Lysiak, 2006; Spence and 

Smith, 2005).             

 

As for the reproductive behaviours, the specific individual aggressive behaviours for 

zebrafish have recently been described and characterised and are given in table 1.2.  

The classification and description of behaviour in this manner will further the use 

zebrafish as a behavioural model, both when assessing the effects of toxicants on 

animal behaviour and in the wider field of biological research.     

 

Table 1.2: Description of specific aggressive behaviours displayed by both male and female 

zebrafish (adapted from (Paull et al., In press) ) 

Behaviour Description 

Chase Fish swims directly/aggressively towards another fish in the aquarium causing it to 

increase its speed (and possibly change direction) and actively pursues the fish 

Repel When approached by another fish, the fish makes a sudden movement that causes 

the approaching fish to change direction, or the fish swims a short distance towards 

another fish causing it to suddenly change direction but then stops and immediately 

returns to its previous position (i.e. does not actively pursue it) 

Bite Fish clearly opens its mouth and bites other fish, often on the tail or ventral fins. 

This often occurs during, or immediately following, a chase and/or repel 

Spar Fish slowly approaches another fish with its fins flared and offers his/her body flank 

to the other fish gently oscillating its body with the effect of making it appear a 

larger size. The opposing fish either moves off or reciprocates the behaviour 

sometimes resulting in elaborate circling motion between the two fish which can 

last from a few seconds though to several minutes 

 

 

 

1.5.2 The three-spined stickleback, Gasterosteus aculeatus 

The three-spined stickleback (Gasterosteus aculeatus) is a well characterised species, 

in terms of its ecology, biology and behaviour.  Like the zebrafish, it is increasingly 

being used as a model species in molecular genetics and speciation (McKinnon and 
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Rundle, 2002) and in ecotoxicology (Hahlbeck et al., 2004).  The biology of the three-

spined stickleback is reviewed in detail in Ostlund-Nilsson et al (2007). 

  

The morphology and anatomy of Gasterosteus aculeatus is well documented and is 

reviewed in Wootton (1976).  It is one of the smallest fish found in the Northern 

hemisphere, adults generally being around 5-10cm in length, with a laterally 

compressed body. Although found in both freshwater and marine habitats, the 

environment pertinent to the work within this study is the freshwater habitat of 

Gasterosteus aculeatus.  Populations of three-spined sticklebacks are found in a wide 

range of habitats, including streams, rivers, lakes and ponds.  It is a fairly ubiquitous 

species within fish assemblages throughout the UK and is particularly found in 

environments rich in aquatic vegetation, with a muddy or sandy substrate (Bell and 

Foster, 1994).   

 

Outside of the spawning season, three-spined sticklebacks exist in loose shoals, partly 

due to the reduced predation risk from being part of a larger shoal and increased 

foraging success (Peuhkuri, 1998; Robert, 1999; Ward et al., 2002). The breeding 

biology and behaviour of the stickleback has been studied extensively and used as a 

model system for studies on behaviour, dating back to Niko Tinbergen’s work on 

behaviour in the 1950s and 1960s (Bell, 1995; Hippel, 2009).  In the wild, the onset of 

the mating period is triggered by increases in day length and water temperature in the 

spring, around March-April.   

 

Initial changes during the breeding period are driven by hormonal changes.  

Androgens, primarily 11-ketestosterone and testosterone are secreted by the Leydig 
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cells in the testes (Borg, 1994; Borg and Mayer, 1995; Páll et al., 2002).  This causes 

changes in male morphology in preparation for breeding. Males develop red 

coloration on the underside of the chin and down the sides of the lower jaw, and their 

fins become more developed (see figure 1.4).  The body also becomes pale and 

develops a bluish tinge.  These changes make males more attractive to females, whose 

colouration, in contrast, remains drab. 

 

Figure 1.4: image of a female (on the left) and male stickleback during spawning season.  The 

male is displaying the red colouration on the chin and jaw and enlarged pectoral fins typical of 

the male during the breeding season.   

 

Alterations in male morphology are accompanied by dramatic changes in male 

behaviour.  In contrast to the shoal and group behaviour observed throughout the rest 

of the year, males become highly territorial, defending a specific area of substrate 

through the use of highly aggressive behaviour.  This behaviour includes chasing, 

biting and direct fighting and is typically used to drive off intruding males.  Male 
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aggressiveness is correlated with the degree of red colouration found on an 

individual’s chin and jaw (Bakker and Sevenster, 1983; Baube, 1997). 

 

The purpose of the territorial and aggressive behaviour is to defend an area in which 

the male builds a nest. The nest itself is built in a highly specific, behaviourally 

conserved way.  This process has been extensively studied and described.  The initial 

stage of nest construction involves the formation of a shallow pit, which the male digs 

by taking mouthfuls of sand from the nest area, carrying it away and then spitting it 

out.  This is followed by the addition of nest material.  During this phase the male 

picks up pieces of vegetation and drops them into the nest pit (Ostlund-Nilsson et al., 

2007).  The pieces of vegetation are glued together with a mucous called spiggin 

secreted from the male’s kidneys.   

   

Spiggin is produced in the kidneys as a result of morphological changes in the 

breeding season.  The kidney nephrons differentiate into two segments, one with an 

excretory function and the other segment synthesises spiggin, after undergoing 

hypertrophy.  Spiggin itself is a hydrophobic glycoprotein, approximately 203 kDa in 

size (Jakobsson et al., 1999).  As mentioned previously, the production of spiggin as a 

result of kidney hypertrophy is under androgenic control (Jakobsson et al., 1996; Páll 

et al., 2005) and can be induced in females and castrated males by treatment with 

androgens (Borg et al., 1993).  Spiggin is applied to the nest by the male using a 

specific behaviour wherein the male swims slowly over the nest with the head and tail 

raised and the cloacal region pressed against the nest material.  The nest is then 

finished by a further series of behaviours which push the nest material together 



Chapter One – General Introduction 

 - 32 - 

(Wootton, 1976).  Finally the male goes through the nest, forming a tunnel and 

distinct entrance to the nest.  

 

The nest itself acts as both the site of egg laying and also as an indicator to females of 

the quality of an individual male (Rushbrook et al., 2008), with various phenotypic 

measures in males correlating with nest structure.  For example, males with enlarged 

spleens (an indicator of immune stress) construct less compact nests (Barber et al., 

2001).        

 

As soon as the nest is complete, courtship begins.  The courtship and mating 

behaviour of the three-spined stickleback has been studied in great detail and is a 

classical behavioural model in ethology (Iersel, 1953; Wootton, 1972).  The courtship 

is comprised of several distinct elements and is much more elaborate than the 

behaviour observed in zebrafish (see section 1.7).  The sequence of behaviours is as 

comprised of five key elements, the zig-zag dance, leading, showing, quiver and 

fertilisation.  These are described in detail in Wooton (1976)): 

 

As soon as fertilisation is complete, the male becomes aggressive towards the female 

and chases her out of the nest and territory.  The eggs are then pushed into the bottom 

of the nest and packed in successive clutches.  Within about an hour the male is ready 

to display courtship again and in this manner up to twenty clutches may be fertilised 

by a single male in a breeding season (Bell and Foster, 1994; Kynard, 1978), although 

this represents an extreme (Rico et al., 1991).  ‘Sneaking’ is also observed in the 

species, whereby males may steal fertilisations in the nests of other males, a potential 
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benefit to females who may be interested in multiple paternity of their egg clutches 

(Bakker et al., 2006).   

 

Once the eggs are in the nest, the male’s behaviour shifts into the parental phase.  The 

predominant behaviour becomes fanning, whereby the male positions himself over the 

nest with his snout at the entrance and moves his pectorals in an alternated and 

synchronised movement, moving oxygenated water over the eggs.  Once the eggs 

hatch, the male protects the young and keeps them in the immediate vicinity of the 

nest for the next few days.  As for courtship, the parental care behaviour is under 

hormonal control.  During the parental phase the male loses the red colouration on the 

cheeks and jaw and becomes less aggressive.  This is driven hormonally by a 

reduction in the concentration of circulating androgens (Páll et al., 2005; Páll et al., 

2002).     
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1.6 Impacts of exposure to EDCs in fish 

Many of the EDCs identified within the aquatic environment have been shown to 

induce effects on individuals, ranging from biomarker responses (a change in a 

biological response that can be related to exposure or toxic effects of environmental 

chemicals (Hutchinson et al., 2006)) to alterations in tissue development, especially 

the gonads.  The effect of the exposure and subsequent response is dependent on the 

nature of the EDC (see section 1.4), the exposure concentration and duration and the 

life stage of the organism.    

 

EDCs can potentially impact at a range of levels.  At the lowest impact level, EDCs 

cause biochemical changes, as detected by the use of biomarkers, which may not have 

a major health consequence for the exposed organism.  If the degree of exposure is 

sufficient, effects on the organism’s tissues may result, thus potentially impacting on 

the health of an individual.  These can, in the worst case scenario, cause significant 

physiological and morphological alterations which may lead to population level 

effects, if enough individuals are affected.   

 

1.6.1 Biomarker responses to EDCs 

Several biomarkers are used as indicators of both the presence and extent of endocrine 

disruption.  Vitellogenin is a very well established biomarker for exposure to 

oestrogenic compounds (Sumpter and Jobling, 1995).  Vitellogenin is a yolk precursor 

protein, normally only produced in mature female fish, and in other oviparous (egg 

laying) animals.  Production of vitellogenin is estrogen-inducible, controlled in 

mature female fish by the activation of estrogen receptors by estradiol during the 

reproductive cycle (Jensen and Ankley, 2006).   
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Environmental exposure of fish to oestrogenic compounds can induce the production 

of vitellogenin as a result of stimulation of the estrogen receptors.  Due to the 

naturally low levels of vitellogenin in male fish (and juvenile/immature fish), the 

induction of vitellogenin in males is a highly sensitive marker for detecting exposure 

to exogenous oestrogenic compounds (Sumpter and Jobling, 1995). The VTG 

response  is a  monotonic dose-dependent response; an increase in the concentration 

or duration of exposure resulting in an increased production of VTG (Rodgers-Gray et 

al., 2001; Schultz et al., 2001; Tyler et al., 1999), although there are substantial inter-

species differences; for example rainbow trout have been shown to be much more 

sensitive to exposure to an estrogenic WwTW effluent than roach (Tyler et al., 2005).  

 

VTG induction has been used in a wide variety of species to detect changes resulting 

from oestrogen exposure (Jensen and Ankley, 2006; Nilsen et al., 2004; Tyler and 

Sumpter, 1996).  The technique can be applied in laboratory studies to confirm 

exposure to compounds with oestrogenic potential (Robinson et al., 2007; Thorpe et 

al., 2007) and also to assess the relative potency of an oestrogenic compound (Jobling 

et al., 2003; Segner et al., 2003).  The technique has also been used to assess whether 

wild populations of fish have been subject to exposure from exogenous oestrogens 

(Harries et al., 1996; Harries et al., 1997; Jobling et al., 1998; Robinson et al., 2008). 

 

Increases in plasma VTG concentrations have been associated with a reduction in 

reproductive fitness in male fathead minnows (Thorpe et al., 2007) and female roach 

(Jobling et al., 2002a), and decreases in plasma VTG in female fathead minnows have 

been reported to act as an indicator of  potential population decline (Miller et al., 

2007).  
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An alternative approach for quantifying the presence of VTG is the measurement of 

vitellogenin mRNA concentrations in liver tissue, through the use of Quantitative 

PCR (Celius et al., 2000; García-Reyero et al., 2004; Tong et al., 2004), rather than 

the protein in the blood.  Quantitative PCR is generally more sensitive than an ELISA 

for detecting lower levels of VTG induction (Celius et al., 2000) and can also detect 

rapid changes in vitellogenin expression as a result of exposure to oestrogenic 

compounds (Lattier et al., 2001).   

 

Vitellogenin induction has also been examined following exposure to EDCs using in 

vitro techniques.  Exposure of hepatocytes to oestrogens increases vitellogenin 

expression in vitro (Navas and Segner, 2006; Rankouhi et al., 2002; Tollefsen et al., 

2003).  This approach has been utilised as a way of reducing the quantity of animals 

used during ecotoxicological in vivo tests and for the screening of chemicals for 

oestrogenic potential (Smeets et al., 1999). 

    

Other biomarkers have been proposed as indicators of exposure to oestrogenic and 

androgenic EDCs.  These include vitelline envelope proteins (for oestrogen exposure) 

and the facial tubercles and nuptial pads in fathead minnow for androgen exposure for 

(Ankley et al., 2001; Hutchinson et al., 2006). The zona radiate (eggshell) proteins are 

a highly sensitive biomarker to disruption by environmental oestrogens (Arukwe et 

al., 1997; Arukwe et al., 2002) and comparative studies have shown  that they are  

more responsive to oestrogenic disruption than vitellogenin (Arukwe et al., 2000). 

 

 The production of spiggin in stickleback has also been proposed as a biomarker for 

exposure to androgenic activity (Katsiadaki et al., 2002).  Exposure of sticklebacks to 
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androgenic compounds results in an increase in the production of spiggin, as detected 

through the use of an ELISA (Bjorkblom et al., 2009; Katsiadaki et al., 2006; 

Katsiadaki et al., 2002) or spiggin mRNA production (Nagae et al., 2007).  It may 

also act as a potential biomarker of oestrogenic exposure as exposure to oestrogens 

results in a reduction in spiggin production (Andersson et al., 2007).   

 

1.6.2 Alterations in gonadal development 

Exposure to EDCs at sufficient concentrations and/or for a sufficient period of time 

may result in changes in gonadal formation and the cellular organisation of gonadal 

tissues.  The simplest quantitative characteristic of this type that is examined is the 

ratio between the weight of gonadal tissue and body weight (the gonadosomatic 

index, or GSI).  This measure has been used in the study of wild populations and in 

studies on lab exposures to specific EDCs. For example, in a study on a wild 

population of perch (Perca fluviatilis) in a lake in the vicinity of a refuse dump, a 

reduction in GSI of 80% in females and 36% in males was found, relative to a nearby 

control population (Noaksson et al., 2001). Laboratory exposures to EDCs may 

produce similarly significant deviations from a normal GSI.  Exposure to oestrogenic 

compounds may result in an increased GSI as a result of stimulated vitellogenin 

induction and accelerated gonadal growth (Peters et al., 2007), whilst in males the 

inhibition of testicular growth may cause a concomitant decrease in GSI (Bjerselius et 

al., 2001; Panter et al., 1998).     

 

Alterations in gonadal morphology as a result of endocrine disruption have been 

found in many wild populations of fish (Jobling and Tyler, 2003b).  Typically these 

are manifested as inhibited ovarian or testicular development, including instances of 
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intersex; individuals containing both male and female gonads (Nolan et al., 2001).  

Such instances have been found in many countries around the world, although much 

of the evidence is from studies in Europe, America, Australia and Japan (Jobling and 

Tyler, 2003a).  Studies within the UK have shown that incidences of intersex are a 

result of exposure to hormonally active substances discharged from WwTW (Jobling 

et al., 1998).  Moreover, the extent of sexual disruption and degree of intersex within 

wild populations of roach (Rutilus rutilus) within the UK has been shown to correlate 

with the predicted exposure to steroidal oestrogens (Jobling et al., 2006). 

 

The intersex condition has also been generated within the laboratory as a result of 

exposure to EDCs.  Exposure of fathead minnows to the oestrogen 4-tert-pentylphenol 

at a concentration of 180 μg/L resulted in the production of intersex males, in which 

the testes contained primary oocytes in addition to the normal testicular cellular 

architecture (Panter et al., 2006).  Similar results have been found for other 

species/chemical interactions, including Japanese medaka exposed to 4-nonylphenol 

(Yokota et al., 2001), E2 (Kang et al., 2002) and the anti-androgen flutamide (Kang et 

al., 2006), Chinese rare minnow (Gobiocypris rarus) exposed to EE2, and rainbow 

trout exposed to E2 during embryonic development (Michelle and James, 2000).  

 

It is important however, to determine whether such cases of intersex affect the 

reproductive ability of fish, when extrapolating from affects on the individual to those 

on fish populations.  Studies on populations of roach have shown that intersex fish are 

reproductively compromised, showing reduced release of sperm, lower milt volumes 

and reduced fertility (Jobling et al., 2002b).  However, whether these changes in 
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reproductive parameters affect the reproductive success of individuals (measured as 

the number of offspring sired) or population demographics is yet to be determined.     

 

1.6.3 Changes in sexual differentiation 

Sexual differentiation (i.e. the process by which the sex of an individual is 

determined) is under genetic control in mammals.  However, sex determination in fish 

is very flexible and at the individual level is subject to modification by external 

factors (Devlin and Nagahama, 2002).  In fish, changes in sexual differentiation have 

been reported following exposure to EDCs during early life, during the initial stages 

of development.  These changes represent the most extreme disruption to gonadal 

development, whereby the gonadal sex and status of individuals is completely dictated 

by exposure to an EDC.  Such changes have been found both in laboratory studies and 

wild populations.  Simple quantification of these changes may simply be measured 

deviations from normal sex ratios.   

 

Examples of such skews in sex ratio have been found in laboratory exposures to 

various EDCs.  Sex ratios that deviate from normal have been generated in laboratory 

populations of fish following exposure to EDCs.  For example, in a partial life-cycle 

test, zebrafish exposed to 1ng/L EE2 showed a highly female-biased sex ratio (Orn et 

al., 2003) and exposure of juvenile Japanese medaka to 100 ng/L EE2 caused 

complete sex reversal of the population (Scholz and Gutzeit, 2000).     

 

A gradation in the response to sexual disruption has been found in some studies in 

which the magnitude or duration of exposure was varied.  For example, (Andersen et 

al., 2003) varied the stage and duration of exposure of zebrafish to 15.4 ng/L EE2.  
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Increased duration of exposure resulted in an increase in the female:male sex ratio, 

from a male-biased sex ratio in controls to an all-female population following 

exposure over the period of 20-60 dpf.  Very similar results were obtained following 

exposure of zebrafish to EE2 up to 60 dpf.  Exposure to 1 ng/L EE2 resulted in a 

highly skewed female:male ratio, with no males detected following exposure to 10 

ng/L EE2 (Hill and Janz, 2003).  These skews were not found to be permanent 

however.  The same populations of fish sampled at 160 dpf, following depuration in 

clean water from 60-160 dpf, showed no significant departure from a 1:1 male:female 

ratio.   

     

At the extreme of disrupted sexual differentiation are instances in which complete sex 

reversal occurs, resulting in populations comprised of only one sex.  Fathead minnows 

exposed in the laboratory to 4 ng/L EE2 over a complete life-cycle resulted in a 

completely female population, with no testicular tissue detected in any fish (Grist et 

al., 2003; Lange et al., 2001).  Similar results have been found for zebrafish exposed 

to 2 ng/L EE2 during a partial life-cycle exposure (Orn et al., 2003), Japanese medaka 

exposed to 150 ng/L E2 from 0-81 days post-fertilisation (Hirai et al., 2006) or > 0.01 

μg/L for the first month post-hatch (Nimrod and Benson, 1998) and fathead minnows 

exposed to 560 μg/L 4-tert-pentylphenol from 0-107 dpf (Panter et al., 2006) 

 

In the majority of cases, reports of endocrine disruption in wild fish focus on the 

incidences of intersex present.  Skews in sex ratio (from normal), representing as they 

do a major level of disruption, have only been found in a few wild fish populations.  

In addition without the presence of a suitable control, it is difficult to conclude 

whether any deviations from a 1:1 sex ratio are a result of exposure to EDCs or a 
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natural sex bias within the population.  However, skews in sex ratio have been found 

in wild fish populations exposed to EDCs.  These skews may be male biased as a 

result of exposure to pulp mill effluent (Larsson and Förlin, 2002; Larsson et al., 

2000a; Larsson et al., 2000b) or female biased (Agency, 2002; Vajda et al., 2008) 

following exposure to sewage.  (Vajda et al., 2008) looked at populations of white 

sucker (Catostomus commersoni) upstream and downstream of a WwTW effluent 

discharge and found that the frequency of males at the site upstream of the discharge 

was between 36-46%, but only 17-21% downstream of the discharge.   

 

A great deal of work has been conducted investigating the sexual differentiation of the 

brain in birds (Balthazart and Ball) and mammals (Arnold, 1996; Arnold et al., 2004) 

than in fish. However, the brain of teleost fish has been shown to be a major source of 

oestrogens and contains much higher levels of aromatase than the mammalian brain 

(Pellegrini et al., 2005). The expression of aromatase is correlated with sex steroid 

concentrations, whereby oestrogens and aromatisable androgens up-regulate 

aromatase expression (Diotel et al., 2010). Differences in aromatase activity between 

male and female fish are still not completely understood, however there is some 

evidence for sex-specific differences in the levels of aromatase in certain regions of 

the fish brain (Blazquez and Piferrer, 2004; Gonçalves et al., 2006; Melo and 

Ramsdell, 2001).  

 

Due to the importance of steroidal hormones in the expression of aromatase, 

development of the brain (and associated sex-specific behaviour) can be influenced by 

exposure to endogenous compounds. For example, male chub (Leuciscus cephalus) 

from sites with a known exposure history to oestrogenic substances demonstrate Vtg 
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induction and lower levels of aromatase activity in the brain than fish from reference 

sites (Hinfray et al., 2010) and experimentally induced reductions in aromatase 

expression have been shown to cause reductions in male-specific courtship behaviour 

in guppies (Hallgren et al., 2006). 

 

1.6.3.1 Critical windows in disruptions in gonadal formation and sexual 

differentiation 

As has been mentioned previously, exposure of fish during early-life stage can result 

in substantial disruptions to gonadal development and alterations in sexual 

differentiation.  This is due in part to so called ‘windows of sensitivity’ in the sexual 

development and differentiation of fish during which the gonad has a heightened 

sensitivity to disruption (van Aerle et al., 2002).   

 

The timing of the window of sensitivity differs between species.  However, in fathead 

minnows, it appears to be during the period of about 20-60 dpf (Panter et al., 2006).  

In zebrafish, the critical window seems to be at about the same stage, between 20-70 

dpf (Andersen et al., 2003; Brion et al., 2004; Hill and Janz, 2003).  In zebrafish, the 

specific ontogenetic phase during the latter half of this time period is the gonad 

transition stage, during which the gonad differentiates into either testes or ovary 

(Maack and Segner, 2004).  

 

The extent to which such disruptions in development are permanent is again 

dependent on the species in question.  Whilst exposure of zebrafish to EE2 from 2-60 

dph caused a heavily biased female:male ratio at 60 dpf, these skews were not found 

to be permanent.  Following depuration in clean water from 60-160 dpf, the sex ratio 
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did not show a significant departure from a 1:1 male:female ratio (Hill and Janz, 

2003). 

 

Evidence for this reversibility of sexual disruption in zebrafish following exposure to 

oestrogenic compounds has been found in other studies (Fenske et al., 2005; Van den 

Belt et al., 2002).  However, there is evidence that if males develop from a population 

that was previously all female, such individuals may be reproductively compromised 

(Larsen et al., 2009) and females previously exposed during early-life stage may also 

be reproductively compromised (Van den Belt et al., 2003).  Reversibility in sexual 

disruption is not possible for some species, however, and is not the norm for most fish 

species. For example, roach exposed to WwTW effluent during early-life show 

disruptions to the development of the reproductive ducts, which are not reversed 

following a depuration period in clean water (Beresford et al., 2004; Liney et al., 

2005; Rodgers-Gray et al., 2001). 

 

1.6.4 Alterations in life history parameters 

Exposure to various EDCs has been shown to have impacts on individual fecundity 

and survival in a variety of species, key factors in the sustainability of wild fish 

populations. The magnitude of the impact depends on the EDC in question, the 

species being tested, the duration of exposure and life-stage at which exposure is 

initiated.   

 

Reductions in fecundity in the fathead minnow have been found as a result of 

exposure to a variety of chemicals, including; 100 ug/L of NP (Harries et al., 2000), 

5.0 ug/L methoxyhlor and 0.2 mg/L MT (Ankley et al., 2001), 781 ng/L oestrone 
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(Thorpe et al., 2003a), 10 and 100 ng/L EE2 in a dose-dependent manner (Pawlowski 

et al., 2004), 2 to 50 ug/L fadrozole in a dose-dependent manner (Ankley et al., 2002).  

Short-term exposure of breeding pairs of fathead minnow to 100% pulp mill effluent 

similarly resulted in reductions in fecundity and disruptions to sexual development in 

both males and females (Rickwood et al., 2006). 

 

Long-term exposure of fathead minnow to concentrations of EE2 exceeding 4 ng/L 

resulted in a failure by all male fish to develop normal secondary sexual 

characteristics (Lange et al., 2001).  A complete lack of males within a population 

will result in zero reproduction and subsequent population collapse.  In the same 

study, fish exposed to 0.2 ng/L and 1.0 ng/L EE2 did not show reductions in either 

fecundity or survival.  However, exposure to less than 1 ng/L EE2 has been shown to 

significantly reduce fertilisation success in fathead minnows (Parrott and Blunt, 

2005).  Exposure to high concentrations of bisphenol A reduced reproductive output 

in breeding pairs of fathead minnow, resulting in complete cessation of egg 

production in 6 out of 7 breeding pairs (Sohoni et al., 2001).      

 

Reductions in fecundity in the Japanese medaka have been found as a result of short-

term exposure to various EDCs, including exposure to 4-nonylphenol at 

concentrations above 101 ug/L (Kang et al., 2003), flutamide at a concentration of 

1.56 mg/L (Kang et al., 2006), E2 at a concentration of 463 ng/L (Kang et al., 2002), 

EE2 at a concentration of 488 ng/L (Seki et al., 2002), 4-tert-octylphenol at 

concentrations of 25 and 50 ug/L (Gray et al., 1999).  Exposure to concentrations of 

E2 exceeding 0.01 ug/L results in an exclusively female population, thereby 

effectively reducing potential population growth to zero (Nimrod and Benson, 1998).  
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Long-term exposure has been shown to have similar impacts on fecundity, but at 

correspondingly lower concentrations due to the extended period of exposure.  Due to 

their short generation-time medaka have been proposed as suitable for 

multigenerational, full life-cycle studies (Patyna et al., 1999).  Full life-cycle exposure 

of paired medaka to E2 at a concentration of 27.9 ng/L caused a significant reduction 

in both fertility and fecundity (Seki et al., 2005).  Exposure to the weak oestrogen 4-

tert-pentylphenol resulted in an increased level of mortality and reduction in fertility 

at a concentration of 931 ug/L, and this effect was more pronounced in the F1 

generation than in the F0 generation (Seki et al., 2003).  Exposure to the androgen 

methyltestosterone at a concentration of 27.75 ng/L resulted in a population of fish all 

displaying male secondary sex characteristics, in which no fish with ovary could be 

discerned (Seki et al., 2004).   The reverse effect, with a completely female population 

was obtained as a result of exposure to a concentration of 51.5 ug/L of the oestrogenic 

compound 4-nonylphenol (Yokota et al., 2001).        

 

As for other species, numerous studies have assessed the impact of exposure to EDCs 

on various life-history parameters in zebrafish.  Exposure during early life often 

causes significant shifts in sex ratio and complete sex reversal, if the exposure is of a 

sufficient magnitude and duration (see section 1.5.3).  However, such effects have 

been shown to be reversible following depuration.  Brion et al. (2004) found that 

exposure of female zebrafish to 100 ng/L EE2 during the embryo-larvae stage actually 

increased fecundity following subsequent sexual maturity, whilst exposure to the 

same concentration during the juvenile life stage reduced subsequent fecundity.  

However, other studies have shown that exposure during early life (from fertilisation 
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to 3 months post fertilisation) to 10 or 25 ng/L EE2 lead to reduced reproductive 

output after a 5 month depuration period (Van den Belt et al., 2003).     

 

Exposure of adult zebrafish to EDCs generally has a detrimental effect on life-history 

parameters.  Exposure of breeding colonies of zebrafish to 5 ng/L EE2 for 21 days 

significantly reduced the total number of eggs produced (Santos et al., 2007).  

Exposure of some EDCs to mature fish has also been shown to increase the mortality 

of offspring.  Exposure to higher concentrations of EE2 (10 and 25 ng/L EE2) for 21 

days caused a dose-related reduction in the number of females capable of spawning, 

with complete inhibition of spawning at 25 ng/L.  Male fertilisation success was also 

significantly reduced (Van den Belt et al., 2001), which may be a result of decreases 

in sperm quality as a result of oestrogenic exposure. Maternal exposure (via 

intravenous injection) to polychlorinated biphenyls and E2 has been shown to cause 

embryonic mortality, with a mortality level of 95% in embryos following a maternal 

exposure of 1 μmol/kg (Westerlund et al., 2000).   A comprehensive review of the use 

of zebrafish as a model organism to investigate the impacts of EDCs is given in 

(Segner, 2009).    

 

Exposure of sticklebacks during early life to an oestrogenic compound (EE2) results in 

the induction of ova-testes in males and impaired reproduction (measured as a 

reduction in the number of nests built and number of eggs deposited in nests, relative 

to controls) upon reaching sexual maturity (Maunder et al., 2007a).    Reductions in 

fertility in male rainbow trout (Oncorhynchus mykiss) have been found as a result of 

exposure to the oestrogens 17β-estradiol at concentrations > 1.0 ng/L (Lahnsteiner et 

al., 2006) and EE2 at concentrations > 10 ng/L (Schultz et al., 2003). 
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1.6.5 Alterations in behaviour 

Exposure to EDCs has been shown to cause alterations in normal patterns of 

behaviour in a wide range of species, particularly fish.  A huge range of behavioural 

alterations have been reported following exposure to EDCs, including changes in 

reproductive behaviour [reviewed in (Clotfelter et al., 2004) and (Zala and Penn, 

2004)].  Most studies have found that exposure to EDCs suppresses normal 

behaviours, leading to detrimental impacts.  For example, long-term exposure of 

Japanese medaka to 10 ng/L EE2 reduced the number of copulations and reduced 

reproductive output significantly when exposed males were paired with unexposed 

females (Balch et al., 2004) and long-term exposure to OP reduced male courtship 

activity (Gray et al., 1999).  In the former study, it was determined that exposed males 

were physiologically capable of fertilising eggs produced by the female, but did not 

do so due to behavioural alterations as a result of exposure.  Short-term exposure of 

paired adult medaka to E2 caused a reduction in the reproductive/sexual behaviour and 

although the total number of eggs produced was significantly lower in exposed pairs, 

this was not due to a reduction in the fertilisation success (Oshima et al., 2003).  

Exposure of adult male mosquitofish (Gambusia holbrooki) to concentrations of E2 > 

20 ng/L had a similar effect, reducing the number of copulation attempts by males 

towards females and exposed males were less capable of impregnating females 

(Doyle and Lim, 2005).   

 

The exposure of male zebrafish that were previously behaviourally dominant to EE2 

resulted in the previously dominant male became subordinate following exposure 

(Colman et al., 2009).  This was accompanied by a significant decrease in courtship-

specific behaviour in these males.  Exposure of zebrafish to EE2 for 4 months, from 
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egg to sexual maturity, caused a shift in the sex ratio at a concentration of 0.5 ng/L 

and evidence of morphological feminisation.  However, reproductive behaviour was 

less susceptible to disruption as a result of exposure, with significant differences 

(from controls) only observed at a concentration of 5 ng/L (Larsen et al., 2008), 

however only 4 individual males were observed at this concentration, due to the 

almost complete feminisation of the population.   

 

The stickleback is used as a model species for studies on the impacts of EDCs on 

reproductive behaviour.  Exposure of sticklebacks to 15 ng/L of EE2 resulted in 

decreases in the aggressive behaviour of exposed males, and effect that the authors 

posit is related to decreased concentrations in endogenous 11KT (Bell, 2001).  

Similarly, exposure of sticklebacks to EE2 has been reported to cause a transient 

decrease in the glueing frequency and time spent near the nest by male sticklebacks 

(Brian et al., 2006).  Anti-androgenic compounds have been shown to have similar 

effects on the reproductive behaviour of sticklebacks.  For example, exposure of male 

sticklebacks to flutamide resulted in a significantly reduced number of nests built 

(relative to controls) and a reduction in the number of ‘zigzags’ by male towards 

female fish following exposure (Sebire et al., 2008). 

 

 

1.6.6 Population-level impacts of EDCs 

The need to discern the population level impacts of endocrine disrupting chemicals 

has been identified as a key area of research within the field (Mills and Chichester, 

2005).  Approaches to address the question of population level impacts of EDCs have 

adopted one of three broad methods: 
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1. Direct, physiological effects on the life-history parameters of individuals 

that are of a magnitude sufficient to be considered damaging at the 

population level 

2. Direct assessment of the impact of EDCs on fish populations, both within 

the laboratory and the field 

3. Indirect, modelled long term population-level effects 

 

Much of the focus, as for work investigating physiological endpoints at the level of 

the individual, has been on the key model species within the field, the fathead minnow 

(Pimephales promelas), Japanese medaka (Oryzias latipes) and zebrafish (Danio 

rerio).  Alterations in specific life-history parameters as a result of EDC exposure (see 

previous section) are often claimed to have population-relevant implications, for 

example, significant reductions in fecundity or increases in mortality following 

exposure to an EDC (Parrott and Blunt, 2005; Santos et al., 2007).   

 

Such alterations in life-history parameters are often found in short-term exposure 

studies and as a result, long-term impacts on fish populations can only be 

hypothesised.  Long-term exposures are required, often over multiple generations, in 

order to actually detect changes in fish populations.  (Nash et al., 2004) exposed 

zebrafish over multiple generations to 5 ng/L EE2, causing complete population 

failure in the F1 generation due to disruptions in sexual differentiation.  Similarly, 

continuous, long-term exposure of fathead minnow populations within a large 

experimental lake to 5-6 ng/L of EE2 resulted in year class failures and population 

collapse after two years of exposure (Kidd et al., 2007).  In both cases, the causative 

mechanism behind the population collapse was alterations in sexual differentiation 
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within the population.  Early indications of such changes have been found in studies 

of a more short-term nature, in which significant changes in the sex ratio of the 

population have been reported (see previous section).  

 

Significant reductions in wild fish populations as a result of EDC exposure have never 

been reported.  This is likely due to the high degree of inherent variability in fish 

populations and the number of other governing factors influencing population growth 

and sustainability.  Whilst alterations in sex ratios have been found in wild fish 

populations (Larsson and Förlin, 2002), these have not been linked to populations 

declines in the manner of the experimental declines reported.     

  

Several studies have been conducted that have utilised a modelling approach to 

investigate the potential effects of changes in life-history measures such as fecundity 

and survival on long-term population dynamics.  These models are typically based 

around a matrix-modelling approach (Caswell, 2001).  Matrix models have long been 

used to understand how changes in such variables as fecundity, fertility and survival 

within a population will affect the population as a whole, particularly its growth rate 

(Brault and Caswell, 1993; Caswell and Weeks, 1986; Crouse et al., 1987; Jensen, 

1974; Jensen, 1995).  Such approaches have previously been used as a conservation 

strategy to determine the key life-history stages driving population dynamics (Crouse 

et al., 1987; Jensen, 2000; Jensen and Miller, 2001). 

 

The matrix modelling approach has been used to investigate how changes in specific 

life-history variables as a result of exposure to an EDC may effect populations in the 

long-term.  A key end-point in such studies is the population growth rate.  If the 
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population multiplier (expressed as λ within the model) is less than 1, the population 

has a negative growth rate.  For example, it has been shown that egg production in 

female fathead minnows is negatively correlated with plasma vitellogenin production 

in males, a biomarker of exposure to EDCs.  Subsequent modelling of this effect 

shows that there is a negative linear relationship between λ and male plasma 

vitellogenin production (Gleason and Nacci, 2001).  However, how this might impact 

on the population in the long term is unclear.     

 

A similar effect has been found in several other studies modelling the population-level 

impacts of EDC exposure on fathead minnows.  (Grist et al., 2003) constructed a 

matrix model using the previously published data of (Lange et al., 2001) and found 

that the value for λ became less than 1 when the concentration of EE2 exceeded 3.11 

ng/L.  The demographic parameter driving the decrease in λ was a reduction in 

fertility as a result of exposure to EE2 Similarly, reductions in fecundity in fathead 

minnows as a result of exposure to the androgen 17β-trenbolone result in modelled 

population declines to the order of 51% following exposure to 0.027 μg/L and 93% 

following exposure to ≥ 0.266 μg/L (Miller and Ankley, 2004).     

 

Matrix-modelling approaches investigating the impacts of EDCs have also been 

applied to other species of fish.  Exposure (via sub-cutaneous implants) of EE2 at a 

concentration of 2.5 mg/kg of body mass caused a reduction in fecundity of 39% and 

reduction in survival of 15%.  Applying these changes in population parameters 

reduced λ from an unexposed value within natural populations of 1.00005 to 0.8709; 

enough to cause a population decrease of 75% after 10 years of exposure (Gutjahr-

Gobell et al., 2006). 
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These studies, however, all extrapolate the impacts of EDC exposure within the 

laboratory to the population-level, with the implication that these effects can be 

considered of relevance to wild populations.  However, it is often difficult to measure 

changes in measures such as fecundity and survival within wild populations as a result 

of EDC exposure as comparisons to a control population may not be possible.  

 

(An et al., 2009) used a two-sex matrix model to determine the extinction risk of 

roach populations under different conditions of commercial harvesting.  In the 

absence of commercial fishing (as in the UK), λ would only be increased by 1.5-1.7%, 

even in populations in which the incidence of intersex was 100%.  Populations under 

commercial exploitation showed a much higher extinction risk as a result of the 

presence of intersex.  Roach are generally commercially harvested by taking the 

males, which can result in strongly female-biased populations.  In some harvested 

populations, for instance in the Volga delta, the population can consist of 90% 

females.  In this situation, the occurrence of intersex increased the extinction risk to 

91%.   

 

Whilst studies modelling the long-term impacts of exposure to EDCs often predict a 

decrease in fish populations, such an effect is very rarely seen in the field.  This may 

be because the magnitude of exposure in the wild is typically much less than that 

utilised in studies modelling the impact of EDC exposure.  However, the modelling 

approaches utilised investigate large, overt changes in demographic parameters.  As 

such, these studies ignore more subtle shifts in aspects such as the genetic variability 

of fish populations that may result from exposure to EDCs.    
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1.7 Genetic Variation: detection, use and application within 

ecotoxicology 

Due to their potential to alter life-history variables and the reproductive capability of 

individuals, EDCs have the potential to cause alterations in measures of genetic 

variation in population and cause changes in the normal patterns of gene flow.   

 

1.7.1 Relationships between genetic diversity and fitness/reproductive success 

An important area of study within the wider field of research into genetic variation 

and the difference in variation amongst individuals and populations is the relationship 

between genetic variation and fitness (although a widely used term, ‘fitness’ is 

generally used to describe the capability of an individual to reproduce).  In particular, 

previous studies have investigated whether increased individual genetic diversity 

leads to an increase in fitness (Charpentier et al., 2005; Fritzsche et al., 2006).  A 

meta-analysis of a large number of different data-sets found this to generally hold true 

(Reed and Frankham, 2003).  However, the relationship is not always clear-cut.  In 

salmonids, the link between genetic variability and fitness varies among and within 

species (Primmer et al., 2003; Wang et al., 2002).  Similarly, in a study on the 

correlation between fitness and heterozygosity in sticklebacks, both negative and 

positive correlations were found (Lieutenant-Gosselin and Bernatchez, 2006).     

 

Key behaviours have been shown to be linked to measures of genetic variability.  For 

example, dominant brown trout have been shown to be more aggressive than their 

subordinate counterparts (Tiira et al., 2006), whilst the aggressiveness of salmon fry is 

positively correlated with genetic diversity (Tiira et al., 2003).  A higher level of 
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population genetic variation has also been shown to correlate with fitness-related 

traits (Shikano and Taniguchi, 2002).  

 

As a result of the potential benefits of increased genetic variability, the hypothesis has 

been generated that reproducing individuals should attempt to maximise the 

heterozygosity of their offspring.  This has been found to be the case in Atlantic 

salmon, where individuals appear to choose mates in order to increase the 

heterozygosity of their offspring at the Major Histocompatibility Complex (MHC) 

(Landry et al., 2001).  As a result, this mires the statement that dominant individuals 

are always necessarily more ‘fit’.  Females may choose to mate with individuals that 

whilst non-dominant, may provide the greatest advantage to her offspring in terms of 

maximising their genetic variability (Qvarnström and Forsgren, 1998; Tregenza and 

Wedell, 2000). 

 

1.7.2 Specific techniques for the determination of genetic variation 

A number of techniques have been used to elucidate the genetic variation present both 

between and within individuals.  These include: 

- Random Amplified Polymorphic DNA (RAPD) 

- Restriction Fragment Length Polymorphism (RFLP) 

- Amplified Fragment Length Polymorphism (AFLP) 

- Single Nucleotide Polymorphisms (SNPs) 

- Microsatellites    

 

The use and application of these different techniques are reviewed in (Cutler et al., 

2001; Kristensen et al., 2001; Syvanen, 2001).  Recently, an increasing number of 
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studies have utilised microsatellites, due to their high variability and wide occurrence 

throughout eukaryotic genomes (Ashley and Dow, 1994; Sunnucks, 2000).  

Microsatellites are tandemly repeated units of between 2 to 5 base pairs in length, 

with variation between individuals and populations due to DNA slippage, which 

creates different genotypes (Schlötterer and Pemberton, 1994).   

 

In natural populations, microsatellites are often used as a means of determining the 

genetic variability within populations and, by extension, making comparisons 

between different populations.  They are used as a tool to investigate the 

phylogenetics and population genetics of natural populations (Lucentini et al., 2006; 

Takamura and Mori, 2005); for a review with specific reference to fish, see 

(Chistiakov et al., 2006)).  For example, microsatellites have been used as a key tool 

in the spatial population genetics (Dillane et al., 2007) and conservation genetics 

(Spruell et al., 2003) of salmonids.  In the case of the latter study, microsatellites were 

used to examine the distribution of genetic variation, both within and between 

populations and how this might be used to direct management actions in the 

threatened species, the bull trout (Salvelinus confluentus).  Further applications 

include the detection of changes in population size and presence of population 

bottlenecks (Garza and Williamson, 2001; Spencer et al., 2000).     

 

1.7.2.1 Use of microsatellites in studies of parentage 

Due to their so-called ‘hypervariable’ nature, microsatellites are one of the key tools 

in studies investigating parentage in both natural and laboratory studies (Jones and 

Ardren, 2003) and they have been used extensively in aquaculture for analyses of 

paternity and inbreeding (Jackson et al., 2003; Liu and Cordes, 2004; Norris et al., 
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2000).  In wild populations, such approaches have been used to determine the 

reproductive success of individuals utilising different reproductive strategies.  For 

example, for elucidating the parentage dynamics in fish species in which helpers 

produce or sire a proportion of the offspring (Awata et al., 2005; Fitzpatrick et al., 

2006).   

 

In fish, the application of microsatellites in the determination of parentage has been 

used to investigate patterns of parentage in group-spawning fish (Fessehaye et al., 

2006) and the incidence of sneaking and relative reproductive success of both sexes in 

species utilising different reproductive strategies in nest-building/territorial species 

(Kellogg et al., 1995; Takahashi and Ohara, 2006).  One particular example of the 

latter is the reproductive success enjoyed by so-called ‘sneaker’ males.  Sneaker 

males are males that fertilise the eggs of a female laid in another male’s nest, or in 

salmonids fertilise eggs laid by a female in response to stimulation from a 

competitively superior male (Garcia-Vazquez et al., 2001; Reichard et al., 2007).  

Microsatellites have been used in a variety of species to enable the accurate 

determination of the relative success of these different reproductive strategies 

(DeWoody and Avise, 2001; Jones et al., 1998; Jones et al., 2001; Reichard et al., 

2004; Thériault et al., 2007). 

 

Such approaches can be used in ecotoxicological studies to determine patterns of 

parentage in populations (colonies) of fish in the absence of EDC exposure and then 

examine how these patterns are altered by the presence of an EDC.  In particular, how 

the usual reproductive success of individuals with different reproductive strategies or 

dominant statuses are affected by EDC exposure.       
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1.7.3 Genetic variation and it’s importance in (eco)toxicology 

Due to the link between increased fitness and a higher level of genetic diversity, it 

might be predicted that individuals with a higher level of genetic diversity are better 

placed to resist the effects of exposure to toxicants and chemicals.  Generally, this has 

been found to be true.  Populations and individuals with greater levels of genetic 

variability generally show a greater tolerance to toxicant exposure and a greater 

degree of phenotypic plasticity as a result of the increased variability (Barata et al., 

2000; Nowak et al., 2007).   

 

Paradoxically, exposure to toxicants often has the effect of reducing population 

genetic diversity, due to strong selective pressure exerted by exposure resulting in 

population bottlenecks or by directional selection on tolerant genotypes (Bickham et 

al., 2000; Coors et al., 2009; van Straalen and Timmermans, 2002).  For example 

exposure of copepod populations of Nitocra psammophila to pentabromo-substituted 

diphenyl ether caused a significant decrease in heterozygosity in exposed populations  

(Gardeström et al., 2006).  This is not always the case however.  Populations of the 

estuarine fish species Fundulus heteroclitus exposed to differing levels of PCB 

contamination do not show a significant difference in genetic diversity between 

populations (McMillan et al., 2006; Roark et al., 2005).  However, as yet little work 

has been conducted investigating the effects of exposure to EDCs on levels of genetic 

variation in either wild or laboratory populations.        
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1.8 Aims of the Project 

The aims of this project were to investigate the population-level effect of EDCs on 

fish, through the use of model experimental species. The modelling approaches 

detailed previously provide an overt, extrapolated prediction of the likely impacts of 

alterations in physiology and life history parameters as a result of EDC exposure on 

the long-term status of fish populations.  However, they ignore the effect that EDCs 

may have on population (and group) reproductive and behavioural dynamics, as well 

as patterns of gene flow, and this was one of the key issues addressed within this 

thesis.   

 

The model species used in this study are ideal candidates for investigating these 

effects.  Both are small species, easily kept in the laboratory, with large numbers of 

well-documented studies on the basic impacts of EDC exposure on their physiology 

already published.  In addition, the stickleback is widespread throughout the UK and 

due to a lack of fisheries management interest, is not subject to the high degree of 

anthropogenic population change due to deliberate stocking or movements that are 

seen in more highly managed species (such as roach or trout).   

 

Whilst the range of EDCs entering the aquatic environment is huge, oestrogenic 

compounds were focused on for the purpose of this thesis, as these have been shown 

to be one of the key EDCs likely to impact organisms within aquatic ecosystems.  

 

The project therefore aimed to address a series of key research questions outlined 

below, with a core aim of generating high-quality empirical data that could be used to 

extrapolate any findings to potential impacts on wild populations of fish.  
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1. What is the impact of EDCs on parentage dynamics in group-spawning fish? 

In particular, what changes (if any) occur to normal patterns of parentage and 

reproductive dominance in small (easily studied) groups of fish and how might 

any observed changes affect wild populations?  (Paper I). 

2.  When the group/colony structure is made more complex, are alterations in 

patterns of parentage and dominance consistent?  The first experiment chapter 

(paper I) investigated the impact of EDCs, using a simple colony structure.  

Wild populations show high levels of group/population sub-structuring, 

including alterations in group size and sex ratio.  The second experimental 

chapter (paper II) aimed at determining how alterations in colony structure 

might affect the impact of EDCs on patterns of parentage and reproduction. 

3. The effect of EDC exposure on fish is likely highly dependent on the life stage 

at which exposure occurs (see section 1.7).  Papers I and II investigated the 

impact of EDC exposure during adulthood on group dynamics.  However, 

exposure during early life has been shown to have substantial impacts on 

development, behaviour and physiology later in life (see section   1.7).  How 

such early-life exposures affect competitive reproductive ability, parentage 

dynamics and behaviour upon maturity was therefore the focus of the third 

experimental chapter  (Paper III).   

4. In the course of the first three studies, it was observed that levels of genetic 

variation in so-called ‘wild-type’ strains of zebrafish were very low, especially 

when compared to published literature on genetic variation found in wild 

populations of zebrafish.  As a result, the genetic variation in several 

laboratory strains of zebrafish was investigated.  This was then compared with 

that found in wild fish and critically discussed in relation to potential 
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ramifications when attempting to extrapolate the results from laboratory 

studies to wild fish populations.  (Paper IV).  

5. Do the findings from our laboratory studies occur in wild populations of a fish 

species?  In order to investigate whether some of the findings for EDC effects 

in the previous chapters might be occurring in wild fish populations, the 

genetic variation of populations of sticklebacks from clean and polluted sites 

was examined, as well as any evidence for previous population bottlenecks.  

The competitive reproductive ability of males from the different populations 

was also examined.  (Paper V). 
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Sumner, K. and Tyler, C.R. (2008) An environmental estrogen alters 

reproductive hierarchies, disrupting sexual selection in group-spawning 

fish. Environmental Science and Technology, 42(13): 5020-5025 
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Paper 1 – Addendum 

 

The results from the original analysis and as displayed in figure 2(a) show that there is 

a ~15% increase for a given level of pre-treatment dominance and hence it does not 

matter if the pre-treatment difference was 15% or not. Pre-treatment 

dominance/reproductive success was accounted for by including it as a covariate 

within the original statistical model. 

 

The data in figure 2 was re-examined by comparing the individual changes in the 

reproductive success of control and exposed fish before and after exposure. This 

found that there was no difference in the change in reproductive success dependent on 

whether fish had been exposed or not  (H = 0.08, df = 1, p = 0.773). This analysis 

suggests that the original conclusions of the paper may be flawed. Exposure to 

ethinylestradiol does not significantly reduce the reproductive success of the dominant 

males, relative to unexposed males. Rather, the alteration in reproductive success in 

exposed fish and control fish is similar.  

 

Whilst such a conclusion essentially alters the message of the original research paper, 

this approach is merely a alternative approach to analysing the data-set. The original 

analysis that was conducted is still statistically and biologically correct and provides a 

different interpretation from that given here.  
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Paper 2 – Addendum 

A contrast analysis was used in this paper to examine the statistical differences in the 

proportion of viable eggs produced by fish previously exposed to differing 

concentrations of ethinylestradiol (figure 3). Whilst this is technically and statistically 

valid, is perhaps not biologically as valid as alternative methods if no a-priori 

hypothesis is presented.  

 

An alternative post-hoc test has therefore been performed. Multiple pair-wise 

comparisons (Mann-Whitney two sample comparision), with suitable Bonferroni 

corrections were performed between all of the different possible combinations of 

exposure groupings (control vs low dose; control vs high dose; low dose vs high 

dose). The results are given in table 3.1. 

 

Table 3.1: summarised results from post-hoc statistical tests examining the difference in the 

proportion of viable eggs from zebrafish colonies with males from different exposure histories 

Treatment Combination Significant difference? 

Control vs Low Dose NO 

Control vs High Dose NO 

Low Dose vs High Dose NO 

   

 

The conclusion in the published paper that the proportion of viable eggs was highest 

in colonies containing males that had previously exposed to a low dose of 

ethinylestradiol is not supported by these post-hoc tests. However, this result is an 

alternative interpretation of the data from the study and is likely a result of the relative 
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conservatism of Bonferroni tests of this nature, and does not invalidate the 

conclusions from the original research paper.  
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Paper 3 – Addendum 

A contrast analysis was used in the paper to examine the statistical differences in the 

proportion of offspring sired or produced by the control male and female fish in each 

competitive exposure pairing (figure 2). Whilst technically and statistically valid, is 

perhaps not biologically as valid as alternative methods if no a-priori hypothesis is 

presented.  

 

An alternative post-hoc test has therefore been performed. Multiple pair-wise 

comparisons (Mann-Whitney two sample comparision), with suitable Bonferroni 

corrections were performed between all of the different possible combinations of 

exposure groupings (two females ‘C vs C’ vs ‘C vs L’; two females ‘C vs C’ vs ‘C vs 

H’; two females ‘C vs L’ vs ‘C vs H’; two males ‘C vs C’ vs ‘C vs L’; two males ‘C 

vs C’ vs ‘C vs H’; two males ‘C vs L’ vs ‘C vs H’). The results are given in table 4.1. 

 

Table 4.1: summarised results from post-hoc statistical tests examining the difference in the 

proportion of offspring sired by control male or female fish under different competitive exposure 

pairings 

Sex pairing Treatment Combination Significant difference? 

Two Females C vs C against C vs L NO 

Two Females C vs C against C vs H NO 

Two Females C vs L against C vs H NO 

Two Males C vs C against C vs L NO 

Two Males C vs C against C vs H NO 

Two Males C vs L against C vs H NO 

 

The results presented previously show that in colonies with two females and one 

male, the proportion of offspring sired by the control female was significantly greater 
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in situations when a control female was paired with a female previously exposed to a 

high dose of ethinylestradiol in early life. In colonies with two males and one female, 

the proportion of offspring sired by the control male was significantly less in 

situations where a control male  was paired with a male previously exposed to a low 

dose of ethinylestradiol.  

 

The results of the post-hoc tests presented in table 4.1 do not substantiate this claim, 

however this is likely due to the conservatism of Bonferonni tests and does not 

invalidate the previously published conclusions and results. 
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This paper has been removed for copyright reasons. The full reference of 

the published paper is as follows: 

 

Coe, T.S., Hamilton, P.B., Griffiths, A.M., Hodgson, D.J., Wahab, M.A. 

and Tyler, C.R. (2009) Genetic variation in strains of zebrafish (Danio 

rerio) and the implications for ecotoxicology studies. Ecotoxicology, 18: 

144-150 

 

The full DOI is: 10.1021/es101185b 
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Abstract 

Anthropogenically derived pollution is one of the principle environmental 

pressures on fish populations in both freshwater and marine environments.  Effects of 

exposure to pollution on wildlife are varied and can include alterations in the genetic 

diversity of populations. However, it is not well established how changes in genetic 

structure, that may arise as a consequence of long-term exposure to polluted 

environments, effects individual reproductive capability or competitiveness. Here we 

undertook an analysis of populations of three-spined sticklebacks (Gasterosteus 

aculeatus) from polluted and reference sites to assess population genetic diversity and 

evidence for population bottlenecks. We then placed males from these sites in 

competitive breeding scenarios with males from an unpolluted site and non-exposed 

females from a further reference population, in experimental mesocosms. Parentage 

analyses were conducted on the offspring to determine the reproductive 

competitiveness and success of the males from the different populations. Sticklebacks 

from sites with a history of pollution showed evidence of severe and recent population 

bottlenecks, but not necessarily reduced genetic diversity, whereas populations from 

unpolluted sites show weak, or no evidence of such bottlenecks.  There was no 

evidence however, for a reduced reproductive performance for males derived from 

polluted sites, when in competition with males from a reference site in the mesocosm 

study. A further finding from the experimental mesocosms was that the reproductive 

output was significantly correlated with the total number of nests built by males, 

suggesting that the ability of males to build nests is a key determinant of reproductive 

output in this species. 
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1. Introduction 

 A wide range of anthropogenic pollutants have been shown to have 

detrimental effects on wildlife populations and whilst acute high concentration 

exposures often result in the most dramatic effects [1], chronic, lower level exposures  

can also have persistent and adverse effects, albeit they tend to be more subtle [2]. 

The affects of exposure to pollutants on wildlife range from adverse effects in 

individuals to changes in whole populations, and is largely dependent on the type of 

pollutant, and the magnitude and duration of the exposure. 

Although for human health we protect at the level of the individual, for 

wildlife, typically, the population is the main unit of concern when considering the 

ecological implications of pollutant exposure [3]. The impacts of chronic pollution on 

wildlife populations are varied and include overt alterations in life history parameters, 

including survivorship and fecundity [4, 5], increases in the incidence of disease [6], 

developmental abnormalities [7, 8], altered sex ratios [9] and changes in the genetic 

structure of populations [10]. 

 Exposure to pollution may alter the genetic diversity of populations, which 

could potentially limit their ability to adapt to future changes in the environment [11, 

12]. The effects on levels of genetic variation may occur through a range of 

mechanisms, including: (i) increasing mutation rates; (ii) directional selection on 

tolerant genotypes; (iii) bottleneck events; and (iv) altering migration [13]. A potential 

consequence of chronic exposure is selection for increased tolerance to adverse effects 

of pollutants [11, 14]. There have been a few well documented examples of pollution-

induced tolerance in both laboratory experiments and wildlife populations, including 

fish [10, 15]. Reductions in genetic diversity have also been observed in invertebrates, 

fish and birds as a result of exposure to pollutants [16-19]; potentially as a result of 
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dramatic decreases in the population size (bottleneck events) in exposed populations 

[20, 21]. Evidence for genetic bottlenecks in fish populations following exposure to 

contaminants is sparse e.g. [22] and more generally has been found to be absent [23-

27]. 

 It is not well established whether alterations in the genetic diversity of 

populations resulting from pollution events are associated with fitness costs. 

Reductions in survival and absolute fecundity have been documented in birds 

following exposure to heavy metals [28, 29] and this may be linked to alterations in 

population genetic structure [19]. Numerous studies have shown that reductions in 

genetic diversity may have physiological implications for wildlife populations, in part 

due to a higher relative incidence of deleterious alleles (reviewed in [12]). However, 

for fish populations, systematic studies addressing this question are still lacking. 

The objectives of this study were to assess whether populations of three-spined 

sticklebacks (Gasterosteus aculeatus) from polluted sites differed compared with 

sticklebacks from reference sites in (1) their genetic variability, (2) whether they had 

experienced population bottlenecks and (3) if they suffered losses in reproductive 

fitness as a result of their pollution exposure histories. The three-spined stickleback is 

ideally suited for work of this nature as it has a wide spatial distribution in the 

Northern Hemisphere, it is a well accepted  as a model for toxicology, and a variety of 

genomic resources are available, including numerous published microsatellite markers 

[30].  

There is also a high degree of genetic differentiation between freshwater 

stickleback populations, likely to be driven by genetic drift and isolation, thus there is 

high potential for local adaptation. In addition, no restocking for this species occurs 

throughout the UK, which might potentially obscure patterns of genetic diversity. 
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Furthermore, the stickleback breeding strategy is also a highly tractable system for 

assessing reproductive competitiveness in males, as they become highly territorial in 

the breeding season, building a nest and undertaking a series of ritualised behaviours 

to encourage the female to lay eggs in the nest [31] and are aggressive towards other 

males in the defence of their nest and breeding territory.                                             

 

2. Materials and Methods 

2.1 Study populations and pollution histories of study sites 

The three spinned sticklebacks used in this study originated from 5 locations 

with different pollution histories, and/or receiving different quantities of effluents 

from sewage treatment works. These locations included Houghton Springs, a 

reference site receiving no known effluent discharges and a reference site in an 

upland, sparsely populated area on the River Gowy with no known upstream sewage 

treatment inputs (NGR: SJ 505 608).  Three sites with a history of pollution/sewage 

treatment inputs were also sampled and they were the highly industrialised River Tees 

at the Tees Barrage (NGR: NZ 465 192), the River Birket immediately downstream of 

a sewage treatment works (NGR: SJ 241 903) and the River Aire downstream of two 

sewage treatment works (NGR: SE 138 383). Considering the published information 

available on pollution contamination for the study sites, the River Aire receives large 

volumes of treated sewage effluent which historically has been shown to contain high 

concentrations of akylphenol ethoxylates [48]. These, together with steroidal 

oestrogens, also present in almost all treated sewage effluents studied, have been 

shown to result in endocrine disruption within resident populations of fish [49]. 

Similarly, the River Tees receives large inputs of sewage effluent and chemical and 

petrochemical discharges [50] and has high concentrations of estrogenic compounds 
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contained in estuarine sediments [51], with previously demonstrated impacts on 

aquatic fauna [52]. 

Fish for use in both studies on the genetics of these wild populations and for 

the competitive breeding studies, were collected by netting, transported back to the 

laboratory and sampled within 48 hrs (population genetics work), or retained until 

required (for the breeding study, see section 2.4).  

Fish sampled for the population genetics study were anaesthetised using 

benzocaine and the wet weight and total length were recorded. The gonads were 

dissected and weighed for identification of the sex of individuals and to stage gonadal 

development. The tail was stored in ethanol at 4
o
C for later microsatellite genotyping 

analysis. 

2.2 Microsatellite genotyping 

DNA was extracted from the parental fins (and from embryos in the 

subsequent breeding trial) using ammonium acetate precipitation [34]. Each sample 

was genotyped using nine microsatellite markers [Gac4160, Gac5161, Gac7010, 

Gac7080, Gac7148 and Gac8110 [35]; Gac1097, Gac2111 and Gac7033 [36]].  PCRs 

were performed in 10 μL reactions with 5 μL template DNA, 1 μL HPLC water, 0.5 

μL REDTaq DNA Polymerase (Sigma, UK), 1 μL of REDTaq buffer, 1 μL of 10mM 

dNTP, 0.3 μL of 50mM MgCl2 and 1 μM of each primer.   

The following PCR programme was used for all microsatellite markers: 

incubation at 94
o
C for 5 minutes; 32 cycles of amplification at 94

o
C for 30 s, stepped 

down annealing temperatures for 30 s (2 cycles at 62
o
C, 5 cycles at 58

o
C, 5 cycles at 

55
o
C, 10 cycles at 53

o
C, 5 cycles at 51

o
C and 5 cycles at 48

o
C) followed by 72

o
C for 

1 minute; and a final extension step at 72
o
C for 10 minutes.  Products were pooled in 

a suitable ratio for analysis on the DNA sequencer (CEQ
TM

 8000 Genetic Analysis 
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System, Beckman Coulter) following standard procedures.  Fragment sizes were 

determined using the Fragment Analysis programme of CEQ
TM

 8000 Genetic 

Analysis System, Version 9.0 (Beckman Coulter). 

2.3 Population genetic analyses 

For population genetic analysis, between 29 and 41 individuals were 

genotyped for each population using the 9 microsatellite loci described above.  For 

each location, all loci were tested for conformity to Hardy Weinberg equilibrium 

(HWE), using GENEPOP version 4.0 [37, 38].  Any deviations were further 

investigated with Microchecker [39].  Critical levels of significance for simultaneous 

tests were adjusted using the sequential Bonferroni procedure adjusting for the 

number of tests (45, one for each locus for each population) [40]. 

Three measures of genetic diversity were calculated from the microsatellite 

data.  These were observed hetrozygosity (HO), expected heterozygosity (HE) and 

allelic richness (R) using Fstat [41, 42] and Genepop [41, 42]. These were first 

calculated using all loci.  Since Gac7148, Gac7080 and Gac7030 showed evidence for 

departure from HWE and the presence of null alleles or stutter in a minimum of 2 

populations of the 5 populations, genetic diversity measures were recalculated 

excluding these loci. 

The microsatellite data were used to test for evidence of recent population 

bottlenecks.   This was first done using all loci and then repeated excluding any locus 

that showed significant departure from HWE in that population, using 

BOTTLENECK [43, 44].  This programme tests for a relative excess in 

heterozygosity that is apparent for a few generations after a bottleneck which 

develops because allelic diversity declines faster than heterozygosity due to loss of 

rare alleles. Allele frequency distributions were compared to that of populations in 
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mutation-drift equilibrium using the two phase model (TPM, with 70% stepwise 

mutation model) and the stepwise mutation model (SMM). Deviations between 

observed and expected frequent distributions were tested using Wilcoxon’s signed 

rank test.  BOTTLENECK was run for 10,000 iterations.   Effective population sizes 

were calculated using the linkage disequilibrium method [45][46] as implemented in 

NE ESTIMATOR version 1.3 [47].    

2.4 Competitive breeding experiment 

The competitive breeding experiment was designed to investigate whether 

exposure history affected the ability of males originating from contaminated (and 

reference) sites to compete with control, laboratory reared males, to sire offspring (see 

figure 1 for a schematic of the experimental setup). The experiment was performed 

during May and June, to coincide with the natural breeding season for sticklebacks 

and was set up in mesocosms in an open field at the Centre for Ecology and 

Hydrology, Dorset. Mesocosms were supplied with river water and gravel and aquatic 

plants to provide nesting material. Each mesocosm contained 10 control females, 5 

control males and 5 males originating from each of the wild populations (Houghton 

Springs, River Gowy, Tees Barrack, River Birket, River Aire). Two replicate 

mesocosms were set up for each breeding scenario. All control fish were bred in the 

laboratory from populations originating from Houghton Springs. All females and 

control males included in this experiment originated from families of siblings (to 

minimise the variation within the control fish), and within each mesocosm, control 

males and females originated from different families. During the course of the 

experiment, fish were fed daily with bloodworm and any mortalities were removed 

and recorded.  
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During the experiment, nests were sampled 4 times over a 4 week period at 7 

day intervals and eggs (or larvae) were collected and preserved in 80% ethanol at 4
o
C 

until parentage analysis. At the end of the experiment, all adult fish and any remaining 

juveniles in the mesocosms were sampled and preserved in 80% ethanol. Adult fish 

were anaesthetised, measured, weighted and dissected to confirm the sex of the 

individuals. Tails were preserved in 80% ethanol at 4
o
C until analysis of parentage of 

the offspring 

For paternity assignment, all 147 adult fish alive at the end of the experiment 

were genotyped using the microsatellite markers previously described.  For each nest 

removed during the first three sampling time points (i.e. the first three weeks of the 

experiment) and containing offspring, three embryos were genotyped.  If the paternity 

for any nest was unclear, a further four embryos were genotyped from the nest.  Thus 

the offspring in each nest were recorded as either being sired by a wild or control 

male.  In total, 159 embryos were genotyped from a total of 49 nests. 

2.5 Statistical analysis 

 All data and analyses performed were checked for conformity with the 

assumptions of normality.  If these were not met, then the data was either transformed 

such that the assumptions of normality were met, or a non-parametric test was used.    

Proportional paternity success was analysed using a GLM with binomial errors. 

Details of all other tests are given with the relevant results. All analyses were 

performed using R (version 2.8.1) or Minitab (version 15).     

 

3. Results 

3.1 Measures of genetic diversity in the study populations 
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Levels of genetic variability varied considerably between sites (Table 3).  

Allelic richness varied from 4.6 (Houghton Springs), to 10.2 (Tees Barrack).  

Likewise expected hetrozygosity ranged from 0.57 (Houghton Springs) to 0.76 (River 

Gowy).  Of the polluted river sites examined, hetrozygosity was lowest in the Aire 

(HE =0.60 and HO = 0.54). A similar trend was seen after exclusion of the three loci 

that significantly deviated from HW equilibrium in a minimum of 2 populations (data 

not shown). 

3.2 Evidence for historical bottlenecks and effective population sizes 

Of the five sites that were examined in this study, there was strong evidence 

for historical population bottlenecks at the three sites with a history of pollution 

exposure: the River Aire, Tees Barrage, and River Birket (Table 1). These results 

were robust, regardless of whether the TPM or the SMM mutation model was used to 

generate expected levels of hetrozygosity (HEQ) and to the exclusion of loci deviating 

from HW equilibrium.  There was weaker evidence that the River Gowy population 

had undergone a genetic bottleneck, as a bottleneck was only detected using the SMM 

model but not the TPM model.  We found no evidence that the Houghton Springs 

population had undergone a population bottleneck, despite low levels of genetic 

diversity observed in this population. Estimates of effective population size (NE), 

calculated using the linkage disequilibrium method also varied considerably between 

sites from 27.8 (River Aire) to 340.1 (River Tees). 

3.3 Mesocosm breeding study – numbers of nests produced 

Over the 4 weeks of the breeding study, a total of 238 nests were counted 

(nests were removed each week).  The total number of nests built by males in each 

mesocosm was unaffected by the source of wild males (Kruskal-Wallis, H4 = 7.50, p 

= 0.112), as was the number of nests containing eggs (Kruskal-Wallis, H4 = 8.15, p = 
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0.086). The number of nests produced in each mesocosm with males from different 

sources is given in figure 2. In each mesocosm between 14% and 52% of nests 

contained offspring. There was no relationship between the number of parental 

mortalities (which ranged between 0 and 7 per tank) by the end of the breeding study, 

and either the total number of nests or the number of nests containing eggs in a 

mesocosm (Spearman’s rank correlation, ρ = -0.093, p = 0.799 and Spearman’s rank 

correlation, ρ = -0.285, p = 0.424, respectively). There was also a significant positive 

correlation between the total number of offspring produced in a mesocosm (Pearson 

correlation, ρ = 0.823, p = 0.003; figure 3). 

3.4 Competitive breeding capability of wild and control males. 

Parentage analysis revealed that both wild males and control males contributed 

to the offspring in each mesocosm.  For the mesocosms containing wild males 

originating from Houghton Springs, it was not possible to distinguish between 

control, laboratory bred males and wild males based on the selection of microsatellites 

used in this study, and therefore they were excluded from the paternity analysis. The 

proportion of nests containing offspring sired by control males was unaffected by the 

source of wild males within a mesocosm (GLM with binomial errors, X
2

3 = -0.973, p 

= 0.808) (see figure 4).  The nest counts from the two mesocosms from each 

population (see figure 1) were combined to give the total number of nests produced by 

the control and wild males from each of the four tested populations. The number of 

nests produced by control and wild males did not significantly differ from a 1:1 ratio 

for each wild population (α Bonferroni-corrected to account for multiple testing and 

set to 0.0125; River Gowy, X
2
 = 1.8, p = 0.180; Tess Barrack, X

2
 = 0.222, p = 0.637; 

River Birket, X
2
 = 0, p = 1; River Aire, X

2
 = 0.333, p =0.564). 
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4. Discussion 

The five sites chosen for this study all have different pollution histories, 

however the sites can be split into two broad categories: reference sites, which receive 

low levels of anthropogenic chemical inputs (Houghton Springs, River Gowy) and 

polluted sites (River Aire, River Birket, River Tees) which have a history of 

significant anthropogenic effluent and chemical inputs. The sites sampled on the 

River Aire, Birket and Tees Barrage are downstream of sewage effluent inputs and as 

a result, stickleback populations from these sites will be exposed to sewage effluent 

continuously and throughout their life cycle.  

4.1 Genetic measures in wild populations 

Estimates of genetic diversity obtained from the analysis conducted on wild  

stickleback populations (allelic richness 4.6-10.2, expected hetrozygosity 0.57-0.76) 

are similar to those obtained in other studies; a study of 33 river stickleback 

populations from across Europe found an allelic richness of 8.47 and average 

expected hetrozygosity of 0.64 [53]. The genetic diversity was low at Houghton 

Springs, and this might be expected given that this is a small isolated population.  

However, expected hetrozygosity was surprisingly low in the river Aire (0.60), as this 

large river system could potentially support a large population of sticklebacks, and 

this finding may be the result of a recent severe bottleneck (see below).   

Various other studies on wild fish populations have failed to show an impact 

of pollution on genetic diversity. For example, two studies on an estuarine fish, the 

mummichog (Fundulus heteroclitus) found that genetic diversity did not differ 

between heavily contaminated and moderately contaminated sites, despite strong 

evidence for adaptation to pollutants at the contaminated sites [24, 25].  In that study, 

high genetic diversity at polluted sites may have been maintained by a range of factors 
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including: large effective population sizes; the mechanism for adaptation to 

contaminants may have affected only a small number of loci, or any loss in diversity 

may have been restored with moderate levels of migration; and relatively short 

generation time for the species [24, 25]. Another study in the US of twelve 

populations of the Sacramento sucker, Catostomus occidentalis across six river 

systems found that downstream populations had higher genetic diversity than 

upstream populations, regardless of long term history of exposure to pesticides. 

 4.2 Bottlenecks and effective population sizes 

We obtained evidence of recent population declines using microsatellite 

analysis, in the absence of historical data on population sizes for these sites. We found 

strong evidence that stickleback populations at the three polluted sites (River Birket, 

River Tees and River Aire) had undergone recent population bottlenecks and there 

was also weaker evidence of a bottleneck at the relatively clean site (River Gowy).  

Within our dataset, despite the clear relationship between pollution and the presence 

of bottlenecks, it is not possible to specifically attribute the bottlenecks detected to the 

pollution history of the habitats where the studied populations originated, to the 

exclusion of all other factors. 

We searched for evidence in the literature of the likely occurrence of 

bottlenecks in populations of stickleback living in a wide range of habitats, and found 

that bottlenecks are a rare occurrence. For example, a study on the European nine-

spined stickleback (Pungitius pungitius) at 51 relatively unpolluted European sites, 

including 8 river, 19 lake and 14 pond sites found no evidence for  bottlenecks [54].  

Similarly, a study of the three-spined stickleback using neutral loci found no evidence 

for bottlenecks at 4 freshwater sites in Sweden, Finland and Bosnia, however loci 
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linked to candidate regions for selection for quantitative trait loci (QTL) for 

morphological traits did show evidence of bottlenecks [30].   

The microsatellites used in this study are not known to be linked to genes 

under selection, although this possibility cannot be excluded [30]. Studies on other 

fish species have detected bottlenecks in populations living in freshwater river 

systems that have been impacted by pollution.  For instance, a study on brown trout 

(Salmo trutta) in small Danish rivers found clear signals of recent bottlenecks that 

were linked with organic pollution occurring in the 1970-1980's [55].  Likewise, a 

study of the freshwater fish Zoogoneticus quitzeoensis in several Mexican rivers and 

lakes detected signatures of bottlenecks that were closely associated with human 

impact, including pollution [56]. Our data, together with evidence from the literature, 

suggest that bottlenecks in the populations of stickleback inhabiting contaminated 

habitats were likely related to the pollution exposure histories of those populations. 

 The effective population size estimates in our study stickleback populations 

varied considerably - from 27.8 (River Aire) to 340 (Tees Barrage) - and were lower 

than the average long-term effective population size determined for three-spined 

stickleback in other river locations, estimated at 790 by Makinen et al. [53].  

However, long term effective size estimates can be much larger than those obtained 

by the method used in this study [57].  The effective population size of 28 (95%CI: 

24-33) from the Aire was surprisingly small and significantly lower than for the other 

river/study sites.  This is surprising given the large size of the river at the sampling 

location and considering that many sticklebacks were present at the time of sampling.   

Estimates of effective population size based on the linkage disequilibrium method can 

be downwardly biased for several generations however, so this low estimated could 

have resulted from the recent population bottleneck [58]. 
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It is however, possible that the relatively low effective population size estimates could 

be a result of the sampling method used to collect sticklebacks from each population. 

The analysed samples were from a single sampling point within each river and it is 

thus possible that a sub-population/group of the total populations was sampled in each 

case. If this is the case, the low effective population sizes could actually be the 

effective population size for the sub-population, rather than the total population within 

each river. 

4.3 Competitive breeding capability of males derived from populations with 

different pollution exposure histories 

There was a significant relationship between the number of nests built by 

males with both the number of nests containing eggs and the total number of offspring 

produced within a mesocosm, independent of the pollution histories of the fish within 

each mesocosm. This finding suggests that the number of nests is an important 

determinant of the number of offspring produced.   Female sticklebacks have been 

shown previously to be selective for nests/mates [59-61] as have males [62].  As 

empty nests were always present in every mesocosm, it is possible that females chose 

to lay eggs in nests only of sufficient quality. A greater number of nests within a 

mesocosm meant that there were more nests present of sufficient quality and thus 

more nests present with eggs in. 

An implication of this is that females may conserve resources whilst waiting to 

find better nests later in the breeding season. An alternate explanation is that average 

male fitness within a mesocosm determines both the total number of nests built and 

the overall reproductive success of the population. A less likely, but possible, scenario 

is that males invest more in building nests in the presence of high quality females.  
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Analysis of the reproductive success of the males originating from wild 

populations showed that males from all three polluted sites were able to breed. 

Importantly, there was no difference in the reproductive success of males from any of 

the polluted sites when they were placed into mesocosms with control males 

(originating from a reference site).  This result suggests that even in populations of 

fish that are subject to continuous chronic pollution exposure, with demonstrable 

impacts on population genetics, this did not impact on competitive breeding capability 

(physiological, behavioural and otherwise), This result is contrary to much of the 

previously published literature, which has shown that exposure to anthropogenic 

pollutants can cause a reduction in reproductive fitness [63] and/or suppression in 

reproductive behaviours [64, 65].   

Aligning the different studies is difficult due to differences in the approaches 

adopted, endpoints measured and a variety of other uncontrollable factors in 

experimental design. It is possible that the exposure regimes experienced by our study 

wild populations of sticklebacks were of insufficient magnitude to impact on 

reproductive success.  Equally, however, the populations of sticklebacks used may 

have adapted to pollution exposure without a cost to reproductive capability for 

breeding males, and thus display considerable reproductive resilience, despite the 

demonstrable impacts on population genetics. 

 

 

 

 

 

 



91 

 

Figure Legends: 

Figure 1: Experimental setup of the competitive breeding experiment designed to 

investigate whether exposure history affected the ability of males originating from a 

range of reference and contaminated sites to compete with control males to sire 

offspring. Males from the 5 wild populations are represented by the varying symbols; 

control males are represented in closed (blue) circles; females are represented in open 

(pink) circles. Each breeding scenario included 5 males originating from the test 

population, 5 control males and 10 control females, and was set up in duplicate 

mesocosms.  

 

Figure 2: Total number of nests produced in each mesocosm (two per wild treatment 

population) and the number of nests in each mesocosm containing eggs.  Solid circles 

correspond to the total number of nests produced, clear circles to the number of nests 

containing eggs.  HS = Houghton Springs, RG = River Gowy, TB = Tees Barrage, RB 

= River Birket, RA = River Aire. 

 

Figure 3: Overall relationship between the total number of eggs laid in a mesocosm 

and the total number of offspring produced.    

 

Figure 4: Proportion of eggs produced by control and wild males for each wild 

treatment population (data is two mesocosms combined for each population).  

Numbers on the bars are the number of nests corresponding to that proportion.  RG = 

River Gowy, TB = Tees Barrage, RB = River Birket, RA = River Aire.    
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Table 1: Estimates of genetic diversity, effective population size and evidence for bottlenecks for the five populations of sticklebacks examined 

in this study.  Bottlenecks are based on comparisons of hetrozygosity to the expected average equilibrium hetrozygosity (HEQ) based on the 

number of alleles assuming either a two-phase mutation model (TPM) or a stepwise mutation model (SMM). * = p<0.05 after deletion of loci 

there was a significant deviation from HW equilibrium in that population.   

 

Site AR (allelic 

richness 

based on 29 

individuals) 

HE (expected 

heterozygosity/gene 

diversity) 

HO (observed 

heterozygosity) 

Ne [Effective population size (95%CI)] Bottleneck 

(TPM) 

Bottleneck 

(SMM) 

Houghton 

Springs 

4.7 0.57 0.40 38.2 (24.6-72.3) 0.57 0.36 

River 

Gowy 

8.6 0.76 0.68 57.1 (40.1-66.5) 0.73 0.01* 

Tees 

Barrage 

10.2 0.75 0.70 340.1 (123.6-∞) 0.020* 0.004* 

River 

Birket 

8.9 0.73 0.69 151.7 (95.4-336.9) 0.049* 0.002* 

River 

Aire 

7.9 0.60 0.54 27.8 (23.5-33.3) 0.010* 0.002* 
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7.1 Zebrafish and stickleback as models for studies on population-

level impacts of EDCs 

Both the zebrafish and stickleback are used as ‘model’ species for studies on EDCs, 

general toxicology and behaviour (Bell 1995; Katsiadaki et al. 2002; Ankley and 

Johnson 2004).  This is because of a combination of their experimental conveniences, 

including their small size, ease of handling and high fecundity.  However, in order to 

make any accurate statements that extrapolate from the laboratory-based studies 

conducted in these species to the impacts of EDC exposure on fish populations more 

generally, there needs to be an understanding of the commonalities and differences in 

life and reproductive strategies between the model and the wild species of interest. 

 

The zebrafish is a group-spawning fish, with a breeding strategy similar to many fish 

species in both fresh and marine waters (Pyron 2003).  The reproductive strategy 

employed by zebrafish may be described in two ways: as territoriality in males around 

suitable oviposition sites, combined with mate choice in females, or alternatively, 

reproduction dominated by male pursuit of females (Lawrence 2007).  Both 

descriptions of the reproductive strategy are essentially broadcast spawning, with no 

preparation of the substrate.  These reproductive strategies are similar to those seen in 

many other fish species (Poots and Wooton 1984; Page and Johnston 1990; Bernard 

2005) including cyprinids (Rabito and Heins 1985; Wedekind 1996; Platania and 

Altenbach 1998; Kortet et al. 2004).  It is the reproductive strategy employed by more 

than 60% of the fish species for which reproductive strategies have been employed 

(Johnston and Page 1992). 
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As such, disruptions to breeding behaviour and dynamics from EDC exposures in the 

zebrafish laboratory model are likely to be comparable to those that may occur in 

other group-spawning fish species.  ‘By extension’ comparisons made between the 

zebrafish and other fish species are probably reasonable. However, the intra- and 

interspecies differences that can occur even  in fish with the same/similar reproductive 

strategies (Wootton 1998) mean that extrapolations between species have to be drawn 

with care; modelling approaches can only ever be theoretical and have to be tempered 

with an empirical understanding of the specifics of the reproductive strategy of 

individual species.     

 

An issue with regards to the suitability of the zebrafish for assessments on how early-

life exposures to EDCs impact subsequent reproductive performance and sexual 

behaviours is the very high degree of ‘plasticity’ in their sexual development (Orban 

et al. 2009), including the presence of a ubiquitous female juvenile gonad in all fish in 

the initial stages of sexual development (Maack and Segner 2003).  This plasticity in 

development more likely enables reversibility of the effects of EDC exposure (Hill 

and Janz 2003; Fenske et al. 2005) a situation that is not necessarily seen in other, 

notably gonochoristic fish species.  As a result, the effects of early-life stage exposure 

that were seen (Paper III) may be different for other species such as roach, where 

sexual development is less flexible and development disruptions are permanent 

(Beresford et al. 2004; Liney et al. 2005). 

 

The stickleback has a different reproductive strategy to the zebrafish, involving the 

creation of a nest by the male and the subsequent attraction of females to the nest by 

means of an elaborate courtship ritual (Wootton 1976). Such courtship is less obvious 
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in some group spawning fish, such as the zebrafish, however the creation of a 

nest/preparation of the substrate in this manner is still a relatively common 

reproductive strategy in teleost fish.  Of the 415 teleost families, 85 exhibit some form 

of parental care, of which nest building is one type (Smith and Wootton 1995).  As an 

example, approximately 8% of the North American minnows build nests.   
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7.2 Extrapolations from laboratory studies to wild fish populations 

Extrapolations from laboratory studies to possible effects in wild fish populations are 

undertaken when considering the potential risk posed by EDCs and other chemicals. 

These extrapolations are not straight forward, however and the limitations of the 

laboratory findings and the inherent complexity of the abiotic and biotic environment 

must both be taken into account. 

 

When considering parentage outcomes, the effect of an EDC on laboratory 

populations (colonies) does not have a single outcome and can be affected by the 

make up of the colony.  From the results reported in Papers I and II for example, it is 

clear that exposure to an EDC can result in different outcomes depending on the 

colony make up.  In Paper I, exposure to EE2 of adult zebrafish in colonies consisting 

of two males and two females resulted in a decrease in the proportional reproductive 

success of the most successful male as a result of exposure to EE2.  The situation in 

females in this scenario appeared to be more complex; exposed females produced a 

greater proportion of offspring, but only if they produced more than ~55% of the 

offspring prior to exposure (see Paper I).  In situations in which the colony structure 

consisted of either 1, 2 or 4 males (previously exposed to one of three exposure 

concentrations of clean water or EE2) paired with a single female, the effect of EE2 on 

the paternity success of the most successful male was dependent on the colony 

structure.  The success enjoyed by the most successful male was reduced (relative to 

controls), but only in colonies with four males (Paper II). 

   

Colony structure is just one of many variables with the potential to influence the 

outcome of EDC exposure on populations.  The life-stage at which exposure occurs 
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also has the potential to change the impact that EDCs have on fish populations.  The 

importance of so-called ‘windows of sensitivity’ to oestrogen exposure, when 

considering the impacts of EDCs on fish, has been demonstrated previously (van 

Aerle et al. 2002; Andersen et al. 2003).  Exposure during this period can potentially 

have a completely different effect on subsequent parentage dynamics than exposure 

during adulthood.  Female fish are apparently rendered competitively inferior, 

producing significantly fewer offspring than their control counterparts following 

exposure to a high dose of oestrogen (9.86 ng EE2/L) during early life, whilst the 

competitive ability of male fish exposed to a low dose of oestrogen (2.76 ng EE2/L) 

was enhanced (Paper III).  However, given the sexual plasticity of the fish species 

used (Orban et al. 2009) and different developmental pathways in other species 

(Beresford et al. 2004), the wider implications to other fish species, even those with 

similar breeding strategies, are difficult to predict. 

 

The results presented in this thesis demonstrate that EDCs have the potential to 

influence normal patterns of parentage and reproduction within populations.  

However, the manner in which this occurs will be dependent on many factors, 

including the duration and timing of the exposure, sensitivity of the species being 

considered and the specific breeding strategy employed.  In addition, the results 

presented in Papers I and II were for a relatively short EDC exposure duration, 

whereas many wild populations may be exposed throughout their lives.  Predicting the 

impact of EDC exposure on fish populations over ecological time-scales (Rohani et 

al. 2004) is likely to require detailed knowledge of a range of variables, including 

exposure history information, sexual development within the species being considered 

and the genetic variation within the population (Paper IV). While the wild and captive 
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strain populations were not statistically compared to one another in this study, the 

much greater level of genetic variation observed in the wild populations of zebrafish 

questions the appropriateness of extrapolating results obtained in the laboratory to 

wild populations. (Comparing the genetic variation in the different strains of zebrafish 

in paper IV could potentially have been done by using an Analysis of Molecular 

Varianace, or similar test). 

 

As discussed before, the breeding strategy is also likely to be highly important when 

considering how EDC exposure may disrupt patterns of reproduction.  In addition, 

generation time will be important; effects at the population level will manifest more 

rapidly in species that have a short generation time, or breed several times in a year, 

as opposed to species with a longer generation time (Kidd et al. 2007)   

 

Having said the above, the lab based studies we have undertaken on parentage 

impacts of EE2 exposure have given an insight into the potential population-level 

ramifications of EDC exposure that we had not predicted previously.  A natural 

progression in this work would be to examine wild populations of fish that are subject 

to EDC exposure for evidence of the effects discussed, specifically alterations in 

patterns of genetic variation and gene flow between populations. 

 

Paper V presents the results from such an investigation in the stickleback and shows 

that a history of pollution exposure appears to correlate with population bottlenecks.  

However, these bottlenecks may be the result of previous acute pollution events, 

rather than chronic pollution in the manner of endocrine disruption (Fox 1995; 

Johnson et al. 2008), or stochastic processes in small populations.  Furthermore, from 
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the results in paper V it appears that evidence of a previous population bottleneck 

does not necessarily equate to reductions in measures of genetic diversity.    Even so, 

reductions in competitive reproductive success in exposed fish were not observed, as 

might be predicted from the laboratory studies.  Previously exposed male sticklebacks 

were still able to build nests and produced an equal number of nests as the male 

stickleback from clean sites.  This highlights the inherent danger of assuming that 

effects in laboratory exposures mirror those likely to be occurring in wild populations.  

In part this may reflect the extent of our knowledge about the exposure to which fish 

have been subjected.  In the laboratory this is closely controlled and monitored.  In the 

wild, unless an extremely detailed water sampling strategy is performed the exposure 

history can only ever be broadly estimated.   

 

Studies on the long-term effects of EDC exposure on the reproductive capabilities of 

wild populations have been carried out recently with roach (Rutilus rutilus).  

Populations of roach with a known history of oestrogenic EDC exposure (and thus 

containing intersex male fish (Jobling et al. 1998; Jobling et al. 2002)) were placed 

into breeding colonies and allowed to spawn.  The findings from this work were that 

(all other things being equal), intersex males did less well than their non-intersex 

counterparts, reducing reproductive performance by up to 76% (Harris et al. In press).  

Further work is currently being planned in roach populations to examine the genetic 

variation in populations of roach subject to varying levels of WWTW effluent 

exposure.  Specifically, correlations between the extent of exposure and measures of 

population genetic variation will be examined.  Due to the myriad factors affecting 

genetic variation within fish populations, such an approach will need to include a 
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large number of populations in order to enable any effect of exposure to EDCs to be 

distinguished from other influences on population genetic variation. 
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7.3 Impacts of EDC exposure – from individuals to populations 

By definition, all populations are made up of individuals.  When we talk about the 

‘population-level’ impact of EDC exposure, we mean to discuss the effects of EDCs 

on individuals, manifested in measurable changes in population dynamics.  The work 

presented here has applied classical approaches in (eco)toxicology, statistics and 

ecology to investigate how exposure to EDCs can impact on individual reproductive 

performance and how this may manifest as alterations in population dynamics.  The 

quantitative approach taken generally assumes that individual variation between 

experimental subjects is part of the uncontrollable ‘noise’ (the residual error within 

the statistical analysis) of the experiment.  The overall conclusions reached are 

derived from the average response to EDC exposure across all individuals.  It is 

important to remember however, that when extrapolating from laboratory studies to 

wild populations, such variation may be important in determining eventual population 

dynamics. 

 

The importance of biological variation between individuals is recognised within 

ecology and has resulted in the development of Individual Based Models (IBM) 

(Judson 1994; Grimm 1999).  Considerations of the variation between individuals in 

relation to population impacts is a relatively unexplored area within the field of EDC 

research, in part because approaches to determining the population-level impacts of 

EDCs are still, to an extent, in their infancy.   

 

This is an area that needs attention in the next phase of EDC research, particularly 

given the extent of variation between individuals that we observed in all the work 

presented in this thesis (see papers I – III, particularly paper III).  For example, there 
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is an inherently large amount of variation in the fecundity of female fish which results 

in large inter-colony variation in the number of eggs produced (see Paper II for 

example). Such variation is also often noticeable when observing behaviour 

(Magurran 1993) and it has the potential to significantly impact on population 

dynamics (Goss-Custard et al. 1995; Bolnick et al. 2003).   

 

The impact of EDCs on behaviour is an area that has received relatively little 

attention.  From the results presented here, it appears that alterations in behaviour as a 

result of EDC exposure have the potential to cause shifts in parentage dynamics. 

Following long-term exposure, however, it has been shown that behaviour may be 

less susceptible to alterations resulting from EDC exposure than the more traditional 

physiological endpoints studied (Larsen et al. 2008). Given the degree to which EDCs 

have been shown to affect behaviour and the multifactorial complexity of behaviour, 

it would seem pertinent that any future research into the impacts of EDCs on fish 

populations should consider both alterations in behaviour and the individual variation 

of these alterations. 
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7.4 ‘Real-world’ impacts of EDCs on fish populations 

Any summation of the results from this thesis would not be complete without 

consideration of the potential impacts of EDC exposure on fish populations within a 

broader fisheries ecology/management framework.  Fish populations throughout the 

world are subject to a vast range of (often detrimental) anthropogenic impacts 

(Wilcove et al. 1998), of which EDC exposure is just one.  Any conclusion regarding 

the population-level ecological impacts of EDCs needs to be made relative to these 

other impacts, which include, but are not limited to, the following:   

 Habitat degradation, which can manifest as both a chronic and acute impact 

(Schaaf et al. 1987) and has been shown to hugely detrimental impacts on fish 

populations (Elvira 1995; Slaney et al. 1996) and has been listed as the 

causative factor in 73% of the fish specie extinctions that have occurred in 

North America (Miller et al. 1989) 

 Acute pollution (Pickering and Henderson 1966; Schaaf et al. 1987), which in 

itself is a form of habitat degradation  

 Overfishing (Jackson et al. 2001; Allan et al. 2005), which has been 

implicated as causing a 90% decline in the abundance of large predatory 

marine fish biomass (Myers and Worm 2003). 

 Climate change (Finney et al. 2000) an increasingly important stressor on fish 

populations (Minns and Moore 1992 ; Marguerite et al. 2005) 

 Introduction of alien species (Gurevitch and Padilla 2004; Clavero and García-

Berthou 2005; Kennard et al. 2005), an example of which is the dramatic 

decrease in native populations of fish in New Zealand following the 

introduction of trout (Townsend 1996) 
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Several of the above factors have been shown to have caused localised or complete 

species extinctions on numerous occasions; the most detrimental population effect 

possible.  In the light of impacts on fish populations of this magnitude, the ecological 

significance of the often subtle or absent impacts of EDCs is questionable.  Whilst 

‘absence of evidence is not evidence of absence’, the lack of any documented impacts 

of EDCs on fish populations on the scale reported for other anthropogenic influences 

questions the importance of endocrine disruption within the wider sphere of fish 

population ecology and management.   

 

Detectable impacts on wild fish populations as a result of EDC exposure are limited.  

For the most part, EDCs seem to have a fairly minimal impact on fish populations 

(Mills and Chichester 2005; An et al. 2009). Or, as in the papers reported here, 

impacts may be relatively subtle.  This may be largely due to the fact that endocrine 

disruption as an environmental phenomenon is specific to areas where human societal 

development is at a certain spatial and temporal stage.  This ‘niche’ is defined by two 

key factors, one or both of which must be present:   

1. Low, chronic concentrations of pollutants 

2. An awareness of the detrimental impacts of human-derived chemicals and 

waste, accompanied by technologies and treatment designed to reduce 

such impacts  

 

By definition, EDCs have the potential to have an effect through chronic exposure, 

acting over long periods of time.  In order for this to occur, pollutants must be present 

in relatively low concentrations.   These conditions are typical of some areas of the 

‘developed’ world, such as Western Europe and North America, where high 
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population densities may lead to considerable quantities of treated waste from the 

human population entering the aquatic environment (Leusch et al. 2006).  Alternative 

examples can be found, such as endocrine disruption as a result of exposure to treated 

kraft mill effluent (Larsson and Förlin 2002), or cattle feedlot effluent (Orlando et al. 

2004).  In both cases the key factor is the proximity of fish populations to sources of 

low, chronic concentrations of EDCs.  In ‘developing’ countries, fish populations are 

subject to more intense pressures, such as gross, acute pollution and habitat 

destruction.  The result in the latter cases is that fish populations are detrimentally 

impacted in a more overt manner and the relatively subtle effect of EDCs are not 

observed, or necessarily of immediate relevance.  
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7.5 Conclusions 

The final chapter in this thesis illustrates the complexity and challenges in drawing 

conclusions between the findings from lab studies and possible impacts of EDCs on 

wild populations.  The effects of EDC exposure clearly differs depending on a range 

of factors, as previously specified.  Extrapolations from the work here, in terms of 

predicting the impact of EDCs on patterns of parentage, reproduction and behaviour 

in wild fish populations, run the risk of making an unsupported leap of faith.  I do 

show however, from the studies presented here that exposure to EDCs may have 

subtle, previously unrecognised, impacts on fish populations. In particular, EDCs 

appear to have the potential to disrupt usual patterns of parentage and gene flow 

between populations.  In particular, in species in which males are aggressive and form 

dominance hierarchies or exhibit territoriality, EDC exposure has the potential to 

erode the usual patterns of reproduction.  Whether this is occurring in wild fish 

populations remains to be seen, but nevertheless highlights future directions for 

research within the field. 

 

Whilst previous approaches to the core question of this study have looked for overt, 

measurable changes in populations, or alternatively used state variable models (e.g. 

population projection matrices) to predict the long-term impact on fish populations, 

such approaches may overestimate the impact of EDCs and/or ignore the subtle 

effects of EDC exposure on fish populations.  Future research will need to recognise 

the often subtle effects that EDCs have on fish populations and encompass them in 

order to determine the possible long-term, ecological impacts of EDC exposure on 

fish populations. 
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