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Abstract

Pharmaceuticals discharged into the environment are potentially harmful to
wildlife as many drug targets are conserved across divergent phyla. Oxidative
stress (OS) is a major mechanism by which many pharmaceutical contaminants
can induce toxicity. However, this mechanism is relatively poorly understood,

particularly regarding multiple stressor interactions.

Transgenic zebrafish are an increasingly popular, highly integrated tool for
elucidating chemical mixture effects, and in recent years there have been
developments in the semi-automation of bioimaging tools to increase throughput
using them. However, transgenic models are currently underutilised for studies
into physical-chemical interactions and mixture effects of chemicals with different
modes of toxicity. In this thesis, the application of the novel OS transgenic
zebrafish model EpRE:mCherry (visualising activation of the electrophile
response element; EpRE) is developed, together with the Acquifer semi-
automated imaging platform. This system is used to screen environmental
pharmaceuticals for pro-oxidative action, and assess their interaction with an

oestrogenic chemical (EE2) and a physical stressor (temperature).

EpRE:mCherry embryo-larvae were exposed to one of a range of
pharmaceuticals from 0 — 4 dpf (aqueous exposure) and tissue-specific
fluorescence intensity was assessed as a measure of OS. Paracetamol,
diclofenac and doxorubicin consistently induced strong OS responses in the TG
model, while cisplatin and cyclophosphamide induced responses only during
specific exposure windows. The pronephros was generally the most responsive
to pharmaceutical-induced OS, followed closely by the liver, except for in
response to doxorubicin which had the strongest effect in the gastrointestinal
tract. Analytical chemistry techniques confirmed that atenolol, ibuprofen,
clarithromycin and clozapine were taken up by exposed larvae, but induced no

response in the TG model and so are assumed not to act via the EpRE.

Previous studies have investigated the contraceptive hormone ethinyl estradiol
(EE2) as part of oestrogenic chemical mixture effects, but there is limited data on
its interactive effects with other chemical classes of compounds. In vitro data
suggests that oestrogens may have antioxidative properties by upregulating
antioxidant enzymes via intracellular signalling pathways, but this has not yet

been shown in a whole organism. This was investigated in zebrafish embryo-
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larvae exposing them to a combination of paracetamol and EE2. However, no
effect of EE2 was found on paracetamol- induced OS in the EpRE:mCherry
model. Nevertheless, an oestrogen receptor inhibitor ICI 182,780 exhibited
potential to exacerbate drug-induced OS, indicating endogenous oestrogen may

play an antioxidative role.

There is growing evidence that climate change may exacerbate the toxic effect
of pollutants and, as poikilotherms, fish are particularly vulnerable to rising
temperatures. Incubation of zebrafish at temperatures 2-5°C above standard
husbandry temperatures were found to exacerbate drug-induced OS and this
was demonstrated for 3 pharmaceuticals from a range of therapeutic classes
and potencies (namely, paracetamol, diclofenac and doxorubicin). LC-MS/MS
data indicated this interaction is at least partly due to increased uptake of the
drug. This indicates the need for future environmental risk assessments to more
fully consider the influence of temperature (and other abiotic factors) on
chemical toxicity. This is of particular interest as climate change is predicted to
result in increased global temperatures and more frequent extreme weather
events, potentially increasing the risk of chemicals detected in waterways at
concentrations currently considered to be safe. The data presented here also
demonstrates the utility of the EpRE:mCherry model and Acquifer as a new
screening system for chemical effects analyses and to facilitate more targeted

environmental risk assessments.
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Chapter 1- General Introduction

1.1 Introduction
Pollution presents a major threat to the environment; contamination by organic

chemicals have contributed to declines in freshwater ecosystem services and
biodiversity (Malaj et al., 2014). Aquatic wildlife is susceptible to chemical
pollution because freshwater and marine environments act as sinks for most
discharge chemicals. Waterways around the world are polluted with a range of
contaminants, the primary sources of which include wastewater treatment work
(WWTW) effluent and wastewater from industrial plants or agriculture, mining
effluents, and diffuse land run off (Bound & Voulvoulis, 2005; Jain & Das, 2017;
Pal et al., 2010; Williams & Cook, 2007). These contaminants extend to a wide
range of diverse chemicals including heavy metals such as cadmium and
mercury, chemicals found in fossil fuels such as polycyclic aromatic hydrocarbons
(PAHS), pesticides and surfactants (Gasperi et al., 2008; Pal et al., 2010).
Pharmaceuticals and their metabolites derived from agricultural and patient use
are increasingly detected in the aquatic environment as global sales increase
(Corcoran et al.,, 2010). Of the 350,000 chemicals and mixtures that are
registered globally (Wang et al., 2020b), only a fraction have been thoroughly
assessed for environmental risk. There is therefore a need to better understand
how these chemicals may affect wildlife to assess their risk for environmental and

human health protection.

Chemical effects assessments have traditionally relied on the endpoints of
mortality, growth, development and/or reproduction to identify hazards, which are
then used to extrapolate to population risk. More subtle effects however can lead
to harm for the individual or populations as illustrated for various endocrine
disrupting chemicals (EDCs). For example, EDCs have been shown to impair the
ability of a fish to respond to stress by interfering with production of the stress
hormone, cortisol. The mechanism of this effect is unclear but numerous studies
have shown proximity to an upstream WWTW can result in impaired cortisol

production in response to a stimulus (reviewed in (Matthiessen et al., 2018)).

There is an increasing emphasis on the use of molecular mechanism of toxicity

in order to better understand the pathways by which compounds can induce
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deleterious effects and this has led to the development of Adverse Outcome
Pathways (AOPs). An AOP identifies and links the series of molecular and cellular
events that ultimately result in a toxic effect in an organism (Ankley et al., 2010).
A key aim of the AOP framework is for more targeted assessment methods, in
particular with regard to testing the most appropriate species and endpoint for
maximising environmental protection (Ankley et al., 2010). The AOP framework
seeks to provide a more efficient approach to environmental risk assessments
(ERASs) through the integration of in vitro, in vivo, and in silico data (Villeneuve
et al., 2014). As well as potentially providing more accurate predictions of toxicity
and encouraging the economical use of time and resources, the AOP framework
encourages alignment to the 3Rs (Replacement, Reduction, Refinement) of
animal research by seeking to reduce the number of animals needed in chemical
effects analyses. Interest is now growing around quantitative AOPs (gAOPS)
which go a step further, defining the thresholds along a pathway needed for a
molecular initiating event to lead to an adverse outcome, and the likelihood that
these thresholds will be exceeded, aiding in the prioritisation of compounds for
more thorough ERAs and regulation. These gAOPs, however, will require
standardisation before they can proceed to any possible regulatory application
(Spinu et al., 2020).

Transgenic (TG) fish can provide a valuable in vivo tool in the development of
specific AOPs. TG fish contain exogenous DNA deliberately introduced into the
genome to enhance a desired trait and have been applied in a range of fields for
decades. These include aquaculture to increase growth rate (reviewed in
(Zbikowska, 2003)); the development of pharmaceuticals (for example, in
screening cardiovascular drugs (Kithcart & MacRae, 2017)); as models for human
disease (including neurodegenerative diseases, reviewed in (Sager et al., 2010));
and in developmental biology for gene function analysis (reviewed in (Gong et
al., 2004)). TG models are increasingly being applied in (eco)toxicology for
identifying specific receptors or pathways involved with a chemical response.
They offer highly integrated models which can provide meaningful mechanistic
data by linking a molecular interaction between a stressor and a receptor (as
indicated by the induction of fluorescence) to an adverse outcome. A criticism of
the AOP framework can be the tendency to oversimplify biological pathways and

lack consideration of feedback loops or cross-talk between pathways. The use of
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different receptor- and cell-specific TG models can link multiple key events, even
facilitating the construction of an AOP network (Villeneuve et al., 2014). In
addition to their role in the construction of predictive models for AOPs, TG fish

can be used to confirm their predictions, improving faith in their robustness.

Through the visualisation of responses at the cell-specific level, TGs can also
provide detailed mechanistic data without the need for more severe endpoints or
time-consuming laboratory techniques. For example, a target organ can be
quickly identified in a TG model by a tissue-specific fluorescence response and
avoid the need to wait for a change in tissue function or morphology, which may
take longer to manifest, require more of the test compound, and has greater
welfare implications for the animal. As well as providing a highly efficient means
for generating mechanistic data, TG models can also provide sensitive and
convenient biosensors for aquatic contaminants (Kusik et al., 2008; Liu et al.,
2016).

TG models also potentially allow for the response to a chemical to be measured
(through changes in fluorescence intensity) in order to rapidly indicate the up- or
down-regulation of genes of interest in real time. This contrasts with non-
transgenic zebrafish, which for gene expression requires dissection of tissue, cell
lysis, RNA extraction and gqPCR/RNA seq to measure changes in gene regulation
and which often requires animal destruction. The more integrated information
provided through the use of TG fish can also facilitate an overall reduction in the
number of animals used in an experiment, improving adherence to the 3Rs and

enhancing the robustness of the data.

However, the insertion of a transgene into the genome of an animal can
potentially interfere with normal genetic function and may result in unpredictable
consequences (Ormandy et al., 2011) in the rest of the genome and therefore the
phenotype. There is a lack of data comparing the chemical responses of a TG
model with those of a WT zebrafish (Lee et al., 2015) and so for most models it
is unclear the extent to which the TG model is truly representative of a wild fish.
Also, the severity of impact on animal welfare associated with genetic
manipulation isn’t yet fully understood and has considerations with regard to the
3Rs.
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Additionally, although the use of a TG fish can reduce the number of animals
needed for an experiment, the process of generating and establishing a breeding
stock of stable TG fish can require a large number of individuals. Some methods
of transgene insertion can carry high mortality rates (such as microinjection,
which can have variable results (Hayat et al., 1991)), and many embryos can be
lost at the screening stage as individuals of the FO generation that do not carry
the transgene or exhibit insufficient integration are terminated. Although some TG
lines can be screened before the point of protection (age of independent feeding,
or 96 hpf for zebrafish) if the fluorescence is clearly expressed early enough.
Furthermore, transgenic methods that result in fish with varying integration sites
may lead to the researchers requiring to raise several different lines with the only
difference being the integration sites- further increasing the number of animals
used (Ormandy et al., 2011). Additionally, a TG model requires extensive
validation before the embryos can be used as a replacement for adults because
certain chemical effects may only manifest in later life-stages (Lee et al., 2015),
this again requires more time and animals. While experiments using TG rodents
are beginning to decline, the popularity of TG zebrafish, and therefore the

numbers of fish used, is rapidly increasing (Great Britain & Home Office, 2019).

Zebrafish (Danio rerio) and medaka (Oryzias latipes) are the most popular TG
fish models. This is due to several features they share: a short generation time of
2-3 months (Matsui et al., 2012) allowing rapid generation of new lines;
transparent eggs and rapid organogenesis facilitating direct observation of
egg/embryo development; high fecundity; and being relatively cheap and easy to
maintain in a laboratory. Importantly, both species also have fully sequenced
genomes (Lee et al., 2015), facilitating DNA editing and providing a rich library of
genetic resources. Additionally, there are many useful established mutant lines
relevant for biomedical research. Zebrafish and medaka have been adopted for
studies in developmental biology and genetics, including their roles in human
disease (Matsui et al., 2012). The choice of either the medaka or zebrafish
depends on the aim of the study, which transgenics are available, and laboratory
preference. The zebrafish is more widely used in Europe, contrasting with Japan
where the medaka is favoured. Medaka spawn every day (compared to
once/twice a week for female zebrafish), but an individual medaka only produces

20-40 eggs per spawning event, compared with up to a hundred or more for
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zebrafish (Furutani-Seiki & Wittbrodt, 2004). Both are freshwater species but,
medaka can live at a wider range of temperatures compared to zebrafish
(Furutani-Seiki & Wittbrodt, 2004) and tolerate saline conditions (Miyanishi et al.,
2016), expanding the potential applications of this species for developmental and
toxicological assessments in wider environmental conditions. However, medaka
can be more challenging to image for several reasons, including highly mobile
embryos in early life stages; the chorion are covered in hairs; and eggs contain

oil droplets. Harder chorions also complicate microinjection.

There are very limited data on direct comparisons of the sensitivity and efficacy
of a TG medaka lines with zebrafish lines. One study showed that the zebrafish
Cypla:GFP model (a biosensor for hypoxia or organic xenobiotic exposure) was
more sensitive to specific dioxin-like compounds than its medaka counterparts.
However, this did not apply to all compounds in this class (Xu et al., 2018),
indicating a more complex story. A search on PubMed for the terms ‘transgenic’,
‘chemical’ and ‘zebrafish’ yields 491 publications in the last 20 years, compared
with 56 for ‘transgenic’, ‘chemical’ and ‘medaka’ (accessed on 5/6/21), illustrating

the wider uptake of zebrafish (vs medaka) in ecotoxicology.

1.2 Transgenic generation and reporter genes
There are several approaches to generate a TG line. These include

meganucleases, bacterial artificial chromosomes (BACs) or transposons for
construction of the vector, or Zinc finger nucleases (ZFNs). All involve the same
basic stages of: a) construction of a recombinant DNA plasmid containing a
promotor and a gene of interest (such as a reporter gene, or fluorophore); b)
insertion of this plasmid, or vector, into the embryo at the 1-2 cell stage; and c)
cross-breeding of the TG fish (FO) with wild type fish, the offspring of which are
then screened for homozygosity. The result is an animal model in which, when
the promotor of interest is activated, the reporter gene/fluorophore is also
upregulated to produce a fluorescent signal. More recent advances in TG model
generation use CRISPR/Cas9 for genome editing (reviewed in (Lee et al., 2015))
due to its improved efficiency and simplicity. The co-injection of a donor plasmid
along with a short guide RNA (sgRNA) for genome digestion, a sgRNA for donor
plasmid digestion, and CAs9 mRNA allows the highly targeted insertion (or
‘knock-in’) of a fluorophore into the promoter region of a gene of interest

(Abdelmoneim et al., 2020; Kimura et al., 2014).
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A wide range of fluorophores are used in TG fish, and the choice of fluorophore
depends heavily on the purpose of the TG model. Green fluorescent protein
(GFP) is one of the more popular fluorophores due to its brightness and
photostability. However, there is a high noise:signal ratio due to the wavelength
needed to excite the GFP which also produces strong autofluorescence,
potentially masking weaker signals of low-level expression. For genes with very
low expression levels, red fluorescent proteins (RFPs) can be preferable as they
have a lower noise:signal ratio due to the longer wavelength required for
excitation of the protein (Heppert et al., 2016). Dynamic reporters are also
becoming more popular, such as the photoconvertable fluorophore kaede, used
for sequential tracking of labelled cells (Sato et al., 2006). There are also DNA-
encoded calcium indicators (DECI) like GCaMP which can visualise calcium
dynamics of brain activity in zebrafish in vivo for developmental biology (Chen et
al., 2017), to detect chemicals that may affect motor function (Shahid et al., 2016),

and to profile the effects of chemoconvulsants (Winter et al., 2017).

1.3 Application of TG lines in ecotoxicology
Hundreds of TG fish models have been developed for chemical effects studies.

Those TG lines which have, arguably, advanced the field more have done so due
to their versatility and/or the priority of the contaminant class they detect,
including for studies on specific cell types, oestrogens and cellular stress. The
range of models available are illustrated below (see Fig. 1.1); how these lines
operate, where they have been applied and the new discoveries made using them
are described. In particular, the ERE:GFP model for the oestrogen response
element (ERE) and EpRE:hsp70:mCherry model for the electrophile response

element (EpRE), both of which are used in this project, are introduced.

Although exposure conditions can vary between studies, typically TG zebrafish
are exposed to the contaminant aqueously (mimicking conditions in the
environment). In most cases also TG zebrafish were most often used at 0-4 dpf,
when they are still transparent to allow visualisation of internal tissues, and prior
to independent feeding and are hence not classed as protected species by

European legislation (EC, 2010).
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Figure 1.1 The range of models to be discussed in this review and how
they relate to one another

1.4.1 Specific cell-type response

A series of TG zebrafish systems have been generated that consist of reporter
genes with cell-specific expression that facilitate the study of specific tissues. This
can be useful for identification of the organ (e.g. to aid in its extraction/sectioning),
to assess changes in its morphology, or to analyse changes in its function (which
can often be inferred from changes in expression of the fluorophore). These
models cover a broad range, including for the kidney(Zhou et al., 2010) and for
neuromasts/hair cells(Choi et al., 2013). Here | have chosen to focus on LiPan
(for the liver and pancreas), Flil (vasculature), and LysC and mpx/mpo (immune
cells) models as they represent common targets for pollutants and are among the
most popular for ecotoxicology studies. These models can be used to screen
contaminants for organ-specific toxicity, or to help build a mechanism of toxicity

for that organ.

1.4.1.1 Liver/ pancreas
The fabpl0a:DsRed;elaA:eGFP TG model (abbreviated to LiPan), expresses red

fluorescence in the liver under the control of the hepatic fatty acid promoter
fabpl0a, and green fluorescence in the exocrine pancreas under the control of

the pancreas elaA promoter (Korzh et al., 2008), and has been used to develop
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an in vivo hepatotoxin screening assay (Zhang et al., 2014). Liver fatty acid
binding protein is commonly used as a biomarker for acute kidney damage, and
the red fluorescence and fabpl0a mRNA (confirmed using RT-PCR) has been
shown to faithfully reflect liver toxicity. The limitations of this model relate to those
in common with other TG models: changes in MRNA levels are often greater than
changes in the fluorescent protein, thus mRNA quantification may be a more
sensitive measurement than fluorescence intensity (Maier et al., 2009).

The model can be used to further understanding on the mechanism behind
chemical-induced hepatotoxicity; as reflected in reduction of fluorescence
intensity (suggesting perturbation of fatty acids metabolism pathway) or in
changes in liver size (suggesting a secondary effect of severe liver damage). The
LiPan model has been applied successfully to test for mixture effects of known
hepatotoxins ( a combination of paracetamol, aspirin, isoniazid and
phenylbutazone) (Zhang et al., 2014) and to test the combined toxicity of common
mycotoxins found in grains and animals feeds (Zhou et al., 2017). Here, high
content screening was used to examine for liver abnormalities using an
automated epifluorescence microscope (Zhou et al., 2017). Paired with a suitable
imaging platform (such as VAST (Pardo-Martin et al., 2010), Acquifer (Westhoff
et al., 2020), or ArrayScan (Green et al., 2016)), the model has potential as a
HTS system for human pharmaceuticals for hepatotoxicity- helping to streamline

drug development.

1.4.1.2 Vasculature
The flil promoter is crucial to vasculogenesis and is a popular endothelial

biomarker. A zebrafish Flil:eGFP model was originally developed for
visualisation of embryonic vascular development (Lawson & Weinstein, 2002)
and subsequently applied in toxicology studies (Jergensen et al., 2019; Jin et al.,
2019; Moon et al., 2020; Park et al., 2020). Fli1- driven fluorescence is expressed
in blood vessels and can be used to visualise the blood vessel structure and,
more importantly, development of the vasculature, allowing chemical-induced
perturbations to be rapidly identified. Early uses of the model facilitated the
characterisation of a possible mechanism behind the ‘string-like’ heart phenotype
induced by 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD), as the pattern of
fluorescence showed reduced common cardinal vein growth (Bello et al., 2004).
Similar to other TG models, the flil:eGFP zebrafish is at least as sensitive as
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traditional endpoints and can detect contaminants more quickly in the response
cycle (Bello et al., 2004; Delov et al., 2014). Use of this model in a fish embryo
toxicity (FET) assay has been validated as it can provide more refined,
quantifiable measurements at sub-lethal concentrations of environmental
contaminants in comparison to traditional FET assays which use mortality as an
endpoint. Additionally, in contrast with bright-field based morphology
assessments, measurement of the fluorescent pattern is more sensitive (Delov
et al., 2014). More recently, Moon, Atiqu and An (2020) used this model as part
of a wide array of biological measurements in an ecological risk assessment of a
polluted urban stream, where they showed exposure caused the development of

an abnormal heart (Moon et al., 2020).

1.4.1.3 Immune cells
Immune cell TG models have not been used widely in ecotoxicology studies,

particularly when compared with biomedical research where they have been
applied to further understanding of immune function and the inflammatory
response. Indeed, a search on Pubmed using the terms ‘transgenic’, ‘zebrafish’
and ‘immune function’ yields 125 results compared with 16 when ‘function’ is
replaced with ‘toxicity’ (date searched 13/7/21). This reflects the use of the
zebrafish immune TG models in human health studies and the fact that there is
a high level of homology between teleost and mammalian immune cells (Ellett &
Lieschke, 2010). Immune cell models however are now starting to be applied in
drug mechanism studies, and to assess for toxic interactions between pollutants
and the inflammatory response, and notably for nanomaterials (Chakraborty et
al., 2016; Pensado-L6pez et al., 2021). Unlike in the case of the LiPan model,
where a whole organ is labelled, in immune cell TGs individual immune cells are
labelled enabling the visualisation of the dynamic responses, often studied as
they migrate towards an injury site. These models include lysC:DsRed, in which
a subset of neutrophils and macrophages are labelled, that allow investigations
into the mechanism by which pollutants can cause hepatic injury and the role of
the immune response in mediating this reaction (Chen et al., 2018). However,
some LysC labelled cells have also been found to contain transcripts for
myeloperoxidase, potentially calling into question the specificity of this model
(Hall et al., 2007).
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More specific lines are available, such as mpx or mpo-labelled models which
identify neutrophils only by labelling the promoter for the enzyme
myeloperoxidase (Renshaw et al., 2006). Macrophage-labelled reporter lines are
also available, including mpegl.1:GFP and mpegl.1:mCherry, which use the
promoter for macrophage-expressed gene encoding perforin-2 and have been
used in over 100 publications on macrophage function and lineage (Ferrero et
al., 2020). In the zebrafish model fms:nfsB.mCherry, wherein fluorescence is
controlled by the fms promoter for the macrophage-specific CSF2R protein, it is
possible that not all macrophages express the transgene (Gray et al., 2011). Here
therefore, a trade-off is made between specificity and comprehensively labelling
all target cells. For assays where specificity is less of a priority, broader-based

models such as LysC are the most suitable.

1.4.2 Oestrogen response
Chemicals with oestrogenic activity have been linked to adverse outcomes in

individual fish (Lange & Paull, 2009; Xu et al., 2008) and fish populations
(Hamilton et al., 2015; Jobling et al., 2002; Kidd et al., 2007; Tyler & Jobling,
2008). Many compounds are now known to act as oestrogen receptor (ER)
agonists, although their molecular structures vary, making it difficult to reliably
predict which chemicals will present the greatest risk based on the chemical
structure activity relationship (SAR) alone (Bakos et al., 2019; Saliner et al., 2006;
Schmieder et al., 2003). Adding to this concern on chemicals with oestrogen
activity, the contraceptive oestrogen (ethinyl estradiol, EE2) (Tyler et al., 1998)
has been identified as amongst those active pharmaceutical ingredients (APIS)
posing the greatest risk to the environment (Gunnarsson et al., 2019). This
concern has fuelled the development of TG models for oestrogens and these
have been applied to screening for oestrogenic activity (Brion et al., 2012; Legler
et al., 2000; Moreman et al., 2017), detecting xenoestrogens in environmental
samples (Bakos et al., 2019; Chen et al., 2010), and identifying target organs for
oestrogenic effects (Gorelick & Halpern, 2011; Green et al.,, 2016, 2018;
Moreman et al., 2018).

1.4.2.1 Oestrogen response element
Various TG lines have been developed to study environmental oestrogens. The
first TG zebrafish line developed as an oestrogen biosensor used an oestrogen

binding sequence linked to a TATA box (a type of promoter sequence) and a
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luciferase reporter gene (Legler et al., 2000). A limitation of this model was
luciferase was not directly visible in live fish and further labour intensive steps
were required to measure the level of luciferase induction. A major advancement
in oestrogen TG zebrafish was in the generation of a stable ERE (oestrogen
response element) TG model that allowed real-time in vivo visualisation of the
oestrogenic response using 5 consecutive EREs, a mouse c-fos promoter, and
GFP. This model identified target organs that had not previously been identified
as responsive to oestrogens in fish, including the heart (Gorelick & Halpern,
2011). The model has since been combined with other molecular techniques to
provide more detail on the oestrogenicity of environmental samples. RNA in situ
hybridisation confirmed that different water effluent samples could induce tissue-
dependent fluorescence in the TG model due to differing expression of the
different ER subtypes (esrl was expressed in heart valves but not the liver, and

vice versa for esr2b) (Gorelick et al., 2014).

One of the most sensitive oestrogen response models, and the one which is used
in the first data chapter of this thesis, is the ERE:GFP model (see Table 1.2). This
TG zebrafish is responsive to environmentally relevant concentrations of EE2 (as
low as 1ng/L), with responses seen in a range of tissues including liver, heart,
skeletal muscle, and brain. The tissue response profiles across time and tissue
type varied with the different environmental oestrogens tested, including
bisphenol A (BPA) and nonylphenol (NP), demonstrating the application of this
model for screening the potential health effects of different oestrogenic chemicals
(Lee et al., 2012a). The TG model can also be used to refine subsequent studies
to elucidate the mechanism behind these chemical responses. In work comparing
the oestrogenic potencies and targets of BPA and other plasticisers (Moreman et
al., 2017), the ERE:GFP model was combined with immunostaining to show BPA
targets the heart valves affecting their development and subsequent functioning
(Moreman et al., 2018).

Further, the ERE:GFP model has also been combined with other genetic
manipulation methods to refine our understanding of these molecular
mechanisms. In the ERE:GFP model the ERE ligand can bind with any of the 3
ER subtypes found in fish, which means the fluorescence signal does not
distinguish through which of these ER subtypes the response is mediated. The

use of morpholinos to systematically knock down expression of each of the ER
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subtypes was used to identify that esrl mediates the developmental response of
heart valves to BPA and 4-Methyl-2,4-bis(4-hydroxyphenyl)pent-1-ene (MBP; a
metabolite of BPA) (Moreman et al., 2018).

The combination of ERE:GFP line with a pigment-free ‘casper’ phenotype has
further expanded the use of the ERE:GFP model as the lack of pigment allows
the fluorescent signal to be detected in later life stages than would otherwise be
possible (Brown et al., 2019). By combining this model with an ArrayScan, this
model has also been developed for high-throughput and high-content analysis
(Green et al., 2016).

These ERE:GFP lines have also recently been applied successfully to the study
of complex mixtures of oestrogenic chemicals contained in WWTW effluent,
illustrating their utility for studies on environmental samples (Cooper et al., 2021a,
2021b). It should be emphasised that in addition to the nuclear ERs in fish (and
in mammals too) there are other variants of ER including the orphan receptor
oestrogen related receptor (ERR) and membrane bound oestrogen receptors
(mER), the roles of which are not well established and could potentially be
involved in the ERE mediated fluorescent response in a TG model (Green et al.,
2016). This, of course complicates interpretation on the precise mechanism of

action for exposure to environmental oestrogens.

To enhance the utility of the ERE- casper TG zebrafish model for studies into the
dynamics of the oestrogenic response, a revised model with kaede, a
photoconvertable fluorophore has been developed (Green et al., 2018). Kaede
turns from green to red under UV light exposure (Ando et al., 2002). Kaede is a
fluorophore reporter that has most notably been used for tracking cell fate and
cell dynamics (Hatta et al., 2006; Sato et al., 2006). Green et al. applied the
casper ERE-Kaede TG model to show early life exposure to EE2 altered
(sensitised) responsiveness to a variety of different oestrogens for subsequent
exposures. This emphasised the importance of the history of exposure to
oestrogens when considering the potential health consequences for exposure
and with implications for ERAs (Green et al., 2018). However, use of this casper
ERE-TG line is still largely limited to early life stages as the increasing opacity of
the organs and tissue thickness as they grow (i.e., even in the absence of skin
pigmentation) reduces the ability to detect a fluorescent signal as the larvae

develops.
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1.4.2.2 Other models for oestrogenic responses
Cypl9alb encodes for brain aromatase, is responsible for production of

oestrogen, and is expressed only in radial glial progenitors in the brain. Brion et
al. (2012) developed a TG cypl9alb-GFP zebrafish to show that radial glial cells
are a target of endocrine disrupting chemicals (EDCs) and that brain aromatase
responds in a dose-dependent manner to a wide range of oestrogenic chemicals,
as well as androgens and synthetic progestogens (Brion et al., 2012). Prior to this
study, little attention had been paid to the effect of oestrogens on the brain
development of fish or indeed the role of aromatase in vertebrate brain
development. This study was one of the first to highlight the brain as a target
organ for oestrogenic chemicals in fish (Brion et al., 2012), and was one of the
first models to be included in OECD testing guidelines (Test No. 250: EASZY
Assay - Detection of Endocrine Active Substances, Acting through Estrogen
Receptors, Using Transgenic Tg(Cypl9alb:GFP) Zebrafish EmbrYos, 2021).

A TG model for gonadal aromatase, Cypl9ala-EGFP (enhanced GFP), has
subsequently been developed which can be applied to provide complementary
mechanistic data in the OECD Fish Short Term Reproduction Assay (test no.
229). The GFP expression in the gonads of this model can provide additional
information on the time and concentration dependent effects of the compound of
interest without compromising the reproductive output of the fish, therefore still
providing the standard information required by this test (De Oliveira et al., 2020;
Test No. 229: Fish Short Term Reproduction Assay, 2012)

Vitellogenin has been used extensively as a biomarker for detecting oestrogen
activity and has traditionally been measured using biochemical assays (protein
ELISA, gene PCRs etc.) (reviewed in (Wheeler et al., 2005)). Vitellogenin is a
yolk protein precursor under the control of ERE (Wahli et al., 1981) and can be
induced by oestrogenic exposure (Flouriot et al., 1993). Some highly sensitive
TG models have been generated based on the vtgl gene that are able to detect
a variety of oestrogens, and for some, at environmentally relevant concentrations,
including EE2 down to 1ng/L (Bakos et al., 2019; Chen et al., 2010). Recently,
Abdelmoneim, Clark and Mukai used CRISPR/Cas9 to generate a vtgl:EGFP
model, albeit it was less sensitive than some of the other lines (e.g Bakos et al

2019). This may relate to the fact that Bakos et al. used homozygous F4
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generation zebrafish in their exposure studies, where Abdelmoneim, Clark and

Mukai used a heterozygous F1 generation (Abdelmoneim et al., 2020).

Vitellogenin is only produced in the liver, and as such these models act as
biosensors for oestrogen exposure only rather than provide any information on
possible functional consequences for oestrogen exposure. Additionally, although
both sexes possess the vtgl gene, levels of endogenous vitellogenin in maturing
and adult females limit the application of this model as a biosensor in adults to

males only.

In summary, the different TG zebrafish models described above for detecting
oestrogen exposure exhibit a range of different sensitivities (see also Table 1.2),
and they have also been designed for different purposes in mind. Models
incorporating ERE enables the visualisation of oestrogenic responses throughout
the body and facilitates identification of target organs (Gorelick & Halpern, 2011,
Greenetal., 2016; Lee et al., 2012a; Moreman et al., 2018), the Cyp19alb model
facilitates detailed analysis on how oestrogenic compounds interfere with brain
development specifically (Brion et al.,, 2012), and the vtgl models provide
sensitive systems for detecting exposure and hepatic responses to oestrogens
(Bakos et al., 2019; Chen et al., 2010).

1.4.3 Cellular stress response
There are many mechanisms by which a pollutant can cause cellular stress, and

as such this is one of the broadest categories of TG models. Oxidative stress
(OS) is the mechanism by which countless toxic effects are mediated, and here
the common causes, consequences, and measurements of OS are discussed.
TG models for the study of OS are introduced, including the novel
TG(EpRE:mCherry) which forms the backbone of this thesis work. TG models
comprised of the heat shock protein (hsp70) or cytochrome P450 (cypla) are
also briefly discussed and compared as they are popular models for

understanding toxic effects through these mechanisms.

1.4.3.1 Oxidative Stress
OS occurs as a result of an imbalance between reactive oxygen species (ROS)
production and anti-oxidative defence systems (see Fig. 1.2). ROS include
oxygen ions and free radicals, which are oxygen molecules with one or more

unpaired electrons, rendering it extremely reactive, and are produced naturally
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by normal cellular metabolism and can play a key role in cellular signalling. ROS
are primarily produced as byproducts of the mitochondrial respiratory chain, but
also by NADPH and lipoxygenase activity (Deavall et al.,, 2012). Cellular
antioxidative defence consists of a combination of low-weight antioxidants, such
as ascorbic acid and glutathione (GSH), and enzymes such as glutathione
peroxidase (GPx) and superoxide dismutase (SOD) (Deavall et al., 2012) (see
Fig. 1.3). In fish, most of these antioxidants are obtained from food, but GSH is
synthesised and regulated based on environmental or physiological conditions.
GSH is maintained in its reduced form by glutathione reductase, which uses
NADPH to reduce oxidised glutathione (GSSG) to GSH (Lushchak, 2016).
Hence, the ratio of GSH:GSSG can be used as a measure of cellular redox state.
ROS play a key role in cellular signalling but, when ROS production exceeds the
capacity of cellular anti-oxidative defence mechanisms, ROS can go on to cause
oxidative damage such as via lipid peroxidation, protein damage, DNA damage

or triggering signalling cascades (Deavall et al., 2012).
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Figure 1.2 OS occurs when there is an imbalance between reactive oxygen species (ROS) generation and the cellular
antioxidants. This can result in oxidative damage including via protein modification, lipid peroxidation, and DNA breakage, and
can sometimes lead to cell apoptosis or necrosis.
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Figure 1.3 Schematic of the enzymatic antioxidant system.

GR: Glutathione reductase - Encoded by the GSR gene, catalyses the
reduction of GSSG (glutathione disulphide) to GSH (glutathione) to maintain the
GSSG:GSH balance. GPx: Glutathione peroxidase - Family of enzymes with
peroxidase activity. Reduces H,O_ (hydrogen peroxide) using GSH and reduces
lipid peroxidases, prevents oxygen from forming radicals. GST: Glutathione-S-
Transferase - Family of Phase Il metabolic enzymes. Catalyses conjugation of
GSH to xenobiotics to make them more water soluble and aid excretion. Also
detoxifies peroxidised lipids. SOD: Superoxide dismutase - Catalyses the
dismutation of the superoxide radical (O, e-) into molecular oxygen and H_O..
CAT: Catalase - Catalyses decomposition of H,O_ to water and oxygen.

OS is a major mechanism of damage which can mediate many pathogenic or
toxic effects and can also be triggered by a range of factors, including via an
immune response or chemical exposure. OS induced damage to DNA is
implicated in health conditions including cardiovascular disease, cancer, and
neurodegenerative diseases such as Alzheimer’'s (Russo et al., 2012). In the
effect cascade, metabolism of toxic compounds can generate ROS through
production of a reactive intermediate which can directly reduce molecular oxygen
or the reaction with metal ions. ROS then exert their toxic effect through a range
of pathways, including via mitochondrial dysfunction (including cytochrome C
release which can trigger apoptosis) (Jin et al., 2011) or modification of signalling
cascades (e.g., mitogen-activated protein kinases; MAPKSs) (Son et al., 2011).
ROS can also be produced by endogenous sources such as the mitochondria via
the electron transport chain, peroxisomes or endoplasmic reticulum (Phaniendra
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et al., 2015). OS can be induced by a range of pathways and cause damage
through a number of molecular and cellular events, but they are not fully
understood. Pharmaceutical-induced OS (reviewed in (Deavall et al., 2012) is
often implicated in drug toxicity even if the mechanisms of ROS generation have

not been fully characterised (Deavall et al., 2012)

Due to the instability of ROS, it is virtually impossible to measure their levels in
vivo (Lushchak, 2011), but there are multiple methods for measuring the levels
of products modified by ROS, such as lipid peroxidation, or levels of anti-oxidants,
such as SOD activity (see Table 1.1). While these do not measure OS directly,
they can measure proxies and indicate consequences of OS; no single method
is necessarily preferable as it can depend on the study aims, tissue type and
sampling method (Birnie-Gauvin et al., 2017). However, none of these methods
can provide real-time measurements, and can be difficult to indicate localisation
of responses, unlike TG models which can visualise tissue-specific responses in

real time and without destructive methods.
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Table 1.1 Some of the more popular traditional measures of OS in fish biology. Adapted from Birnie-Gauvin et al. 2017

OS biomarker

Method

Application

Reference

Protein carbonyls

Protein carbonyl formation

Protein damage, fragmentation; insight Levine et al., 1990;

into overall oxidative stress levels

Stadman and Berlett, 1997

with higher levels of H202

DNA damage 8-hydroxy- DNA damage; insight into overall OS  Kasai, 1997
2'deoxyguanosine assay levels

Lipid peroxidation Thiobarbituric acid Lipid damage; insight into overall OS  Draper et al., 1972
reactive substance test levels

Catalase (CAT) CAT enzymatic activity Insight into antioxidant defences; Sinha, 1972
assay higher activities may be associated

Superoxide dismutase
(SOD)

SOD activity assay

Insight into antioxidant defences;
higher activities may be associated
with higher levels of O2+-

Beauchamp & Fridovich,
1971; Oyanagui, 1984

(GR)

reduces GSSG back to GSH; higher
activities of GR may be associated
with higher levels of GSSG

Glutathione peroxidase |GPX activity assay Insight into antioxidant defences; Flohé & Gunzler, 1984;

(GPX) higher activities may be associated Paglia & Valentine, 1967
with higher levels of ROS

Glutathione reductase GR activity assay Insight into antioxidant defences; GR  Carlberg and Mannervik

1975; Wheeler, Salzman,
Elsayed, Omaye, & Korte,
1990
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Glutathione (GSH); total
glutathione (TGSH);
glutathione disulphide
(GSSG)

Glutathione assay

Provides insight into oxidative damage Akerboom & Sies, 1981;
(GSH to GSSG ratio or vice versa) and Smith, Vierheller, & Thorne,

antioxidant defences (GSH)

1988

Vitamin C (ascorbic acid)

Ascorbic acid assay

Insight into antioxidant defences
(provides an electron to quench ROS)

Deutsch & Weeks, 1965;
Roe & Kuether, 1943

Vitamin E (a-tocopherol)

Vitamin E assay

Insight into antioxidant defences
(peroxyl radical scavenger)

Prieto, Pineda, & Aguilar,
1999

Low molecular weight
antioxidants

Oxygen radical
absorbance capacity
(ORAC) assay

Insight into total low molecular weight
antioxidant defences.

Cao, Alessio, & Culter, 1993
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The main promoter used to generate TG models for detection of OS is for the
EpRE. This can be used alone or in combination with hsp70 (a type of heat shock
protein, which can also be used as an indicator of OS). The EpRE is a region of
DNA responsible for coding for many cytoprotective proteins (Hayes et al., 2005)
including phase Il detoxifying enzymes (Nakajima et al., 2011). The EpRE forms
part of one of the major OS-response pathway, mediated by the Nrf2/Keapl
(Nuclear factor-erythroid factor 2-related factor 2/ Kelch-like ECH-associated
protein 1) modulatory system, which acts on the EpRE in response to a change
in RedOx homeostasis (discussed in more detail in chapter 3). This balance can
be disrupted by a range of environmental stressors including environmental
contaminants. TG fish exploiting this biomarker can be used as biosensors to
detect pollutants (Kusik et al., 2008) or to differentiate tissue responses to such

stressors (Mourabit et al., 2019).

OS TG models

In the first EpRE TG line generated, the plasmid consisted of EpRE from the
glutathione-S-transferase (GST) enhancer region fused to the minimal mouse
metallothioneinl promotor (Kusik et al., 2008). The model was considerably more
sensitive than in the zebrafish cell lines transfected with the same reporter, and
morphology- or mortality-based assays; responses were detected at ten-fold
lower exposure concentrations of mercury than in the cell lines reported (Carvan
et al., 2001), and at concentrations lower than those required to cause any
obvious deformities. In this model, luciferase, used for quantification of the
response, was detectable in both the transient and stable lines, however GFP
(used for localisation of the response) was only induced in the transient line
(Kusik et al., 2008).

More recently, an EpRE:mCherry (3EpRE:hsp70:mCherry) line allows for
responses to be visualised and measured across tissues in real-time and non-
destructively (via imaging). This model is sensitive to a range of pro-oxidative
contaminants, with different response profiles for different contaminants that align
closely with their known toxicological mechanisms in mammals. For instance,
paracetamol and cisplatin both induce OS in the pronephric proximal tubules, but
only cisplatin in the neuromasts and only acetaminophen in the liver (Mourabit et
al., 2019).
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Reporter genes in this model are fused to EpRE, which is ubiquitously expressed
throughout the body, meaning the OS response can be visualised across all
tissues in these models. This allows for detection of a wide array of biological
processes perturbed by OS and a clear advancement on many more traditional
approaches such as biochemical assays quantifying levels of specific
antioxidants, or molecular methods, which most often are limited to assessing the
OS in a pre-defined tissue (Mourabit et al., 2019; Nakajima et al., 2011).

The EpRE:mCherry model is introduced in more detail in chapter 4, but a
limitation of this model is that OS may not be detected if it is buffered by a
mechanism not involved in the Keap1/Nrf2 pathway. Indeed, EpRE is not the only
transcriptional regulator that responds to OS; AP-1 (Activator protein 1) is
activated by JNK (c-Jun N-terminal kinases) and can affect cell proliferation, and
NF-kB (nuclear factor kappa B) regulates pro-inflammation proteins. Both of
these other mechanisms have been shown to mediate redox-responsive gene
expression (Dunaway et al., 2018; Zhou et al., 2001). Additionally, some
environmental pollutants can inhibit antioxidant enzymes (Fonseca et al., 2018;
Zhang et al., 2021a). Antioxidant inhibition could occur upstream or downstream
of the EpRE and it is unknown if/how this could feedback to the promoter, but it
has the potential to downregulate mCherry fluorescence and so complicate

interpretation of the redox state of the animal.

1.4.3.2 Other cellular stress models

Heat shock proteins (HSPs) are a family of highly conserved proteins produced
in response to a variety of stressors including temperature, wound healing, and
toxins. They are molecular chaperones which aid in the folding, transport, and
degradation of cellular proteins (Blechinger et al., 2002). Hsp70 encodes for a
highly responsive isoform and is amongst the best characterised family of HSPs.
Numerous studies have shown hsps can be upregulated by a variety of
environmental contaminants and therefore are a popular biomarker for toxicity
screening (Ait-Aissa et al., 2000; Braeckman et al., 1999; Salminen et al., 1996;
Tully et al., 2000).

One of the first TG zebrafish models to incorporate the hsp70 promoter was
developed by Halloran et al. in 2000 (Halloran et al., 2000). The hsp70 promoter
has since been applied in TG zebrafish for assessing the developmental toxicity

of cadmium exposure (Blechinger et al., 2002), understanding wound healing
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(Richardson et al., 2016), and has been combined with the EpRE promoter to
investigate environmentally-induced OS (Mourabit et al., 2019), demonstrating
the wide versatility of this model. It has been shown to be more sensitive than the
traditional cultured cells assay; exhibiting observable fluorescence at 0.2uM
cadmium compared to 0.5-50uM reported in various cultured cells assays,
including insect and human HeLa cells (Ait-Aissa et al., 2000; Blechinger et al.,
2002; Braeckman et al., 1999). A drawback of this model is the lag time between
induction of hsp70 transcription (as measured by in situ hybridisation) and the
detection of the fluorescent signal, which is likely due to differences in the
translational rates of hsp70 compared with eGFP, and/or in the levels of mMRNA
stability (Blechinger et al., 2002). This delay can present a challenge with regard
to interpreting temporal responses to chemical exposures, i.e. the molecular
response to a stressor may occur more rapidly than indicated by the onset of the
fluorescent signal. Hsp70 can also be regulated by the Nrf2 pathway, and so can
also be used to study OS more generally during vertebrate development (Hahn
et al., 2014).

Cypla encodes for cytochrome P450 1A, an enzyme with crucial roles in phase
I metabolism, important in drug and xenobiotic detoxification. Its transcriptional
activation is mediated via the aryl hydrocarbon receptor (AhR) (Kim et al., 2013b)
and it is thus a popular biomarker for a range of pollutants and AhR agonist
exposure. Cypla is also a highly conserved gene, albeit humans have two
isoforms while fish have one (Kim et al., 2013a). This provides a tool for the study
of potential human health effects as well as for detecting a range of pollutants
(including dioxins, dioxin-like compounds, and polycyclic aromatic hydrocarbons
(PAHS)) in the aquatic environment (Kim et al., 2013a; Mattingly et al., 2001; Xu
et al., 2015, 2018). cypla:GFP models are equally or more sensitive than the
EROD assay, particularly for analysing AhR activity in adult livers (Xu et al.,
2015), as well as more rapid and convenient. These models furthermore have
potential for development as a HTS system for the identification of AhR agonists
(Xu et al., 2015).

However, a comparison of TG zebrafish models comprised of the zebrafish
Cypla promoter versus the medaka Cypla promoter shows that, while the
relative potencies of different contaminants appeared to translate well between

species (TCDD having similar affinities for both promoters), tissue-specific

42



expression of this gene is not preserved between species (Kim et al., 2013a; Xu
et al., 2015). Therefore, these TG lines are more limited for making inferences for
effects across species than the TG EpRE zebrafish line, where the ubiquity of the
EpRE gene and its conservation between species mean patterns of expression

can be used to infer potential health impacts for different wildlife or humans.
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Table 1.2 Comparison of the sensitivities of the TG models discussed, including exposure regimens and imaging method used, in order
of decreasing sensitivity. Unless stated otherwise, TG embryos were exposed via culturing medium (water) from 0 dpf.

Sensitivity Test Exposure
TG model Biomarker (nM) Compound time Imaging method Reference
cypla:GFP (zebrafish Cytochrome 1 day Fluorescent
' 0.001 TCDD (from 4 . Xu et al. 2015
model, medaka promoter) [P450 dpf) stereomicroscope
ERE:GFP Oestrogen  0.00337 EE2 4days Mverted confocal Lee et al. 2012a
microscope
casper ERE:GFP Oestrogen 0.00337 EEZ2 5days ArrayScan %ign etal.
ERE-kaede-casper Oestrogen 0.00337 EE2 5 days Inyerted compound Green et al.
microscope 2018
ere-zvtgl: gfp O_estrogen (via 0.00337 EE2 5days  Fluorescence microscope Chen etal. 2010
vitellogenin)

. Oestrogen (via Fluorescent Bakos et al.
vigl:mCherry vitellogenin) 0.00337  EE2 5 days stereomicroscope 2019
cypla:GFP (medaka Cytochrome Inverted fluorescence Ng and Gong
model) P450 0.005 TCDD 1day microscope 2013

Fluorescent
cypla:nls-eGFP (zebrafish [Cytochrome stereomicroscope and .
model, zebrafish promotor)|P450 0.01 TCDD 3 days confocal (for fixed Kim etal. 2013

embryos)
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Oestrogen (via

Fluorescent microscope

Cypl9alb-GFP Brain 0.05 EE2 5days and confocal (for fixed Brion et al. 2012
aromatase) embryos)
ERE-Luc (not in vivo Luciferase activity assayed Legler et al
visualisation) Oestrogen 0.1 EE2 4 days using a luminometer 2080 '
following homogenisation
Fluorescent Gorelick and
5XxERE:.GFP Oestrogen 1.6869 EE2 3 days stereomicroscope Halpern 2011
: Abdelmoneim,
Vtgl:EGFP O_estrogen (via E2 3 days Fluoresqent Clark and Mukai
’ vitellogenin) stereomicroscope 2020
2 days . :
3EpRE:hsp70:mCherry Oxidative stress17.31 copper (from Zlnu dogs:;feo r:;j milgrrg:gc?gg g/loolugr abit et al.
2dpf)
Oestrogen (via . .
21 days IVIS Lumina Il fluorescence De Oliveira et al.
cypl9ala-EGFP Gondal 45.66 EE2 - dulté’) imaging system 2020
aromatase)
Inverted fluorescence :
microscope (visualisation ofKUS'k’ Carvan
EPRE-LUC-GFP Oxidative stress 200 HgClI2 1 day GFP) andpluciferase 253 and Udvadia
AN L Y 2008
(quantification)
3 hours .
hsp70:GFP Heat .ShOCk 200 cadmium (from Epifluorecent microscope Blechinger et al.
proteins 3dpf) 2002
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Liver and

Zhang, Li, Gong

fabplOa:DsRed;elaA:eGFPPancreas 810.714 phenylbutazone5 days  Fluorescent microscope 2014
(LiPan)

flil:eGFP Vasculature  N/A N/A N/A Inverted fluorescence Delov et al.
microscope 2014

LysC:EGFP and Myelomonocytic Fluorescent

LysC::DsRED2 cells N/A N/A N/A stereomicroscope Hall et al. 2007

Fms:nfsB.mCherry Macrophage  N/A N/A N/A

Mpegl.1:eGFP Neutrophils N/A N/A N/A

mpegl.1:mCherry Neutrophils N/A N/A N/A
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1.3 Image acquisition and analysis
New methods of image acquisition and analysis will inevitably open up new

opportunities for the use of TG models in ecotoxicology. A single model can have
multiple applications depending on the imaging platform, the choice of which
depends on the aim of the assay or the type of response being assessed Table
1.3). For example, microscopes equipped with an appropriate filter for
epifluorescence are popular as they allow rapid and convenient observation of a
fluorescence signal to indicate the presence/absence of a response to the
toxicant of interest. From images captured, software such as ImageJ can be used
to quantify the intensity or changes in expression pattern of the fluorescence
signal and therefore the level of the response to the stressor (Chen et al., 2010;
Zhang et al., 2014).

For studies requiring more detailed analyses at cellular and tissue levels, higher
content imaging methods are applied (Table 1.3). Confocal microscopy achieves
spatial localisation by preventing light from outside the small field of focus
reaching the detector (Jemielita et al., 2013), providing high resolution images
and allowing detailed visualisation of tissue response to chemical exposure. By
blocking light emitted from points outside of the field of focus, confocal
microscopy gives a high signal:noise ratio (Jemielita et al., 2013). This allows the
distinction of weaker signals from background fluorescence and thereby

facilitating visualisation of more subtle responses.

Other high-content imaging platforms include light sheet microscopy (LSM) which
achieves good optical sectioning and high signal:noise ratio by only illuminating
one plane at a time, using a detector perpendicular to the plane of light (Jemielita
et al., 2013; Keller et al., 2008). The wide field, camera-based image acquisition
also enables higher capture speeds compared to confocal, facilitating the imaging
of rapid dynamic responses (Icha et al., 2016) such as calcium signalling in the
brain of zebrafish (Winter et al., 2017). However, confocal microscopy is more
widely used due to its superior resolution (<micron compared to micron) (Icha et
al., 2016).

There have been recent developments made in LSM to further improve the

resolution, notably lattice light sheet microscopy (LLSM). In contrast with
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conventional LSM, in which the plane of light is too thick for submicron imaging,
LLSM uses ultra-thin light sheets from optical lattices to achieve high speed
subcellular imaging with reduced phototoxicity (Chen et al., 2014). Manley et al.
in 2020 applied this system to reveal previously unknown dynamics and
characteristics of leucocytes in zebrafish in vivo. The superior resolution of LLSM
elucidated behaviour of neutrophils, but their rapidly changing morphology also
necessitated the use of the faster single-plane LLSM, in which z-depth was
sacrificed for temporal resolution (Manley et al., 2020).

The throughput of LLSM is limited because each embryo must be embedded in
agarose before imaging. Recently, Logan et al. sought to develop a system using
the 3D imaging of LSM but without the time-consuming sample preparation, albeit
the resolution of this system is inferior to conventional low-throughput LSM
(Logan et al., 2018).

In recent years various systems have been developed to (semi-) automate image
acquisition in order to facilitate high throughput screening (HTS). These include
the Arrayscan (Green et al., 2016) and the Acquifer (Wittbrodt et al., 2014), or
microfluidic systems known as ‘Fish-on-a-chip’ (Yang et al., 2016). The
ArrayScan was used by Green et al. in 2016 in combination with a skin pigment-
free TG model to develop a highly integrated system for HTS (Green et al., 2016).
The Acquifer, the platform primarily used in this thesis, uses a 3D printed agarose
mould to ensure all embryo are uniformly orientated for imaging by an automated
fluorescence microscope (Wittbrodt et al., 2014). Multi-plate systems such as the
Acquifer, while rapid and convenient, do not allow for 3D imaging, unlike
microfluidic systems (Table 1.3).

Microfluidics will inevitably play a future role in optimising HTS. Currently,
biological micro-electromechanical systems (bioMEMS; or ‘fish-on-a-chip’) (Yang
et al., 2016) appear to use microfluidics to either; a) automatically load and orient
embryos for imaging, such as the VAST (vertebrate automated screening
technology) system (Pardo-Matrtin et al., 2010), or b) to create dynamic culturing
systems and allow constant microperfusion, such as Akagi et al.’s microarray
(Akagi et al., 2012). This chip allows embryos to be cultured for up to 72 hours
and imaged at multiple time points. No manual handling is required between
steps or developmental stages, thereby reducing stress caused to the animal,

and movement is not restricted which may otherwise impair development (Yang
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et al., 2016). In this system however, hatching is delayed by hydrodynamic forces
(Akagi et al., 2012). These bioMEMS, however, image the embryos as they
happen to be positioned in the well and there is the risk of using sub-optimal
angles for visualising specific organs. Guo et al. (2017) proposed some
improvements to the VAST system by using profile-based 3D reconstruction
based on axial views to generate volume and surface area data on the embryo.
This would improve quantification of the fluorescent signal by normalising the
data based on animal volume, and allow relative comparison between

experiments (Guo et al., 2017).

Combining these systems could minimise stress caused to the animal by manual
handling and maximise the automation potential for imaging, including for time-

lapse imaging to facilitate real-time assessment of developmental toxicity.

HTS imaging systems can yield large amounts of data and so analysis can also
present a bottleneck. Workflows and algorithms can go some way to streamlining
this process, such as automation of embryo phenotyping (Pardo-Martin et al.,
2013) or fluorescence intensity measurement in TG embryos, minimising user
interaction and increasing throughput (Jarque et al., 2018). However, workflows
still require some manual input, such as Jarque et al.’s ‘KNIME’ workflow in which
area of interest (in this case, the thyroid gland) still needs to be manually selected
to minimise interference from nearby autofluorescent pigment cells. Additionally,
throughput was still limited by the imaging system as loading, positioning,
focusing and image acquisition took about 2 minutes per embryo, despite the

automation of the VAST system used (Jarque et al., 2018).

Winter et al. developed a custom Python pipeline which allowed a labelled 3D
map of a brain to be automatically superimposed over the images of
TG(elavl3:GCaMP6S) zebrafish larvae, acquired using LSM, which can visualise
neural activity. This facilitated the quantification of specific spatiotemporal
responses for individual brain regions, allowing the comparison of changes in
neural function between regions of interest caused by neuroactive drugs (Winter
et al., 2017). This pipeline was later applied in a study to validate the use of TG
zebrafish in high throughput assessments of the efficacy and safety of
seizurogenic pharmaceuticals across a range of classes and mechanisms
(Winter et al., 2021). This study shows how advances in image analysis can

improve the throughput and content of functional neuroimaging and these
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approaches are likely to lead to further improvements in spatiotemporal resolution

of signal detection.

Table 1.3 Advantages and disadvantages of a selection of popular imaging

platforms

Imaging .

Platform Reference Advantages Disadvantages

Confocal - High resolution Time consuming sample
microsco Jemielitaet al. 2013 preparation

Py High signal:noiseratio
Good optical sectioning Time copesuar?;rt}gr?ample

_ Jemielitaet al. 2013; prep
Light sheet . j
microscopy PP et al, 2h0s: High signal:noiseratio Inferior resolution

Icha et al. 2016 gh signal. compared to confocal
Higher speeds compared to
confocal
High speed for dynamic Time consuming sample

Lattlﬁe light Chen et al. 2014: processes preparation
i sheet Logan et al. 2018 Subcellularimaging Reduced resolution

Icroscopy Reduced phototoxicity

Higher throughput
Arrayscan Green et al. 2016 High throughput Cannot achieve 3D imaging
_ Wittbrodt, Liebel. High throughput Cannot achieve 3D imaging
Acquifer

Gehrig 2014 Rapid, uniform sample

preparation

VAST (example
of bioMEMS)

Can be used for 3D imaging

Yang et al. 2016;

Chang et al. 2012 High throughput

Automated positioning and
orientation

Large quantity of data
produced require further
processing
Cannot be used for long
term
culturing/immobilisation

Miniaturised
Array (example
of bioMEMS)

High throughput

Akagi et al. 2012 long-term culturing

Reduced stress to animals
due to no manual handling
required

Delayed hatching due to
hydrodynamic forces
Cannot be used for
embryos >72 hpf

Does not allow for
arientation of sample
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1.5 Issues relating to interpreting responses measured using TG
zebrafish models
TG zebrafish have many advantages for applications in chemical assessment,

but there are issues also regarding interpretations on the data they provide. The
first is that induction of a fluorescent signal indicates upregulation of a promotor
for that gene only, and it is not necessarily the case that a deleterious effect will
follow (just as the upregulation of gene transcription as measured by gPCR does
not necessarily indicate an adverse effect). Further, there can be a delay between
upregulation of the gene of interest and detection of the corresponding
fluorescent signal (as seen with Blechinger et al’s hsp70 model (Blechinger et al.,
2002) ), which has implications for assessing responses in ‘real-time’ for these
TG models. The sensitivity and consistency of the model can be reduced over
generations as gene silencing can result in reduction of expression of the
transgene. This can occur via epigenetic mechanisms including histone
modification or methylation (Thummel et al., 2006) or post-transcriptionally
through mRNA degradation or repression (Filipowicz & Paszkowski, 2013).
Silencing is a particular risk for models which include Gal4/UAS: a 2-stage
amplification system consisting of GAL4, a yeast transcription activator protein
under the control of a promoter, and an upstream activated sequence (UAS)
fused to the reporter gene (Duffy, 2002; Hartley et al., 2002). This system is often
paired with a transgene to amplify the signal, but the UAS sequence is prone to
CpG methylation and hence silencing, particularly in complexes with high UAS
copy number (Goll et al., 2009; Subedi et al., 2014). There have been
developments to ameliorate this problem, including the use of bipartite reporter
systems such as Q transcriptional regulatory system, similar to GAL4/UAS but
which has no CpG sequence in the QF binding site (Subedi et al., 2014; Suli et
al., 2014). With regards to the breeding and maintenance of a TG line, it is
therefore important to balance maintaining levels of fluorescence expression
whilst avoiding inbreeding depression. To ensure reliability and robustness of the
data generated over different generations, each new generation should be
thoroughly assessed against the preceding one. This can be achieved by
comparing the fluorescence intensity of each generation in response to a

reference compound at a given concentration, or comparing the lowest
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observable effect concentration (LOEC) of the reference compound for each

generation.

In creating a TG animal, this genetic manipulation can potentially result in off-
target alterations that may in turn affect how the organism responds to stressors
and even its fithess more generally. There are little data on how genome editing
of a zebrafish may influence its response to chemical exposure, however. In one
case, that for the casper mutant zebrafish, this genetic manipulation been shown

to be associated with mitochondrial dysfunction (D’Agati et al., 2017).

1.6 Future prospects
The above sections illustrate some of the lines of TG models available for studies

in ecotoxicology, including those that were developed specifically for studies on
environmental toxicants and those that were originally designed for studies in
developmental biology or human health studies and are now finding their way into
ecotoxicology research (Chaturantabut et al., 2020; Korzh et al., 2008; Lawson &
Weinstein, 2002). In the ZFIN database there are more than 25,000 results for
transgenic insertions (Ruzicka et al., 2019) indicating that a model may be

available for almost every potential target of environmental toxicants.

More complex models are needed to facilitate understanding on both mixture
effects and the effects of chemicals across multiple molecular and physiological
pathways. There are numerous examples where multiple transgenes have been
incorporated into zebrafish to effectively study the mechanisms controlling
developmental processes. Examples include the crossing of the LiPan line,
originally developed to track liver development, with a fli:eGFP line to track
vasculogenesis in the developing liver (Korzh et al., 2008). There is also the
hepatocyte TG model, fabpl0a:DsRed, which was crossed with an ERE:GFP
model in order to better establish the role of ER signalling in hepatocyte
differentiation (Chaturantabut et al., 2020).

The fms:nfsB.mCherry line, wherein fluorescence is controlled by the fms
promoter for the macrophage-specific CSF2R protein, has been crossed with a
range of other TG lines to visualise different interactions. Crossing this line with
the mpx:GFP line for neutrophils facilitated visualisation of the response
dynamics of these two different types of immune cells simultaneously, or crossing

the macrophage line with flil:GFP line for vasculature elucidated the role of
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macrophages in vasculogenesis (Gray et al., 2011). The latter multiple TG model
was recently used in conjunction with high resolution lattice light sheet
microscopy to reveal new characteristics of neutrophil dynamics and their
interaction with the endothelium (Manley et al., 2020).

To date there have not been any published studies on multiple target TG
zebrafish developed specifically for ecotoxicology studies, but the field is now
moving towards this. A model which combines visualisation of OS with that of
immune cells has been developed in order to better understand how
environmental compounds can impact immune function via OS, and an
ERE/aromatase model has been developed for understanding the role of
oestrogen in brain development (Takesono et al., 2022). Multiple target TG
zebrafish could be invaluable for elucidating cross-talk between different
chemical pathways and therefore advancing our understanding of multiple
stressor effects.

1.6.1 Mixture effects
Mixtures and multiple stressors are a rapidly growing area of study within
ecotoxicology and there is increasing concern on how chemicals may interact
with other environmental stressors (Holmstrup et al., 2010; Saaristo et al., 2019).
There has been a series of studies using fish and other species to investigate the
effects of chemical mixtures, but TG models are still underutilised in this regard
and the field could benefit from the mechanistic understanding that TG models

can provide.

Better understanding of mixture effects in the environment is a major research
focus in ecotoxicology. This has been identified as a major challenge for
designing appropriate management strategies for mixture effects by government,
industry and academic stakeholders as early as 2006 (Doerr-MacEwen & Haight,
2006). Additionally, ERAs of mixtures are further complicated by the fact that
chemical mixtures can be highly dynamic and variable, even between similar
types of emission sources. The chemicals (including pharmaceuticals)
themselves are also susceptible to a wide range of chemical, physical and
biological degradation or transformation processes, producing an even more

complex mixture of compounds (Backhaus, 2014).
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The two key aspects of pharmaceutical mixtures which makes them a particular
environmental concern are a) a mixture is usually more toxic than any one
compound individually, and therefore b) a mixture can be highly toxic, even if
each individual compound is present in low, so called ‘safe’, concentrations
(Backhaus, 2014). One study on the chemical mixtures detected in Brazilian
surface waters found that, while algae were most vulnerable to acute effects, fish
were more sensitive to sublethal effects (Reis et al., 2021).

To begin to address the mixtures issue at a basic level, co-exposure studies are
used to test the specific effects of binary mixtures, using drug combinations
selected based on evidence for their potential to interact. This approach can help
elucidate the mechanisms behind effects seen in more complex environmental
mixtures, and/or highlight new potential risks. There are numerous fish studies
on the effects of mixtures of same-class pharmaceuticals, such as oestrogenic
compounds (Petersen & Tollefsen, 2011; Serra et al., 2019) or other steroid
hormone mixtures (Schmid et al., 2020). However, studies on combinations of
compounds from different classes are less common. Nonetheless, different
classes of compounds have been found to have interactive effects. For example,
the fungicide ketoconazole has been reported to exacerbate the oestrogenic
effects of BPA in male wild type zebrafish but increase anti-oestrogenic activity
in female fish. In this study, the two contaminants were selected based on the
potential for ketoconazole to potentiate the toxic effects of BPA through inhibition
of its CYP-mediated metabolism, a hypothesis which appears to be supported by
the data (Ji et al.,, 2019). This illustrates the potential for pharmaceuticals to
modulate the detoxification of other contaminants, and furthermore how binary
mixture studies can help to understand the mechanisms at play in more complex

environmental mixtures.

Other studies have selected combinations of pharmaceuticals based on those
which are most commonly detected together in surface waters. Metformin (anti-
diabetic), bisoprolol and sotalol (beta-blockers), and ranitidine (histamine 2-
receptor blocker) are all popular pharmaceuticals with little to no metabolism and
poor removal from wastewater, and hence are commonly detected in combination
in effluents and surface waters. Godoy et al. (2019) chose this mixture to test the
accuracy of the commonly used mathematical models, concentration addition

and independent action, and to test the combined toxicity to zebrafish and
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daphnia. While no effect was found on the zebrafish, daphnia revealed that
basing an ERA on the effects of individual pharmaceuticals risks underestimating
the risk of the mixtures (Godoy et al., 2019).

TG models are becoming more popular for the study of mixture effects. Hinfray
et al. used a Cypl9alb-GFP model to find that oestrogen (E2) and the
phytoestrogen genistein had antagonistic effects on radial glial cells. This
interaction is not fully understood but believed to be due to differences in ER
recruitment between the two compounds. The Cyp19alb-GFP model is not as
sensitive to oestrogen lignads as in vitro cell lines, but allows for incorporation of
factors such as bioavailability and compound metabolism (Hinfray et al., 2018),

providing more comprehensive data on the biological effects of this mixture.

More recently, Cooper et al. used the ERE-GFP zebrafish to assess the
oestrogenicity of wastewater effluent (known to contain a mixture of steroids and
other EDCs) (Cooper et al., 2021a) and for exposures during vulnerable
developmental life stages (Cooper et al.,, 2021b). Differing tissue response
patterns also highlighted the variability of steroid mixtures and concentrations

between effluent sources and across time (Cooper et al., 2021a).

TG fish have also been applied to studying the effects of nanoparticles (reviewed
in (Chakraborty et al., 2016)) and nanoparticles in combination with chemicals,
notably for effects on the immune response and vasculature. For example, the
combination of silica nanoparticles and methyl mercury was found to be more
toxic than either pollutant alone, as shown by exacerbated vascular endothelial
damage in the TG model flil-GFP and activated OS and inflammatory response
in mpo-GFP neutrophils (Duan et al., 2016). A similar interaction was observed
in Flil-GFP larvae exposed to a combination of cadmium selenium quantum dots
(QDs) and copper ions, as the QDs assisted transport of the ions (Zhang et al.,
2012).1t is not only drug-drug interactions which give cause for concern, as other
environmental factors, notably the physicochemistry of the water, have also
commonly been found to influence the toxicity of pollutants (reviewed in (Pinheiro
et al., 2021)).
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Table 1.4 Abiotic water variables and the mechanisms by which they are
known to influence bioavailability and toxicity of pollutants, adapted from

Pinheiro et al. 2021

Variable

Mechanism

pH

Chemical speciation

Alters trans-epithelial electric potential
(TEP)

Temperature

Metabolism

Degradation, volatilisation, and transport
of compound

Oxygen

Behaviour
Respiratory physiology
Uptake rate

Salinity

Chemical fate and transport
Alters TEP

Physiologicalresponses
Solubility

Carbon dioxide

Chemical speciation (via changes in pH)
Alters TEP (via changes in pH)

Alters internal physiology/biochemistry

Cations/Anions

Competition for uptake binding site
Complexation

Membrane permeability
Alters TEP

Carbonate Alkalinity

Metal complexation
Metal speciation
Moderating response to CO2

Dissolved organic matter

Charge transfer
Complexation
Covalent bonding
Hydrogen ion binding
Hydrophobic adsorption
lon exchange
Partitioning
Alters TEP
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As Table 1.4 shows, physicochemical features of the environment can markedly
affect the properties of the chemical compounds themselves, including their rates
of degradation by temperature (Op de Beeck et al., 2017). Physical or chemical
properties of the aquatic environment can also directly affect the animals
physiology to then affect how they respond to toxins, such as hypoxia-driven
increased ventilation which draws more water and therefore potentially more

pollutants over the gills, in turn increasing pollutant uptake (Pinheiro et al., 2021).

These variables are set to become ever more changeable and more extreme with
climate change, particularly in the case of temperature (in turn affecting oxygen
content, for example), potentially increasing the risk of pharmaceuticals currently
not of concern in the environment. There is a wealth of evidence suggesting that
realistic future temperatures may exacerbate drug toxicity in the aquatic
environment (Almeida et al., 2021; Maulvault et al., 2018a; Mehdi et al., 2019),
either by undermining the animals’ defence mechanisms through increased

stress, or by enhanced uptake of the toxin.

Despite their growing popularity in mixture effects studies, TG zebrafish are
currently underrepresented in physical-chemical stressor interaction studies.
There are limited examples where TG models have been applied in the study of
physical stressors. Examples of this include for embryotoxic effect of temperature
(Lantz-Mcpeak et al., 2015) and understanding the cold tolerance mechanism
(Wang et al., 2014). There are even fewer examples where TG fish have been
used to investigate interactions between pollutants and environmental conditions.
The few studies which have been conducted in this area appear to focus on
nanoparticles. The TG lines Tg(isl2B:GFP) for specific neurons, and
Tg(flil:EGFP) for vasculature visualisation, have been used to find that dissolved
organic matter can mitigate acute and cross-generational effects of zinc oxide
nanoparticles (Kteeba et al., 2018). However, to our knowledge, no studies have
used a TG zebrafish model to investigate the influence of an
environmental/physical stressor on the toxicity of an environmental

pharmaceutical.

1.7 Project Aims
Despite their growing popularity in the field of ecotoxicology, there are scant

studies making use of TG zebrafish to understand how chemicals of different

classes may interact, or the interaction between chemical toxicants and physical
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stressors. To my knowledge, none have used TG zebrafish to understand the
effect of temperature on pharmaceutical toxicity. In this thesis, | set out to
establish how OS is influenced by a range of environmental pharmaceuticals and
stressors through the advancing the use of TG zebrafish and bioimaging in
chemical effects assessments. This began with developing the use of a new
semi-automated imaging platform for its use in ecotoxicology: the Acquifer, and
characterisation of a novel OS TG model, EpRE:mCherry. Developed by
Mourabit et al. (2019), this TG fish model had previously been tested against a
small range of chemicals, but not for application in HTS, or for mixture effects
studies. After establishing the methodology for the imaging methods and TG
model, my thesis work set out to use the TG model to test the anti-oxidative
effects of oestrogenic chemicals, and then subsequently to investigate the effect

of temperature on drug-induced OS using the TG EpRE: mCherry zebrafish.

Chapter 2 sets out the main methods applied to fish husbandry and chemical
exposures used in each data chapter. It also describes the analytical chemistry
techniques employed to complement the bioimaging data, along with methods
used for statistical analyses. Techniques used for image acquisition and analysis
are briefly outlined, but their methodology is developed in chapter 3.

The aims for the following thesis chapters were as follows:
Chapter 3 - Imaging tools for chemical effects assessment

The first data chapter assessed the utility of the Acquifer and optimised the
methodology for its application in the assessment of chemicals effects in TG

zebrafish embryo-larvae for the rest of the thesis.
Aims:

a) Assess how novel high throughput imaging platform (Acquifer) can be used

for chemical effects assessment with TG embryo-larval zebrafish.
b) Characterise the benefits and limitations of the Acquifer.

c) Compare the utility of the Acquifer against a higher content, but lower
throughput platform (confocal microscopy).

. This began with applying the Acquifer to assess for oestrogenic responses to a
common and potent environmental oestrogen, EE2, in the TG zebrafish

58



ERE:GFP. The Acquifer was tested for its capacity for time-lapse imaging to
capture the ontogeny of the oestrogenic response on daily and hourly scales.
Once optimised for capturing the fluorescence of TG embryo-larvae at this life
stage, the Acquifer system was then tested against the OS TG model
EpRE:mCherry to investigate the OS response to a reference compound,
paracetamol (APAP; a known pro-oxidant). In the last section of this chapter, the
Acquifer was compared with confocal microscopy, a higher content imaging
platform. The responses of the pronephric tubule to APAP and of neuromasts to
cisplatin were used as case studies to compare the resolution of the 2 imaging

platforms, and how this influences interpretation of the responses recorded.

Chapter 4: Application of the EpRE:mCherry transgenic fish model to study

OS responses for pharmaceutical exposures

Having established that the known pro-oxidant APAP could induce a detectable
response in the EpRE:mCherry model, | aimed to develop the application of the
model further as a tool for screening pharmaceuticals of environmental concern
for their potential to induce OS. | hypothesised that the following environmental
pharmaceuticals could induce OS in the model: clarithromycin, cisplatin,
cyclophosphamide, clozapine, diclofenac, doxorubicin and ibuprofen. | tested this
hypothesis by exposing EpRE:mCherry embryolarvae to the individual chemicals
(as well as APAP as a positive control and atenolol as a negative control) at a

range of concentrations and measured the tissue-specific mCherry fluorescence.
Aims:

a) Assess the EpRE:mCherry model for its application in screening
environmental pharmaceuticals for oxidative responses.

b) Acquire baseline data for the oxidative response visualised in the
EpRE:mCherry model.

c) Select relevant pharmaceuticals for further investigation for mixture effects

analyses.

The EpRE:mCherry model was characterised and used to optimise of chemical
exposure protocols based on the reference compound APAP. The model was
then used to screen 8 different pharmaceuticals at a range of concentration
designed to approach human therapeutic concentrations (HTPC) but avoid overt
toxicity.
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To begin to understand the responses observed in the zebrafish larvae, liquid
chromatography with tandem mass spectrometry (LC-MS/MS) was used to
quantify uptake of the compounds. This allowed measured internal
pharmaceutical concentrations to be compared against predicted plasma
concentrations (based on lipophilicity) and against HTPCs using the fish plasma
model (FPM).

Chapters 5 and 6 used the methods and tools developed in the above chapters
to further our understanding of how pharmaceutical- induced OS can be

influenced by environmental stressors.

Chapter 5: Interactions of oestrogen with OS measured in the

EpRE:mCherry transgenic zebrafish model

This chapter set out to investigate the interactive mechanisms between
oestrogen and OS induced by pharmaceutical exposure. Based on in vitro data
in the literature, | hypothesised that a xenoestrogen would be able to buffer
APAP-induced OS. To test this, | first established that an exogenous compound
could reduce mCherry fluorescence in the EpRE:mCherry model using known
antioxidants to optimise a positive control and dosing regimen. EpRE:mCherry
larvae were then aqueously exposed to a mixture of APAP and the potent
oestrogenic compound EE2. The resulting expression of mCherry fluorescence
(and therefore OS induction) was compared with that in larvae exposed to
paracetamol alone. | also hypothesised that endogenous oestrogen plays a role
in buffering pharmaceutical-induced OS and this was tested by exposing larvae
to a combination of APAP and the ER antagonist ICI 182, 780.

Aims:

a) ldentify an antioxidative control and confirm if a reduction in OS can be
guantified in the EpRE:mCherry model.

b) Optimise an exposure protocol to assess the antioxidative capacity of EE2
and compare this against the positive control

c) Assess the role of endogenous oestrogen in buffering OS by inhibiting

oestrogen receptors and quantifying the effect on APAP-induced OS.
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Chapter 6: Interaction of temperature and pharmaceutical-induced OS as

measured in the EpRE:mCherry model

This chapter set out to investigate the interactive effects between a physical
stressor, temperature, and drug induced OS. | hypothesised that elevated
temperatures would exacerbate pharmaceutical-induced OS. This was tested by
incubating EpRE:mCherry larvae at temperatures higher than standard
husbandry practice during aqueous exposure to a pharmaceutical. | also
hypothesised that this interaction would be driven by more rapid uptake of the
drug, and so this was tested using LC-MS/MS to measure the internal APAP

concentrations in larvae at different time points throughout the exposure period.
Aims:

a) Assess the effect of temperature on basal redox state of EpRE:mCherry
embryos and confirm if this can be quantified in the TG model.

b) Assess the effect of environmentally realistic temperature increases on the
pro-oxidative action of a range of compounds with varying potencies and
modes of action.

c) Use analytical chemistry to assess how toxicokinetics of the reference

compound, APAP, is affected by elevated temperature.

In this work, it was first established that the EpRE:mCherry model could be used
to visualise OS induced by temperature, and to assess how the proposed study
temperatures affected the rates of development and growth of the embryos. The
effect of temperature on drug-induced OS was then assessed across a range of
temperatures for the 3 main target organs (pronephric tubule, pronephric duct,
and liver). This was demonstrated for 3 different drugs: APAP, diclofenac, and
doxorubicin. The toxicodynamics of APAP under different temperature treatments
were quantified using LC-MS/MS.

Chapter 7: General discussion

This chapter provides a critical appraisal of the main thesis findings and their
implications and sets out a vision for future research in the application of TG fish
models for mixtures assessments, risk assessment and environmental

protection.
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Chapter 2- Methods and
Materials

2.1 Ethics statement
All experimental procedures conducted with zebrafish in this thesis were in

accordance with U.K. Home Office regulations for the use of animals in
scientific procedures and followed local ethical review guidelines ensuring their

humane treatment.

2.1  Zebrafish husbandry
Adult zebrafish were held in flow through aquaria at the University of Exeter

Aquatic Resource Centre, at 28 £ 1 °C. Breeding stocks were kept in 8L plastic
tanks, maximum 30 adults at an approximately 50:50 male:female ratio and
maintained under a 14h:10h light:dark regime. Aquarium system water comprised
mains tap water filtered by reverse osmosis (Environmental Water Systems UK
Ltd.) and reconstituted with Analar-grade mineral salts to a standard synthetic
freshwater composition (final ion concentrations: 117mg/L CaCl22H20, 25.0
mg/L NaHCO3, 50mg/L MgS047H20, 2.3mg/L KCI, 1.25mg/L Tropic Marine Sea
Salt, giving a conductivity of 300mS). Fish were fed Artemia nauplii twice a day,

alongside one dry feed (Zebrafeed, Sparos).

2.2 Embryo surface sanitation (bleaching) for zebrafish line

regeneration
For biosecurity reasons, each generation of zebrafish breeding stock was

sanitised as 1 dpf embryos using sodium hypochlorite in order to remove surface
microbes before being raised in the ARC. Up to 250 embryos at a time were
rinsed in a sieve with aquarium system water for 30 seconds and washed in
500ml 0.045 % sodium hypochlorite for 8 minutes, with gentle agitation to ensure
all embryo surface were covered. Embryos were then transferred to 500ml 0.7 g/l
sodium thiosulfate in order to neutralise the sodium hypochlorite and washed for
30 seconds, again with gentle agitation, and then rinsed with system water before

being transferred to a petri dish in fresh system water.

2.3 Embryo collection
For embryo collection, sexually mature adults were transferred to break-out

chambers in 5 groups of 6 (3:3 males and females) the evening before collection.
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On the day of collection, embryos were collected 30 minutes after dawn and
pooled to avoid batch effects. They were then sorted for fertilisation and normal
development using a stereo microscope. All embryos from the breeding stock

expressed the transgenes so pre-screening for fluorescence was not necessary.

2.4 Chemical exposure
Exposure concentration ranges used are detailed in the relevant chapters. All

exposure solutions were made up in aquarium system water on the day of
exposure. Stock solutions were pH adjusted to 7-7.6 and diluted to 1.2 x the
nominal exposure concentrations. 1ml of this exposure solution was then added
to 1 embryo in 200pul system water to provide 1 embryo per well in 1.2 ml exposure
media in a 24 well plate. Plates were kept in a 14hr:10hr light:dark cycle at 28°C
(x1°C). Where dimethyl sulfoxide (DMSO) was needed as a solvent, stock
solutions of the compound were made in 0.5 % DMSO and diluted using a mixture
of system water and DMSO so dosing solutions always contained 0.05 % DMSO,
regardless of compound concentrations. 0.05 % DMSO was therefore used as a
solvent control. Where a solvent was not needed, the negative control was clean

aguarium system water (clean water; CW).

All embryo chemical exposures began at 6 hpf (unless otherwise stated). At 6 hpf
the germ ring and embryonic shield is very clear from the animal pole (Kimmel et
al., 1995), and so chemical exposures began at this age as fertilised, normally
developing embryos can be selected and any showing abnormal development

can be excluded.

After method optimisation in Chapter 4, the standard exposure regimen chosen
was a 4 day exposure. Exceptions to this regimen are stated in the methods
section of the relevant chapter. Sample sizes (N) were selected based on a
combination of similar experiments found in the literature and what was practical
depending on the spawning success of that day. Sample sizes are therefore a
minimum of 12 embryos (with the exception of primary screens) from one

spawning event and are stated in the figure legend for each experiment.

At the end of the exposure period, after image acquisition, larvae are terminated
using an overdose of benzocaine. For larvae >5 dpf, death was confirmed by

destruction of the brain.

The compounds used in this thesis for chemical exposure assays were:
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- Paracetamol (APAP)

Paracetamol (CAS no. 103-90-2; Sigma-Aldrich, Dorset, UK). Dissolved in 0.5%
DMSO to make 50 mM stock.

- Diclofenac (DCF)

Diclofenac sodium (CAS no. 15307-79-6; Sigma-Aldrich, Dorset, UK). Dissolved
in 0.5% DMSO to make 500 mg/L (1.7 mM) stock.

- Ibuprofen (IBF)
Ibuprofen (CAS no. 15687-27-1; Sigma-Aldrich, Dorset, UK). Dissolved in 100%
DMSO to make 500 mg/L (2.4 mM) stock.

- Doxorubicin (Dox)

Doxorubicin hydrochloride (CAS no. 25316-40-9; Sigma-Aldrich, Dorset, UK).

Dissolved without the use of a solvent to make 500mg/L (0.9 mM) stock.

- Cisplatin (Cis)
Cisplatin (CAS no. 15663-27-1; Merck, Darmstadt, Germany). Dissolved in 0.5%
DMSO to make 500 mg/L (1.7 mM) stock.

- Cyclophosphamide (CP)
Cyclophosphamide (CAS no. 6055-19-2; Sigma-Aldrich, Dorset, UK). System
water added directly to ISOPAC bottle to make 5 g/L (19.2 mM) stock.

- Clarithromycin (CAM)

Clarithromycin (CAS no. 81103-11-9; Sigma-Aldrich (Dorset, UK). Dissolved
using 1.5% DMSO to make 1 mM stock.

- Clozapine (Cloz)
Clozapine (CAS no. 5786-21-0; Sigma-Aldrich, Dorset, UK). Dissolved in 0.5%
DMSO to make 500 mg/L (1.5 mM) stock

- Desmethyl clozapine (DMC)

N-desmethylclozapine (CAS number 6104-71-8; Sigma-Aldrich, Dorset, UK)
(also known as norclozapine) 250 mg/L (0.8 mM) stock made in 0.5% DMSO.

- Atenolol (ATL)
Atenolol (CAS no. 29122-68-7; AstraZeneca, Macclesfield, UK). Dissolved

without the use of a solvent to make 500 mg/L (1.9 mM) stock.
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- Ethinyl Estradiol (EE2)

Ethinyl estradiol (CAS no. 57-63-6; Sigma-Aldrich, Dorset, UK). Dissolved in
100% methanol to make 220 mg/L (0.7 mM) stock.

- Fulvestrant (ICI 182, 780)
Fulvestrant (ICl) (CAS number 129453-61-8; Sigma-Aldrich, Dorset, UK).
Dissolved in 100% DMSO to make 20 mM stock and diluted down to 0.5 % DMSO

for dosing solution.

- NAC

N-acetyl-L-cysteine (NAC) (CAS number 616-91-1; Sigma-Aldrich, Dorset, UK)
60 mM stock made without the use of a solvent.

- NACA

N-acetylcysteine amide (NACA) (CAS number 38520-9; Sigma-Aldrich, Dorset,

UK). 50 mM stock made without the use of a solvent.

- LGR

L-glutathione reduced (LGR) (CAS number 70-18-8; Sigma-Aldrich, Dorset, UK).
50mM stock made without the use of a solvent.

2.5 Acquifer image acquisition

On the day of imaging, embryos were anaesthetised using 0.4 g/L MS222
(Sigma-Aldrich; CAS number 886-86-2) and mounted in a 96 well plate pre-
prepared with agarose to facilitate uniform orientation of the embryos. 70 ul of 1.5
% low melting point agarose had been transferred into each well and moulded
into grooves using a 3D-printed orientation tool (Wittbrodt et al., 2014) which was
stamped into the agarose and left to set in 4°C. The 96 well plate was loaded into
the Acquifer (Ditabis, Germany) and images acquired under brightfield and 595
nm (red fluorescence) or 470 nm (green fluorescence) channels from an LED
light source. Light intensity and integration was consistent across the plate but
optimised for each experiment to maximise sensitivity of the system and avoid
oversaturation of the signal. A Z-stack of 11 Z-slices with dZ=8 um was captured
for each embryo on 4x or 10x magnification. The development of these methods

is explored in detail in Chapter 3.

For daily imaging, embryos were recovered and returned to fresh dosing solution
in between time points. Larvae that were used in time-lapse imaging over 3-24

hours were left in the 96-well plate containing 1.5 % low melting point agarose
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made up with 0.4 g/L MS222 and the plate was sealed to prevent evaporation.
When embryos had not hatched in time for imaging, such as 2 dpf embryos, they

were manually dechorinated using forceps.

2.6 Confocal image acquisition
Larvae were anaesthetised using 0.4 g/L MS222 and embedded in 70 pl 1 % low

melting point agarose made up with 0.1 g/L MS222. Larvae were embedded on
their left lateral side in order to optimise visualisation of the liver along with the
pronephros. Z stacks of the samples were acquired using a Nikon Ti Alplus
confocal microscope (Nikon, Japan), using a 561 nm laser for excitation of the
mCherry fluorophore and/or a 488 nm laser for visualisation of the PT-yellow or
DASPEI stains. Objective used was selected depending on the experiment and

specified in figure legends.

2.7 Image analysis
The methods for image analysis are detailed in chapter 3, but briefly, Fiji (ImageJ)

(Abramoff et al., 2004) was used to measure the mean pixel intensity within
regions of interest (ROIs) drawn around the target organs, and the background
values for each well was subtracted. For each figure, the legend describes if a
data point represents the mean pixel intensity for the organ of an individual larva,

or the mean value of all larvae in the treatment group.

2.8 LC- MS/MS
Larval exposure was performed by me, sample preparation was divided by myself

and Maciej Trznadel, and LC-MS/MS was performed by Maciej Trznadel.

2.8.1 Sample preparation
Zebrafish larvae were terminated using an overdose of tricaine and transferred in

300 pL test solution to a 96 well MultiScreenuts BV Filter Plate (Merck Millipore,
Ireland). The test solution was removed under a vacuum and larvae were washed
12 times using pure water to eliminate residual test solution. Larvae were
transferred in 300 uL pure water to a 96 deep well plate (Porvair Sciences, UK)
and 300 pL HPLC- grade acetonitrile (containing an Internal Standard), was
added to each well. Samples were then homogenised to extract analytes. 900 pL
LCMS grade water was added to each well, the plate was mixed and then
centrifuged at 4000 rpm for 30 mins. The resulting supernatant from each well
was then sampled for LC-MS/MS analysis.
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2.8.2 LC-MS/MS method
Analysis was performed on a TSQ Vantage triple quadrupole mass spectrometer

equipped with heated electrospray (HESI Il) source coupled to Surveyor MS
Pump Plus HPLC pump with HTPC PAL autosampler (all Thermo Fisher
Scientific, San Jose, CA). Chromatographic separation was achieved using
reversed-phase, 3 um patrticle size, C18 Hypersil GOLD column 50 mm x 2.1 mm
I.d. (Thermo Scientific, San Jose CA, USA). All analytes apart from clarithromycin
were separated using a linear gradient of water and methanol, both containing
0.1% of formic acid. For separation of clarithromycin, methanol and water were
spiked with aqueous ammonia at 0.1%. The initial conditions for the gradient
comprised 20% of methanol with formic acid, which was increased to 100% in 1.5
min and maintained for another 1.5 min before returning to the initial 20%. The
flow rate was 500uL/min. A slightly altered programme was used for separation
of APAP, which started with 5% of solvent and increased to 100% in 1.5 min. This
was maintained for 1.5 min and returned to initial conditions for another minute,
with a flow rate of 400 uL/min.Temperature of the autosampler was set at 6°C,

while the column was kept at a room temperature.

The HESI probe was operated in both positive mode with an ion-spray voltage of
3.75 kV and negative mode with 2.7 kV. The heated capillary temperature was
set at 275°C and the vaporizer temperature was 350°C. Nitrogen was used as
sheath and auxiliary gas at a pressure of 60 and 2 arbitrary units, respectively.
The argon CID gas was used at a pressure of 1.5 mTorr and the optimum collision
energy (CE) for each MS-MS transition was automatically optimised by the
software. Quantification of the analytes was performed using characteristic
multiple reaction monitoring (MRM) transitions of precursor/product ions for each
compound as listed in Table 2.2. Internal concentrations were quantified using an
Internal Standard method.

67



Table 2.1 Multiple reaction monitoring (MRM) transitions of precursor ions
of compounds of interest.

Compound Parent ion Product ion Collision lonisation
(m/z) (m/z) energy (ev) Mode
Atenolol 267.2 145.2 26 +
Ibuprofen 205.1 161.4 5 -
Cyclophosphamide 261.0 140.1 21 +
Clozapine 327.1 270.1 22 +
Desmethyl clozapine 313.1 192.1 41 +
Doxorubicin 544.2 397.1 12 +
Diclofenac 294.0 250.2 14 -
Clarithromycin 748.5 158.1 29 +
Paracetamol 1521 110.1 17 +

2.9 Statistical analysis
All data analyses were performed using GraphPad Prism (version 9.3.0 for

Windows, GraphPad Software, San Diego, California USA, www.graphpad.com).
Data were first tested for normality using the Shapiro-Wilk test. Data that passed
were then analysed using a one-way ANOVA followed by Tukey’'s multiple
comparisons test to compare every treatment group with every other group, or
Dunnett’s to compare experimental treatment groups with the control only. When
only a specific set of treatment groups are compared, (e.g., comparing
temperature treatments within time points) the Bonferroni test is used. Data with
more than one independent variable are analysed using a two-way ANOVA

followed by Bonferroni or Dunnett’s test.

Where data failed the normality test, they were analysed using non-parametric
Kruskal-Wallis tests followed by Dunn’s multiple comparison test. Results of
multiple comparisons are reported as multiplicity adjusted P values in order to

account for the number of comparisons and minimise the false discovery rate.

Experiments consisting of only 2 treatment groups were tested using a t-test, or

nonparametric data was tested using Mann-Whitney.

Statistical analysis tests used on each experiment are specified in figure legends,
as are the sample sizes and number of replicates. With the exception of data
presented in Chapter 6 (where replicates are collated into one figure),
experimental replicates are presented separately.
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Chapter 3- Imaging tools for
chemical effects assessment

3.1 Introduction
As explored in Chapter 1, TG zebrafish are a popular tool for the assessment of

chemical effects, and there are a range of imaging platforms available for their
assessment, each with their own advantages and caveats. (Semi-) automated
platforms can be used for HTS, for example via automatic loading of the embryos
using microfluidics such as in the VAST system, which allows for more samples
to be assessed more rapidly (Chang et al., 2012). More recently, the Acquifer
(Acquifer, Karlsruhe, Germany) has been developed which can achieve high
throughput through semi-automation, and has previously been used to screen
pharmaceuticals, for example, for developmental nephrotoxicity (Westhoff et al.,
2020). One of the main advantages of the Acquifer is the rapid, uniformed
orientation of the samples which is achieved with a 3D printed orientation tool
(Wittbrodt et al., 2014). This streamlines the mounting process as the wells are
pre-prepared with agarose grooves, so embryo-larvae do not have to be
individually embedded in agarose, and the animals can be conveniently
manipulated into the same orientation which also allows for rapid and consistent
visualisation. Additionally, the plate sits on a fixed stage and the camera itself
moves, meaning the samples are not disturbed during image acquisition (see Fig.
3.1). The Acquifer can also be pre-programmed with auto-focus and positioning
protocols, allowing a 96-well plate to be scanned automatically in as little as 20
minutes. Where only one z-slice and one channel (e.g., brightfield) is needed,
with no autofocus and just a pre-set z-centre, a plate can be scanned in 2

minutes.
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Figure 3.1 Diagram of Acquifer set up, showing the moving optics block on a
linear motor below the fixed stage, and the larva positioned in an agarose groove.

However, as discussed in Chapter 1, HTS platforms often achieve rapid image
acquisition at the expense of resolution. Therefore, the application of the Acquifer
was compared against a confocal microscope (Nikon, Japan). The confocal is a
popular high content platform and can achieve <micron resolution with a high
signal:noise ratio (Jemielita et al., 2013). In contrast with the Acquifer which uses
an LED fluorescence excitation light source for widefield imaging of the whole
sample (Westhoff et al., 2020), the confocal scans the sample using a focussed
laser beam to excite the fluorophores, and a pinhole to block out-of-focus light
(Jonkman et al., 2020). The result is a higher resolution image with improved
signal:noise ratio and better Z- resolution, but a slower acquisition time.
Additionally, the throughput of a confocal microscope is limited due to the time-

consuming process of embedding the embryo-larva in agarose.

In the current chapter, two TG zebrafish models were used to optimise and refine
the application of the Acquifer. ERE:GFP, generated by (Lee et al., 2012a), uses
the GFP reporter gene the expression of which is driven by the oestrogen
response element (ERE) promoter, along with the Gal4ff-UAS amplification
system, to visualise activation of ERs. This model is well established, having been
used to answer a myriad of questions about the risk of oestrogenic compounds

in the environment since 2012. These include identifying vulnerable target organs
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(Lee et al., 2012a) and more recently assessing the oestrogenicity of
environmental samples (Cooper et al., 2021b), showing continuous use of the

model.

The second model, EpRE:mCherry, is a novel TG model developed by Mourabit
et al. 2019 to visualise the OS response. This model consists of a red fluorescent
reporter (mCherry), the expression of which is driven by the EpRE, a gene which
is part of the Nrf2/Keapl signalling cascade that plays a significant role in
mediating the anti-oxidative defence system (Osburn & Kensler, 2008). This
model is still relatively new, having so far only been tested on a limited range of
chemicals (Mourabit et al., 2019), but crucially, OS is a common initiating

mechanism in a wide range of organ specific toxicological responses.

2 key reference compounds with well characterised effects were used to develop
the imaging methods applied in the rest of the project, including in the
identification of target organs and tracking the development of a fluorescent
signal over time. The first reference compound was EE2, a potent oestrogen
used in the contraceptive pill which is frequently detected in surface waters
(Laurenson et al., 2014). The presence of EE2 in the environment is of significant
concern as it has been linked to the feminisation of fish (Jobling et al., 2002;
Lange & Paull, 2009) with possible population-level effects (Hamilton et al.,
2015). EE2 has also been found to interfere with many physiological process in
a range of species including brain development in mice (Derouiche et al., 2015),
heart function in bullfrog tadpoles (Salla et al., 2016) and tissue regeneration in
zebrafish larvae (Sun et al., 2018). Here, EE2 was used to induce an oestrogenic

response, and hence elevated expression of GFP in the ERE:GFP TG zebrafish.

The second pharmaceutical was paracetamol (APAP), a known pro-oxidant used
previously to develop the EpRE:mCherry model (Mourabit et al., 2019), and used
here to develop methods for imaging the OS model as it is a known pro-oxidant
shown to induce OS in a range of species (Gomez-Olivan et al., 2012; Nogueira
& Nunes, 2021; Wang et al., 2017). APAP is one of the most popular drugs
globally, and among the top 3 prescribed drugs in the UK by weight (Sebastine &
Wakeman, 2003). Although it is easily biotransformed and not very persistent in
the environment, APAP’s continuous influx into the aquatic environment via
sewage exceeds its rate of transformation (Santos et al., 2013) and so APAP can

be considered pseudo-persistent. Hence, it has been detected in concentrations
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up to 0.04 uM in European waste water treatment plant (WWTP) effluent (Ternes,
1998), and up to 0.43 uM in a UK river (Roberts & Thomas, 2006).

The efficacy of the Acquifer was then compared against that of a confocal
microscope by focussing on 2 types of tissue which can be challenging to
visualise in a 4 dpf larva without a suitable microscope: the pronephric kidney

and neuromasts.

The pronephros is a simple primitive renal structure comprising a central single
glomerulus, with two renal tubules that run down each flank of the animal
(pronephric convoluted tubules; PCTs) leading into pronephric ducts (PDs) (Fig.
3.2). It is a major sight of detoxification and hence vulnerable to OS induction by
APAP. Each segment of the tubule has a specialised role, broadly mirroring the
functional segmentation of the more advance mesonephros and mature kidney
of high vertebrates (Wingert & Davidson, 2008). Proximal tubule cells, for
example, are particularly vulnerable to the effects of OS as their role is to
reabsorb solutes and so preferentially concentrate toxins from the filtrate (Basile
et al., 2012; Sanz et al., 2008), in addition to their reliance on aerobic respiration

which makes them further susceptible to OS (Chevalier, 2016).
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Figure 3.2 Segmentation of the zebrafish pronephros from a [top] lateral and [bottom] ventral view. (G) Glomerulus,
(N) neck, (PCT) pronephric proximal tubule, (PST) pronephric straight tubule, (DE) distal early, (DL) distal late, (CD)
collecting duct. Adapted from Drummond and Davidson 2010.
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The pronephric tubules (PTs) can be challenging to visually distinguish in a
developing larva as they are small, relatively transparent and located deep within
the larva adjacent to the spinal column. To overcome this, a fluorescent stain,
PT-yellow (Sander et al., 2015), was used to allow easier visualisation of the
tubule and better determine the location of the OS mCherry signal in APAP-
treated EpRE:mCherry larvae. In addition, the preferential staining of the proximal
convoluted tubule (PCT) by PT-yellow allows delineation between the PCT and
glomerulus. These images were compared with those acquired using the Acquifer

to assess the resolution of the higher throughput platform.

Neuromasts are mechanosensory organs comprising a ring of supporting cells
around a central cluster of mechanosensory hair cells, functionally equivalent to
those found in the inner ear of mammals, present at several points along the
lateral line of bony fish (Fig. 3.3) (Froehlicher et al., 2009; Ghysen & Dambly-
Chaudiere, 2004; Metcalfe et al., 1985). The lateral line detects water movement
and low frequency vibrations, essential for prey detection and predator avoidance
(Buck et al., 2012; Ghysen & Dambly-Chaudiére, 2004).

Hair cell

Mantle cell

Figure 3.3 The fish lateral line [a] Pattern of primary neuromasts (green dots)
deposited along the lateral line by the end of embryogenesis [B] Diagram of the
neuromast, showing the hair cell surrounded by support cells. Taken from

Ghysen and Dambly-Chaudier, 2004
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Ototoxic (hearing-damaging) drugs, such as aminoglycoside antibiotics, are
known damage these cells (Buck et al., 2012; Owens et al., 2009) and so the
zebrafish lateral line has become a popular surrogate for ototoxicity (Froehlicher
et al., 2009). The chemotherapeutic drug cisplatin (Cis), which is detected in
European surface waters in the low pM range (Queirés et al., 2021), has
previously been shown to induce OS in the neuromasts of the EpRE:mCherry
model, detected using confocal microscopy (Mourabit et al.,, 2019). As
neuromasts occur at distinct points along the body of the larva and can be difficult
to visualise, the fluorescent stain DASPEI, which stains the pronephric tubule,
was used here to aid identification and provide a diffuse fluorescent signal to
challenge the sensitivity/resolution of the Acquifer.

The Acquifer has received little use in the field of ecotoxicology and so here, the
methods for its application for TG model assessment were optimised. The
method was furthermore compared with confocal microscopic assessment, using
a range of chemicals and TG models to refine their applications. To direct this

work, there were three main questions:

a. How can a novel high throughput imaging platform (the Acquifer) be
effectively applied for chemical effects assessment?

b. What are the benefits and limitations of the Acquifer as an imaging
acquisition system?

c. How does the application of the Acquifer compare with confocal microscopy

(as a higher content, but lower throughput platform)?

3.2 Methods

3.2.1 Fish husbandry
All OS measurements were conducted using EpRE:mCherry zebrafish and the

oestrogenic response was assessed in ERE:GFP zebrafish larvae. Both strains

of zebrafish were maintained under the same conditions (see Chapter 2, section
2.1).

3.2.2 Chemical exposure

Unless stated otherwise, embryos were exposed to the drug of interest from 6 hpf
(hours post fertilisation) and anaesthetised using 0.4 g/L MS222 before imaging

at 3, 4, or 5 dpf (days post fertilisation). In order to optimise the parameters for
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assessing mCherry fluorescence on the Acquifer, it was used to assess a known
response and so the first APAP assay follows the protocol used by the
researchers who first developed the EpRE:mCherry model (Mourabit et al., 2019)
in that embryos were dechorionated and exposed from 2 to 4 dpf. For full details

of exposure methods used, see Chapter 2 section 2.4.

Ethinyl estradiol (CAS no. 57-63-6) was purchased from Sigma-Aldrich, Dorset,
UK, dissolved in 100 % methanol to make 0.7 mM stock, stored in -20°C, and
dissolved in system water on day of exposure. Paracetamol (APAP) (CAS no.
103-90-2) was purchased from Sigma-Aldrich, Dorset, UK and dissolved in 0.5
% DMSO on day of exposure to make 50 mM stock. Cisplatin (CAS no. 15663-
27-1) was purchased from Merck, Darmstadt, Germany, dissolved in 0.5 %
DMSO to make 1.7 mM stock, stored in -20°C, and diluted in system water on

day of exposure.

For time-lapse imaging of embryo-larvae in which larvae were cultured in the
Acquifer for up to 19 hours, the 1.5 % agarose used in the 96-well plate (see
section 3.2.3) was also impregnated with 0.4 g/L MS222 and the corresponding
concentration of EE2 to avoid leaching of the compounds which may have altered

the exposure concentrations.

3.2.3 Staining
Larvae exposed to Cis were also stained on day of imaging using DASPEI (2-(4-

(dimethylamino)styryl) -N-Ethylpyridinium lodide) (CAS no. 3785-01-1; Sigma-
Aldrich, Dorset, UK) to visualise the neuromasts. Larvae were removed from
dosing solution and incubated in 0.005% DASPEI (1 larvae per well of a 96 well
plate in 2ml solution) for 20 minutes. Larvae were then washed in clean system
water 3 times and then anaesthetised and imaged using either a 470 nm light on

the Acquifer or 488 nm laser on the confocal microscope.

To identify the PT, 3 dpf larvae exposed to APAP were stained with BDNCA3-D2
(PT-yellow) (Generon, Slough, UK) and imaged the next day. 100 uM stock in 56
% DMSO was made up prior to the experiment and stored in a -20°C freezer.
After method optimisation adapted from (Sander et al., 2015), 72 hpf larvae were
incubated for one hour in 100 nM (0.06 % DMSO) of the stain. Larvae were then
washed three times and returned to exposure media until imaging at 96 hpf. The

use of 100 nM was higher than recommended by (Sander et al., 2015) and the
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stain was visible in the yolk and gastrointestinal tract (Gl) in addition to the PCT,
but this was the only concentration at which the tubule could be clearly seen. On
day of imaging, the stain could be visualised under 488 nm laser on the confocal

microscope.

3.2.4 Image acquisition on the Acquifer
Exposed larvae anaesthetised using 0.4 g/L MS222 were transferred in 100ul

exposure media to a 96-well microtiter plate containing agarose imprinted using
a 3D printed moulding tool to create grooves (Wittbrodt et al., 2014) (Fig. 3.4).
Embryos were manoeuvred into these grooves to ensure uniform orientation on

their left lateral side for optimum visualisation of the pronephros and liver.

Figure 3.4 Photo of example orientation tool. Taken from Wittbrodt et al. 2014

The plate was first scanned on 2x objective using no fluorescence channels and
only 1 z slice, with no focussing. This allowed for an entire 96 well plate to be
scanned in two minutes and facilitated a rapid assessment of the larvae so
incorrectly positioned or phenotypically aberrant (in which the fluorescence could
not be accurately measured) larvae could be deselected prior to the higher
content scan. At this stage, the exact positioning of the larvae on the X and Y-
axis in the well could be selected using the centring tool (Fig. 3.5). Using this
function, the desired field of view for a higher magnification could be pre-selected
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for each individual larva and programmed into the script for a follow-up higher

content scan.

The plate was then scanned a second time using 4x or 10x magnification, and
the relevant fluorescent channel (595 nm for red fluorescence to capture the
mCherry fluorophore, and 470 nm for green fluorescence to capture the GFP), in
addition to brightfield. The intensity and integration for the fluorescence channels
were optimised for each experiment to compromise between maximum sensitivity
(i.e., in order to capture the weakest fluorescence) and avoiding oversaturation
of the signal, which would negate efforts to measure a concentration-dependent
response and potentially mask more subtle signals. Therefore, absolute values
in intensity cannot be compared across experiments, but relative changes

between control and experiment treatment groups can be.

During the second scan, an autofocus protocol was used to automate acquisition.
This autofocus script was optimised using trial-and-error to compensate for
variation between samples in position on the Z-axis used 15 z-slices at dZ=75um,
1x1 binning under brightfield at 50% intensity and 50ms integration. Once the
algorithm had selected a suitable Z-centre, a Z-stack of 11 Z-slices with dZ=8 um

was captured, optimised to capture the whole depth of the pronephros and liver.

3.2.5 Image acquisition on the confocal microscope
Anaesthetised larvae were embedded in 1 % agarose and imaged manually. For

full details see Chapter 2 section 2.6.

3.2.6 Image analysis
Images were analysed using Fiji (ImageJ) (Abramoff et al. 2004). After efforts to

automate image analysis proved unviable, the images were analysed manually.
This was due to high levels of noise particularly in the EpRE:mCherry model,
along with natural variation in the larvae and in their position in the Z- axis (Jeremy
Metz, personal communication). Using the selection tools, regions of interest
(ROIs) were drawn around each of the target organs (liver, PT, PD, GI, and heart)
plus an agarose only selection to provide a background measurement. After
extensive method optimisation these ‘templates’ were designed to be slightly
oversized to ensure the whole organ was captured, and the same templates
between treatment groups, in order to avoid bias by only drawing around obvious
fluorescence. The mean fluorescence within these ROIs was taken, and the

background fluorescence for each well subtracted from each ROI.
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Other methods for image analysis were considered, such as the use of
thresholding for pixel selection, however the methods described above were

found to be the most time-efficient, reproducible and least bias.

For images of the PT-yellow stain acquired using the confocal microscope, a co-
localisation analysis was performed using the JACoP plug-in (Bolte &
Cordeliéres, 2006) on Fiji to quantify the overlap in pixels between images of the

same sample taken using a red laser and a green laser.

3.2.7 Statistical analysis
See Chapter 2 section 2.9.
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Figure 3.5 Screenshot of the Acquifer Plate-Viewer V1.7.1. [Top]The Plate-
Viewer can be used for rapid assessment of the larvae on low magnification and
selection of the field of view (marked by A) for a follow-up scan using a higher
magnification. [Below] The plate has been scanned on a higher magnification
using the field of view selected in (A), and a Z-stack has been captured for each
well. The images show an overlay of the bright field and green channels for 4 dpf
ERE:GFP larvae, with ERE activation indicated by green fluorescence in the liver.
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3.3 Results
3.3.1 Response of ERE:GFP to EE2

The Acquifer was first used to assess the oestrogenic response to EE2 in the
ERE:GFP model at 4 dpf. This allowed the rapid identification of the liver as a
target organ, which reliably exhibited detectable, concentration-dependent

fluorescence in response to EE2 exposure at 0.034 nM (Fig. 3.6).

The heart also expressed GFP, although it did not appear as sensitive as the liver
it was only significant at 0.067 nM EE2. The signal was also much weaker

compared to the liver and not consistently detectable.
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Figure 3.6 Fluorescence response in 96 hpf ERE:GFP larvae aqueosly
exposed to EE2. Data points show the mean values of the mean pixel intensity
within the heart or liver for 12 larvae per treatment group, error bars show the
SEM. Data were not normally distributed and so analysed using a Kruskal-Wallis
test followed by Dunn’s multiple comparison test. Asterisks represent significant
difference from the clean water control (CW): * = P<0.05, ** = P<0.005, *** =
P<0.0005, **** = P<0.0001. Insert shows 96 hpf larva exposed to 0.067 nM EE2
as [i] green channel only and [ii] composite image. [iii] shows composite image of
an ERE:GFP larva exposed to CW only as a comparison. Scale bar shows 500
pum. The heart is not as easily visualised as the liver.
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The ERE:GFP model was then imaged daily under a range of EE2 concentrations
to understand the temporal profile of the oestrogenic response (Fig. 3.7). Again,
no significant fluorescence was detected in the 0.017 nM treatment group.
Interestingly, an oestrogen response was detected in the 0.034 nM group as early
as 2 dpf, but not in the 0.067 nM until 3 dpf. The most dramatic increase in
fluorescence intensity was seen in the top 2 concentrations between 3 and 4 dpf.
Again, the heart did not show a concentration-dependent response, and a signal

was not detected at all in the heart until 4 dpf.
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Figure 3.7 Fluorescence response over time in the liver of ERE:GFP larvae
treated with EE2 [Top] Example images of ERE:GFP larvae aqueously exposed
to 0.067 nM EE2. Scale bars show 500 um. [Bottom] The same larvae were
imaged at 2, 3 and 4 dpf, and were transferred to fresh exposure media in
between each time point. Data shows the mean values for mean pixel intensity
within the liver of 20 larvae, error bars show the SEM. Data was normally
distributed with equal variance and so analysed using an ANOVA followed by
Dunnett’s test. Asterisks indicate significant difference from the clean water
control group for the corresponding time point: * = P<0.05, ** = P<0.005.
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The daily imaging highlighted 3-4 dpf as the time period of greatest increase in
ER response from the previous time point (Fig. 3.7). The temporal resolution of
the imaging system was then tested by taking hourly images of the larvae during
and around this window (Fig. 3.8), to find if the profile of the ER response could
be tracked in even finer detail. A continuous imaging period of 24 hours was
attempted, however, after 6 — 17 hours in the anaesthetic, larvae began to show
necrotic brain tissue, and cardiac oedemas could be observed after a minimum
of 3 hours in all larvae regardless of chemical treatment (Fig. 3.9). The

experiment was therefore terminated after 19 hours.

Fig. 3.9 shows an example 4 dpf larvae from the time lapse experiment along
with the cumulative frequency distribution showing how rapidly cardiac oedema
or necrotic brain tissue were first noticed. Not all larvae developed oedemas, or
were angled in a way that made the development of an oedema clear, hence this
value has a smaller N. The histogram also illustrates that oedemas began to
develop before brain necrosis was clear. The median value for onset of the

oedemas was 9 hours, while for the brain necrosis this was at 12 hours.

No significant changes in the oestrogenic response were detected during this
time, although some individuals in the 0.034 nM and 0.067 nM EE2 treatment

groups showed a downward trend in fluorescence intensity (Fig. 3.8).

Subsequent time-lapse experiments were limited to 10 hours, and although the
larvae did not show such a severe reaction to the extended anaesthesia (only 47
% of larvae developed oedemas during the period, and no tissue necrosis was
observed), no change in GFP fluorescence was detected (Fig. 3.8).
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Figure 3.8 Hourly imaging of ERE:GFP larvae agueously exposed to arange
of EE2 concentrations from 6 hpf. Each line shows the mean pixel intensity
within the liver of an individual larva (12 larvae total per treatment group).
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Figure 3.9 One example 4 dpf ERE:GFP larva aqueously exposed to 0.067
nM EE2 from 6 hpf, shown at 3 time points from the start of the time lapse
to 19hrs of continued anaesthetic exposure on the Acquifer (brightfield
channel only). Of particular interest is [A] the darker tissue in brain which also
becomes more swollen, indicating necrosis, and [B] the swelling of the membrane
around the pericardial sac, indicating an oedema. Necrotising tissue and
declining optical clarity hindered the accurate measurement of tissue-specific
fluorescence. Insert shows a cumulative frequency distribution histogram for the
hour of onset for cardiac oedema and brain necrosis in the larvae presented in
fig. 3.8 (i.e., total 96 larvae anaesthetised at 4 dpf for 19 hours).
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3.3.2. Response of EpRE:mCherry to APAP
The pronephros (PT and PD) and liver were confirmed as tissues vulnerable to

APAP-induced OS in the EpRE:mCherry model. A significant level of OS was
observed in the liver at 2.5 and 5 mM APAP, but not at 1.25 mM APAP (Fig. 3.10).
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Figure 3.10 Fluorescence response in 4 dpf EpRE:mCherry larvae exposed
to APAP, imaged using an Acquifer. Embryos here were exposed using the
same protocol as Mourabit et al. 2019: embryos dechorionated and exposed to
APAP at 2 dpf. [Left] Data shows the mean values (+/-SEM) of mean pixel
intensity within the organ for 12 larvae per treatment group. Data were non-
normally distributed so analysed using a Kruskal-Wallis test followed by Dunn’s
multiple comparison test * = P<0.05, ** = P<0.005, *** = P<0.0005, **** =
P<0.0001. [Insert] [i] red channel only and [iij Composite image of 4 dpf
EpRE:mCherry larva exposed to 5 mM APAP from 2 dpf, showing strong
fluorescence in the [A] PD; [B] PT; [C] liver. A strong red signal in the eye is a
marker for the TG line and is present regardless of chemical treatment. [iii] shows
a composite image of an EpRE:mCherry larvae exposed to SC (0.5% DMSO)
only for comparison.
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3.3.3. Comparison of Acquifer with confocal microscopy

3.3.3.1 Tissue identification and signal localisation
In order to confirm the identity of the organ labelled [B] in Fig. 3.11, the fluorescent

stain PT-yellow was used, which is taken up by the PCT and appears green.
(Sander et al., 2015). Fig. 3.11 confirms that OS is detected in the head of the
pronephros, but a strong red signal can also be seen in the tissue adjacent to the
stained PCT. This tissue is believed to be the glomerulus, as the stain is excluded
from the tissue and by moving through the Z stack, the PCT can be seen leading

medially into it.

When the PCT and glomerulus were analysed separately, a stronger fluorescent
signal for OS appeared to be detected in the glomerulus than the PCT, both in
SC and APAP-treated larvae (Fig. 3.12). However, the red fluorescent signal also
appeared to follow the green fluorescence (i.e., the stain) intensity profile closely
across the PCT until the glomerulus where the green fluorescence vanishes and
the red fluorescence reaches its strongest peak (Fig. 3.12). Further, a co-
localisation analysis of the PCT and glomerulus together (from now on collectively
referred to as the pronephric tubule) captured on the confocal, using JACoP on
ImageJ gives a mean Pearson’s coefficient of 0.474 (SEM 0.0326; N=20),
indicating a weak but positive correlation between the 2 fluorescent signals and

therefore suggesting co-localisation.

3.3.3.2 Resolution of the Acquifer versus confocal microscopy:
pronephros
Fig. 3.11 shows that the Acquifer can detect the fluorescence emitted by the PT-

yellow stain in the PCT [A]. However, the organ is less clearly defined in the
Acquifer images compared with the confocal, and it is more difficult to track the
PCT laterally or medially to find where it joins with the glomerulus (based on the
images acquired by the confocal, this is assumed to be [B]). This complicated the
precise identification of the tissue which is emitting the red fluorescence (i.e.,

experiencing OS).

To test the resolution of the Acquifer whilst still achieving medium-high
throughput, the stained embryos were automatically imaged using the standard
protocol with some adjustments made to the auto-focus parameters to optimise
resolution. However, only 8 out of 59 embryos imaged on 10x magnification

showed clear visualisation on the PCT on the green channel (considered as
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showing sharp edges of the tubule). Given the success of the stain when embryos
were imaged on the confocal, this unlikely to be due to poor uptake of the stain.
At 20x magnification, even manual focussing could only achieve poor

visualisation of the PT.
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Figure 3.11 4 dpf EpRE:mCherry larva exposed to 2.5 mM APAP from 6 hpf
and stained using 500nM PT-yellow, imaged on [i] confocal and [ii] Acquifer.
The PT-yellow stain is shown in green and mCherry fluorescence is shown in red.
The PT-yellow stains the PCT [A] but is excluded from the glomerulus. Scale bar
shows 100 um and images are uncropped; they are different dimensions due to

the differing platforms used.
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Figure 3.12 Difference in mCherry fluorescence intensity between the glomerulus and the PCT. [i] Confocal image of a 4 dpf larva
exposed to 2.5 mM APAP from 6 hpf and stained with 500 nM PT-yellow, and [ii] the corresponding intensity profile of the red fluorescence
(OS) and green fluorescence (PT-yellow stain) along the white arrow. [iii] Mean pixel intensity of the PCT and glomerulus in 4 dpf larvae
exposed to a solvent control (SC) or 2.5 mM APAP (each data point represents an individual larva). Line shows median value, N=4.
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3.3.3.3 Resolution of the Acquifer versus confocal: neuromasts
In further investigation of the resolution of the Acquifer, this system was used to

image the neuromasts of 4 dpf EpRE:mCherry larvae following exposure to Cis,
a known ototoxin which had previously been shown to induce significant OS

neuromasts of the EpRE:mCherry model (Mourabit et al., 2019).

Although the neuromasts were visible using the DASPEI stain on the Acquifer
(Fig. 3.13) as well as the confocal (Fig. 3.14), no change could be detected in the
red fluorescence channel (i.e., OS) on the Acquifer. Fig 3.15 shows that larvae
imaged using the Acquifer show no significant OS, signified by no change in the
mCherry signal, whereas the confocal images suggest there was a significant
increase in OS in embryos exposed to 0.3 uM versus the SC group. Further, the
confocal shows that at 10x this concentration the red fluorescence was
significantly lower than the control, and no neuromasts could be identified using
the DASPEI stain (suggesting they had been destroyed).
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Figure 3.13 4 dpf EpRE:mCherry larvae exposed to cisplatin or SC from 6
hpf and stained with DASPEI to identify neuromasts and imaged on
Acquifer on 4x magnification. [Left] red channel shows oxidative channel and
[right] green channel shows DASPEI stain. Scale bar shows 500um. Insert shows
a larva from SC treatment group, shown as an overlay of red and green images,
focussed on the tail. Contrast of images have been modified to aid visualisation
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Figure 3.14 4 dpf EpRE:mCherry larvae exposed to cisplatin or SC from 6
hpf and stained with DASPEI to identify neuromasts and imaged on
confocal on 4x magnification. [Left] red channel shows oxidative channel and
[right] green channel shows DASPEI stain. Scale bar shows 500um. Insert shows
a larva from SC treatment group, shown as an overlay of red and green images,
focussed on the tail. Contrast of images have been modified to aid visualisation
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Figure 3.15 Difference in OS levels in neuromasts of 4 dpf EpRE:mCherry
larvae exposed to cisplatin from 6 hpf, detected using confocal microscopy
compared with the Acquifer. Fluorescence intensity is measured as the mean
pixel intensity within 6 neuromasts, and given as the mean values (+/- SEM) from
12 larvae per treatment group. Imaged on [top] confocal and [bottom] Acquifer.
Data were not normally distributed and therefore analysed using a Kruskal-Wallis
test followed by Dunn’s multiple comparison test * = P<0.05, ** = P<0.005, *** =
P<0.0005, **** = P<0.0001.
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3.4 Discussion
The data presented in this chapter showed that the Acquifer is suitable for

chemical affects assessment of TG zebrafish and has demonstrated this using
two TG models: ERE:GFP using EE2 and EpRE:mCherry using APAP. The
mounting process in agarose grooves make it suitable for rapid assessment of a
large number of embryo-larvae, whilst also allowing for repeated imaging of the
same individuals across multiple days. However, the closed static system is not
suitable for long term culturing of embryo-larvae to achieve time-series data. As
expected, the Acquifer also cannot achieve the same level of sensitivity in terms
of fluorescence detection as confocal microscopy, nor spatial resolution.

3.4.1 Chemical effects assessment of ERE:GFP and EpRE:mCherry zebrafish
3.4.1.1 ERE:GFP
The system tested here was not as sensitive as previous responses detected

using the ERE:GFP model: significant GFP induction from 0.034 nM EE2
exposure (Fig 3.6; well above environmental concentrations (Laurenson et al.,
2014)) compared to 0.003 nM EE2 reported by Lee et al. (2012). This difference
in sensitivity may be due to the different imaging platforms used (Lee et al. used
a confocal microscope) or the use of a later generation in the present study
compared to Lee et al's. Later generations of TG models can experience
progressive reduction in transgene expression through successive generations
of animals, caused by a range of mechanisms. TG lines which incorporate
Gal4/UAS amplification systems, as the ERE:GFP model does, are particularly
vulnerable to epigenetic gene silencing over generations due to methylation of
the UAS copy (Goll et al., 2009). Methylation of UAS could be confirmed using a
variety of methods intended for analysis of DNA methylation of specific genes of
interest, such as digestion-based assay followed by PCR or gPCR, or bisulphite

conversion followed by sequencing (Kurdyukov & Bullock, 2016).

The identification of the liver as a target organ of EE2 is consistent with previous
reports using this TG model (Lee et al., 2012a) and other TG models such as
ERE-Kaede-casper (Green et al., 2018). Additionally, Hao et al. 2013 reported
that most 17B-estradiol (E2)-responsive genes at this age, including those
encoding vitellogenin, were predominantly located in the liver (Hao et al., 2013).
In contrast with the data presented here, Hao et al. also observed E2-induced
GFP and upregulation of oestrogen-responsive genes in the pancreas. A

pancreatic signal could not be seen in the ERE:GFP model used here, although
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it is possible that the bright signal from the liver masked the pancreas, as the 2

tissues are located close to each other.

The detection of a fluorescent signal in the heart is also in line with what is known
about the impact of oestrogenic compounds on heart valves. There is strong
evidence in the literature for the influence of oestrogenic compounds on heart
valve development (Brown et al., 2019; Green et al., 2018; Moreman et al., 2018),
including observation of fluorescence in the heart in this model previously (Lee et
al., 2012a). Previous studies have suggested that the heart valves are more
sensitive than the liver (Moreman et al., 2018). The weaker and less consistent
signal observed here may be a result of pigmentation covering the pericardial sac
blocking the area of fluorescence characteristic of the heart valves. The
ERE:GFP model has also been developed in a pigment-free casper background
(Green et al., 2016), which avoids this problem, however this line spawned less
reliably and produced larvae that less frequently expressed fluorescence and so
was not suitable for the development of the Acquifer methods in the present

study.

3.4.1.2 EpRE:mCherry
A significant level of OS was detected in the PT, PD and liver of EpRE:mCherry

larvae at an APAP concentration of 2.5 mM (Fig. 3.10), although this model
previously had shown a response in the liver at concentrations as low as 1.3 mM
(Mourabit et al., 2019). This suggests either that the Acquifer is not as sensitive
as the confocal (as used by Mourabit et al.), or the model has lost sensitivity over
the generations, similar to the ERE:GFP model. However, throughout the course
of this project, new generations of EpRE:mCherry zebrafish were compared
against their parents for APAP-induced fluorescence intensity and sensitivity
(Chapter 4 section 4.3.1), and these were found to be consistent. Later, it was
found that the model could detect lower APAP concentrations when exposed from
6 hpf as opposed to 48 hpf, and this provided a standard protocol with a known
response against which the effects of other pharmaceuticals could be compared

(see Chapter 4 for development of the model).

3.4.2 Application of the Acquifer for capturing time-series data
The Acquifer facilitated daily imaging of EE2-exposed larvae, with easy recovery

of the animals and minimal stress between time points. This allowed the

visualisation of a response profile over time to understand the ontogeny of the

99



oestrogenic response. The detection of a signal as early as 2 dpf (Fig. 3.6) is
largely in line with what is known about the expression of oestrogen-responsive
genes during embryo development. For example, previous studies have reported
upregulated oestrogen-responsive genes and activation of ERE in the brain, liver
and pancreas from 2 dpf (Gorelick & Halpern, 2011; Hao et al., 2013; Lee et al.,
2012a). The heart valves exhibit weak ERE-dependent GFP from 4 dpf, with a
stronger signal at 5 dpf (Bondesson et al., 2015; Moreman et al., 2018). This is
in line with the data shown here, as a signal was not detected at all in the heart
until 4 dpf, confirming the applicability of the Acquifer as a HTS tool for responses

in the heart.

Characterisation of the ontogeny of ER expression primarily divides the process
into 3 stages: esr2b, maternally loaded into the oocyte, is expressed until 6 hpf,
at which point there is no ER expression until 48 hpf when all ERs, but particularly
esrl, are expressed (Bardet et al., 2002). However, Lassiter et al. detected esr2a
transcripts between 24 and 48 hpf (Lassiter et al., 2002). It would have been
interesting to use the ERE:GFP model to test for an oestrogenic response at 24
hpf, but this was not possible due to the fragility and morphology of the embryo
at this stage, as it could not be positioned in the agarose mould for imaging.

One of the advantages of the Acquifer over previous HTSs (e.g. the ArrayScan
(Green et al., 2018)) is the mounting process, which consists of agarose grooves
shaped using an orientation tool (Wittbrodt et al., 2014) into which the
anaesthetised larva can be placed (still in the exposure media) and positioned
uniformly across all the wells. The rapid, uniform orientation facilitates
convenient, automated imaging of all the embryos, and leaving the larvae in
exposure media instead of embedding them in agarose means they can be easily
recovered and re-exposed in fresh media for further imaging later. Therefore, the
response profiles of individuals can be tracked. Additionally, this methods avoids
the risk of growth restriction and malformations which can arise from long-term
embedding in agarose, a rigid media which does not allow for movement or
growth of the embryo-larva (Kaufmann et al., 2012). However, because the
embryos are not embedded in the agarose, they can sometimes move within the
well, particularly at 4 dpf or older when the swim bladder is beginning to inflate
and the larvae generally become more active, causing the larva to roll or float to

the surface. Additionally, the auto-focus algorithm functions only within a pre-
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determined z-axis, therefore any larvae sat outside of this range will not be in
focus. Consequently, to ensure a minimum sample size is always achieved, more
larvae must be used in order to compensate for the small number which will not

be useable.

The Acquifer can also be used to track the development of a response over time
using repeated imaging. However, although the Acquifer successfully acquired
daily images with recovery intervals, larvae could not be held in the system for
longer than around 9 hours before they began to develop oedemas or tissue
necrosis (Fig. 3.9). The darker tissue and malformations may account for the
apparent decline in ER response over time (Fig. 3.8), as they began to attenuate
the fluorescent signal. Additionally, although the agarose was impregnated with
MS-222 and EE2 to avoid either chemical leaching out of the exposure media,
the anaesthetic did begin to lose effect for some larvae, allowing them to move

within the well and impairing the auto-focus.

The degradation of the samples may be a result of the extended anaesthetic,
and/or the closed, static system: the plate was sealed to prevent evaporation and
consequently oxygen and EE2 could not be replenished, just as waste could not
be removed. Therefore, the Acquifer system proved unsuitable for longer term
immobilisation for smaller-interval time lapses. A more suitable platform for this
kind of experiment could be fish-on-a-chip’ tools (discussed in Chapter 1) or other
microfluidics devices which allow long term culturing for time-lapse imaging of
embryo development (Zhu et al., 2019) by refreshing the levels of oxygen and

test compound, and removing waste.

Besides the issues of limited oxygen in a static system, there is also the question
of how representative the response of an anaesthetised larva is of that of a
conscious larva free to move and with unimpaired physiological processes.
Although gill ventilation is not necessary in larvae until around 14 dpf for oxygen
uptake and until 7 dpf for ionoregulation (Rombough, 2002), the larval heart rate
may have been reduced by the anaesthetic, as has been shown with adult
zebrafish (Huang et al., 2010). This potentially limited the distribution of the EE2
around the body, as well as resulting in the necrotic tissue (Fig. 3.9). The
metabolic demand of an anaesthetised/immobilised larva may also be reduced,
which consequently may alter the interaction of the test organism with the

pharmaceutical via metabolism, excretion, absorption or distribution.
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3.4.3 Assessment of tissue-specific fluorescence
The combination of the stain and confocal microscopy in Figs. 3.11 and 3.12 has

served two purposes: firstly, they have confirmed that the signal observed using
the Acquifer was located in the proximal part of the PT. For this thesis, the PCT
and glomerulus are considered collectively as the PT, as both tissues fulfil similar
functions and previous studies also do not delineate between the PCT and
glomerulus (including in previous use of the EpRE:mCherry model by Mourabit
et al. 2019). Secondly, the stain and confocal images reveals that the response
to APAP is even more localised, as the strongest OS is detected in the glomerulus
rather than the PCT.

The co-localisation value of 0.474 implying a weak but positive correlation
between the stain and OS within the PCT is only an approximation and should be
interpreted with some caution; the maximum absorbance for the PT-yellow stain
is at 548 nm (Sander et al., 2015) but here was imaged using a 488 nm laser (for
EGFP) due to availability, while mCherry was visualised using a 561 nm laser.
Hence, it is possible that a weak signal from the stain was also detected in the
mCherry image. Nevertheless, the co-localisation value can be used to imply
some overlap between the two fluorescence signals, supporting the observation
that some, but not all, the red fluorescence detected is localised in the PCT. In
further support of this, the intensity profiles of the two fluorescence signals across
the PCT follow each other closely as it travels laterally until the glomerulus, where
the stain is excluded and the OS peaks. Analysis of the PCT and glomerulus
separately also shows a greater level of fluorescence intensity in the glomerulus
(Fig. 3.12). However, the stronger signal in the glomerulus may simply be
consequence of the structure of the organ combined with the angle of imaging.
The glomerulus is a very dense organ, and so contains a high number of cells
which may undergo OS, and it sits in the middle of the body and spreads over
multiple z planes (Fig. 3.2). The PCT, in contrast, is a comparatively narrow organ
which spreads laterally along the body, occupying a narrower range of z slices
and representing a less dense collection of cells. Therefore, from a lateral
imaging angle, more cells of the glomerulus are likely to be captured in a given
area, generating a stronger fluorescence signal when assessing mean or

maximum intensity projections.
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Interestingly, the difference in intensity between the PCT and glomerulus is
reduced in larvae that have been exposed to APAP (Fig. 3.12). This suggests
that, while the glomerulus has a higher background level of OS, the PCT may be
more vulnerable to drug-induced OS. However, the small sample size (N=4)
prevents a firm conclusion from being drawn. A future study with a focus on the
pronephros and the differing roles/vulnerability of its segments may benefit from
using the EpRE:mCherry model in combination with confocal microscopy to

investigate this further.

In contrast, the images acquired using the Acquifer do not allow the precise
segmentation of the proximal part of the PTs. At higher magnifications on the
Acquifer, the fluorescence of deeper tissues became more blurred than features
on the surface such as pigmentation or topography of the skin, suggesting the
Acquifer is limited in its penetration of deeper tissue. This is likely to be related to
the use of an epifluorescence LED light source in the Acquifer, which illuminates
the entire sample, as opposed to the laser used in the confocal which excites one
z plane at atime. In combination with a pinhole to block unfocussed light, confocal
imaging can use point illumination to reduce background fluorescence
(Nwaneshiudu et al., 2012). This contrasts with the Acquifer in which
fluorescence can bleed through the different Z-slices, resulting in poorer

resolution and blurring the signal of deeper tissue (see Table 3.1).

The Acquifer has previously been shown to achieve cellular-resolution imaging
of zebrafish embryos, but these were only at 48 hpf and therefore more
transparent (Peravali et al., 2011). Pilot studies had previously established that
the Acquifer could not easily image larvae = 5 dpf as the swim bladder causes
the sample to float out of position, and the impaired capability of the Acquifer to
penetrate deeper or more opaque tissue may provide another reason it should
be used to image older larvae with more caution. To test this, a future study could
use manual embedding of the fish in agarose to test the Acquifer on older, and
therefore more optically opaque, larvae. However, this would be more time
consuming and reduce the throughput of the platform, undermining the main

advantage of the Acquifer.

The Acquifer was recently used to screen drugs for developmental nephrotoxicity
using a TG wtlb:EGFP zebrafish. In their study, Westhoff et al. were able to

visualise the entire pronephros with clear distinction of the glomerulus by using a
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dorsal view of a 48 hpf embryo (Westhoff et al., 2020). However, a dorsal view of
a 96 hpf EpRE:mCherry in the present study gave inferior visualisation of the
pronephros (on the confocal and Acquifer) due to the opacity and pigmentation
of the older larvae. If the primary aim of the study was to study nephrotoxicity, the
Acquifer would necessitate the use of a younger embryo, or perhaps the breeding
of the model in a pigment-free casper background. However, there are some data
to suggest a mitochondrial dysfunction in casper zebrafish (D’Agati et al., 2017).
This would compromise the utility of an OS TG model as the mitochondrial
electron transport chain is the main intracellular source of ROS, and
mitochondrial dysfunction itself can be a mechanism of drug toxicity (Jaeschke et
al., 2012). For further exploration of the utility of the EpRE:mCherry model, see
Chapter 4.

The limitations in sensitivity for the Acquifer were also illustrated in the imaging
of neuromasts. Although the neuromasts were visible using the DASPEI stain on
both imaging platforms (Fig. 3.13 and 3.14), no change could be detected in the
red fluorescence channel of the Acquifer whereas changes were detected in the
confocal images. It is possible that the different responses relate to the different
batches of embryos used on the different imaging platforms but, this result was
repeatable in Chapter 4 (section 4.3.3.4). This suggests that the Acquifer does
have the resolution to detect fluorescence in the neuromasts, but not the
sensitivity to detect subtle changes in the red fluorescence in these tissues. This
could also be related to the sensitivity of the cameras attached to the imaging
platforms (Table 3.1): the Acquifer uses a camera (Hamamatsu sCMOS), while
the confocal uses a combination of photosensitive detectors, such as a gallium
arsenide phosphide (GsAsP) photomultiplier tube (PMT), which are highly
efficient at detecting fluorescent wavelengths (http://cste.sut.ac.th/2014/wp-
content/uploads/2013/12/Confocal-Microscope-Al-Plus-A1R-Plus-8.pdf
Accessed 4/11/2021).

Fig. 3.15 shows that the confocal microscope detected significant induction of
mCherry fluorescence at 0.3 uM Cis (compared to the control larvae), but at 10x
this concentration, the fluorescence intensity showed a sudden drop and was
significantly lower than the control. This suggests that Cis does induce OS in the
neuromasts, but at high concentrations, Cis impairs the development of the

neuromasts, so there is no tissue to emit a fluorescence signal. This is supported
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by the fact that, at 3.3 UM, no neuromasts could be identified using the DASPEI
stain. This is in contrast to the results published by Mourabit et al. 2019, who
detected fluorescence in the PT and neuromasts in response to 50uM and
100uM. This difference may be due to the differing exposure regimens; Mourabit
et al. exposed the embryos only from 2-4 dpf, whereas the embryos in the present
study were exposed from 6hpf for 4 days. Neuromast development begins around
18 hpf with the appearance of the cranial placode from which the neuromasts will
eventually arise (Sarrazin et al., 2010), and they are deposited along the posterior
lateral line which is complete at 48hpf (Nufiez et al., 2009). 3.3 uM Cis from 6 hpf
could have interfered with this process, whereas exposure from 2 dpf has a
reduced effect on neuromasts as they are already established. The toxicity of Cis

and its effect on the EpRE:mCherry model is further explored in Chapter 4.

Together with the images of the pronephros, these data indicate that while the
Acquifer can be used to identify signals in gross landmarks of the embryo at high
throughput, it is limited in its resolution and therefore struggles to capture more

nuanced changes in fluorescence in smaller or more nebulous tissues.
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Table 3.1 Comparison of the key features of the Acquifer and confocal microscopy

Acquifer

Pros and cons Confocal

Pros and cons

IAcquisitiontime (for 2
fluorescence channels, witha z-
stack of 11 slices):

96 well plate in 23 mins (14
secs per embryo)

Rapid and requires minimal human intervention. 1 min 40 secs per embryo

Slower and not all locations/tissues can be
imaged

sample preparation time
(excluding agarose preparation)

1 hr to mount and orientate 96
embryos (38 secs per embryo)

Rapid; allows many samples to be prepared at once.
However, older larvae are more likely to move or float out of

position. 3 mins to embed one embryo

Less dependent on age oflarva, but more
time and labour intensive

Total time to mount, orientate and
image 96 larvae

1.5 hours

Rapid assessment for high throughput screening of multiple
compounds/conditions. Can detect changes in fluorescence

intensity and morphological changes in major organs. 6 hours

Far slower; cannot achieve the same
throughput but can detect subtle changes in
fluorescence in smaller or more diffuse
tissues that the Acquifer struggles to
visualise.

Samples are not disturbed during imaging, ideal as embryo-

Samples are embedded in agarose, soit is
less crucial that embryos are not moved

Stage Fixed; optics block moves larvae are resting in exposure media and agarose grooves. Mobile; camera is stationary during imaging.
Photomultiplier tube (PMT)
Hamamatsu sCMOS 2k x 2k detectors and a Nikon A1
Detector camera Less sensitive camera More sensitive
Removes need for human intervention; reducing
opportunities for bias and allowing automation to increase
throughput. However, depending on the age and quality of Manual focus on each sample impedes
samples, up to 10 % of samples fall out of the autofocus throughput and risks bias in the selection of
range and so more embryos must be used to compensate the focal plane, but doesn't require the use
iAutofocus? ves for those which may not be imaged in focus. No of extra samples
Whole sample is illuminated at once, allowing rapid image
acquisition, but light from entire sample is captured at once, One plane is excited at a time, so all light
so noise cannot be filtered out and fluorescence can bleed can be focussed and reduces background
through the different planes. At higher magnification this noise. This allows superior resolution and
results in poorer resolution and smaller tissue penetration penetration depth, but slower acquisition
Light source LED depth. laser time.
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3.4.4 Biological implications of a fluorescent signal in the transgenic model
The Acquifer was able to assess the tissue-specific, concentration-dependent

response of two different TG models in a rapid and convenient manner. The
information derived from the fluorescence response profiles can be used to

better our understanding of receptor-specific response to chemical exposure.

3.4.4.1 Oestrogenic response
The present data cannot be used to confirm which ER subtype (ESR) is

responsible for mediating the oestrogenic response to EE2 exposure observed in
the ERE:GFP model. This is due to a caveat of the TG model being that the
fluorescence is mediated via the upregulation of the oestrogen response element
(ERE), which can be activated by any one of the 3 ESRs (esrl, esrb or esr2a
(Filby & Tyler, 2005)). However, previous studies have combined the use of the
ERE:GFP model with other molecular techniques such as morpholinos in which
specific ER subtypes are knocked down to delineate the subtype-specific

responses (Moreman et al., 2018).

Existing data in the literature can be used to make inferences about the role of
specific ESRs in the oestrogenic response observed in the present study, but
there exists conflicting data on the tissue-specific expression of different ESRs.
MRNA for all three subtypes have been detected in the liver of zebrafish, although
only esrl was found to be upregulated by estradiol exposure, while esrla was
downregulated and esr2b was unchanged (Menuet et al., 2004). In contrast, RNA
in situ hybridisation of 5 dpf zebrafish showed esrl transcripts in heart valves, but
esr2a in the liver (Gorelick et al., 2014). In adult fathead minnow, esrl and esr2b
are expressed mainly in the liver, while esr2a expression was lowest. Although
there is some overlap in the distribution of the subtypes, they are believed to have
distinct physiological functions (Filby & Tyler, 2005). Esrl is known to be
expressed in the liver of many adult fish species (including zebrafish) where it
mediates oestrogen-responsive genes (Moreman et al., 2018), and so on
balance, the response seen in the liver ERE:GFP model here is most likely
mediated via esrl. GFP expression detected in the heart is also believed to be
mediated specifically via esrl and/or esr2 (Brown et al., 2019; Gorelick et al.,
2014). However, it is also known that various oestrogenic compounds can result
in distinct tissue-response profiles due to differing interactions with different esrs.
For instance, BPA has been shown to mostly activate esrl, and to a lesser extent

esr2a, in zebrafish liver cell lines (Cosnefroy et al., 2012). Indeed, another
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ERE.GFP zebrafish model has been used to show the differing patterns of ER
activation by different samples of environmental oestrogens (Gorelick et al.,
2014).

Oestrogen-dependent fluorescence in ERE:GFP showed a particularly dramatic
increase between 3 and 4 days (Fig. 3.7). This is in concordance with results
published by (Hao et al., 2013) who used RT-qPCR and microarray analysis to
show that esrl was significantly upregulated in response to EE2 exposure, with
a particular peak at 4 dpf compared to any earlier time points. In contrast, esr2a
and esr2b expression remained mostly stable across the 4 day exposure and did
not change compared to unexposed embryos (Hao et al., 2013). This also further
supports the conclusion that the response seen in the liver of the ERE:GFP model

was mediated primarily by the esrl receptor.

Exposure to EE2 has been shown to increase vitellogenin levels in the plasma
and liver of rainbow trout (Skillman et al., 2006) and directly linked to adverse
outcomes for the liver; chronic exposure to EE2 induced concentration-
dependent liver damage zebrafish (Van den Belt et al., 2001) and in least killifish
(Heterandria formosa) (Jackson et al., 2019). This damage includes nuclear
hypertrophy, cell lysis and vacuolisation of hepatic cells (Jackson et al., 2019),
and also indicates that the effects are translatable at least across teleost species.
This damage may result in reduced enzyme activity such as oxygenases required
for detoxification, potentially impairing the animal’s ability to respond to future
toxic exposures as well as exacerbating the impact of endocrine disruption on

reproduction (Jackson et al., 2019).

The fact that the fluorescence signals are only visible in ERE:GFP after treatment
with exogenous oestrogens suggest either that endogenous oestrogen levels are
too low to induce GFP expression, or that the ligands are not expressed in these
tissues during early development, despite the expression of the receptors
(Bondesson et al., 2015). Either way, the ERE:GFP model confirms the presence
of ERs at this early life stage and hence that the larva is vulnerable to the effects

of environmental oestrogens at this age

3.4.4.2 Oxidative stress
The detection of APAP- induced OS in the liver and pronephros is in line with

data previously reported on the EpRE:mCherry model (Mourabit et al., 2019).
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This is also in keeping with what is known about the role of OS in APAP toxicity,
reviewed in (Wang et al., 2017). APAP is metabolised via CYP450 enzymes to
produce the toxic intermediate N-acetyl-p-benzoquinone imine (NAPQI), which is
conjugated by the antioxidant GSH. When cellular stores of GSH are depleted,
such as by APAP overdose, NAPQI can go on to react with other proteins,
resulting in OS (Wang et al., 2017). OS can cause tissue damage via damage to
lipids, proteins and DNA, ultimately leading to cell death via apoptosis or necrosis
(Wang et al., 2017).

OS can cause liver damage specifically via lipid peroxidation (Wendel et al.,
1982). Hepatotoxicity is a well-documented consequence of APAP overdose in
humans, and is the leading cause of drug induced liver injury in the US (Rotundo
& Pyrsopoulos, 2020; Yoon et al., 2016). Liver toxicity has also been reported in
other fish species after chronic (Choi et al., 2018) and subchronic APAP exposure
(Guiloski et al., 2017). The findings of the present study may also be translatable
to human health as, although the structure of the zebrafish liver is different to that
of a mammalian liver, the main physiological processes are well conserved, such
as the role of hepatocytes in CYP P450 metabolism (Vliegenthart et al., 2014).
Indeed, the zebrafish is a popular model for studying drug-induced liver injury in

clinical applications.

Lipid peroxidation as a result of OS is also implicated in nephrotoxicity (Abdul
Hamid et al., 2012; Canayakin et al.,, 2016) and the data from the confocal
microscopy images here can be used to better our understanding of the
mechanism by delineating the tissue-specific fluorescence of the EpRE:mCherry
model. The glomerulus appeared to have a higher background level of OS,
indicated by the stronger fluorescent signal localised in the glomerulus of
chemically treated and untreated larvae compared to the PCT (Figs. 3.11 and
3.12). APAP has previously been reported to cause ultrastructural damage in the
glomerulus of rats treated with an APAP overdose (Dallak et al., 2020) and
prolonged APAP exposure (Ucheya & Igweh, 2010). However, the localisation of
the mCherry fluorescence in the glomerulus is more likely to be related to its
dense structure (discussed in section 3.4.3) rather than its vulnerability to APAP
toxicity as there is stronger evidence in the literature for OS induction in the PCT.
Indeed, the PCT showed a greater relative increase in OS detected than the

glomerulus when larvae were treated with APAP (compared to the control) (Fig.
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3.12) (albeit the small sample size used here precludes a firm conclusion). This
is in line with what is known about the distinct functions of the different
compartments of the pronephros: blood filtration occurs in the glomerulus while
the PCT is responsible for recovering important molecules such as salt, sugars
and small proteins, making it vulnerable to toxic insults (Drummond & Davidson,
2010; Sander et al., 2015). The PCT also contains a particularly dense
concentration of mitochondria and hence has high rates of oxygen consumption,
in addition to relatively low levels of endogenous antioxidants compared with the
glomerulus, making it particularly vulnerable to oxidative damage (Chevalier,
2016). The PCT has also been identified as the primary target of injury in kidney
damage or disease in humans, and damage to the PCT is considered to be the
major link between acute kidney injury and chronic kidney disease (Chevalier,
2016). Further, nephrotoxicity in patients caused by APAP overdose is typically
mediated via damage to the PT, where toxic conjugates have been found to result
in tubular epithelial cell necrosis in proximal and distal parts of the tubules (Mazer
& Perrone, 2008).

3.5 Conclusions
In this chapter | optimised the methods and parameters for image acquisition

using the Acquifer and image analysis using Fiji in a way that would allow
consistent, rapid and reliable data acquisition for the following chapters. The
Acquifer was able to capture the fluorescent signal of two fluorophores (GFP and
mCherry) reliably and rapidly across a range of tissues. However, it could not
detect a fluorescent signal in the ERE:GFP or EpRE:mCherry models at drug
concentrations as low as previously reported using other imaging platforms,
although in the case of the ERE:GFP model, this could be a result of gene
silencing in later generations rather than a limitation of the imaging platform. |
have shown that the Acquifer can be used to repeatedly image the same larva to
track the development of a fluorescent response over a number of days (at least
up to 5 dpf) but is not suitable for continuous long term culturing/imaging of larvae
as the exposure media cannot be refreshed. Additionally, although the Acquifer
could be used to identify more difficult to discern organs such as the neuromasts,
it could not capture the more subtle changes in fluorescence (in contrast to the
confocal, which could). However, the time-consuming embedding process

required for confocal microscopy and its lack of auto-focus or automated imaging
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drastically limit its throughput compared to the Acquifer (Table 3.1). Future
studies could therefore refine their experiments by using the Acquifer to screen a
high number of samples to select exposure compounds/samples for more

detailed imaging on the confocal

The images in Figs. 3.11 and 3.12 also suggest that the Acquifer cannot be used
to delineate fluorescent signal derived from the glomerulus and PCT in a 4 dpf
larva, unlike confocal microscopy. Therefore, if information was needed on
glomerulus or PCT specifically, the Acquifer may not be suitable. However, the
Acquifer can still be used to assess tissue-specific OS, including in the
pronephros, as the PT-yellow stain and confocal images confirmed the that the
signal observed in Acquifer images came from the proximal region of the PT.
Additionally, based on the literature, kidney damage most often involves both the
PCT and glomerulus. Indeed, APAP exposure in zebrafish has been linked to
both malformed PCTs and glomerulus (Peng et al., 2010).

As expected, the Acquifer cannot achieve the same level of sensitivity or
resolution as confocal microscopy, but for the purpose of this thesis (i.e., the
assessment of how multiple different conditions and compounds affect OS), this
deficit is negligible and easily made up for by the higher throughput of the
Acquifer.
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Chapter 4- Characterisation of
the TG EpRE:mCherry model

4.1 Introduction
OS occurs when reactive oxygen species (ROS) generation exceeds antioxidant

capacity leading to oxidative damage such as lipid peroxidation and DNA damage
(see General Introduction, section 1.4.3.1 for more detail). OS is a major
mechanism by which many compounds, including pharmaceuticals, exert toxic
effects as free radicals can be produced as a result of phase | metabolism (Liska,
1998). Traditional methods for quantifying OS include immunologic technigues to
measure products of lipid peroxidation such as malonic dialdehyde (MDA)
however, this method is quite non-specific (Lushchak, 2016). Other common
biomarkers include levels of oxidatively modified proteins, which can be a more
meaningful indicator than oxidised lipids as the proteins have specific roles and
so their levels of oxidation can reveal perturbation of function. Additionally, the
end products of protein oxidation are fairly stable (Lushchak, 2016). Another
biomarker of OS frequently used in ecotoxicology studies is the activity of key
antioxidant enzymes such as CAT, SOD, GPx, and the ratio of GSH:GSSG which
can be monitored using enzyme activity assays (Birnie-Gauvin et al., 2017) (see
Table 1.1 in General Introduction for a full summary). As discussed in the General
Introduction, many of these techniques are labour intensive and/or result in
sample destruction. These biomarkers also cannot provide real-time, in vivo
visualisation of the OS response across a range of tissues and so provide a
narrow view of the response both temporally and spatially, unlike the
fluorescence response of a TG model.

The TG(EpRE:mCherry) model, briefly introduced in Chapter 3, indicates OS
through the induction of red fluorescence via upregulation of the element EpRE.
The EpRE is upregulated via the Nrf2/Keapl complex as a result of excess ROS
generation (Fig. 4.1). Under normal conditions, Keapl binds to Nrf2 in the
cytoplasm, targeting it for ubiquitylation, which results in its degradation and so
keeps cellular levels of Nrf2 low. Under OS, inducers alter the structure of this
complex, resulting in the dissociation of Keapl and allowing Nrf2 to accumulate

and translocate to the nucleus. Here, Nrf2 can activate the EpRE (also known as
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antioxidant response element; ARE) and thereby upregulate a suite of antioxidant
genes (Lee & Hu, 2020).

ROS/metabolites

580

Phase Il detoxifying
enzymes and

EpRE |_’metabollc responses

Figure 4.1 Schematic of how an excess of ROS can activate Nrf2 so it can
translocate to the nucleus and bind to the EpRE, consequently upregulating the
expression of phase Il enzymes and other metabolic responses as part of the
antioxidant defence system

Chapter 3 showed the development of the Acquifer method for the assessment
of responses in this TG zebrafish larvae. The EpRE:mCherry model has
previously been assessed using confocal microscopy in response to a limited
range of chemicals (including only two pharmaceuticals) but has not been
assessed as a tool for HTS of pharmaceuticals for potential oxidative action. In
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this chapter, the application of the EpRE:mCherry model for screening
pharmaceuticals for their capacity to induce oxidative action was evaluated. To
achieve this, the study was guided by three main aims:

a. Acquire baseline data for the oxidative response quantified in the
EpRE:mCherry model, and assess the consistency of the response across
generations and experiments.

b. Assess the EpRE model for its application in screening environmental
pharmaceuticals for oxidative responses and optimise methodology for its
use in chemical effects assays.

c. Select relevant pharmaceuticals for further investigation for chemical mixture

effects analyses.

Changes in fluorescence intensity in the EpRE:mCherry model were used to
indicate pro-oxidative action for 9 pharmaceuticals. The pharmaceuticals
included in the screen were chosen to represent a range of chemical classes with
varying potencies. Selection was based primarily on evidence found in the
literature for their capacity to affect cellular redox state, and also on the
prevalence of the drug in European surface waters (thus presenting a potential
environmental concern). Table 4.1 shows a summary of the pharmaceuticals
including their class, environmental concentration and other key data. The
exposure ranges were selected to cover or exceed human therapeutic plasma
concentrations (HTPC) whilst avoiding concentrations that are expected to
induce overt toxicity, i.e. changes in the phenotype. This is for two reasons: a)
changes in the phenotype such as malformations risk obscuring the fluorescent
signal, resulting in imprecise measurements of tissue-specific OS; and b) to
improve conformance to the 3Rs by avoiding more severe endpoints, thereby
testing the EpRE:mCherry model's application as a sensitive biomarker of

toxicity.

The whole embryo was assessed for fluorescence induction, but image analysis
focussed on the liver, PD and PT. The pronephros and liver are the key sites for
detoxification and drug metabolism in fish larvae (Sousa Borges et al., 2020) and
so it follows that these tissues would be among the most responsive to drug-
induced OS. These tissues were indeed shown to be convenient (easily located),
rapid indicators of OS that consistently responded to APAP, the known pro-

oxidant and reference compound (see Chapter 3). Focus was then widened to
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identify any other organs responding to specific drugs, with particular attention
paid to tissue types where previous studies had reported ROS production or other
toxic effects (e.g., the neuromasts in response to Cis (Mourabit et al., 2019; Ou
et al., 2007), or heart in response to doxorubicin (Cappetta et al., 2017; Songbo
et al., 2019)).

To help interpret the chemical responses seen in the EpRE:mCherry model, the
internal concentration of the exposure pharmaceuticals were measured using
liquid chromatography mass spectrometry (LC-MS/MS). Analytical chemistry is
often used in tandem with chemical effects analyses to understand how the
compound partitions from the aquatic environment into the tissue of the animal,
and how this relates to receptor responses or adverse outcomes. The measured
internal drug concentrations were also compared with the fish steady state
plasma concentration (FssPC) calculated using the fish plasma model (FPM) in
order to provide helpful context to internal drug concentrations and aid in the

interpretation of the data.

Further analytical chemistry techniques which are beginning to be applied in
ecotoxicological studies include mass spectrometry imaging (MSI). MSI is an
emerging tool for label-free imaging and quantification of drugs and their
metabolites in tissue with excellent spatial and mass resolution. It has so far been
primarily applied in drug discovery and development to identify drug accumulation
in non-target organs, which could lead to toxicological effects. Also, it is used to
ensure drug penetration of the target organ, which may not be accurately
represented by plasma levels (Prideaux & Stoeckli, 2012). MSl is beginning to be
used to elucidate the pharmacometabolome in situ, through its application to track
and distinguish parent drugs from their metabolites through a tissue sample
(Swales et al., 2019). The application of MSI to assess the environmental risks of

pharmaceuticals is growing, but very much still in its infancy.

In this thesis work, desorption electrospray ionisation (DESI) was used to
visualise the distribution of clozapine and its metabolites within the body of
zebrafish larvae in an attempt to relate this to the response profile observed in
the TG model. This series of experiments explored the potential of DESI (and

MSI more generally) in supporting TG zebrafish larvae exposure assays.
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Table 4.1 Pharmaceuticals screened using the EpRE:mCherry model, including evidence for their ability to alter the redox
state of cells, environmental concentration, and concentrations tested. Human therapeutic blood plasma concentrations (Cmin
and Cmax) are taken from (Schulz et al., 2012), except for Cis which is taken from (Charlier et al., 2004).

Human therapeutic

. Example evidence for Environmental blood plasma Concentration
Pharmaceutical Class ; . .
affecting redox status concentration (UM) concentration range tested
(Cmin-Cmax)
(HM) (M)
OS in liver and pronephros of zebrafish larvae
(Mourabit et al. 2019)
Paracetamol . OS in Hediste diversicolor (Nogueira and 430 nM (Roberts and B i
(APAP) Analgesic Nunes 2021) Thomas 2006) 66.16 — 165.39 1250 - 5000

OS in Hyalella azteca (Gomez-Olivan et al.
2012)

Atenolol (ATL)

Betablocker

N/A

Up to 0.2 nM in surface
waters in Welsh river
(Kasprzyk-Hordern et al.
2009)

0.38 -3.76 0.004 - 400

Diclofenac (DCF)

Analgesic

OS in brain, liver, gill and blood of common
carp (Islas-Flores et al. 2013.

Altered antioxidant enzyme activities in 96hpf
zebrafish larvae (Bio and Nunes 2020)

OS in Galaxius maculatus (McRae et al.
2018)

OS in Dapnia magna (Gomez-Olivan et al.
2014)

OS in Hyalella Azteca (Oviedo-Gomez et al.
2010)

pM - low nM range

(Lonappan et al 2016) 1691013 0.003 - 34

Ibuprofen (IBF)

Analgesic

OS in common carp (Gutiérrez-Noya et al.
2020)

OS in Hyalella Azteca (Gomez-Olivan, Neri-
Cruz, et al. 2014)

OS in Daphnia magna (Gomez-Olivan, Galar-
Martinez, et al. 2014)

OS in common carp (Cyprinus carpio) (Islas-
Flores et al. 2014)

Up to 0.06 pM in Spanish
surface waters (Gutiérrez- 72.71 — 145.43 0.005 - 50
Noya et al. 2020)
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ROS formation in cardiomyocytes (Raschi et

Predicted environmental
concentration (PEC) in low

pM range, but frequently 0.011 — 0.037

Doxorubicin (Dox) |Chemotherapeutic al. 2010) below level of detection 0.0018 - 1.8
(Franquet-Griell et al.
2015)
OS in neuromasts and pronephros of Low pM range in
Cisplatin (Cis) Chemotherapeutic . pronep European surface waters 3.32 — 16.61 0.03-33.2
zebrafish larvae (Mourabit et al. 2019) -
(Queirds et al. 2021)
Upregulation of antioxidants in zebrafish
Cyclophosphamide larvae (Aderemi et al. 2020) M - nM range (Fonseca
yclophosp Chemotherapeutic  Inhibited antioxidant enzymes and DNA b 9 38.30-95.75 0.0004 - 383
(CP) ; o ’ et al. 2018)
damage in Nereis diversicolor (Fonseca at al.
2018)
Anti-oxidative action by blocking ERK
phosphorylation in vitro (Magliaro and
. Atypical ﬁﬁil:jearamgr;?j Zé)ga)and reduced lipid Up t0 3.24 UM in treated
Clozapine (Cloz) ; . T . : effluent (Escudero etal. 1.07 —1.84 0.003 - 30.6
antipsychotic peroxidation in patients (Hendouei et al.
2021)
2018)
ROS formation in zebrafish larvae (Zhang et
al. 2021)
Anti-oxidative action by protecting ROS
balance of human epithelial cells in vitro
Clarithromvcin (lwayama et al. 2017 and 2018). Up to 0.7 nM in WWTP
artthromyc Macrolide antibiotic Increased ROS levels in microalgae (Guo et effluent (Baumannetal. 0.28 —2.67 5-400

(CAM)

al. 2020)

Increase ROS levels in zebrafish ovaries (Qiu

et al. 2020)

2015)
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APAP was first tested on the EpRE:mCherry model to characterise the response
of the model to a known/reference pro-oxidant and optimise the exposure
protocol. APAP, therefore, was used as a positive control against which other
pharmaceuticals were compared. To achieve this, a time- and concentration-
dependent response profile for APAP was built to understand the ontogeny of the
OS response and relate this to the onset of a general indicator of overt toxicity:
pericardial oedema.

Atenolol (ATL) was used as a negative control to confirm that the EpRE:mCherry
model does not respond indiscriminately to chemical exposure. ATL is a beta-
blocker used to treat heart disease and high blood pressure frequently detected
in surface waters, reaching 0.2 nM in a Welsh river upstream of WWTP effluent
(Kasprzyk-Hordern et al., 2009). However, ATL is perceived as a low risk in the
environment, resulting in limited ecotoxicity data, having a PEC/PNEC risk
quotient of 0.003 for Daphnia magna (Kuster et al., 2010). Additionally, there is
limited evidence of ATL-induced OS in fish. GST, SOD and CAT in adult zebrafish
showed reduced activity in response to 3.8 uM ATL and its photolysis by-products
(Diniz et al., 2015) but, beyond this, the data available does not imply OS.
Exposure of fathead minnows up to 38 uM resulted in no changes in viability,
hatching or growth (Winter et al., 2008). A zebrafish embryo exposure from 0-4
dpf also showed concentrations up to 20mM had no effect on survival, phenotype

or swimming behaviour (Bittner et al., 2018).

Diclofenac (DCF) has been shown to cause an increase in various OS biomarkers
in response in zebrafish (Bio & Nunes, 2020), other teleost species such as
common galaxius (Galaxius maculatus) (McRae et al., 2018) and Eurasian carp
(Cyprinus carpio) (Islas-Flores et al., 2013), and invertebrates including Hyalella
Azteca (Oviedo-GOmez et al., 2010) and Daphnia magna (Oliveira et al., 2015).
However, a juvenile growth test using zebrafish found that DCF reported no effect
on OS biomarkers, although only levels of glutathione S-transferase or

glutathione reductase (GR) were measured (Praskova et al., 2014).

There is evidence in the literature for the pro-oxidant action of ibuprofen (IBF),
and it has also been reported as a hsp70 (heat shock protein) inducer (Gravel &
Vijayan, 2007). IBF has been reported to induce OS in a range of taxonomic

levels, from Hyalella Azteca (Gomez-Olivan et al., 2014b) and Daphnia magna
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(Gémez-Olivan et al., 2014a), to common carp (Cyprinus carpio) (Islas-Flores et
al., 2014).

The anthracycline doxorubicin (Dox), a chemotherapeutic drug, induces ROS
generation in cardiomyocytes (Cappetta et al., 2017; Songbo et al., 2019). Dox
is frequently below the level of detection in waterways but is predicted to be
present in the environment based on prescription rates, drug metabolism and

wastewater elimination rates (Franquet-Griell et al., 2015).

Cis can induce OS in the pronephros and neuromasts (Mourabit et al., 2019; Ou
et al., 2007) and is detected in surface waters in the pM range (Queirés et al.,
2021). In Chapter 3, section 3.3.3, Cis was shown to cause damage to the
neuromasts, impairing their ability to express mCherry fluorescence. Therefore,
the toxicity of this drug made it more challenging to test on the TG model and it

was investigated in more detail.

The macrolide antibiotic clarithromycin (CAM) was included in the screen
because it can increase ROS levels in microalgae (Guo et al., 2020) and
zebrafish ovaries (Qiu et al., 2020). However, there is also evidence that low
levels of CAM can have a protective effect on cellular ROS balance (Iwayama et
al., 2018), by inhibiting hydrogen peroxide-induced depletion of cellular GSH
(lwayama et al., 2017). To date, this has been shown in studies using human
epithelial cells (lwayama et al., 2017, 2018), and in rats (Ozdemir et al., 2010).
Conversely, CAM has been shown to affect the heart rate of zebrafish embryos
without influencing antioxidant activities or MDA levels (Yan et al., 2019).
Therefore, CAM was screened using the EpRE:mCherry model to assess if the
TG model could be used to better characterise the response profile (i.e., at what
concentrations it may have a protective or antagonistic effect on the EpRE). CAM
also presents an environmental concern because it is frequently detected in
surface waters as the unchanged parent compound and its metabolites. It is not
effectively removed from sewage by traditional treatment methods (Baumann et
al., 2015) and is highly persistent and resistant to photo- or bio-degradation,
hence CAM has been detected in rivers in concentrations in the nM range (Guo
et al., 2020).

The prodrugs cyclophosphamide (CP) and clozapine (Cloz) were also screened.

CP is one of the oldest and most frequently prescribed cytotoxic anti-cancer drugs
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and enters waterways both via domestic and hospital sewage, but its elimination
at WWTPs is incomplete and therefore is detected in surface waters around the
world in the pM - nM range (Fonseca et al., 2018). CP has previously been
reported as affecting the oxidative status of several species (Aderemi et al., 2020;
Fonseca et al., 2018). Cloz is an atypical antipsychotic, and its metabolites have
been linked to ROS generation (Thorn et al., 2018; Vredenburg et al., 2013). It
has been detected in levels up to 3.24 uM in treated WWTP effluent (Escudero
et al., 2021) and 94 nM Cloz has been shown to significantly impact survival of
fathead minnow larvae (Overturf et al., 2012) but, little is known about the

mechanism by which Cloz can be toxic to aquatic wildlife.

Cloz and CP are pro-drugs and thus require bioactivation to have a therapeutic
effect (Griskevicius et al., 2003; Pereira & Dean, 2006; Pirmohamed et al., 1995).
However, bioactivation of pharmaceuticals requires CYP P450 metabolism, and
zebrafish larvae do not express the full complement of CYP genes until the end
of organogenesis, or 5dpf (Fig. 4.2) (Goldstone et al., 2010; Verbueken et al.,
2018). Additionally, there is conflicting evidence in the literature on the metabolic
capacity of zebrafish embryo-larvae and different CYP transcripts have been
shown to peak at different points throughout larval development (Fig 4.2)
(Verbueken et al., 2018). While most genes in CYP families 5 — 51 in zebrafish
are direct orthologs of human CYPs, those involved in xenobiotic metabolism
(families 1 — 3) are more diverse and show less conservation of sequence
between zebrafish and humans (particularly in CYP 2) (Goldstone et al., 2010).
Despite this, there are functional similarities in metabolism between zebrafish and
humans and zebrafish are an increasingly popular model for assessing xenobiotic
metabolism and drug discovery (de Souza Anselmo et al., 2018). Hence,
mammalian data on the metabolism of Cloz and CP may not be directly
translatable to zebrafish larvae, but may be used to infer potential mechanisms
behind effects seen in the TG model. To investigate the effect of bioactivation
and its effect on the outcome of a drug screen, EpRE:mCherry larvae were
exposed to either the synthesised metabolite (in the case of Cloz) or the parent
compound as older larvae (8-10 dpf) (in the case of CP), when they are known to

have fully developed CYP capacity.
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Figure 4.2 Timeline of zebrafish development and CYP capacity. Blue numbers indicate the time of peaks for select CYP transcripts
involved in drug and contaminant metabolism, demonstrating the expression of different CYPs peak at different points throughout embryo-
larval development. The liver and intestine are the main sites of CYP-mediated drug metabolism, and so zebrafish reach the full complement
of CYPs in time for exogenous feeding, by which time the liver and intestine are functional. Adapted from Verbueken et al. 2018 and

Goldstone et al. 2010.
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Finally, the internal concentration of the reference pro-oxidant, APAP, was
measured over time following depuration and correlated to tissue-specific
mCherry fluorescence to understand how the degradation of the fluorescence
response is related to drug excretion. This is a variable not often reported in the
development of TG models; to my knowledge, no previous study has directly
linked the degradation of a fluorophore with the decreasing internal concentration
of a toxicant. An understanding of the relationship between the up/down-
regulation of the fluorophore and the internal toxicant concentration can allow the
model to be used to elucidate more dynamic responses, such as those

investigated in upcoming chapters.
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This chapter set out to better our understanding of the EpRE:mCherry as a
pharmaceutical screening tool and elucidate the dynamics of the OS responses

to the selected drugs.

| hypothesised that the seven pharmaceuticals listed above could induce
detectable OS in the EpRE:mCherry model.This was tested by exposing
EpRE:mCherry larvae to a range of pharmaceuticals from 0-4 dpf and measuring
the tissue-specific mCherry fluorescence. When two of the drugs tested,
cyclophosphamide and clozapine, did not induce significant OS in the model, |
hypothesised that this was due to lack of metabolic activation in the larvae at this
early life stage, presenting a potential limitation of the model. Therefore, this was
tested by exposing the larvae to either the synthesised metabolite (desmethyl
clozapine) or by exposing the larvae to the parent drug (cyclophosphamide) at a
later life stage (8-10 dpf) and comparing the OS induction with the standard
exposure protocol. Analytical chemistry techniques (DESI, LC-MS/MS) were also
applied in this work to quantify internal drug concentrations and/or distributions in

order to compare them with the biological responses seen.

Data derived from this chapter were used to select pharmaceuticals for further
study in chapter 6 where a range of pro-oxidants (identified in the present study)
were tested for their interaction with a physical stressor in the EpRE mCherry

model.

4.2 Methods

4.2.1 Fish husbandry
All imaging/OS measurements were conducted using EpRE:mCherry zebrafish.

The supply of EpRE:mCherry zebrafish was limited and WIK embryos were
therefore used for all LC-MS/MS and DESI methods to assess uptake of the drug.
Both strains of zebrafish were maintained under the same conditions (see

Chapter 2, section 2.1).

An important consideration in the application of TG zebrafish models is
consistency of the fluorescence response and sensitivity of the model for different
batches of embryos and across different generations. This is particularly true for

work using fish over multiple years, as was the case for this thesis work.
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Therefore, as a stock of EpRE:mCherry zebrafish adults aged beyond their
optimum for breeding and the next generation was generated, embryos from the
old and new generation were compared for their background levels of OS and
chemically-induced levels of mCherry fluorescence. Additionally, control groups
from different experiments were compared within generations to ensure larval
responses exhibited consistent levels of baseline fluorescence between

spawning events.

4.2.1 Embryo disinfection
Another potential issue in the application of the EpRE:mCherry model relates to

how it responds to embryo bleaching/disinfection. Many laboratories employ the
standard protocol of bleaching embryos using a disinfectant such as chloramine
T at <6 hpf before an assay in order to disinfect the embryo surface, removing
extra-ovum pathogens that may have been released during spawning (Alidadi
Soleimani et al., 2017), including viruses and Mycobacterium sp. (Kent et al.,
2014). However, observations made in early pilot studies had indicated that the
mCherry fluorescence signal EpRE:mCherry model is easily influenced by early

life conditions.

Therefore, to investigate if the chloramine T bleaching process induces an OS
response which could disrupt the pharmaceutical exposure study analyses,
embryos were bleached as per the standard protocol: 12 2 hpf embryos were
washed in 10 g/L chloramine T for 1 minute with gentle agitation to ensure all
embryo surface were covered. Embryos were then rinsed twice in CW for 1 min

each and raised in clean system water until imaging at 4dpf.

Additionally, the embryos of each new generation of zebrafish were disinfected
at 1 dpf using a sodium hypochlorite solution (as per the standard husbandry
protocol used in the ARC; see Chapter 2, section 2.2 for details), so a
transgenerational effect was also investigated. A parallel, unbleached line was
raised simultaneously in a quarantined facility. When both lines reached maturity,
their embryos were collected and exposed to a range of APAP concentrations to
compare the background levels and drug-induced levels of OS between the two

lines.

4.2.3 Chemical exposure
Pharmaceutical screens were performed according to the methods outlined in

Chapter 2, section 4. Briefly, EpPRE:mCherry embryos were exposed from 6 hpf
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to the exposure solution made up in aquarium system water, 1 embryo per well
of a 24-well plate in 1.2 ml exposure media. The following compounds were
obtained from Sigma-Aldrich (Dorset, UK): paracetamol (CAS no. 103-90-2);
diclofenac sodium (CAS no. 15307-79-6); ibuprofen (CAS no. 15687-27-1);
doxorubicin hydrochloride (CAS no. 25316-40-9); cyclophosphamide (CAS no.
6055-19-2); clarithromycin (CAS no. 81103-11-9); Clozapine (CAS no. 5786-21-
0); N-desmethylclozapine (CAS number 6104-71-8). Cis was purchased from
Merck (Darmstadt, Germany) (CAS no. 15663-27-1) and ATL was obtained from
AstraZeneca (Macclesfield, UK) (CAS no. 29122-68-7). For a flowchart of how
the pharmaceutical screens and other experiments relate to one another, see
Figs. 4.4 and 4.5.

For the comparison of the screening protocol used here with the protocol used
by Mourabit et al. (2019), a selection of embryos was also exposed to Cis from 2
dpf. These embryos were kept in Petri dishes in 50 ml aquarium system water for
2 days, with 50 % water changes daily, before being transferred to 24-well plates

for drug exposure.

To test the effect of a more developed metabolic capacity on the toxicity of CP,
some larvae were exposed from 8 to 10 dpf, in accordance with UK Home Office
regulations for the use of animals in scientific procedures. These embryo-larvae
were kept in Petri dishes in 50 ml system water for 8 days, with 50 % water
changes daily. From 5 dpf, larvae were fed zm-000 fry food (Zebrafish
Management Ltd, Winchester, UK) in excess twice daily. On the day of exposure,
larvae were transferred to a 24-well plate (1 larva per well in 1.2 ml exposure
media). Larvae were not fed during the 2 day exposure period to avoid the
absorption of CP by the food, potentially changing the exposure concentration
and route of exposure (i.e. additional uptake via the chemical adsorbed to the
food). After imaging, larvae were terminated using an overdose of anaesthetic
(MS222) followed by destruction of the brain.

4.2.4 APAP depuration
Embryos were exposed to APAP from 6 hpf and manually dechorionated at 48

hpf. At 78 hpf (72 hours exposure), larvae were washed and transferred to fresh
system water in clean 24-well plates and depurated for 24 hours. Wild Indian
Karyotype zebrafish (WIKs) were used for the LC-MS/MS analysis of internal
APAP concentrations, and samples were taken 1 hour pre-depuration,
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immediately prior to depuration, and at 1, 2, 3, 4, 6, 10, 20 and 24 hours post
depuration. EpRE:mCherry larvae were treated with the same dosing and
depuration regimen but imaged using the Acquifer at 2 hours prior to depuration,
and 1, 2, 4, 6, 20, and 24 hours post depuration. Different larvae were imaged for
each timepoint, so larvae were not kept anaesthetised for an extended period.
Fluorescence intensity values of APAP-treated larvae were normalised against
control larvae (i.e., not exposed to APAP) to account for the increasing intensity

of background fluorescence that can occur with advancing development.

To capture fluorescence changes over a longer period of time, embryos were
exposed from 6 — 48 hpf to APAP and then underwent depuration for 48 hours.
Larvae were manually dechorionated at 48 hpf and 54 hpf (2 days exposure),
washed once in fresh system water and transferred to clean well plates in clean
system water. These larvae were imaged using the Acquifer at 1, 24 and 48 hours
post depuration. The same larvae were used for each time point: following image
acquisition, they were recovered and transferred to fresh system water.
Separately, WIK fish were treated with the same dosing/depuration regimen and
sampled for LC-MS/MS analysis at the same time points as the EpRE:mCherry

larvae were imaged.

4.2.5 LC-MS/MS
For details of LC-MS/MS methods used, see Chapter 2 section 2.8.

4.2.6 Image acquisition and analysis
All TG larvae image acquisition was performed using the Acquifer, other than

experiments using larvae >5 dpf, which used confocal microscopy. For details on
Acquifer methodology and image analysis, see Chapter 3, section 2. For details
on confocal microscopy, see Chapter 2 section 9. Due to unavailability of the
Acquifer, the initial CAM and CP screens were imaged using an Olympus SZX16
epifluorescent stereomicroscope (Tokyo, Japan) and an Andor Zyla sCMOS (UK)
camera. Here, embryos were anaesthetised and mounted in agarose grooves as
described in Chapter 3, section 2, and single z-slices were captured using a Nikon

camera.

4.2.7 DESI-MSI
DESI methods are adapted from (Béackstrom et al., 2018). Embryo exposure and

embedding was performed by me. Sectioning, imaging and data analysis were
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performed by James Blades (undergraduate placement student working at

AstraZeneca, Cambridge), supervised by Dr Gregory Hamm.

4.2.7.1 Exposure
96 hpf WIK embryos were exposed to 100 uM (32.68 mg/L) Cloz for 20 minutes.

They were then terminated in an overdose of tricaine and embedded in an HPMC-
PVP 10 % micro block: the recommended embedding media for MSI. Embryos
were embedded on either their right lateral side or ventral side and stored in -
80°C.
4.2.7.2 Sectioning

Larvae were sectioned (5 pm) using a CM3050 cryo-micro- tome (Leica
Biosystems, Nussloch, Germany) and thaw- mounted onto Superfrost slides
(Fisher Scientific, Loughborough, UK). Tissue section slides were stored at -80°C
until analysis. After DESI analysis, samples were stained using hematoxylin and
eosin (H&E) staining and visualized with ImageScope software (Aperio Tech.).

4.2.7.3 DESI
MSI analysis was performed using desorption electrospray ionization (DESI) Q-

Exactive (Thermo Fisher Scientific Inc., Bremen, Germany) mass spectrometer.
Images were collected at spatial resolution of 30 um in positive ion detection
mode over a mass range of 80-900 Da and normalised using Root Mean Square.
Molecular adduct ions for Cloz and its metabolites were profiled by accurate mass
(Table 4.2).

Table 4.2 Molecular adducts and their exact mass used by DESI to identify
Cloz and its metabolites.

Compound Adduct Exact mass
Clozapine [M+H]* 327.1371

Desmethyl clozapine [M+K]* 351.077333
Clozapine N-oxide [M+H]* 343.132015

4.2.7.4 Data analysis
Data management, analysis, and visualization was performed using SCILS Lab

MVS 2018a software (SCIiLS GmbH, Bremen, Germany). Different mass filters
were selected based on the m/z of the Cloz and of known biomarkers to provide
structural reference, such as haeme and phospholipids. These mass filters were

applied to the image to visualise the distribution of the drug in context of the
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animal’s anatomy. Additionally, the images were segmented based on clustering
of pixels with similar spectra. This allowed the distinction of tissue from
background, and the distinction of certain regions within the tissue such as the
brain. This facilitated the analysis of the mass spectra specific to those regions.

Finally, the relative mean intensity of Cloz and its metabolites were assessed.

4.2.8 Fish plasma model (FPM)
The FPM is used to facilitate prioritisation of compounds for environmental risk

assessment (ERA), using environmental drug concentrations and lipophilicity of
the compound to predict the plasma concentration in fish in the environment.
Based on the assumption that most drug targets are conserved across vertebrate
phyla, the ratio of fish blood plasma drug concentration in the environment to
human therapeutic plasma concentration (HTPC) can be used to predict the
environmental risk of that drug (Huggett et al., 2003).The FPM, was used here to
compare predicted drug FssPC in the body of exposed zebrafish larvae with
human therapeutic plasma concentration (HTPC) (Fig. 4.3). This provided
context to the concentration ranges used and allowed better understanding of the
biological responses observed in the TG model. The FPM uses predicted
partitioning values calculated using the equation from (Fitzsimmons et al., 2001)
which describes the partitioning of a drug from the aqueous phase to the arterial

blood in trout based on the lipophilicity of the drug:
Log Psiood:water = 0.73 x LogKow — 0.88.

LogDow was used here as a measure of lipophilicity instead of LogKow as it
accounts for ionisable compounds. Where LogDow Was not found in the literature,
LogKow used instead.

4.2.9 Statistical analysis
See Chapter 2 section 2.9.
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Equations used
Predicted partitioning: Log P

Blaod Migter

FssPC = Effect concentration * (Palnnd.’tﬂl‘ater:l

Effect ratio = HTC f FssPC

=0.73xLog D, 74 -0388

Fitzsimmons et al. 2001

- Hugget et al. 2003

Wirked exampole: APAP

Max, exposure concentration = 2000 pid
log D, 74=04

(D730 AP0 BE)

FPM predicted partitioning =10 =0.2a8
FssPC from FPM = 5000 * 0 258

Effect ratio from FPM (min HTFC) = 6615 uM £ 1291.13 puiM
(max HTPC) = 165384 pb 7129113

Figure 4.3 [Top] Equations used to calculate predicted plasma concentration
and effect ratio [Bottom] Worked example using APAP. Exposure concentrations
used are the maximum tested. Concentration of the drug in the exposure media at
end of exposure period is unknown, so nominal exposure concentration is used
instead. Predicted LogDow values taken Chemspider.com [Accessed 10-11-21],
generated using the ACD/Labs Percepta Platform — PhysChem module. A LogDow
value was not available for cisplatin, so LogKow is used instead, taken from Dasari et
al. 2014. HTPC for all drugs taken from Schulz et al. 2012, except cisplatin which is

from Charlier et al. 2004.

129




APAP as a reference pro-

oxidant

Inter- and intra-

generational variation

Sensitivity of new
generation to APAP

Consistency of fluorescent
= |€VEIS between batches of

eggs

Effect of egg disinfection

OS response in embryos
after egg disinfection

Background OS and

APAP-induced OS in
embryos from parents
disinfected as eggs.

OS response to APAP over
time

Relation to a sign of overt

toxicity in phenotype
(pericardial oedemas)

Optimisation of exposure

regimen

[

Pharmaceutical
screen

|

Persistence of mCherry
fluorescence

Relation of mCherry
fluorescence degradation
to internal APAP
concentration following
depuration

Figure 4.4 Scheme showing the use of APAP as a reference pro-oxidant in the experiments performed in this chapter.

The optimisation of the exposure regimen went on to inform the pharmaceutical screen outlined in the next figure.
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Figure 4.5 Flowchart showing how the first pharmaceutical screen led to the
selection of pharmaceuticals for further investigation in Chapter 6, and how
the follow-up experiments relate to one another to understand why the
remaining drugs did not elicit the expected response in the EpRE:mCherry model.
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4.3 Results

4.3.1 Inter- and intra-generation variation
There was minimal inter-generation variation in background levels of OS or in

APAP-induced OS for the generations used in this thesis work (F3, F4, F5 and
F6). Fig. 4.6 shows an example of an assay to check for consistent sensitivity
between the generations: the F4 generation showed the same level of sensitivity
as the older F3 generation for OS induction in response to 2.5 mM APAP.
Interestingly, larvae from the F4 generation showed greater levels of mCherry
fluorescence in the liver than those from F3. F4 did not have significantly lower
levels of OS under any treatment compared to the older, F3, generation,

indicating no gene silencing occurred between the generations.

Some intra-generation variation was observed between control groups for the
different spawning events/different experiments throughout the project (Figs. 4.7,
4.8 and 4.9). This is to be expected given the inherent variation of whole animal
models and illustrates the importance of internal controls for each experiment
against which relative changes in fluorescence expression can be compared.
Variation in background mCherry fluorescence intensity among control
individuals within each experiment was also fairly consistent within and between
generations, ranging from approximately 20 — 40 % for each organ in most

experiments, supporting the robustness and reliability of the model.
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Figure 4.6 Sensitivity and consistency of mCherry fluorescence response in
EpRE:mCherry larvae across 2 generations, imaged using the Acquifer.
Embryos from F3 (red) and F4 (blue) were exposed from 6 hpf — 4 dpf to APAP
and imaged using Acquifer. Data shows mean values (+/- SEM, N= 12) for the
mean pixel intensity within the organ. Data were normally distributed so analysed
using two-way ANOVA followed by Tukey’s multiple comparison test.
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Figure 4.7 lllustration of the relatively consistent response in control 4dpf
larvae from the F4 generation, imaged using the Acquifer. Data shows mean
values (+/- SEM, N= 12) for the mean pixel intensity within the organ of 4 dpf
larvae from a selection of experiments used in this thesis, taken from [blue] clean
water controls, or [black] SCs. The bottom right panel shows the coefficient of
variation, calculated as standard deviation/mean, illustrating relatively consistent
variation in control embryos from this generation.
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Figure 4.8 lllustration of the relatively consistent response in control 4dpf
larvae from the F5 generation, imaged using the Acquifer. Data shows mean
values (+/- SEM, N= 12) for the mean pixel intensity within the organ from a
selection of experiments used in this thesis, taken from [blue] clean water
controls, or [black] SCs. The bottom right panel shows the coefficient of variation,
calculated as standard deviation/mean, illustrating relatively consistent variation
in control embryos from this generation.
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Figure 4.9 lllustration of the relatively consistent response in control 4dpf
larvae from the F6 generation, imaged using the Acquifer. Data shows mean
values (+/- SEM, N= 12) for the mean pixel intensity within the organ of 4 dpf
larvae from a selection of experiments used in this thesis, taken from [blue] clean
water controls, or [black] SCs. The bottom right panel shows the coefficient of
variation, calculated as standard deviation/mean, illustrating relatively consistent
variation in control embryos from this generation.
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4.3.2 Effect of embryo disinfection
As Fig. 4.10 shows, bleaching the EpRE:mCherry embryos using the popular

disinfectant chloramine T resulted in a significant level of OS, despite the fact that
embryos were rinsed thoroughly and raised in CW following the 1 minute bleach
exposure. The fluorescent signal was particularly clear in the ionocytes and jaw,
indicating that surfaces in direct contact with the media, namely the skin and
inside of the mouth, were irritated. This could potentially link to the jaw
malformations reported by Kant et al., which were observed in 5 dpf zebrafish
following longer exposure (up to 10 mins) to high concentrations of chlorine at
6hpf (Kent et al., 2014). Interestingly, Kent et al. also found that different strains
of zebrafish showed different levels of susceptibility to chlorine treatment (Kent
et al., 2014), so while this treatment was not appropriate for the EpRE:mCherry

model, these results do not necessarily indicate the treatment will impact other

lines of zebrafish.

Figure 4.10 4 dpf EpRE:mCherry larvae treated as an embryo using a short
disinfection protocol. Embryos were bleached using 10 g/L chloramine T for 1
minute at 2hpf and then rinsed twice and raised in clean system water until
imaging at 4dpf. 6 out of the 12 embryos bleached also showed delayed hatching
compared to unbleached embryos.

Fig. 4.11 shows that there was no difference in OS response (background or
drug-induced) between embryos taken from adults that were bleached as
embryos versus those that were taken from the unbleached line, indicating that
the sodium hypochlorite disinfection process did not have any transgenerational
effects on the offspring. Consequently, the following experiments continued to
use embryos taken from the bleached line due to the greater number of adults

available in this brood stock, but embryos were not bleached prior to assays.
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Figure 4.11 Background and APAP-induced OS response of 4 dpf
EpRE:mCherry embryos taken from [black] parents bleached as 1 dpf
embryos compared with those from [grey] unbleached parents, imaged
using the Acquifer. Data shows mean values (+/- SEM, N= 16) for the mean
pixel intensity within the organs of 4 dpf larvae exposed to APAP or SC from 6
hpf. . No significant differences between the two lines.
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4.3.3 Pharmaceutical screen

4.3.3.1 Positive control: APAP
The screening work began with the application of a positive control, APAP, which

had been confirmed in the previous chapter to induce concentration-dependent
OS. Fig. 4.12 shows that a significant level of OS was detected in response to
APAP concentrations as low as 1.25 mM following exposure from 6 hpf. This was
a more sensitive response than that measured in chapter 3 section 3.2, which
followed the protocol used by (Mourabit et al. 2019), suggesting that
dechorionation of the embryo was not required for the drug to be taken up by the
animal if exposed from 6 hpf.

This experiment also revealed that the most dramatic increase in OS was
between 3 and 4 dpf. Comparatively, there was only minimal increase in drug-
induced OS between 4 and 5 dpf, confirming that there was little to be gained by
using a protected animal over an unprotected larva. Together, this information
facilitated the optimisation of an exposure protocol for the following drugs
screens, designed to capture the most vulnerable window of response and
capture the greatest level of sensitivity possible within the system.

Fig. 4.12 also appears to suggest that 5mM APAP resulted in reduced OS
compared to 2.5 mM, however, 5 mM APAP induced malformations such as
pericardial oedemas and necrotic tissue which obscured part of the fluorescent
signal (inset of Fig. 4.12). 2.5 mM APAP reliably induced significant OS without
resulting in overt toxicity, allowing the accurate measurement of tissue-specific
fluorescence and so this was selected as the reference concentration for future
experiments. Although pericardial oedemas are a general indication of toxicity
and can be caused by any number of mechanisms, it is interesting to note that
OS can be measured in this model at concentrations lower than those at which
overt toxicity can be observed in the phenotype, supporting the use of this model

as a sensitive biomarker.
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Figure 4.12 Effect of APAP exposure on OS over time, imaged using the
Acquifer [A] Data shows mean values (+/- SEM, N= 12 per treatment) for the
mean pixel intensity within the organs of EpRE:mCherry larvae exposed to water,
DMSO control or APAP from 6 hpf, imaged daily on the Acquifer from 2-5 dpf.
Data were not normally distributed and so were analysed using a Kruskal-Wallis
followed by Dunn's multiple comparisons test. Asterisks represent significant
difference (P<0.05) compared to the water control for the corresponding time
point. [B] 4 dpf larva exposed to 5 mM APAP from 6 hpf. Arrow indicates large
pericardial oedema typical of this treatment group. [C] Incidence of pericardial
oedemas observed in larvae exposed to a range of APAP concentrations. [D] 4
dpf EpRE:mCherry larva exposed to CW only as a comparison
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4.3.3.2 Negative control: ATL
As expected, no OS was detected at any concentration of ATL (Fig. 4.13) and no

phenotypic responses were observed.
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Figure 4.13 Effect of the negative control, ATL exposure on OS levels,
imaged using the Acquifer. Data shows mean values (+/- SEM, N= 5) for the
mean pixel intensity within the organs of 4 dpf larvae exposed to ATL or a clean
water control (CW) from 6 hpf. Inset: 375 uM ATL. No malformations or mortalities
were observed in any treatment group, and there were no significant changes in
OsS.
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4.3.3.3 Analgesics
Fig. 4.14 shows the results for a screen of the analgesics DCF and IBF. DCF

elicited what appeared to be a detectable level of OS in the PT and liver (but this
was not statistically significant), and so was tested again at a narrower
concentration range and with a larger number of animal replicate (Fig. 4.15). At
3.4 uM, DCF also resulted in a significant number of pericardial oedemas. IBF

did not cause detectable OS in any organs analysed.

In the repeated DCF assay, a significant level of OS was induced from 1.4 pM in
the PD and liver, and from 2.0 puM in the PT (Fig. 4.15). The liver was also
identified as the most responsive organ, with a particularly dramatic increase in
OS across the relatively narrow concentration range. At 3.4 uM, all embryos were
either hugely deformed with oedemas or they remained unhatched, so could not

be measured for fluorescence intensity.
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Figure 4.14 Analgesics exposure: effect of DCF and IBF on OS levels,
imaged using the Acquifer. Data shows mean values (+/- SEM, N= 5) for the
mean pixel intensity within the organs of 4 dpf larvae exposed to DCF, IBF or SC
from 6 hpf. Inset: [top] 2.7 uM DCF, [bottom] 50 uM IBF. DCF was also tested at
3.4 uM, which resulted in 100 % mortality, and some pericardial oedemas were
observed in 3.4 uM larvae. IBF did not result in any malformations or mortalities
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Figure 4.15 Concentration-dependent fluorescence response to DCF,
imaged using the Acquifer. Data shows mean values (+/- SEM, N= 13) for the
mean pixel intensity within the organs of 4 dpf larvae exposed to DCF or SC from
6 hpf. Data were not normally distributed and so were analysed using Kruskal-
Wallis followed by Dunn’s multiple comparisons. *=P<0.05, **=P<0.005,
***=P<(0.0005, ****= P<0.0001
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4.3.3.4 Chemotherapeutics
Fig. 4.16 shows the responses of a range of chemotherapeutics, CP, Dox, and

Cis. At the concentration ranges tested, Dox was the only drug that appeared to
induce a detectable level of OS in the target organs (particularly the liver),
although this response was not statistically significant, and the drug was therefore

tested again at a more targeted concentration range (Fig. 4.17).

OS was detected in the liver at 1.1 uM and 1.8 uM Dox, and in the Gl from 0.4
UM (Fig. 4.17). In the GI tract, the model shows a concentration-dependent
increase in OS between 0.4 uM and 1.1 pM, but this levelled off between 1.1 pM
and 1.6 uM. Reasons for this are unclear, as no signs of overt toxicity were
observed in the images of these larvae (i.e. no oedemas or necrotic tissue) that
might block the fluorescent signal of the GI tract. Image analysis was also
expanded here to include the heart due to the strong evidence for ROS
generation in cardiomyocytes (Sawyer et al., 2010) and the common
cardiotoxicity observed in patients treated with Dox (Octavia et al., 2012; Raschi
et al., 2010), but no OS was detected.

Interestingly, unlike almost every other drug screened here which showed any
level of OS, Dox did not appear to induce OS in the pronephros. Although later
experiments using Dox did show some OS in the PT (see chapter 6), this was
only seen at even higher concentrations than tested here and the pronephros
was still not nearly as affected as the liver or GlI.

The absence of a detectable response in the model to Cis exposure was
unexpected given the known ototoxicity (Buck et al., 2012; Choi et al., 2013; Hung
et al., 2019; Lee et al.,, 2004; Ou et al.,, 2007; Shahab et al., 2021) and
nephrotoxicity of Cis (Hentschel et al., 2005; Kruidering et al., 1997). Data in
Chapter 3 showed that the Acquifer does not have the sensitivity to detect subtle
changes in fluorescence in small organs such as the neuromasts, but the Acquifer
can detect changes in fluorescence in the PT, which has previously been shown
to exhibit OS in the EpRE:mCherry model in response to Cis (Mourabit et al.,
2019). Therefore, to determine if the lack of response was due to reduced
sensitivity of a later generation of the EpRE:mCherry model, or a result of the
different exposure regimen, the experiment was repeated again using a higher
top concentration (up to 33.2 uM) and exposure from 0 dpf was compared against
the effect of exposure from 2 dpf (as was used by Mourabit et al.).
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After a 4 day exposure, Cis was still not found to induce a significant level of OS
in any organ analysed. However, it did result in a reduced level of mCherry
fluorescence in the liver, PD, and Gl (Fig. 4.18). This also corresponds with the
development of pericardial oedemas significantly larger for exposures to
concentrations at and above 0.3 uM compared to the SC. Larvae exposed to 3.3
MM and 33.2 uM from O dpf also exhibited delayed hatching by at least 24 hours.
In contrast, larvae exposed from 2- 4 dpf exhibited no overt signs of toxicity,
except in the top concentration where pericardial oedemas were significantly
larger. Additionally, 33.2 uM Cis induced a significant level of OS in the PT and
PD compared to a minimum effect concentration of 50 uM in the PT reported by
Mourabit et al. In the neuromasts, identified using the DASPEI stain, no significant
changes in OS were detected, although larvae exposed from 0 dpf showed a
downward trend in OS with increasing concentration, while larvae exposed from

2 dpf showed an upward trend.

The correlation between oedema size and OS in larvae exposed from O dpf
indicates that the overt toxicity and corresponding phenotypic changes may have
obscured the fluorescence and/or damaged the tissue to the extent it can no
longer produce the fluorophore (e.g., as was shown in chapter 3 when Cis

destroyed the neuromasts and so no OS could be measured).
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Figure 4.16 Chemotherapeutic drugs exposure: effect of CP, Dox and Cis on
OS levels, imaged using the Acquifer. Data shows mean values (+/- SEM) for
the mean pixel intensity within the organs of 4 dpf larvae exposed to CP, Dox,
Cis or CW (or an SC in the case of Cis) from 6 hpf. Inset: [top] CP was first
screened on an Olympus stereomicroscope, the image shown has had the
contrast altered to aid visualisation of the larva [middle] 1.8 uM Dox [bottom] 3.3
UM Cis. Cis was tested at higher concentrations, but deformities were observed
at 33.2 uM and delayed hatching at 332 uM. Doxorubicin was tested at 184 uM,
which resulted in 100 % mortality, and 18.4 uM which resulted in malformations
and deaths. No malformations or mortality was associated with any concentration
of CP.
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Figure 4.17 Concentration-dependent OS induced by Dox, imaged using the
Acquifer. Data shows mean values (+/- SEM, N= 13) for the mean pixel intensity
within the organs of 4 dpf larvae exposed to Dox or CW from 6 hpf. Data were
not normally distributed and so were analysed using Kruskal-Wallis followed by
Dunn’s multiple comparisons. *=P<0.05, **=P<0.005, ***=P<0.0005, ****=
P<0.0001.
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Figure 4.18 Comparison of the OS induced by Cis when embryos are exposed
on 0 dpf versus 2 dpf, imaged using the Acquifer. Data shows mean values (+/-
SEM, N= 12) for the mean pixel intensity within the organs of 4 dpf larvae exposed
to Cis or SC from 6 hpf or 2 dpf. Inset shows the width of pericardial oedemas for
these larvae, indicating an overt toxic reaction and phenotypic change which may
be responsible for the perceived decrease in OS measured in larvae exposed at 0
dpf.. Data was not normally distributed and so was analysed using Kruskal-Wallis
followed by Dunn’s multiple comparisons. *=P<0.05, *=P<0.005, **=P<0.0005,

*x= P<0.0001
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4.3.3.5 CAM
At the concentrations tested here, CAM did not appear to induce or buffer

against OS (Fig. 4.19).
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Figure 4.19 Effect of CAM exposure on OS levels, imaged using the
Acquifer. Data shows mean values (+/- SEM, N= 12) for the mean pixel intensity
within the organs of 4 dpf larvae exposed to CAM or SC from 6 hpf. Inset: 400
uM CAM, imaged on Olympus, contrast altered to better visualise larvae.
Mortality or malformation incidence was not above background.
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4.3.3.6 Cloz
Cloz did not induce significant OS in any of the tissues analysed at any of the

concentrations tested (Fig. 4.20). A slight positive trend was observed in the

liver at 30.6 uM, but this was not significant.
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Figure 4.20 Effect of Cloz on OS levels, imaged using the Acquifer. Data
shows mean values (+/- SEM, N= 5) for the mean pixel intensity within the organs
of 4 dpf larvae exposed to Cloz or SC from 6 hpf. Inset: 30.6 pM cloz, showing
necrotic tissue and a pericardial oedema. Oedemas were not observed at any
other concentrations, and no mortalities were observed.
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4.3.4 Internal pharmaceutical concentration
To better understand the chemical responses (or lack thereof) observed in the

TG model, plasma drug concentration was predicted using the FssPC. Analytical
chemistry was also used to measure the internal concentrations of

pharmaceuticals following 4 day exposures.

The FPM was used to predict if the pharmaceuticals used were likely to have an
effect on the zebrafish larvae based on a FssPC:HTPC ratio of <1 (Table 4.3).
The FssPC has been calculated based on the FPM predicted partitioning,
calculated using the LogDow values (Fig. 4.3). Based on the lipophilicity of the
compound, every drug was predicted to reach therapeutic concentrations in the

plasma of exposed larvae, except for Cis and IBF.

The results of the FPM are consistent with the internal concentrations measured
using LC-MS/MS (Table 4.4). As expected, the positive control, APAP, was taken
up by the larvae. The negative control, ATL, was also detected in the body of the
larvae, although it did show low uptake (1.4 %). DCF and Dox were both below
the limit of quantification (LOQ) for the method used. This could be due to a
variety of reasons, including poor MS sensitivity, and does not necessarily reflect

low uptake of the drugs, particularly as both had a clear effect on the model

For 7 of the 9 drugs tested, the predicted internal concentration (based on FPM)
exceeds or reaches the HTPC. The internal concentration of Cis could not be
measured, but previous studies have reported relatively low uptake of 3-4 %
(Mourabit et al., 2019) and it was not predicted to reach HTPC in the larvae.
Despite this, it did elicit a response in the model at this concentration range (albeit
OS induction was only significantly higher when exposed to the top concentration

from 0-2 dpf, hence the response has been classed as ‘weak’ in Table 4.3).

Interestingly, IBF was detected in the body of the larvae and showed the second-
highest uptake of the drugs tested (140%). However, the maximum internal
concentration detected (41 uM) still did not reach HTPC (48.48 uM; Table 4.3)
and it did not induce significant OS in the EpRE:mCherry model. The FPM model

also did not predict that internal IBF concentration would reach therapeutic levels
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(Table 4.3). However, due to the poor solubility of IBF, a higher exposure solution

could not be tested.

Only two of the 5 drugs predicted to reach HTPC, CAM and Cloz, did not behave
as expected. The internal concentration of CAM and Cloz were predicted to
exceed HTPC (confirmed by LC-MS/MS) and hence represent examples of a
compound where uptake or FPM could not be used to predict its effect on the

EpRE:mCherry model. Cloz is a pro-drug and hence needed further investigation.
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Table 4.3 Effect ratio for each drug tested based on FPM. Calculated from the human therapeutic concentration (HTPC) and
estimated fish steady state plasma concentration (FssPC), based on the fish plasma model (FPM) predicted partitioning
calculated from the LogDow. Red in the ‘conclusion on predicted fish plasma concentration’ column indicates predicted to reach
or exceed HTPC, green indicates that it is not predicted to reach HTPC. Red in the ‘response seen in model at 4dpf?’ column
indicates that a response was seen, green indicates no response, and yellow indicates a weak response under specific exposure
conditions.

FPM Max exposure FssPC from Conclusion on predicted Respor_lse
LogDow . HTPC - . N seen in
Compound predicted concentration FPM Effect ratio fish plasma
pH 7.4 P (M) . model at
partitioning (UM) (UM) concentration
4dpf?
Min Max Min HTPC Max HTPC
Paracetamol
(APAP) 0.40 0.26 66.15 165.38 5000.00 1291.13 0.05 0.13
Atenolol
(ATL) -1.85 0.01 0.38 3.76 37547 2.21 017 1.70
Diclofenac
(DCF) 1.37 1.32 1.69 10.13 33.77 44 .53 0.04 0.23
Ibuprofen 0.45 0.28 7271 14543 4848 13.62 534 10.68 MIELEERIE EE D TR No
(IBF) therapeutic range
Doxorubicin -0.79 0.04 001 004 183.99 6.43 <0.01 0.01
(Dox)
Cisplatin 219 0.13 332  16.61 332.12 1.10 3.01 15.05 N2k [ B ) 2 Weak
(Cis) therapeutic range
Cyclo-
phosphamide 0.53 0.32 38.30 95.75 3830.00 1230.55 0.03 0.08
(CP)
Clarithromycin |, 54 7.20 027 267 400.00 2880.45 <0.01 <0.01
(CAM)
Clozapine 272 12.75 107 184 30.59 390.10 <0.01 0.01
(Cloz)
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Table 4.4 Internal pharmaceutical concentrations measured using LC-
MS/MS. Cis could not be measured. DCF and doxorubicin were below the LOQ.
Values are given to two significant figures.

Nominal Mean concentration
concentration per larva Uptake (%)
Compound (M) (M) Mean SEM
Paracetamol (APAP) 2500 740 29 1.5
Atenolol (ATL) 188 2.7 1.4 0.56
375 5.3 1.4 0.38
Diclofenac (DCF) 1 <LOQ
2 <LOQ
Ibuprofen (IBF) 25 33 140 17
50 41 85 9.7
Doxorubicin (Dox) 9.2 <LOQ
18.4 <LOQ
Cyclophosphamide (CP) 383 9.1 24 0.34
3830 220 5.7 0.48
Cisplatin (Cis) N/A
Clarithromycin (CAM) 200 14 7.2 2.0
400 53 13 0.92

Clozapine (Cloz) 30.6 1900 6300 380
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4.3.5 Bioactivation of pro-drugs and influence of metabolism on drug toxicity

When drug uptake and FssPC could not explain the lack of effect several of the
drugs had on the EpRE:mCherry model, attention was turned to the metabolic
capacity of 4 dpf zebrafish. Cloz and CP are both pro-dugs, and thus require bio-
activation to exert their therapeutic effect. Therefore, these compounds were
further investigated to determine how developmental stage or metabolic
activation may influence their OS potency, to better understand why they did not

give a positive result in the initial screen.

4.3.5.1 Cloz
Cloz is metabolised by CYP P450 to produce the pharmaceutically active

metabolite desmethyl clozapine (DMC) and clozapine-N-oxide (Fig. 4.21). DMC
exposure had no effect on OS in the model (Fig. 4.22); although a detectable
reduction was observed in the PT at 0.003 pM, this was not observed at any other
concentration and is more likely to be an artefact from imaging. Table 4.5 shows
an uptake between 270 — 550 %, (for exposure concentrations of 3.2 uM and 32

UM, respectively), suggesting uptake was not responsible for a lack of response.
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Figure 4.21 Scheme of metabolism pathway for Cloz. Adapted from Thorn et
al. 2018 and Vredenburg et al. 2013
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Chemical analysis of embryos exposed to Cloz for 96 hours detected significant
levels of DMC (around 50 % of the internal Cloz concentration) (Table 4.5),
indicating that these larvae did metabolise the drug. One disadvantage of LC-
MS/MS is that it measures the concentration of the compound in the whole body
and cannot distinguish between different compartments within the larva.
Therefore, MSI was attempted to assess the distribution of the parent and its two
main metabolites in 4 dpf larvae. Sectioning of early life stage larvae is extremely
challenging; therefore, it was not possible within the timescale to obtain ideal
images in terms of quantity or perfect sections. However, the images obtained do

provide some useful information:

Fig. 4.23a suggests Cloz extensively adhered to the outside of the larvae as well
as some evidence for tail muscle (or notochord), eyes and, to a lesser extent,
other parts of the upper body. Fig 4.23b show the distribution of Cloz and its two
major metabolites; clozapine N-oxide and DMC, detected by accurate mass
measurement. There is good spatial correlation between parent and N-oxide
which were detected mainly in the brain and eyes of the larvae. DMC can only
be ‘tentatively’ identified in these images as it was measured in lower levels
compared to the other molecules and was less localised to specific tissues,
suggesting it is barely above background noise. However, all three masses were
shown to be significantly above the control background (Fig. 4.32c) providing
evidence that the parent compound can be taken up into larvae, partition from
the blood to other body tissue, and be metabolised by zebrafish larvae at this
age. Unfortunately, for this evaluation, there were no sections containing other
major organs of interest such as liver or pronephros, and so the distribution of the
drug or its metabolites cannot be correlated to mCherry fluorescence intensity in
these tissues.

Given some evidence for metabolism indicated by the DESI data, it was decided
to modify the generic LC-MS/MS method to assess larvae exposed to Cloz for
only 20 minutes. This confirmed metabolism of the drug after just 20 minute-
exposure by detecting the presence of DMC, albeit naturally at lower levels
compared to larvae exposed to Cloz for 4 days (Table 4.5; 8% compared to 50
% of the measured internal Cloz concentration). This data also provided more
evidence in support of the identity of DMC in the DESI images.
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Together, these data confirm that Cloz was a) bioavailable to the larval tissue and
b) metabolised by the 4 dpf larvae, ruling these out as possible reasons for lack
of response in the EpRE:mCherry model to Cloz exposure.
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Figure 4.22 Effect of DMC exposure on OS levels, imaged using the
Acquifer. Data shows mean values (+/- SEM, N= 12) for the mean pixel intensity
within the organs of 4 dpf larvae exposed to DMC or SC from 6 hpf. Data was
not normally distributed and so was analysed using Kruskal-Wallis followed by
Dunn’s multiple comparisons. *=P<0.05, **=P<0.005, ***=P<0.0005, ****=
P<0.0001. Inset shows 32 uM DMC
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Table 4.5 LC-MS/MS analysis showing uptake of Cloz and its synthesised metabolite, DMC, alongside the proportion of DC produced
following exposure to the parent compound. Values given to 2 significant figures.

Mean
Nominal concentration per DMC as a % of internal
concentration larva Mean uptake Cloz concentration
Compound UM uM % SEM | Mean SEM

Clozapine (Cloz) 30.60 1900 6300 380 51 4.3
20 min exp. 30.60 180 600 40
20 min exp. 122.00 1000 830 44 7.9 0.42
Desmethyl clozapine 3.20 8.7 270 26

(DMC) 32.00 180 550 29
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Figure 4.23 DESI analysis of Cloz [A] Coronal section of 4 dpf WIK embryos exposed to 100 uM Cloz for 20 minutes, imaged
using DESI to detect the parent compound. [B] Histological sections overlaid with DESI images of distribution of Cloz, and its
metabolites clozapine-N-oxide and (tentatively) desmethyl clozapine. [C] Relative mean intensities of those molecules detected
in whole tissue.
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4.3.5.2CP
4-hydroxycyclophosphamide (the active metabolite of CP) is highly unstable in

agueous solution and it was not viable to work directly with its metabolites
acrolein or phosphoramide mustard (Fig. 4.24). Instead, larvae were exposed to
the parent compound from 8 dpf, when the animal’s metabolism is well
established. Exposure of EpRE:mCherry larvae to CP from 8-10 dpf did not
reduce the response threshold of the model compared with exposure from 0-4
dpf, although the most vulnerable organs did change (Fig. 4.25). In both exposure
scenarios, 3830 uM was the only concentration to induce a detectable level of
OS, suggesting CP was less potent than initially suspected, and hence did not
have an effect at the lower concentrations tested in the initial screen (Fig. 4.16).
However, in 4 dpf larvae, the significant OS was detected in the PD and liver,
whereas only the PT exhibited OS in the 10 dpf larvae (Fig. 4.25). Additionally, in
the 4 dpf larvae, 100% of the larvae exhibited overt toxicity in the form of stunted
tails, pericardial oedemas and curved spines, in addition to OS in the neuromasts
(Fig. 4.25, Ai). In contrast, no phenotypic changes were observed in the 10 dpf
larvae, but they did show OS in the ionocytes (skin cells) on the ventral side of

the trunk, regardless of treatment (Fig. 4.25, Bi and Bii).

It is not known why the most vulnerable organs changed between the 2 dosing
regimens (from the PD and liver in 4 dpf, to just the PT in 10 dpf larvae). This
could relate to the overt toxicity and phenotypic changes observed in the 4 dpf
larvae, as 3830 uM CP was seen to have a teratogenic effect. The phenotypic
changes may have masked the fluorescent signal in the PT, as it is a smaller
organ compared to the PD and more challenging to delineate. Additionally, the
lack of a significant OS response in the liver in 10 dpf could be related to the
increasing opacity of this organ, as it was noticeably darker in colour in 10 dpf
larvae compared to 4 dpf. However, image Bi of Fig. 4.25 shows that a fluorescent
signal could still be detected. Further study could also test the effect of later life
drug exposure on other pharmaceuticals to find if this effect is specific to CP. A
further complication to the measurement of organ-specific fluorescence in the 10
dpf came from the fluorescence emitted by the ionocytes on the surface on the
body trunk. This signal was visible and consistent in the larvae regardless of drug
treatment, suggesting it was not related to the CP, and potentially skewed
fluorescence intensity measures for deeper situated body organs, particularly in

the liver which had a relatively weak signal compared to the other target tissues.
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OS in the ionocytes of this model had only been previously observed following
embryo surface disinfection (Fig. 4.10), potentially indicating irritation of the skin
by the external media. In support of this, trials using 10 dpf larvae in which the
samples were anaesthetised but not embedded in agarose did not reveal any
fluorescence in the skin cells. Other confocal images of 4 dpf larvae did not show
fluorescence in the ionocytes, suggesting 10 dpf is particularly vulnerable to
irritation by the warm agarose.

Cyclophosphamide

CYP P450 enzymatic activation
(Mainly CYP2B6 and CYP2C19
in mammals)

v
4-hydroxycyclophosphamide

\ 4

Aldophosphamide

B-elimination

¥ .

Acrolein Phosphoramide mustard
¢ ¢
ROS generation DNA crosslinks

Figure 4.24 Scheme of metabolism pathway for CP. Adapted from Fonseca et
al. 2018 and Kurauchi et al. 2017
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Figure 4.25 Comparison of OS levels detected in larvae exposed to CP from
[A] 0-4 dpf (N=12) or [B] 8-10 dpf (N=15), both imaged on the confocal. Data
shows mean values (+/- SEM) for the mean pixel intensity within the organs of
EpRE:mCherry larvae. [Ai] 4 dpf larva exposed to 3830 uM CP, contrast altered
to aid visualisation of the OS pattern, [Bi] 10 dpf larvae exposed to clean water
control [Bii] 10 dpf larvae exposed to 3830 uM CP, both visualised using the fire’
look up table.
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4.3.5 Persistence of the fluorescent signal following depuration

As part of characterising the EpRE:mCherry model, the persistence of the
mCherry fluorescence in relation to depuration of the pro-oxidant was assessed.
In two separate experiments, the concentration of APAP in the body of the larva
drops rapidly during the first hour of depuration, then more steadily drops below
the LOQ (which for this method was 13 nM) by 24 hours post depuration. The
limit of detection for this method was approximately 5 nM, and some APAP could
still be detected at 24 hours post depuration but, it could not be quantified. The
mCherry fluorescence signal persisted, or even continued to increase, for up to
24 hours after the zebrafish was transferred out of the exposure media (Fig. 4.26
and Fig. 4.27) and only began to degrade after all APAP has been expelled (at
around 24 hours post depuration). The fluorescence is still detectable for at least
24 hours after internal concentrations of the pro-oxidant have dropped below the
LOQ, and in the case of the PT, can even remain at the level seen in the exposure
for a period past this point (Figs. 4.26 and 4.27).
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Figure 4.26 Relationship between persistence of mCherry fluorescence and
depuration of APAP from the larval body over 24 hours. Relationship
between depuration of APAP (black inverted triangles; internal APAP
concentration measured in WIK larvae using LC-MS/MS and given as mean +/-
SEM, N=6) and persistence of the fluorescence signal (red squares; measured
in EpRE:mCherry larvae, imaged using the Acquifer) in 3-4 dpf larvae exposed
to 2.5 mM APAP from 6 hpf. Dashed arrow indicates 3dpf/78 hours of exposure,
the time point at which larva were washed and transferred from APAP to fresh
water, time is given in hours post depuration. The fluorescence intensity is given
as mean values (+/- SEM, N= 12) for the mean pixel intensity within the organs
and has been baseline-corrected against an SC at the same time point to control
for increase in background OS which occurs with embryo development.
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Figure 4.27 Persistence of the mCherry fluorescent signal over 48 hours
post depuration. Larvae were exposed to 2.5mM APAP at 6hpf and transferred
to clean water at 2dpf/48 hours exposure. Fluorescence intensity is given as
mean values (+/- SEM, N= 12) for the mean pixel intensity within the organs and
has been baseline corrected against SC to account for increase in background
OS resulting from embryo development. Inset shows concentration of APAP
detected using LC-MS/MS in WIK embryos exposed to 2.5 mM APAP and
transferred to fresh water at 2 dpf.
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4.4 Discussion
This chapter sought demonstrate the utility of the EpRE:mCherry model as a

convenient and rapid tool for the screening of pharmaceuticals for their potential
to induce OS. Figs. 4.6, 4.7, 4.8 and 4.9 show that the model did not lose
sensitivity between generations and control groups exhibited fairly consistent
levels of mCherry fluorescence between spawning events, demonstrating a

consistency and robustess of the EpRE:mCherry model.

The positive and negative controls behaved as expected, further supporting the
validity of the model. APAP-induced OS was detected in the liver from 1.25 mM,
in concordance with induction of OS by 1.3 mM APAP reported in the model
previously (Mourabit et al., 2019). As expected, no OS was detected at any
concentration of ATL (Fig. 4.13), despite being predicted to reach HTPC in the
larvae (Table 4.3). The ATL was also detected in the body of exposed larvae,
albeit at very low levels (Table 4.4), and ATL has previously been observed
circulating in the blood of zebrafish larvae (Fig. 4.28). This confirms that the
EpRE:mCherry model responds specifically to pro-oxidants, and while it can be
very sensitive to early life conditions (such as disinfection, Fig. 4.10, or a physical
stressor as will be explored in chapter 6), it doesn’t express fluorescence

indiscriminately.
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Figure 4.28 MSI image showing ATL circulating in the plasma of a zebrafish
larva. Photo courtesy of Swales, Ball and Hetheridge.
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4.4.1 Convenience and throughput
The EpRE:mCherry model in combination with the HTS platform the Acquifer

(discussed in the previous chapter) provided a convenient tool to screen nine
pharmaceuticals for their pro-oxidative effect across a range of tissues in a whole-
body animal. As discussed by Mourabit et al., who first developed the model, the
TG model visualises OS as mediated through the Nrf2/Keapl pathway which can
induce over 100 proteins in the antioxidant pathway, each with tissue-specific
expression patterns (Mourabit et al., 2019; Nakajima et al., 2011). To achieve the
same results using traditional gene regulation analysis methods (such as
microarray analysis or RT-PCR) would be far more time consuming, more labour
intensive and require analysis of multiple downstream genes from separate tissue
samples. In comparison, one assay using the EpRE:mCherry model and a 20 min
image acquisition using the Acquifer provided the OS response profile for a
compound across all tissues in the 4 dpf zebrafish larva. Therefore, APAP, DCF
and Dox were easily identified as pro-oxidants and their concentration-dependent
effects on target tissues were characterised so these drugs could be carried

forward for further investigation in later chapters.

Additionally, as detection OS in the EpRE mCherry model does not require the
destruction of tissue, the onset of OS was measured repeatedly in the same
individuals over time. Fig. 4.12 showed that significant OS was induced in the
liver and pronephros as early as 2 dpf. Chemical OS induction over time has been
studied previously, such as perturbation of the GSH:GSSG ratio in 72 hpf
zebrafish larvae after 24, 48 and 72 hour exposure to dioxin-like 3,30,4,40,5-
pentachlorobiphenyl (PCB126) (Liu et al., 2015). However, few studies have
tracked OS induction from exposure at 0 dpf, and none appear to have been able
to take repeated measures from the same individuals. This also facilitated the
optimisation of an exposure protocol for the pharmaceutical screen by identifying
the most vulnerable window of response (shown by the dramatic increase in
fluorescence between days 3 and 4 of APAP exposure), capturing the greatest

level of sensitivity possible within the system.

However, Fig. 4.18 indicates this protocol is not suitable for testing Cis, as 2-day
exposure to 33.2 uM Cis resulted in significantly higher OS in the PD and PT, but
a 4-day exposure to the same concentration range resulted in a decrease in OS
in all organs measured (significantly so in the liver and GI). When compared with
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the size of pericardial oedemas, the apparent decrease in mCherry fluorescence
appears to be a result of overt toxicity, just as was seen for the toxic effects of 5
mM APAP that resulted in reduced mCherry fluorescence compared to 2.5 mM
APAP (Fig. 4.12). In this instance, a 2-day exposure was more effective for
assessing the pro-oxidative nature of Cis as a longer exposure period resulted in
tissue damage before the OS could be assessed. This therefore highlights a
caveat in the use of this model and of TG models in general as a pharmaceutical
screen, as it cannot be used for compounds which are too potent that they may
induce overtly toxic effects, causing tissue damage and therefore compromising

the accuracy of any measurements of fluorescence intensity.

4.4.2 ldentification of target organs
The EpRE:mCherry model allowed for the rapid identification of new target

organs which had not previously been considered, such as the Gl in response to
Dox (Fig. 4.17). Dox has not previously been shown to induce OS in the GI,
although it has been linked to adverse effects in the intestines of chemotherapy
patients (Kaczmarek et al., 2012). The Gl tract is known to be a site of metabolism
and has even been proposed as the main site of detoxification for zebrafish larvae
due to a higher level of induction of promotors related to phase | and || metabolism
compared to the liver (Poon et al., 2017). However, although CYPs are expressed
in the intestine (Goldstone et al., 2010), it contributes to CYP-mediated drug
metabolism to a lesser extent compared to the liver (Verbueken et al., 2017). In
contrast to the fluorescence induction observed in Poon et al.’s TG larvae, the
present pharmaceutical screen did not show the GI tract to respond as
consistently, or as frequently, across the different drugs tested in comparison to
the liver or pronephros, hence it was not included as default in initial screens of

the drugs.

Interestingly, Dox did not appear to induce OS in the pronephros, unlike almost
every other drug screened here which showed any level of OS. Although later
experiments using Dox did show some OS in the PT (see Chapter 6), this was
only seen at higher concentrations and the fluorescence detected in the PT was
lower than the liver or Gl. This could potentially be related to the greater increase
in OS detected in the GlI; inhibition of CYP1 activity has previously prevented
Dox-induced cardiomyopathy in zebrafish larvae (Lam et al., 2020), and CYP1A

activity is first detected in the liver primordium at 56 hpf, followed closely by the
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intestine at around 80 hpf (Otte et al., 2010). Indicating CYP1, and therefore the

intestine, play key roles in the toxicity of Dox.

Historically, clinical studies to understand the mechanism of Dox toxicity have
used primarily cardiac and liver cell lines (Wang et al., 2019). However, the
significantly stronger signal observed in the Gl tract here compared with the other
tissues may indicate the Gl as a target organ of this pharmaceutical which merits

further study.

The EpRE:mCherry model also supports what has previously been reported on
organ-specific vulnerability to DCF: the liver was identified as the most vulnerable
of the three targeted organs, as indicated by the most dramatic increase in
fluorescence intensity across the increasing concentration (Fig. 4.15). This is in
line with the results reported by Islas-Florres (2013), who found the greatest
increase in lipid peroxidation, a direct consequence of OS, and various
antioxidant enzymes in the liver. This is likely because the liver is a major sight

of biotransformation of DCF (Islas-Flores et al., 2013).

4.4.3 Sensitivity
The EpRE model does not appear to be sufficiently sensitive for the detection of

the pro-oxidative compounds studied here at environmentally relevant
concentrations. The greatest level of sensitivity was achieved using Dox (0.4 uM)
and DCF (1.4 uM), both of which are generally detected in the pM - nM range
(Table 4.1). However, the internal concentration of both these compounds were
below the LOQ, so while the TG model cannot be used at environmental levels,
it is sensitive enough to show a response to very low internal concentrations of
certain compounds. In particular, DCF showed an impressively steep
concentration-response curve, starting with the onset of OS at 1.4 uyM and

reaching toxic effects (delayed hatching/mortality) at 3.4 uM (Fig 4.15).

While more traditional methods such as antioxidant activity assays or PCR of
selected genes require destructive sampling and are not as integrative a
biomarker as the EpRE:mCherry model, they can be more sensitive than the
model. In an acute zebrafish exposure to DCF (from 5 — 96 hpf), Bio and Nunes
found that the antioxidant enzymes GSTs were the most sensitive biomarker, with
significantly reduced activity from 0.0015 uM DCF. This suggested a depletion of

intracellular GSH, which is required as a conjugation substrate for GSTs but can
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also be reduced through direct denaturation by ROS (Bio & Nunes, 2020).
However, CAT activity was only significantly increased from 1.5 uM (Bio & Nunes,
2020), more in line with the results reported here (significant OS detected in the
liver from 1.4 uM, Fig. 4.15). The upregulation of CAT suggests that at 1.5 uM
DCF the cell is working harder to protect against the OS caused by the excess of
ROS which GPx and GST failed to scavenge. CAT, along with GR, is often
considered one of the more sensitive biomarkers for OS, and CAT could be
considered the more biologically important biomarker due to its role in breaking
down hydrogen peroxide, the precursor of the hydroxyl radical which is the most
reactive ROS (Regoli et al., 2002). In this way, perhaps CAT is a better biomarker
(i.e., arguably more important) than other antioxidants as it is most strongly
associated with oxidative damage. Therefore, true OS (in that ROS had
overwhelmed the first line of cellular defences, necessitating the upregulation of
CAT) was not reached in Bio and Nunes’ study until the top concentration of 1.5
MM. Consequently, the EpRE:mCherry model arguably matched the sensitivity of
this antioxidant activity assay, with the added advantage of identifying the exact
tissues undergoing OS. It is not known how the degree of upregulation of EpRE
in the model corresponds to relative activity of the different antioxidants. The
EpRE:mCherry can indicate the degree of OS and the increased activity of
downstream antioxidant enzymes but cannot be used to delineate the responses

of specific enzymes. This could be an area of future study.

4.4.4 mCherry fluorescence degradation
The lag between the decline in internal concentration of a toxin and the decline

of fluorescence intensity is important to consider regarding the use of this model
for understanding more dynamic responses or changeable conditions (explored
further in chapter 5). It is not known whether this is due to continued induction of
the antioxidant defence system (i.e., the tissue is still recovering), a result of the

half-life of the fluorophore, or an artefact of slow cellular or receptor turnover.

mCherry is very stable (Hebisch et al., 2013; Shaner et al., 2005), but this relates
to how quickly it is photobleached under constant illumination, rather than how
long it persists once generated. The red fluorophore also has a relatively short
maturation time (the time between translation of the protein and formation of the
chromophore) (Hebisch et al., 2013), but little is known about how long the

chromophore can persist once transcription/translation of the fluorescent protein
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stops. mCherry can be used to visualise proteins with half-lives of 10 minutes to
8 hours (Doerr, 2012), indicating the fluorophore must also have a half-life of
around 8 hours. This suggests that the fluorescent signal would persist at above-
background levels after upregulation of EpRE (and particularly the downstream
genes) have returned to normal levels for a matter of hours. Therefore, in the data
presented, it is not possible to determine how quickly the tissue can recover from
the OS based on how quickly the mCherry fluorescence degrades. To delineate
these mechanisms, a future study could use an alternative measure of OS, such
as SOD or CAT enzyme activity, to take time-series data during the depuration
phase and compare the time taken for these levels to return to normal versus the

fluorescence intensity.

In support of the hypothesis that slow recovery of the tissue from OS is the cause
of this lag in fluorescence decline, rather than the fluorophore’s half-life, the
organs analysed do not show a uniform response. The fluorescence signal in the
PT appears particularly persistent as it is the only tissue in which fluorescence
intensity continues to increase past 7 hours post depuration (Figs. 4.26 and 4.27).
In chapter 3, the sensitivity of the PT to OS was explored, including its relatively
low levels of endogenous antioxidants and high concentration of mitochondria
(Chevalier, 2016), in addition to its preferential accumulation of toxins (McKee &
Wingert, 2015). This may explain the organ’s slow recovery from oxidative

damage.

As well as improving our interpretation of fluorescence detected in the
EpRE:mCherry model, the ostensible persistence of OS for long after the stressor
has been removed holds interesting implications for environmental risk
assessments. If the prolonged mCherry expression truly reflects ongoing OS, this
would imply that acute or pulse exposures to pro-oxidants can continue
influencing an animal’s redox status after the exposure period has ended,
potentially impeding its fitness or ability to respond to subsequent stressors.
Indeed, OS induction in zebrafish embryos has been shown to reduce their
reproductive success as adults (Newman et al., 2015). Further, other chemical
and receptor types have been used to show how early life exposure can enhance
an animal’s response to repeated or similar type of exposure later in life (Green
et al., 2018; Tiedeken & Ramsdell, 2007).
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4.4.5 Understanding negative results from the EpRE:mCherry screen: why did
CP, Cloz, CAM and IBF not induce OS as expected?

It has been established that Cis did not elicit the expected response in
EpRE:mCherry larvae in the initial screen as 4 days was too long an exposure
and likely caused too much damage before accurate levels of OS could be
measured (see section 4.4.1). However, it is still unclear why the remaining
pharmaceuticals, CP, Cloz, CAM, and IBF did not induce significant OS, as none
of them exerted any obvious toxic effects, based on morphological features of the

embryo-larvae (except for CP at the extremely high concentration of 3830 uM).

All four were taken up into the larval body (Table 4.4) and predicted by the FPM
(Table 4.3) to reach therapeutic levels (except for IBF). As CAM, cloz and CP are
known to be pro-drugs, it was originally postulated that 4 dpf zebrafish larvae may
not have the necessary metabolic capacity to activate the compounds (Fig. 4.2).
However, the present data appears to not support this hypothesis.

Cloz showed patrticularly high uptake (6300 %), in line with other studies which
have shown its capacity to bioconcentrate in fish, particularly in the liver and
kidney (Nallani et al., 2016). Evidence in the literature indicates ROS generation
is induced by DMC and clozapine N-oxide, which are produced by hepatic CYP
P450 metabolism (Fig.4.21) (Thorn et al., 2018; Vredenburg et al.,, 2013).
Therefore, it had been presumed that exposure to the active metabolite would
have a more toxic effect than equimolar concentrations of the parent compound
as it does not require bioactivation. However, although DMC was taken up by the
larvae (albeit not as strongly as the parent drug) (Table 4.4), exposure to the
synthesised metabolite also did not result in concentration-dependent OS (Fig.
4.22). Furthermore, LC-MS/MS also detected DMC in larvae that were only
exposed to the parent drug (Table 4.5) and DESI detected clozapine-N-oxide in
the tissue, showing that 4 dpf larvae are capable of metabolising Cloz.
Unfortunately, DMC could only be ‘tentatively’ identified due to the noisy
background created by an abundance of spectral peaks which can occur in the
same mass range as the metabolite of interest. This could be mitigated by using
the DESI with tandem mass spectrometry (MS/MS) to specifically target Cloz and
its metabolites; however, this was not available within the timescale of this

project.
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4 dpf zebrafish larvae also appear to be able to metabolise CP, which is also
activated by hepatic CYP P450 enzymes (Fig. 4.24), as exposure to CP at 8 dpf
when the larva possesses the full complement of CYPS (Verbueken et al., 2018)
did not increase the toxicity of the drug. This is in contrast with data published by
Busquet et al. 2008 who co-cultured embryos with CP and mammalian liver
microsomes to develop a screening assay combining zebrafish embryos with
exogenous mammalian metabolic activation. Embryos exposed to CP alone
showed no changes, whereas those co-cultured with microsomes showed
teratogenic effects at 3500 uM (Busquet et al., 2008). Conversely, other studies
have reported maximum non-lethal concentration (MNLC) of 4213 pM in 3-5 dpf
larvae (He et al., 2013) and teratogenic effects at 996 uM — 2999 uM in 0-3 dpf
embryos without the external metabolic activation system (Weigt et al., 2011).
Further, mMRNA expression levels of CAT, SOD1 and SOD?2 increased in
zebrafish embryos exposed for 96 hrs to 1341 yM CP, although this did not

translate to changes in actual enzymatic activity (Aderemi et al., 2020).

On balance, the present data combined with the literature suggests that 4 dpf
zebrafish larvae can metabolise CP and are vulnerable to its toxic effects. CP
likely did not induce a response in the EpRE:mCherry model in the initial screen
(Fig. 4.16) simply because the drug was less potent than expected, as 3830 uM
later did induce OS in both 4 dpf and 10 dpf larvae. However, in the 4 dpf larvae,
malformations were also observed at this concentration (e.g., stunted tails) (Fig.
4.25 Ai). This implies that, in keeping with the literature, CP can have teratogenic
effects in early-stage embryo-larvae. However, unlike the other drugs tested
here, CP appears to only induce significant OS at concentrations also high
enough to cause overt toxicity, suggesting this is one example of a drug where
EpRE:mCherry cannot be helpful. Indeed, Aderemi et al. also did not find any
changes in CAT activity at sublethal concentrations (Aderemi et al., 2020). Given
the previous studies which showed toxic effects in the mM range (Aderemi et al.,
2020; Weigt et al., 2011), it does not seem appropriate to test the EpRE:mCherry
model at this concentration range as the malformations would impair
measurements of tissue-specific OS. As mentioned in section 4.3.5.2, the change
in most vulnerable organ from PD (in 4 dpf larvae) to PT (in 10 dpf larvae), may

simply be a result of malformations in the 4 dpf larvae obscuring the PT
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fluorescent signal. As with every drug which has induced malformations, the

fluorescent signal should be interpreted with caution.

In contrast with CP, little is known about the mechanism by which Cloz can be
toxic to aquatic wildlife. 0.09 pM Cloz has been shown to significantly impact
survival of fathead minnow larvae (Overturf et al., 2012), but the effect of Cloz on
zebrafish has mostly been investigated in the context of screening drugs for
possible side effects (de Alvarenga et al., 2017; Lee et al., 2013), and there are
numerous in vitro and in vivo studies which have implicated OS in mediating toxic
side effects in patients (Abdel-Wahab & Metwally, 2015; Hendouei et al., 2018;
Pereira & Dean, 2006; Reinke et al., 2004). The data presented here suggests

that Cloz does not have the potential to induce OS in the environment.

Together, the present data indicate that 4 dpf zebrafish are able to bioactivate
CP and Cloz, and metabolism does not influence the pro-oxidative capacity of

these two drugs at this life stage.

CAM is also mainly metabolised by CYP P450 isozymes (Rodvold, 1999) into its
major metabolites 14-hydroxy(R)-clarithromycin (pharmaceutically active) and N-
desmethyl-clarithromycin (inactive) (Baumann et al., 2015). In contrast to IBF or
CP, the evidence in the literature for the pro-oxidative action of CAM is much
weaker. CAM has been reported to induce OS in green algae (Guo et al., 2020),
and a mixture of 15 common environmental antibiotics at 3 nM, including CAM ,
induced ROS generation in the ovaries of adult zebrafish (Qiu et al., 2020).
Conversely, zebrafish embryos showed no OS (Yan et al., 2019) and no toxic
effects in response to CAM or its major metabolite 14-hydroxy(R)-clarithromycin
(Baumann et al., 2015). Therefore, the lack of response in the EpRE:mCherry

model wasn’t as unexpected as IBF or CP.

Although not tested in this chapter, evidence in the literature shows zebrafish at
72 — 96 hpf also appear to be able to metabolise IBF, as LC-MS/MS data shows
72hpf larvae exposed to IBF for 24 hours produce hydroxyl-ibuprofen (Jones et
al., 2012), and the biotransformation of IBF by CYP2C9 can result in generation
of ROS such as the hydroxyl radical and the superoxide anion (Uno et al., 2012).

Lack of metabolism is therefore not a likely reason for the absence of a response
in the EpRE:mCherry model. A possible answer may be the internal IBF
concentration because, although LC-MS/MS showed relatively high uptake of the
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drug (up to 140 %; Table 4.4), it did not reach HTPC (up to 41 UM in the larvae
compared to 73.71 pM HTPCmin). Based on the lipophilicity of the drug, IBF was
not predicted by the FPM to reach HTPC in exposed larvae (with a maximum
effect ratio of 10.68; Table 4.3), but poor solubility had precluded the use of higher
exposure concentrations. Naturally, HTPC does not always predict the response
threshold for fish due to evolutionary divergence in, for example, drug-target
activation or physiology (Brown et al., 2014). However, HTPC can be helpful by

providing context to the fish plasma concentration.

Evidence in the literature appears to suggest IBF has highly variable
bioavailability, with bioconcentration factors ranging from 0.08 — 1.4 L/Kg in
fathead minnows and channel catfish (Nallani et al., 2011), and 9 L/Kg for rainbow
trout after 48hr exposure (Brown et al., 2007). In the present study, IBF also
partitioned into the embryo-larvae much more than had been predicted by the
FPM, as has also been reported by previous studies (Huggett et al., 2004; Patel
et al., 2016). This difference is expected to be due to the assumptions made by
the FPM, namely that the drug has reached a steady state within the body of the
larva, while the data presented represent a snapshot at the end of a 4-day
exposure when the animal may have still been undergoing active/passive uptake.
Additionally, FPM values based on LogDow values assume that drug partitioning
is driven purely by its lipophilicity and does not consider metabolism, excretion,
or protein binding (Huggett et al., 2003). FPM values should therefore be

interpreted with caution.

IBF may not have induced OS in the model due to low potency/insufficient internal
concentration, but previous studies have reported adverse effects caused by IBF
at exposure concentrations lower than those tested here. Fathead minnow
(Pimephales promelas) larvae exposed from 24-72 hpf showed therapeutic
effects (reduced prostaglandin E metabolite levels) at 1.8 uM, well below HTPC
(Patel et al., 2016). Further, perturbed antioxidant levels and resultant teratogenic
effects were shown in common carp (Cyprinus carpio) embryos at 7.3 nM IBF
(Gutiérrez-Noya et al., 2020). However, a chronic exposure of zebrafish to up to
121 uM IBF only showed an increase in GPX, but no change in GR or CAT activity,
suggesting the OS response to IBF in zebrafish is more complex than indicated

by other species (Bartoskova et al., 2013). Even within one species, IBF has also
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previously been found to have high inter-individual variation in concentration-

dependent responses (Patel et al., 2016).

Therefore, IBF either had not reached a sufficient internal concentration to cause
an effect in the larvae or it has a very species-specific effect and does not induce
OS in zebrafish larvae. In contrast, the evidence in the literature for OS-induction
by Cloz or CAM so they may not exert toxicity through OS induction (see Table
4.1). Alternatively, any of these three drugs may induce OS via a different
pathway not visualised by the EpRE-mediated mCherry, such as via inhibition of
downstream antioxidants. Alternative OS pathways and the effects of

antioxidants are explored more in chapter 5.
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Table 4.6 Summary of OS screen and uptake assays, with postulated
explanations on why each drug gave a weak or no response in the
EpRE:mCherry model. Red indicates a response was observed in the model,
green indicates there was no response, and yellow indicates a weak response
only seen in specific exposure conditions.

Response
seenin

Compound model at

Comments on weak or no response

4dpf?

Paracetamol (APAP)
(positive control)

Atenolol (ATL)
(negative control)

Diclofenac (DCF)

LC-MS/MS shows the drug was taken up, but
No had no effect on OS. Functioned as a
negative control.

Drug was taken up by larvae, but LC-MS/MS
data and FPM indicate therapeutic plasma
concentrations were not reached. Poor
solubility limited the exposure concentration
range, could therefore of insufficient
concentration to exert effect, giving a false
negative. Evidence in literature also suggests
complex, species-dependentinfluence on OS,
so could exert OS via pathway excluding the
EpRE.

Ibuprofen (IBF) No

Doxorubicin (Dox)
Narrow response range; 4 day exposure
resulted in overt toxicity and tissue damage,
impeding mCherry expression. OS only
detected following 2 day exposure.

OS only detected at 1g/L, showing weak pro-
oxidative action. Low uptake detected. No
observed effect of later-stage exposure,
assumedto be metabolised as early as 4 dpf.
Evidence of OS induction in literature is weak.
Clarithromycin (CAM) No On balance, CAM probably does not induce
OS in zebrafish embryos.

Evidence here of uptake and bio-activation at
4 dpf. Evidence in literature of OS induction,
albeit limited in fish. May induce OS via
pathway not involving the EpRE

Cisplatin (Cis) Weak

Cyclophosphamide (CP) Weak

Clozapine (Cloz) No
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4.5 Conclusions
One of the biggest challenges currently facing the ecotoxicology field is sheer

number and range of chemical pollutants in the environment, including emergent
and legacy compounds. There is therefore an urgent need to develop tools and
frameworks for the prioritisation of these compounds for risk assessment. Here,
the EpRE:mCherry model has been demonstrated as a viable favourable system
to rapidly screen pharmaceuticals for their potential to induce OS, thereby
allowing their prioritisation for further study. The model can also be used to
identify drug-specific vulnerable tissues, offering a means to refine future studies

for more targeted assessments.

However, for the compounds tested it does not appear to have the sensitivity to
detect these compounds at environmentally relevant exposure levels, albeit this
may also be related to the lack of uptake for some for these compounds seen in
these studies. It is also possible that some of the pharmaceuticals tested do not
induce OS at environmental concentrations in the zebrafish. Thus, possible
reasons for no OS detected in the EpRE:mCherry include: a) the pharmaceuticals
are not pro-oxidative at the concentrations tested, b) OS is induced via a pathway
not involving the EpRE, c) the compounds did not reach an effective
concentration within the larvae. Lack of bio-activation was ruled out as a possible

reason for the absence of a response for the drugs included in this screen.

Exposure to a synthetically activated pharmaceutical (DMC) or exposure of 8 dpf
larvae (to CP) appeared to have no impact on the toxicity of the drugs. This
suggests that, contrasting with the initial hypothesis, 4dpf larvae are capable of
metabolising, and therefore activating, pro-drugs and so exposure to a metabolite
or a parent drug at a later life stage had no impact on the potency of the response.
This is further supported by the analytical chemistry data which detected DMC in

the larvae following Cloz exposure.

The benefit of analytical chemistry in chemical effects assessments has also
been demonstrated in this chapter by strengthening our understanding of how
uptake of the compound relates to its toxicity profile. Regarding understanding
the EpRE:mCherry model, chemical analyses have revealed that internal
concentration (predicted and measured) did not always correlate to the response
in the model for the compounds tested (Table 4.6), particularly in the case of pro-

drugs. However, the FPM could provide a useful starting point for future studies
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to establish exposure range for further testing of pharmaceuticals, which can be
corroborated using LC-MS/MS to refine the study design. In the case of CAM and
Cloz, the predicted and measured internal concentrations imply that, despite
uptake into the larval body, these drugs may have not been bioavailable or have

different mechanisms of toxicity which may not include OS.

Although limitations imposed by the pandemic limited exploration of the
technique, the application of MSI was briefly demonstrated. Several studies have
previously used MSI to localise pharmaceuticals in tissue (Reyzer and Caprioli
2007; Reyzer et al. 2003; Atkinson et al. 2007; Drexler et al. 2007; Signor et al.
2007). DESI, specifically, has been used to analyse adult zebrafish following
chemical exposure (Perez et al.,, 2017), and to visualise lipid dynamics in
zebrafish embryos (Pirro et al., 2016). However, it has rarely been used to
analyse zebrafish embryo-larvae due to the challenge of sectioning the small,
fragile tissue samples (as demonstrated by the sections shown in Fig. 4.23). Due
to time constraints, the methodology for DESI could not be further optimised and
only Cloz was tested. Nevertheless, Fig. 4.23 does demonstrate the potential of
MSI for visualising the distribution of pharmaceuticals and their metabolites in the
body of zebrafish larvae, and how this could be related to the fluorescence
response profile observed in a TG model. Future studies could usefully combine
these tools to build a strong AOP by directly linking the presence of a compound
in the tissue to the upregulation of a gene of interest, as visualised in the TG
model.

One of the objectives for the use of the EpRE:mCherry model was also to provide
a system for detecting OS induction in an intact organism without inducing
significant harm. The work presented further supports that the fluorescence
induction is sufficiently sensitive to indicate OS before overt toxicity is observed.
The data also illustrates that, as an exposure regimen becomes overtly toxic, the
induction of more severe effects such as tissue damage or malformations can
impair the ability of an imaging platform to detect tissue-specific OS in the TG
model. For instance, a longer period of Cis exposure resulted in tissue damage
so it could no longer produce mCherry fluorescence, and 5 mM APAP resulted in
malformations which obscured the fluorescent signal. However, this is a factor
that most TG models must contend with in order to achieve accurate fluorescence

analysis. Additionally, as the EpRE:mCherry model was designed as a biosensor
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for non-toxic levels, overt toxicity can be avoided using careful concentration
range and exposure period selection. For example, this was seen with DCF which
was also highly potent and exhibited a very steep response curve in that OS
began to be observed at 1.4 uM DCF exposure with no malformations, but less
than a 3 x concentration increase resulted in pericardial oedemas and delayed
hatching. Nevertheless, this is an important consideration to bear in mind when

designing future experiments or interpreting concentration-responses.
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Chapter 5- Interactions of
oestrogen with OS measured In
the EpRE:mCherry transgenic
zebrafish model

5.1 Introduction
Many compounds can act as oestrogens, including plasticisers (Mathieu-

Denoncourt et al., 2015), fertilisers (Verderame et al., 2016) and pharmaceuticals
(Badamasi et al., 2020; Corcoran et al., 2010). These chemicals enter waterways
via sewage and run-off from agriculture, urban environments, and from land-fill
sites (Adeel et al., 2017; Badamasi et al., 2020). As mentioned in Chapter 3,
oestrogens in the environment are a concern as they have been linked to
feminisation of fish and a range of other impacts on the development and
reproductive functions of aquatic organisms. EE2 is a potent contraceptive
oestrogen that is detected in waterways in the low ng/L range (Laurenson et al.,
2014) and has been proven to be associated with inducing feminised responses

in wild fish populations (Tyler & Jobling, 2008).

Drugs are generally present in the environment as complex mixtures. Indeed, one
monitoring study detected 56 pharmaceuticals in the effluent of US sewage
treatment plants (Kostich et al., 2014). Similarly, a study on the effects of
chemical pollutants in a Mediterranean river detected 57 pharmaceuticals from
14 different therapeutic groups (Proia et al., 2013), thus illustrating the
widespread presence of multiple types of active pharmaceutical ingredients
(APIs) in the environment. This illustrates the need to consider co-exposure
conditions in order to fully understand the potential environmental risks of

exposure to pharmaceuticals in aquatic systems (Backhaus, 2016).

The issue of mixture effects is a rapidly growing field of study and there have
been numerous studies on the effects of mixtures of oestrogenic chemicals.
Using a zebrafish TG model for detecting brain aromatase (Cypl9alb-GFP), it
has shown that mixtures of EE2, estradiol (E2), oestrone (E1), BPA and 4-octyl
phenol (OP) are additive in their biological effects (Petersen et al., 2013).

Conversely, Hinfray et al. (2018), also using the TG brain aromatase zebrafish
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model, found an antagonistic effect between the natural oestrogen E2 and the
phytoestrogen genistein (Hinfray et al., 2018), illustrating that oestrogenic

chemicals have potential for different interactive effects.

Data on the interactions of pollutants from different chemical classes or with
different modes of toxicity are less common. Duan et al. (2016) used a
combination of embryos from a wild type (WT) line, and TG lines fli-1:EGFP for
detecting endothelial damage and mpo:GFP for detecting inflammatory
responses mediated by neutrophils to demonstrate endothelial damage,
inflammatory response and OS in response to co-exposure to silica
nanoparticles and methyl mercury (Duan et al., 2016). This further supports the
need for studies to consider co-exposure effects, and illustrates the utility of TG

models to facilitate this.

There is growing evidence that oestrogens can influence an array of physiological
processes, not only those related to the endocrine system and fertility, but also
the regulation of heartbeat (Romano et al., 2017) and non-reproductive
behaviours (Porseryd et al., 2019). There is also some evidence derived from
isolated liver mitochondria that oestrogens may protect against the effects of OS
by upregulating antioxidant enzymes via intracellular signalling pathways (Borras
et al., 2010) (Fig. 5.1). In their study, Borras et al. reported that normal levels of
intracellular E2 prevented reactive oxygen species (ROS) formation and
protected mitochondrial integrity via its interaction with ERs (as opposed to its
phenolic structure). There is also evidence of the neuroprotective role of
oestrogen through antioxidative action; inhibition of oestrogen has been shown
to exacerbate OS in neuronal (but not glial-derived) cells derived from rats
(Duong et al., 2020). However, supplementation of oestrogen after an OS event
resulted in exacerbation of the damage, suggesting oestrogen is not protective in
an OS environment (Duong et al., 2020). Additionally, clinical research indicates
that, through maintenance of signalling cascades to minimise OS, oestrogen can
potentially attenuate the progression of degenerative diseases such as
Alzheimer’s (Uddin et al., 2020). However, there is scant data on the protective

properties of oestrogen in fish.
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Figure 5.1 Scheme illustrating the potential interaction between
oestrogens and OS. The known pathway by which APAP induces OS, and

therefore red fluorescence, in the EpRE:mCherry model is shown in black. EE2
may reduce OS via the intracellular signalling pathways shown in blue.

This also prompts the question: can xenoestrogens also buffer against OS?
There are limited in vivo studies into this interaction, but genistein has been
shown to upregulate antioxidant levels and reduce APAP-induced OS in mice
(Wang et al., 2020a). Conversely, a study using Japanese sea bass (Lateolabrax
japonicas) found a correlation between estradiol exposure and ROS generation

in hepatic tissue (Thilagam et al., 2010).

This chapter set out to investigate the interaction between drug-induced OS and
exposure to an exogenous oestrogen, as well as the presence of endogenous

oestrogen in zebrafish in vivo. The main aims were:

d) Identify an antioxidative control and confirm if a reduction in OS can be
quantified in the EpRE:mCherry model.

e) Optimise an exposure protocol to assess the antioxidative capacity of EE2
and compare this against the positive control

f) Assess the role of endogenous oestrogen in buffering OS by inhibiting

oestrogen receptors and quantifying the effect on APAP-induced OS.

The first requirement was to establish an anti-oxidant positive control to confirm
whether it was possible to reduce OS in zebrafish larvae through exposure to an
exogenous antioxidant compound, and that this effect could be visualised in the
EpRE:mCherry model. The three antioxidants tested as potential positive controls
were N-acetylcysteine (NAC), N-acetylcysteine amide (NACA) and L-glutathione
reduced (LGR). NAC is a precursor to the cellular antioxidant GSH, used to treat

patients suffering from APAP-overdose and has been accepted as the most
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effective therapy since the 1970s (Polson & Lee, 2005; Saito et al., 2010). NACA
is a modified form of NAC in which the carboxyl group has been replaced with an
amide, thereby improving its lipophilicity and rendering the compound more
readily bioavailable (Ates et al., 2008). NACA has been found to be more effective
at lower concentrations compared to NAC in buffering against APAP-induced OS
in mice (Khayyat et al., 2016). NAC and NACA work by promoting hepatic GSH
synthesis which contributes to NAPQI detoxification (Saito et al., 2010). LGR, a
synthetic version of GSH, is a thiol antioxidant shown previously to buffer OS in
rabbits (Atakisi et al., 2010) and in a Parkinson’'s TG zebrafish model
(pink1:EGFP) (Priyadarshini et al., 2013).

After the optimisation of the application of a positive control and exposure
regimen, the effect of EE2 and APAP (the reference pro-oxidative drug) co-
exposure was assessed. EE2 was selected as being the most potent (synthetic)
oestrogen (Adeel et al., 2017) and a contaminant of significant environmental
concern (Laurenson et al., 2014). Furthermore, many other non-pharmaceutical
oestrogens, such as plasticisers, have shown potential to induce OS in the
environment (Mathieu-Denoncourt et al., 2015; Wu et al., 2011; Xu et al., 2013)
and so they were unsuitable for this study as their toxicity may have complicated
intrerpretation of the results. The concentration range for the exposures were
selected at 0.017 — 0.067 nM EE2 based on the data in Chapter 3, where using
the ERE:GFP model a strong oestrogenic response was seen at an exposure of
0.034 nM EEZ2. Higher concentrations were avoided to ensure absence of toxic
effects, whereby the induction of malformations may complicate interpretation of
the data; malformations have been observed in zebrafish embryos exposed to
EE2 from O - 4 dpf, with an EC50 of 0.19 nM (Ramirez-Montero et al., 2022).

The influence of endogenous oestrogen was investigated through co-culturing of
embryos with APAP and an ER antagonist, ICI-182, 780 (ICl; also known as
fulvestrant). ICI is a selective oestrogen receptor modulator (SERM) and can
block activity of all 3 ER subtypes in zebrafish (Notch & Mayer, 2011). It has high
affinity for ERs and competitively binds to them, preventing the receptor from
locating to the nucleus (Osborne et al., 2004), in turn inhibiting oestrogen-
dependent gene expression. ICI has been widely adopted for this purpose in
many mammalian studies and fish research studies, including to inhibit GFP

expression in the ERE:GFP model (Lee et al., 2012a). Early life aqueous
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exposure to ICI has also been shown to result in feminising effects in adult male
fathead minnows (Ali et al., 2018). It is also used to treat some forms of cancer
(Jiang et al., 2014). A multiple-target TG model expressing reporters for both the
OS and oestrogenic response, EpRE:mCherry:ERE:GFP, was also tested for its
capacity to visualise both the OS and oestrogenic pathways and any cross-talk
between them. This multiple TG line was generated by crossing the
EpRE:mCherry model with the ERE:GFP model introduced in Chapter 3.

These approaches were used to test the following hypotheses:

a) OS will be reduced in the presence of an exogenous antioxidant and this
effect can be quantified in EpRE:mCherry.

b) EE2, an oestrogenic compound frequently detected in surface waters, can
buffer pharmaceutically-induced OS.

c) The anti-oxidant action of EE2 is concentration-dependent and tissue-
specific.

d) Endogenous oestrogen also has a role in buffering OS, and its inhibition can
exacerbate OS.

5.2 Methods

5.2.1 Fish husbandry
All imaging/OS measurements were conducted using EpRE:mCherry zebrafish

except for the final experiment testing the effect of ICI exposure, which used
EpRE:mCherry:ERE:GFP embryo-larvae (Fig. 5.12). Both strains of zebrafish

were maintained under the same conditions (see Chapter 2, section 2.1).

5.2.1 Compounds
All compounds used in this chapter were obtained from Sigma-Aldrich, Dorset,

UK. All stocks other than APAP were made prior to the day of exposure and
stored in -20°C. Exposure solutions were diluted in system water on the day of
exposure. APAP (CAS no. 103-90-2) was dissolved in 0.5% DMSO to make 50
mM stock. EE2 (CAS no. 57-63-6) was dissolved in 100% methanol to make 220
mg/L (0.7 mM) stock. ICI (CAS number 129453-61-8) was dissolved in 100%
DMSO to make 20 mM stock solution. Antioxidants were all dissolved without the
use of a solvent. NAC (CAS number 616-91-1) was made to 60 mM stock. NACA
(CAS number 38520-9) and LGR (CAS number 70-18-8) were made up in

separate 50 mM stocks.
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5.2.2 Larval assessment
Oestrogens have been postulated to exert their antioxidant effect through

upregulation of antioxidants via intracellular signalling, based on mammalian in
vitro (Borrés et al., 2010) and in vivo (Wang et al., 2020a) data. Therefore,
mCherry expression in the EpRE:mCherry larvae was analysed for changes
fluorescence intensity, which would indicate changes in regulation of the EpRE
(and therefore the redox status of the tissue). At the end of the exposure period
(at 4 or 6 dpf), larvae were anaesthetised and imaged using the Acquifer,
following the protocol described in Chapter 3, section 3.2.3. Image analysis
focussed on the liver, PD and PT for three reasons: 1) they are major sites of
detoxification and therefore vulnerable to the effects of chemical-induced OS (as
explored in Chapters 3 and 4); 2) the liver had shown a strong response to EE2
in the ERE:GFP model (Chapter 3, section 3.3.1), and so was expected to show
the greatest response to the antioxidative effects of EE2 compared to other
organs; 3) the previous two chapters showed that the liver and pronephros always
express mCherry fluorescence, including in chemically untreated larvae. This
indicates that these tissues constantly experience a background level of OS, in
keeping with what is known about the role of reactive oxygen species (ROS) in
cell signalling and of antioxidants in maintaining homeostasis (discussed in
Chapter 1). Therefore, the liver and pronephros were expected to respond to
antioxidant supplementation, including when they have not been stressed by

other chemical exposure.

Overtly toxic effects at the end of the exposure period were assessed by
quantifying the degree of malformations observed which were scored from 0-5 (0
= normal development, 5 = extremely curved spine, large cardiac oedema and

dark, necrotic tissue).

5.2.3 Chemical Exposure
5.2.3.1 Antioxidant selection and optimisation of exposure regimen
In order to identify and optimise the use of an antioxidant to act as a positive

control, embryos were exposed from 6 hpf to either LGR, NAC or NACA for a
period of 4 days. After the selection of the antioxidant, embryos were then
exposed to a wider range of concentrations in order to select a suitable exposure
concentration for the following experiments assessing the interactions between

APAP induced OS and exposure to oestrogens.
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5.2.3.2 Antioxidant capacity of EE2
In the first studies conducted to test for the anti-oxidative effect of EE2, embryos

were exposed to 2.5 mM APAP and either 10 mM LGR (the positive control) or
0.008, 0.017, 0.034, or 0.067 nM EE2 simultaneously for 4 days (Fig. 5.2A). This
however resulted in unexpected levels of OS and malformations (see Results).
The exposure regimen using LGR was further optimised: embryos were exposed
to 2.5 mM APAP from 0-2 dpf, placed in clean water (CW) and then immediately
transferred to 10 mM LGR. The effect of the timing of LGR exposure was tested
by keeping the larvae in CW after APAP exposure for either 6 minutes, 30
minutes, 1 hour, 2 hours, or 24 hours before being transferred to the LGR (see
Fig. 5.2B).

Following the success of this exposure regimen, the rescue effect of EE2 was
tested by exposing larvae to 2.5mM APAP from 0-2 dpf, followed by placing them
in clean water, and then immediately transferring them to either CW, 10 mM LGR,
or a range of different EE2 concentrations (Fig. 5.2C). This experiment was
repeated twice, and a further time with a 4 day exposure to APAP followed by 2

day exposure to the rescue media: either CW, LGR or EE2 (Fig. 5.D).
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0 dpf 2 dpf 4 dpf

0 dpf 4 dpf

Figure 5.2 Schemes of the various exposure regimens tested. Embryos were exposed from 6hpf to [A] APAP
(shown in red) and LGR (green) simultaneously, or APAP and EE2 (yellow) simultaneously; [B] APAP for 2 days
and then washed and transferred to LGR after different time intervals in CW (blue); [C] APAP for 2 days and then
washed and transferred to LGR or EE2; [D] APAP for 4 days and then washed and transferred to LGR or EE2.
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5.2.3.3 Antioxidant capacity of endogenous oestrogen
To investigate for the anti-oxidative effects of endogenous oestrogen,

EpRE:mCherry embryos were simultaneously exposed to 1, 2 and 4 mM APAP
in combination with 20 uM ICI and compared with the OS response induced by
APAP exposure alone. In a separate experiment, embryos were exposed to one
concentration of APAP only (2.5 mM), either alone or in combination with 20 uM
ICI (Fig. 5.3). This exposure regimen was also tested on embryos from the mixed
TG line EpRE:mCherry:ERE:GFP in order to confirm if ICI effectively blocked
oestrogen (which would be indicated by reduced GFP expression) and if there
was any correlation between GFP expression and mCherry expression, which

would indicate a relationship between ER activation and EpRE response.

O dpf 4 dpf

Figure 5.3 Scheme of exposure regimen for testing the effect of the ER
antagonist, ICI-182, 780 (ICI)

5.2.3 Image Analysis and Acquisition
At the end of the exposure period, larvae were imaged using the Acquifer and the

response quantified using ImageJ following the protocol described in Chapter 3

section 3.2.

Due to the unavailability of the Acquifer during a period of data gathering, the first
five experiments were imaged using an Olympus SZX16 epifluorescent
stereomicroscope (Tokyo, Japan) and an Andor Zyla sCMOS (UK) camera. Here,
embryos were anaesthetised and mounted in agarose grooves using the same
protocol as Acquifer imaging, and single z-slices were captured using a Nikon
camera. These methods were used for optimisation of the antioxidant exposure
regimen and the first experiment testing sequential exposure to APAP then EE2
(Figs. 5.4,5.5, 5.6, 5.7, 5.8).

5.2.4 Statistical analysis

See Chapter 2 section 2.9.
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5.3 Results

5.3.1 Antioxidant selection and optimisation of exposure regimen
NAC and its more bioavailable derivative, NACA, did not significantly affect the

mCherry fluorescence intensity in the liver or pronephros compared to the CW
control, indicating neither could reduce background levels of OS. LGR, however,
did reduce background levels of OS (P<0.05) (Fig. 5.4). No oedemas or
malformations were observed at any of the adopted concentrations, while 5 and
10 mM LGR were seen to be effective in significantly reducing background OS in

most of the organs measured (P<0.05) (Fig. 5.5).
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Figure 5.4 Capacity of [left] NAC (N=20); [middle] NACA (N=6); or [right] LGR (N=6) to reduce the background levels of
OS in the EpRE:mCherry model. Data shows mean values (+/- SEM) for the mean pixel intensity within the organs of 4 dpf
larvae exposed to an antioxidant, SC or CW from 6 hpf. Data was not normally distributed and so was analysed using a Kruskal-
Wallis test followed by Dunn’s multiple comparisons test, * = P<0.05. Imaged on Olympus epifluorescent stereomicroscope.
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Figure 5.5 Concentration-dependent effect of LGR on background OS. Data
shows mean values (+/- SEM, N= 20) for the mean pixel intensity within the
organs of 4 dpf larvae exposed to LGR or CW from 6 hpf. Data were not normally
distributed and so were analysed using a Kruskal-Wallis test, asterisks represent
significant differences to the clean water control (CW). *= P< 0.05, **= P< 0.005,
= P < 0.0005, ****= P<0.0001. Imaged on Olympus epifluorescent
stereomicroscope.
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To test the capacity of LGR to buffer the OS effects of APAP, embryos were
exposed to a combination of 2.5 mM APAP and 5 mM or 10 mM LGR at 6 hpf.
After 4 days, co-exposure to APAP and 5 mM or 10 mM LGR resulted in similar
OS levels to the exposure to APAP alone in the liver and PT. This was only seen
in the PD at 10 mM LGR (P<0.05) (Fig. 5.6A’). Additionally, toxicity was observed
in larvae co-exposed to APAP and LGR as indicated by malformations including

curved spines and oedemas (Fig. 5.6B’).

In contrast, drug- induced OS was significantly reduced without any
malformations when embryos were ‘rescued’ by LGR exposure following OS
induction by APAP. Here, embryos were exposed to APAP from 0 — 2 dpf, then
washed once in clean water and immediately transferred to LGR for 2 more days.
This exposure regimen was more effective in reducing OS than depuration in CW
alone, specifically in the PD and PT. This is reflected in the OS level in the APAP-
CW treatment group (in which embryos were left in clean water for 2 days
following APAP exposure) which is significantly higher compared to the CW
control (P<0.05), indicating the larvae were still undergoing OS caused by the
APAP. However, the treatment groups in which embryos were transferred to LGR
following APAP exposure were not significantly higher than the CW control

(P>0.05), indicating OS levels had returned to background levels.

However, there was no difference in OS levels between regimens with different
time intervals in CW between APAP and LGR exposure (Fig. 5.7).
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Figure 5.6 Effect of co-exposure to APAP and LGR on OS levels and
phenotype of EpRE:mCherry larvae. [A’] Data shows mean values (+/- SEM,
N= 24) for the mean pixel intensity within the organs of 4 dpf larvae exposed to
APAP, LGR, or a combination of both from 6 hpf. Data were not normally
distributed and so were analysed using Kruskal-wallis followed by Dunn’s. . A=
significant difference (P<0.05) compared to the solvent control-clean water
treatment group, B= Significant difference compared to APAP-clean water. [B’]
Deformity score for the same experiment. 0 = normal development, 5 = bent
spine, large oedema and necrotic tissue. [C’] 4dpf larvae exposed simultaneously
to 2.5 mM APAP and 10 mM LGR. [D] Pericardial oedema [E] bent spine. Imaged
on Olympus.
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Figure 5.7 Influence of the length of interval between removal of APAP at 2
dpf and addition of 10 mM LGR on the antioxidative action of LGR. Data
shows mean values (+/- SEM, N= 17) for the mean pixel intensity within the
organs of 4 dpf larvae exposed to APAP or CW from 6 hpf-2 dpf, then LGR or
CW from 2-4 dpf. [Blue] CW control; [red] embryos exposed to APAP for 2 days
then left in CW for 2 days; [green] embryos exposed to APAP for 2 days then
placed in CW for varying lengths of time and then transferred to LGR. Data were
normally distributed with equal variance so analysed using ordinary one-way
ANOVA followed by Dunnett’'s multiple comparison tests. Asterisks show
significant difference compared to clean water; *= P< 0.05, **= P< 0.005, ***= P
< 0.0005, ****= P<0.0001. Imaged on Olympus.
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5.3.2 Antioxidant capacity of EE2
Fig. 5.8 suggested EE2 may have shown some antioxidant action in the PD,

shown by lower OS in the embryos treated with 0.017 nM EE2 for 2 days after
APAP exposure compared with those left in CW after APAP exposure (P<0.05).
However, this effect was not seen in repeat studies (Table 5.1). In the liver, no
significant OS induction was observed and neither EE2 nor LGR had any effect
on OS.

Fig. 5.9 shows the results of 4 day exposure to APAP, followed by 2 day exposure
to EE2 or LGR. As data in Chapter 3 had shown that a higher level of OS induced
by APAP is detected at 4 dpf compared to 2 dpf, the aim had been to achieve a
greater degree of OS by exposing the larvae to APAP for longer, and therefore
allow greater scope for OS reduction by an antioxidant. This was expected to
reveal more subtle antioxidative effects of LGR or EE2. However, Fig.5.9 shows
the extended exposure period had no effect. Additionally, APAP alone (followed
by 2 days in CW) failed to induce a significant level of OS in the PD or liver. In
contrast, 4 day APAP exposure followed by 2 day LGR or EE2 resulted in
significant OS, potentially indicating that these compounds impaired the larvae’s
ability to recover at this age (even in the case of the positive control; LGR).
However, as mentioned above, the negative control group (exposed to APAP and
then depurated in clean water) did not behave as expected, suggesting these

results should be interpreted with caution.

Most of the experiments follow the regimen of APAP exposure - wash - EE2
exposure because this was the regimen in which LGR was most effective in
reducing APAP-induced OS (as discussed above). In order to find if EE2 was
more effective when administered to the embryos at the same time as APAP, an
assay was conducted in which embryo were exposed to APAP and EE2
simultaneously. However, EE2 again failed to influence OS induction. A summary
of results for the statistical analyses for these experiments is shown in Table 5.1

(raw data of the repeated experiments are shown in Appendix 1).
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Figure 5.8 Mean fluorescence intensity in 4 dpf larvae after 2 day APAP exposure from 6 hpf followed by 2 day exposure
to rescue media (CW, LGR or EE2) (N=24 per treatment). Data shows mean values (+/- SEM, N= 24) for the mean pixel
intensity within the organs of 4 dpf larvae. Data were normally distributed with equal variance and so were analysed using a
one-way ANOVA followed by Dunn's multiple comparisons test on Graphad Prism. A= significant difference (P<0.05) compared
to the solvent control-clean water treatment group, B= Significant difference compared to APAP-clean water. Imaged on
Olympus. Malformations were not above background level
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Figure 5.9 Mean fluorescence intensity in 6 dpf larvae exposed to 2.5 mM APAP from 0-4 dpf, then a range of rescue
media from 4-6dpf. Data shows mean values (+/- SEM, N= 12) for the mean pixel intensity within the organs larvae. Data were
not normally distributed and so were analysed using a Kruskal-Wallis test followed by Dunn’s.. A= significant difference (P<0.05)
compared to the solvent control-clean water treatment group. Imaged on Acquifer.

201



Experiment name Tissue  Treatmentgroup A Treatment group B significance
SC-CWwW APAP - CW i
SC-CW APAP -10 mM LGR ns
SC-CW APAP -0.008 nM EE2 ik
PD SC-CWwW APAP -0.034 nM EE2 hkk
SC-CW APAP -0.067 nM EE2 hkk
APAP - CW APAP -10 mM LGR ok
APAP - CW APAP -0.017 nM EE2 e
Rescue at 2 dpf SC-CW APAP -CW b
SC-CW APAP -10 mM LGR ns
SC-CW APAP - 0.008 nM EE2 ik
PT SC-CW APAP -0.017 nM EE2 hkk
SC-CW APAP -0.034 nM EE2 hkk
SC-CW APAP -0.067 nM EE2 hkk
APAP - CW any other treatment group ns
Liver No significance
PD No significance
SC-CW APAP - CW kkk
SC-CW APAP -10 mM LGR ok
SC-CW APAP - 0.008 nM EE2 hkk
PT SC-CW APAP -0.017 nM EE2 i
SC-CWwW APAP -0.034 nM EE2 kkk
SC-CW APAP -0.067 nM EE2 il
Rescue at 2 dpf repeat APAP - CW any other treatment group ns
SC-CW APAP - CW hkk
SC-CW APAP -10 mM LGR **
SC-CW APAP - 0.008 nM EE2 i
Liver SC-CW APAP -0.017 nM EE2 kkk
SC-CW APAP -0.034 nM EE2 il
SC-CW APAP -0.067 nM EE2 **
APAP - CW any other treatment group ns
SC-CW APAP - CW ns
SC-CW APAP -10 mM LGR ns
SC-CW APAP - 0.008 nM EE2 o
PD SC-CW APAP -0.017 nM EE2 *
SC-CW APAP -0.034 nM EE2 *
SC-CW APAP -0.067 nM EE2 *
APAP - CW any other treatment group ns
SC-CW APAP - CW **
SC-CW APAP -10 mM LGR ok
SC-CW APAP - 0.008 nM EE2 i
Rescue at 4 dpf PT SC-CW APAP -0.017 nM EE2 ns
SC-CW APAP -0.034 nM EE2 **
SC-CW APAP -0.067 nM EE2 **
APAP - CW any other treatment group ns
SC-CW APAP - CW ns
SC-CW APAP -10 mM LGR *
SC-CW APAP - 0.008 nM EE2 **
Liver SC-CW APAP -0.017 nM EE2 *
SC-CW APAP -0.034 nM EE2 **
SC-CW APAP -0.067 nM EE2 *
APAP - CW any other treatment group ns
SC APAP ok
SC APAP +0.013 nM EE2 ok
PD SC APAP +0.017 nM EE2 kkk
SC APAP +0.020 nM EE2 ik
SC APAP +0.024 nM EE2 hkk
APAP any other treatment group ns
SC APAP ok
SC APAP +0.013 nM EE2 i
. SC APAP +0.017 nM EE2 i
Simultaneous dose 0-4 dpf PT sc APAP + 0.020 "M EE2 o
SC APAP +0.024 nM EE2 hkk
APAP any other treatment group ns
SC APAP *
SC APAP +0.013 nM EE2 *
Liver SC APAP +0.017 nM EE2 ns
SC APAP +0.020 nM EE2 *
SC APAP +0.024 nM EE2 ik
APAP any other treatment group ns

Table 5.1 Results
of statistical
analyses of
experiments in
Figs. 5.8 and 5.9,
including
repeats. Values
highlighted in
green indicate
suppression of the
OS response,
while those
highlighted in red
indicate significant
OS was not
induced by APAP
and so no
conclusion can be
drawn on the
antioxidative
effect of EE2 or
LGR
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5.3.3 Antioxidant capacity of endogenous oestrogen
The data appears to suggest that endogenous oestrogen may play a protective

role. This is particularly seen in the PT where OS induced by 1 mM and 4 mM
APAP was exacerbated by co-exposure to the oestrogen blocker ICI (Fig. 5.10).
However, this effect was not concentration-dependent and was not seen for the
repeat studies (Fig. 5.11 and Table 5.2). Table 5.2 shows a summary of the
statistical results for these experiments (raw data are shown in Appendix 1). The
ER antagonist alone did not induce any visible malformations, and no differences
were observed between embryos exposed to ICI at day 0 and those exposed at

day 2 (data not shown).

The highest APAP concentration (alone and in combination with ICI) resulted in
some oedemas and curved spines, which may have interfered with fluorescence
measurements by blocking or attenuating the signal from deeper tissue (as
discussed in Chapter 4). Additionally, in the experiment shown in Fig. 5.10,
fluorescence was observed in the neuromasts in the embryos treated with 1mM
APAP and ICI only (Fig. 5.10 insert), which had not been seen in previous APAP

exposures.

The data in Fig. 5.10 does indicate an additive interaction between APAP and
ICI, but there was high variation and it was not statistically significant. The larvae
co-exposed to APAP and ICI appear to group into 2 sub-populations, which was
particularly distinct for the liver and Gl tract. ICI reduced GFP fluorescence in the
liver of the multiple TG EpRE:mCherry:ERE:GFP model (Fig. 5.12), indicating the
compound was effective in blocking the ER, but this did not correspond to a
change in mCherry fluorescence. These data should be interpreted with caution
as the embryos were spawned by a heterozygous adult stock.
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Figure 5.10 OS response to co-exposure to 20uM ICI and a range of
concentrations of APAP. Data shows mean values (+/- SEM, N= 15) for the
mean pixel intensity within the organs of 4 dpf larvae exposed to APAP alone or
in combination with ICI from 6 hpf. Data were normally distributed with equal
variance and so analysed using an ANOVA followed by Bonferroni, or Mann-
Whitney, asterisks show significant difference compared to solvent control (SC);
*= P< 0.05, *= P< 0.005, ***= P < 0.0005, ****= P<0.0001. Embryos in the top
concentration of APAP showed deformities such as oedemas and curved spines,
which may have interfered with organ-specific fluorescence. 1mM APAP + ICI
group interestingly also showed fluorescence in neuromasts. Insert shows 4dpf
larvae exposed to 1mM APAP and 20uM ICI. Particularly clear in this image are
the PT [arrow] and neuromasts on the head [*]
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organs of 4 dpf larvae exposed to APAP alone or in combination with ICI from 6
hpf. Data were not normally distributed and so were analysed using Kruskal-
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Table 5.2 Statistical analyses results for ICI experiments. Values highlighted

in green indicate exacerbation of APAP-induced OS by co-exposure with ICI

Experiment
name Tissue Treatmentgroup A Treatmentgroup B significance
SC 2.5mM APAP i
PT SC 20uM ICI ns
2.5mM APAP 2.5mMAPAP +20uMICI ns
SC 2.5mM APAP i
PD SC 20uM ICI ns
(:hzevz I‘f‘F'CI; 2 5mM APAP 2.5mMAPAP +20uM ICI s
5.11) SC 2.5mM APAP i
Liver SC 20uM ICI ns
2.5mM APAP 2.5mM APAP +20uMICI ns
SC 2.5mM APAP i
Gl SC 20uM ICI ns
2.5mM APAP 2.5mMAPAP +20uMICI ns
SC 2.5mM APAP i
PD SC 20uM ICI ns
2.5mM APAP 2.5mMAPAP +20uM ICI  *
SC 2.5mM APAP o
PT SC 20uM ICI ns
2.5mM APAP 2.5mMAPAP +20uM ICI ns
APAP vsICI.2 sc 2 5mM APAP -
Liver SC 20uM ICI ns
2.5mM APAP 2.5mMAPAP +20uMICI ns
SC 2.5mM APAP o
Gl SsC 20uM ICI ns
2.5mM APAP 2.5mMAPAP +20uMICI ns
1.25mM APAP 1.256mM APAP + 20uM ICI ns
PD 2.5mM APAP 2.5mMAPAP +20uM ICI *
APAP vs [C] 3 5mM APAP 5mM APAP + 20uM ICI ns
PT no significance
Liver no significance
Gl no significance
1.25mM APAP 1.25mM APAP + 20uM ICI **
PD 2.5mM APAP 2.5mMAPAP +20uMICI ns
5mM APAP 5mM APAP + 20uM ICI ns
APAP vsICl 4 1.25mM APAP 1.25mM APAP + 20uM IC| ***
(shown in Fig. PT 2.5mM APAP 2.5mMAPAP +20uM ICI ns
5.10) 5mM APAP 5mM APAP + 20uM ICI f
1.25mM APAP 1.25mM APAP + 20uM IC]  ***
liver 2.5mM APAP 2.5mMAPAP +20uMICI ns
5mM APAP 5mM APAP + 20uM ICI ns
1.25mM APAP 1.25mM APAP + 2uMICI  ns
PD 25mMAPAP 2.5mM APAP +2uM ICI ns
APAP vs [Cl 5 5mM APAP 5mM APAP + 2uM ICI ns
PT no significance
Liver no significance
Gl no significance
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Figure 5.12 Effect of ICl and APAP co-exposure on mCherry fluorescence in
EpRE:mCherry:ERE:GFP larvae. [A] TG(EpRE:mCherry:ERE:GFP) in
response to 2.5mM APAP and/or 20uM ICI. Data shows mean values (+/- SEM,
N= 24) for the mean pixel intensity within the organs of 4 dpf larvae exposed to
APAP alone or in combination with ICI from 6 hpf. Data were normally distributed
with equal variance and so were analysed using an ANOVA followed by Tukey’s
test. Different letters represent statistical significance (P<0.05). There was no
statistical difference in the red fluorescence intensity between any of the
treatment groups. Image shows an example larva from SC group, imaged on red
and green fluorescent channels. [B] EpRE:mCherry:ERE:GFP larvae showing
only oestrogenic (GFP) response, exposed to [left] SC, or [right] 20 uM ICI,
presented using ‘Fire’ look up table. Scale bar shows 500 pum.
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5.4 Discussion
Data presented here shows OS in zebrafish larvae can be reduced through

exposure to exogenous compounds, and this can be visualised as a reduction in
mCherry fluorescence intensity in the EpRE:mCherry model. However, exposure
to exogenous EE2 appears to not have an influence on drug-induced OS, at least
as visualised in the EpRE:mCherry model. The data in this chapter also suggest
that endogenous oestrogen may have some role in buffering OS, but the data are

not conclusive and warrant further investigation.

5.4.1 Antioxidant exposure regimen optimisation
Background OS was reduced in a concentration-dependent manner by exposure

to the antioxidant compounds NAC, NACA, and LGR (Fig. 5.4), but only LGR
significantly reduced basal OS. Given the standard use of NAC in treating APAP
overdose-induced nephrotoxicity, its inconsistent effect in this study was
unexpected.

The data presented in Fig. 5.4 shows 2.5 mM LGR effectively reduced OS in the
PT, while the same concentration of NAC or NACA had no effect. An assessment
of the efficacy of NAC versus LGR (also known as GSH) administration in the
treatment of APAP toxicity in mice has previously shown that, at equimolar
concentrations, LGR was more effective in preventing APAP-induced liver injury
(Saito et al., 2010). This was put down to the 3-fold higher levels of amino acids
found in LGR compared to NAC, as the difference in effectiveness disappeared
when NAC was administered in higher concentrations (Saito et al., 2010). The
majority of amino acids supplied by NAC and LGR are used to enhance synthesis
of hepatocellular GSH, which can go on to conjugate the toxic intermediate,
NAPQI, preventing it from modifying cellular proteins (Corcoran & Wong, 1986;
Lauterburg et al., 1983), while the surplus of amino acids supplied by LGR can

be used as a mitochondrial energy substrate (Saito et al., 2010).

Fig. 5.5 shows that LGR was effective in reducing OS in all the organs, and at
concentrations as low as 0.6 mM in the PD. The oral administration of the reduced
form of glutathione also successfully reduced background levels of OS in TG
knock-in mice that had otherwise not been chemically treated (Izumi et al., 2020).
The data shown in Figs. 5.4 and 5.5 also suggest that all 3 antioxidants tested

had the greatest effect on the pronephros, and little to no effect on the liver. This
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is in keeping with what is known about the fish kidney, as it has lower endogenous
antioxidant levels compared to the liver and is more susceptible to oxidative
damage (Ahmad et al., 2000). Hence, the larval pronephros here appears more

responsive to antioxidant supplementation.

However, co-exposure to APAP and LGR resulted in overt toxicity in the form of
curved spines and pericardial oedemas, and OS levels equal to or greater than
APAP exposure alone (Fig. 5.6). To my knowledge, this effect has not been
previously reported, as there is no evidence in the literature for LGR
supplementation resulting in OS or other adverse outcomes. However, there is
evidence that in the process of APAP metabolism, APAP-GSH conjugates or
derivatives thereof can be nephrotoxic (Stern et al., 2005). Furthermore, despite
GSH being considered a detoxification molecule, there are examples of other
compounds, such as haloalkenes and quinones, where the GSH conjugation of
which results in the formation of toxic metabolites (Anders, 2004; Bolton et al.,
2000). Exposing the embryos to APAP and LGR simultaneously may have driven
production of APAP-GSH and its derivatives and depleted cellular stores of GSH
needed to detoxify NAPQI. Indeed, treatment of mice with acetaminophen-
cysteine (APAP-CYS), a metabolite derived from APAP-GSH, depleted renal
GSH, predisposing the kidney (but not liver) to APAP-induced damage (Stern et
al., 2005). Further, this interaction may be specific to APAP, as a pilot study
showed co-exposure of larvae for 4 days to 1.4 uM DCF and 10 mM LGR
effectively prevented induction of OS in the liver and PD without causing more

malformations than those observed in the control group.

In the present study, GSH rescue after exposure to APAP did not enhance
toxicity. Chapter 4 showed that APAP is completely expelled from the body of a
2-3 dpf larvae after 24 hours depuration in clean water. Therefore, in the first 24
hours of LGR exposure there may be a direct interaction between APAP and
LGR, but by the time the larvae are imaged (after 48 hours LGR exposure), any
OS detected is a residual effect from pro-oxidant exposure. Given there was no
difference in OS levels between the treatment groups with different time periods
between APAP and LGR exposure, residual APAP in the depurated embryo
doesn’t seem to affect the rescue capacity of LGR. A future study could better
our understanding of the GSH-APAP interaction by pre-treating the embryos with
GSH, followed by APAP exposure.
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In contrast, addition of GSH to zebrafish embryos co-cultured with APAP and a
mammalian metabolic activation system (MAS; rat liver microsomes) has been
shown to be sufficient to prevent any teratogenic effects seen in embryos
exposed to 6mM APAP and the MAS (Weigt et al., 2010). That study was aimed
at testing how metabolic activation of the drug by MAS affected the teratogenicity
of APAP, but they found 72 hour exposure to 6 mM APAP alone (with no external
metabolic activation) did not induce any malformations (Weigt et al., 2010), which
is in stark contrast with the data presented in this thesis which showed
malformations at 4 mM APAP exposure, along with other papers (David &
Pancharatna, 2009; Tao & Peng, 2009).

5.4.2 Oestrogen and Oxidative stress
The evidence appears not to support the hypothesis that exogenous oestrogen

exposure can buffer OS, at least as visualised in the EpRE:mCherry model.

5.4.2.1 Exogenous oestrogen
In the various exposure regimens trialled: APAP exposure from 0 - 2 dpf followed

by EE2 for 2 days, APAP exposure from 0 - 4 dpf followed by 2 day EE2 exposure,
and co-exposure to APAP and EE2, EE2 was only seen to reduce APAP-induced
OS for one EE2 exposure at 0.017 nM, for one occasion in the PD and one
occasion in the PT (Table 5.1). This effect however was not repeatable. Evidence
for the antioxidative activity of oestrogens have been reported in some
mammalian studies, such as the phytoestrogen genistein which has been shown
to protect against APAP induced hepatotoxicity in mice via Nrf2 signalling as a
result of SIRT1 activation. Genistein supplementation attentuated the APAP-
induced increase in OS biomarkers such as MDA and reversed the depletion of
hepatic GSH stores. This was potentially through binding the ER, which can then
bind to the promoter for SIRT1, increasing its activity (Wang et al., 2020a).
Although, genistein is a known antioxidant with influence on many pathways
involved in homeostasis (Ganai & Farooqi, 2015), including activation of
adenosine monophosphate-activated protein kinase (AMPK) (Lee et al., 2019),
and so its antioxidative role may not have been related to its oestrogenic function
(Wang et al., 2020a).

To my knowledge, there are no studies which have reported antioxidant effects
of xenoestrogens in fish but, EE2 exposure in fish has been linked to increased

antioxidant activity as a tissue response to OS induction rather than a protective
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role of the compound. In Carassius auratus (Crucian carp), EE2 exposure
resulted in an increase in amino acids related to cysteine metabolism- a precursor
to GSH and hence implying an upregulation of the antioxidant (Zhou et al., 2019).
This increase in antioxidant defences is more likely an adaptive respones to OS
induction by EE2, as other purtubations of the metabolome implied induction of
OS (Zhou et al., 2019). Futher study is needed to quantify cellular GSH and
products of OS, such as MDA, to confirm if the carp experienced OS. Oxidative
damage and a resulting increase in antioxidant activity has also been reported in
zebrafish embryos exposed to EE2, albeit at concentrations above those used in
the present study (Ramirez-Montero et al., 2022). Conversely, EE2 has recently
been shown to inhibit superoxide dismutse (SOD) and CAT activity in
Pelteobagrus fulvidraco (yellow catfish), in direct contrast to the hypothesis of this
study, and resulted in increased levels of MDA (Mo et al., 2019). These studies
contrast with the findings of this chapter as EE2 did not induce OS either in
combination with APAP or alone (as indicated in pilot studies), with the exception

of 4 day APAP exposure followed by 2 days EE2 exposure (Table 5.1).

Extended APAP exposure (0-4 dpf) followed by 2 days in clean water did not
induce significant OS. This could be a result of the more developed metabolic
capacity of the larva (discussed in Chapter 4), allowing it to detoxify and expel
the APAP more efficiently during the 2 days depuration period allowing the tissue
to recover more rapidly. However, in the same experiment larvae which were
transferred to EE2 or LGR after 4 day APAP exposure exhibited significantly
higher OS compared with the clean water control. This could indicate that the
second chemical exposure impaired the ability of the tissue to recover from OS.
Alternatively, it could be due to the quality of image acquisition of the embryos
which, at 6 dpf, is less sensitive due to increased opacity of the body and the
challenge of embedding and orientating the embryos uniformly for the Acquifer.
With more time, a follow-up study could use the confocal to image the older larvae
and provide more accurate measurements of tissue-specific mCherry

fluorescence.

Interestingly, the premise on which these studies have been built have been
questioned by recent clinical studies linking EE2 to OS induction in women using

the oral contraceptive pill (Cauci et al., 2021).

211



5.4.2.2 Endogenous Oestrogen
While EE2 failed to rescue OS, the data presented appears to suggest that

endogenous oestrogen may play a protective role against OS, particularly in the
PT (Fig. 5.10), as the simultaneous exposure to APAP and ICI resulted in
elevated OS compared to exposure to either compound individually. As a known
ER antagonist, ICI potentially exerted its effect through suppression of the
influence of ERs on the Nrf2/Keap1 pathway (Fig. 5.13); oestrogen has previously
been shown to increase Nrf2 activity, particularly in studies on breast cancer
research (Gorrini et al., 2014; Song et al., 2019; Wu et al., 2014). ICI alone did
not induce a significant OS response (Figs. 5.10, 5.11 and Table 5.2), indicating
the compound itself is unlikely to be a pro-oxidant, but more likley impairs the
upregulation of the larva’s natural antioxidant defences when stressed by another
chemical. It is possible that ICI interacted with APAP to induce OS, rather than
suppressed the antioxidant defences, but to my knowledge no previous studies

have linked ICI with OS induction in any context.

The distribution of the present data points in Figs. 5.10 and 5.11 where there
appears to be two data clusters (one showing no response to the addition of ICI
and one showing a strong increase in APAP-induced OS) may hint at innate
biological variation in the larvae influencing how they respond to the treatment.
Given that the high variation in fluorescence intensity between individuals has
been specifically observed in EpRE:mCherry larvae exposed to chemicals
modulating the oestrogenic response, more so than in previous chapters, this is
most likely related to variation in the oestrogenic pathway/response as opposed
to the TG model itself or imaging platform. This variation could therefore perhaps
come from an early form of sex-specific responses to oestrogen inhibition,
although sexual differentiation isn’t initiated until between 20 — 25 dpf (Kossack
& Draper, 2019). Previous studies have also reported high variation among
zebrafish juveniles in their responses to xenoestrogen exposure, attributed to
ongoing gonad differentiation (Legler et al., 2000). Sex difference in susceptibility
to the consequences of OS have been indicated in mammalian studies. Females
appear to be less vulnerable to OS in general, potenially linked to the properties
of oestrogen, or alternatively related to variation in NADPH-oxidase activity
between the sexes (Kander et al., 2017). OS is also an established mechanism
of aging disorders and there are known sex-differences here as well, such as the

pro-oxidative action of testosteron which can exacerbate OS via an androgen
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receptor in certain brain regions, accounting for sex differences here (Duong et
al., 2020).

The process of sex determination is not fully understood in zebrafish but is
influenced by a range of factors including rearing temperature, genetic factors
and early life chemical exposure (von Hofsten & Olsson, 2005). A sex-specific
response would therefore be difficult to prove in 4 dpf zebrafish larvae. There are
currently no known sex markers at this life stage (Aharon & Marlow, 2022), and
fish sex is particularly plastic as it can be altered by chemical exposure (Morthorst
et al., 2010; Tyler & Jobling, 2008). A future study could potentially separate
EpRE:mCherry larvae based on their response to ICl and APAP co-exposure (i.e
a low response and a high response group) and raise them to adulthood in clean
water. At this age, sex can be phenotypically and histologically determined, so
differing sex ratios between the groups could indicate if their response to larval

ICI exposure was influenced by sex.

Alternatively, the high variation could be a result of the poor solubility of ICI
(9.53x10-6 mg/L in water) (National Center for Biotechnology Information, n.d.),
resulting in inconstistent internal concentrations as the compound precipitated
and/or less was taken up by the animal. However, this does not explain the two
distinct subpopulations, and previous experiments have successfully used ICI via
media exposure to treat zebrafish embryos (Lee et al., 2012b).

Unlike exogenous oestrogen exposure which did not have an effect on the liver,
blocking endogenous oestrogen appeared to have a less tissue-specific
response. The data in Figs. 5.10 and 5.11 appear to show an increase in OS
resulting from APAP and ICI exposure (compared to APAP alone) in all the target
organs (albeit this was not always statistically significant). This is in keeping with
what is known about the wide distribution of ERs across different tissue types in
fish including the liver and kidney (Filoy & Tyler, 2005; Hao et al., 2013) (as
discussed in Chapter 3).

The data presented in Fig. 5.12 indicate there may not be a correlation between
OS and endogenous oestrogen as ERE dependent GFP was reduced in larvae
exposed to the ER antagonist, but OS-dependent mCherry fluorescence showed
no significant change. However, although embryos were pre-screened for

fluorescence, the larvae may have been heterozygous for the EpRE:mCherry,
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ERE:Gal4ff, or UAS:GFP transgenes, impeding the sensitivity of the model. This
may explain why larvae did not express increased mCherry fluorescence in
response to APAP exposure, unlike larave from the EpRE:mCherry TG line.
Therefore, as the APAP-only control did not elicit the expected response, no
conclusion can be drawn about the effect of the various treatments on OS in the

multiple TG model.
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Figure 5.13 Scheme of the proposed effect ICI may have on APAP-induced
OS via inhibition of the ER. The known pathway of OS induction by APAP is
shown in black, and the pathway of ER inhibition is shown in blue. ICI is a known
ER blocker and the data presented here suggests this can result in exacerbated
APAP-induced OS, possibly via removal of the ERs influence on the Nrf2/Keapl
pathway, although more research is needed to elucidate this mechanism.

5.5 Conclusions There is a growing need for better understanding of how

chemicals of different classes and with different modes of action interact but,
knowing where to begin with mixture effect studies can be a challenge. To begin
to tackle this issue, here two pharmaceuticals were selected based on in vitro
evidence for their antagonistic interaction. However, the data presented does not
support the hypothesis that EE2 has a buffering effect against OS. Despite this,
the data presented does indicate endogenous oestrogen may have a protective

role, but this requires further study to draw any firm conclusions.

There does not appear to be a consensus in the existing literature regarding the
pro- or anti-oxidative properties of oestrogens. Evidence for the former has only
been derived from in vitro or mammalian in vivo data, and the mechanism by

which oestrogenic compounds may exert an antioxidant effect has not been fully
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characterised but, the involvement of intracellular signalling pathways has been
postulated. Unfortunately, the data in the present study does not seem to be able
to clarify the issue due to the inconsistent responses seen in the EpRE:mCherry
model. The data for OS levels in this chapter were more variable and less
consistent when compared with the previous two chapters, potentially indicating
an enhanced biological variability relating to the interaction between (xeno)-
oestrogens and pharmaceutical-induced OS. This is particularly typified in the
data showing the exacerbation of APAP-induced OS by the ER antagonist, in
which the clustering of data into two subpopulations potentially implies sex-based

differences.

Regarding realistic exposure scenarios in the environment, where aquatic wildlife
may encounter xenoestrogens in combination with pro-oxidative compounds, it
seems unlikely that the oestrogenic response would counteract any induced
effects of OS. Indeed, existing ecotoxicity data heavily suggests environmental
oestrogens induce OS. However, this chapter has only used one TG model to
investigate this interaction, and so it is possible that EE2 may influence OS via a
pathway not involving EpRE. Furthermore, there is evidence to suggest that EE2
may inhibit (Mo et al., 2019) or increase (Ramirez-Montero et al., 2022) the
activity of antioxidants, and it is unknown how changing regulation of downstream

antioxidants may feedback to the EpRE.

Additionally, the action of oestrogen is highly complex, with a wide range of roles
and far-reaching effects. This chapter only tested its antioxidative effect in one
system and under specific conditions and so it is highly possible that the
EpRE:mCherry model was unable to represent the true extent of the interaction
between OS and oestrogen.
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Chapter 6- Interaction of drug-
Induced OS and temperature

6.1 Introduction
Current environmental risk assessments are based on results of chemical effects

assessments which are performed in laboratory conditions with strictly controlled
parameters. In reality, wildlife are exposed to pharmaceuticals and other
chemicals in highly variable environments, where environmental physicochemical
factors such as pH, oxygen content, and temperature can vary temporally and
spatially. These physicochemical conditions have the potential to affect how an
animal responds to chemical stressors, both by impacting upon both biological
processes and the chemical or physical properties of the water and pollutants
(reviewed in (Pinheiro et al., 2021). Additionally, different experimental
parameters, including rearing temperature, have the potential to affect the
predictability of zebrafish bioassays, for example as has been shown for effects
on behaviour (Ogungbemi et al., 2019). Therefore, there is a need to better
understand interactions between biomarkers of chemical exposure and abiotic
conditions in order to more accurately assess the risk a pharmaceutical presents

in the environment.

This chapter, therefore, focusses on interactions between temperature and
chemical exposure, as this is of growing concern and there have been numerous
studies showing elevated temperature can enhance the toxic effects of various

pollutants (reviewed in (Noyes et al., 2009). The main aims of the chapter were:

a) Assess the effect of temperature on basal redox state of EpRE:mCherry
embryos and confirm if this can be quantified in the TG model.

b) Assess the effect of temperature on the pro-oxidative action of a range of
compounds with varying potencies and modes of action.

c) Use analytical chemistry to assess how toxicokinetics of the reference

compound, APAP, is affected by elevated temperature.

For zebrafish, there is evidence to suggest a temperature increase of just 5°C
can enhance the effects of endocrine disrupting chemicals (EDCs) in the
environment to drive population declines (Brown et al., 2015). There are a variety

of mechanisms by which this can occur, such as by increased uptake of the
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pollutant, altered toxicokinetics within the animal (e.g. affecting absorption,
distribution, metabolism or excretion (ADME) of the drug), and altered
homeostasis thereby rendering the animal more vulnerable to additional
stressors. This is in addition to the ways in which temperature can change the
chemical properties of water, such as by altering salinity or oxygen content.
Finally, as poikilotherms, fish are more vulnerable to the impacts of environmental
temperature change since their body temperature is almost entirely dependent
on external conditions (Noyes et al., 2009).

One of the main mechanisms by which elevated temperature can exacerbate
toxicity in aquatic animals is via increased chemical uptake. Metabolic rate in
poikilotherms increases two-fold with 10°C temperature increase, also known as
the Q10 effect. This results in an increased oxygen demand which then drives an
increase in ventilation, thereby drawing more pollutant into the body across the
gills (Heugens et al., 2003). Additionally, the higher level of kinetic energy
provided by warmer temperatures can accelerate the diffusion or active transport

of chemicals across membranes (Pinheiro et al., 2021).

Conversely, a change in metabolic rate can also result in faster metabolism and
excretion, potentially reducing the toxicity of a drug. This has been demonstrated
for a range of pesticides, such as pyrimethanil, where a reduced toxic effect was
linked to faster chemical metabolism and enhanced cellular repair in the embryos
of the freshwater snail Physella acuta (Seeland et al., 2013). Evidence in the
literature also suggests a drug can reduce the thermal tolerance of the animal.
For example, chronic exposure to an antidepressant was shown to suppress the
antioxidant defence response to temperature increase in adult zebrafish (Mehdi
et al., 2019).

To test the hypothesis of this chapter that elevated temperature can exacerbate
drug-induced OS, APAP (1.0 — 3.0 mM), DCF (0.7 — 2.7 uM) and Dox (1.8 — 9.2
uM) (see Table 6.1) were selected as known environmental pro-oxidants based
on the data from the drug screen in chapter 4 and their effects analysed for
different temperature exposures. A relationship between elevated temperature
and enhanced APAP toxicity has previously been shown in a variety of aquatic
species, including medaka (Oryzias latipes) (Kataoka et al., 2019) and daphnia
magna (Kim et al., 2010). A similar relationship with temperature has been

demonstrated for DCF in a freshwater shrimp (Atyaephyra desmarestii) (Nieto et
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al., 2016), mussel (Mytilus galloprovincialis) (Freitas et al., 2019), clams
(Ruditapes philippinarum and Ruditapes decussatus) (Costa et al., 2020) and
seabass (Dicenthrachus labrax) (Maulvault et al., 2018a). Dox, however, has not
yet been investigated for its interaction with environmental temperature. Data in
chapter 4 indicated Dox induced either a weak or no OS in the standard organs
tested (i.e., pronephros and liver) but a surprisingly strong OS in the GI. It was
therefore included in this chapter to investigate how temperature could influence

the OS induction of a drug with a different response profile.

To my knowledge, the interaction of temperature with the toxicity of these drugs
have not previously been demonstrated in zebrafish, with the exception of DCF
which showed increased uptake in zebrafish embryos at higher temperatures,
possibly related to increased metabolism (Chen et al., 2015). Further, there are
scant studies investigating how temperature specifically influences drug-induced
OS. One of the few studies to achieve this in an in vivo model used the common
goby (Pomatoschistus microps) to show how higher temperature can increase
mercury accumulation and consequently oxidative damage in muscle tissue
(Vieira et al., 2021). Despite the growing interest in the mechanism driving
interactions of temperature and drug toxicity, a TG fish larval model has not yet

been utilised for this.

In this chapter, EpRE:mCherry embryos are first raised at 33°C with no chemical
stressor to assess the OS induced by temperature alone. Embryos were then
exposed to one of the three pro-oxidants at a range of concentrations and raised
at 33°C or 28°C (the control) to investigate how temperature affects the minimum
response threshold, in addition to enhancing the OS observed. 33°C was
selected as a maximum temperature as it represents a realistic future
temperature rise for spawning endogenous zebrafish populations (Brown et al.,
2015) whilst remaining within their thermal tolerance range (Spence et al., 2006).
The interaction is also tested across a range of temperatures to understand if the
relationship between temperature and drug-induced OS is linear, or if a thermal
threshold must be exceeded for temperature to exert its effect. This includes a
temperature below the standard for zebrafish husbandry, 24°C, to find if a lower
temperature has a suppressive effect for the induction of OS. Finally, this
interaction was investigated over time to understand how temperature influences

the ontogeny of the OS response or its rate of increase.
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Temperature is known to affect the development rate of zebrafish (Parichy et al.
2009). Hence accelerated development of embryos raised at higher temperature
could potentially result in larger organs at a given timepoint and therefore skew
the measurement of tissue-specific OS. As a result, the body length of each larva
was measured for each temperature experiment as an indicator of development

rate.

| hypothesised that elevated, environmentally relevant temperatures can
exacerbate pharmaceutical-induced OS. This was tested by incubating
EpRE:mCherry larvae at temperatures higher than standard husbandry practice
during aqueous exposure to a pharmaceutical. This interaction between
temperature and drug-induced OS, based on the available literature, is
hypothesised to be mediated primarily via increased uptake of the
pharmaceutical from the exposure media. To test this, the influence of
temperature on the toxicokinetics of the drug was also investigated using LC-
MS/MS to measure the APAP concentration inside the larvae at different time

points throughout the exposure period.

6.2 Methods

6.2.1 Fish husbandry
All imaging/OS measurements were conducted using EpRE:mCherry zebrafish.

The supply of EpRE:mCherry zebrafish was limited and WIK embryos were
therefore used for all LC-MS/MS to assess uptake of the drug across time points.
Both strains of zebrafish were maintained under the same conditions (see
Chapter 2, section 2.1).

6.2.2 Chemical exposure
All compounds used in this chapter were obtained from Sigma-Aldrich, Dorset,

UK. All stocks other than APAP were made prior to the day of exposure and
stored in -20°C. Exposure solutions were diluted in system water on the day of
exposure. APAP (CAS no. 103-90-2) and DCF (CAS no. 15307-79-6) were
dissolved in 0.5% DMSO and Dox (CAS no. 25316-40-9) was dissolved without

the use of a solvent.

Embryos were raised at standard husbandry temperature (28°C) in CW in Petri

dishes until 6 hpf, at which point they were exposed to the chemical in 24-well
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plates and transferred to the test temperature regimen. See Chapter 2 section

2.4 for details on standard chemical exposure conditions.

Concentration ranges were selected based on the results of the concentration-
dependent response curves shown in chapter 4 and were chosen in order to
cause a detectable level of OS without inducing overt toxicity. Dox was tested for
its interaction with temperature in a range-finding study at concentrations
between 0.7 and 9.2 uM (see Appendix 2, Fig.1). Similar to the results shown in
chapter 4, Dox concentrations below 1.8 pM only induced OS in the Gl tract and
liver but not the heart or pronephros. Subsequently, a concentration between 1.8

and 9.2 uM was used.

For experiments testing a range of pharmaceutical concentrations at a control or
single experimental temperature, the concentrations used were: 1 mM, 2 mM, 3
mM APAP with a SC; 1.8, 3.7, 5.5, 7.4, 9.2 uM Dox with a CW control; 0.7, 1.4,
2.0, 2.7 uM DCF with a CW control (Table 6.1). For experiments testing the
effects of a range of temperatures on a single concentration, 2.5 mM APAP and
2.0 uM DCF were used.

Table 6.1 Pharmaceuticals tested for their interaction with temperature, and
concentration ranges used

Concentration
Drug range (UM)

Paracetamol (APAP) 1000, 2000, 3000
Doxorubicin 18,3.7,55,74,92

Diclofenac (DCF) 0.7,1.4,2.0,2.7

6.2.4 Embryo culturing at different temperatures
Embryos cultured at test temperatures were kept in a Stuart SI60D digital

incubator (Cole-Parmer, Cambridgeshire, UK) set to the desired temperature. An
Elitech RC-5 data logger (Elitech, London, UK) was used to track and verify the
temperature, and the transparent incubator was kept in the same room as the
control zebrafish to ensure all embryos were exposed to the same light:dark

cycle.
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To avoid variable degrees of evaporation resulting from the different incubation
temperatures which would otherwise affect the final exposure concentration,

each 24-well plate was sealed using parafilm.

Embryonic development is known to be closely associated with temperature
(Parichy et al., 2009), and pilot studies showed larvae raised at 33°C hatched up
to 24 hours earlier than those raised at 28°C, and their swim bladders were also
found to inflate earlier. This created two confounding factors for the comparison
of OS between temperature groups: firstly, premature hatching may result in a
different exposure scenario due to the removal of the protective barrier formed
by the chorion, and secondly, larvae with larger swim bladders can be more
difficult to image on the Acquifer as they are more likely float to out of position in
the agarose grooves (as shown in chapter 3). Several steps were taken to
account for these complications; manual dechorionation of the embryos at 2 dpf
so all larvae effectively ‘hatched’ at the same time; exposure was also terminated
at 3 dpf (when all larvae did not have fully inflated swim bladders) to ensure all
larvae could be imaged. In a separate series of experiments, larvae were
exposed for 4 days and imaged daily from 2 dpf so the development of the OS
response over time could be compared between temperature regimens. In these
experiments, additional numbers of embryos were used to compensate for the 10
% of 4 dpf embryos which may not be viable for imaging due larger swim bladders

(thereby still achieving a final sample size of 24 larvae per treatment).

6.2.5 Image acquisition and analysis
All images were acquired using the Acquifer and tissue-specific fluorescence

intensity analysed using ImageJ following the protocol described in Chapter 3.
For every assay, body length was also measured on the bright field images from
the end of the head to the caudal peduncle in order to assess if the different
culturing temperatures resulted in differing body sizes (example results are

shown in Fig. 6.2).

For experiments assessing the effects of elevated temperature across a drug
concentration range or assessing the effect of a single concentration at several
experimental temperatures, larvae were imaged at the end of a 3 day exposure
period (from 0-3 dpf). For experiments assessing the development of the OS
response over time at different temperatures, larvae were imaged at 2, 3 and 4
dpf and placed in fresh exposure media after each time point.
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6.2.6 Drug uptake analysis
The rate of APAP uptake was measured in WIK embryo-larvae using LC-MS/MS.

This experiment was performed using APAP only as DCF and Dox were not
detectable at the concentrations used in the current methods (see Chapter 4).
For full details of methods used, see Chapter 2 section 2.8. Uptake is given in
amount of APAP per larva (nM), not concentration, as the volume of the
unhatched embryo or larvae at each time point could not be confirmed. WIK
embryos were pooled in order to obtain enough tissue for drug concentration to
exceed the LOQ and therefore, each data point represents an N of 6, with 4

embryos per sample.

6.2.7 Statistical analysis
See Chapter 2 section 2.9.

6.3 Results

6.3.1 Temperature-induced oxidative stress
Fig. 6.1 shows that elevated temperature alone induces OS and this can be

visualised in the EpRE:mCherry model. The two different treatment groups had
different sample sizes because embryos raised at 33°C developed slightly faster
and, with more inflated swim bladders, some of these animals floated out of the
agarose grooves and in turn out of focus for the imaging so fluorescence intensity
measurements could not be taken. This problem directed further temperature-
based experiments to be carried out using embryos at 72 hpf for imaging (other
than daily imaging experiments). This is when the differences in development are
less pronounced and the swim bladder is not inflated to an extent that disrupts

the imaging process.
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Figure 6.1 Effect of elevated temperature on OS in non-chemically treated 4
dpf EpRE:mCherry larvae. Data shows mean values (+/- SEM) for the mean
pixel intensity within the organs of larvae. N= 15 for 28°C and N=6 for 33°C
treatment groups. Data Data were not normally distributed and so were analysed
using Mann-Whitney, * = P< 0.05, **= P< 0.005, **= P<0.0005, ****= P< 0.0001.
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6.3.2 Effect of temperature on embryo-larvae size
Embryo-larvae raised at 33°C were only significantly greater in length compared

to 28°C at 2 dpf and this difference was not apparent at later life stages (Fig. 6.2).
Therefore, the image analysis method (Chapter 3) was still valid as the larvae
were not significantly different in size and so using the same templates to
measure tissue-specific fluorescence intensity for each treatment group will still

give reliable results.

A lower temperature of 24°C, however, was found to consistently result in
significantly smaller sized larvae (Fig. 2), suggesting lower temperature delayed
embryonic development. Therefore, the fluorescence intensity for larvae raised
at this temperature were interpreted with caution as smaller organs could have

affected the measurement of fluorescence intensity (see Discussion).

Neither APAP nor DCF alone had any effect on the growth of embryo-larvae at

the exposure concentrations used.

Body length measurements were taken for each chemical exposure assay, and
the same trend was seen each time: neither chemical exposure nor an increased
temperature affected body length (except for 33°C at 2 dpf, where larval length
was greater), however, a lower temperature did impede larval growth. Fig. 6.2

shows examples of these data.
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Figure 6.2 Effect of [A] 33°C (N=12) and [B] 24°C (N=24) on body length of
embryo-larvae at different developmental stages. The average body length
for 28 °C according to Zfin (https://zfin.org/zf info/zfbook/stages/ Accessed
5/11/2021) are provided as a reference to show temperature did not unduly alter
the growth rate of the larvae. Data is given as mean body lengths (+/- SEM). Data
were normally distributed with equal variance and so were analyse using a two-
way ANOVA followed by Tukey’s multiple comparison test; * = P< 0.05, **= P<
0.005, **= P<0.0005, ****= P< 0.0001.
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6.3.3 Interaction of temperature and pharmaceutical-induced oxidative stress:
across different concentrations
Embryo-larvae cultured at an elevated temperature exhibited enhanced

pharmaceutical-induced OS compared to those raised at the standard 28°C.
Additionally, the higher temperature was shown to reduce the concentration of
compound needed to cause a significant level of OS (i.e. the lowest observable
effect concentration (LOEC) was reduced) (Figs. 6.3, 6.4, 6.5).

For every drug tested, the Gl tract showed the greatest increase in drug-induced
OS when larvae were cultured at 33°C compared to 28°C. Other than the Gl tract,
the organs most affected by this interaction appear to be drug-specific and reflect
the specific target organs identified in Chapter 4. For APAP, the elevated
temperature resulted in a lower LOEC for the PT and PD, but not the liver (Fig.
6.3). In contrast, the liver and PD were affected in DCF-treated larvae (Fig. 6.4)
while the pronephros appeared mostly unaffected by the temperature/Dox
interaction, but the LOECSs for the heart and liver were reduced (Fig. 6.5).

Despite being tested at the lowest and narrowest concentration range (0.7 — 2.7
UM DCF compared to 1.8 — 9.2 uM Dox and 1.0 — 3.0 mM APAP), larvae exposed
to DCF exhibited the most dramatic increase in OS in response to different
temperatures; no OS was observed in the 28°C treatment group at any DCF
exposure (Fig. 6.4), while larvae in the 33°C group showed significant OS in the
liver in response to 1.4 uM DCF, and in the Gl tract from 0.7 uM (Fig. 6.5).

It is important to note that these experiments were performed on zebrafish
embryos from different spawning events, and although the variability between
control groups of different batches of embryos is small (see chapter 4), it is not
appropriate to directly compare the absolute fluorescence intensity detected
between experiments, but focus on the relative changes in fluorescence intensity

within an experiment between treatment groups.
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Figure 6.3 Effect of temperature on APAP-induced OS. Embryos were
exposed from 6 hpf to 3 dpf to a range of APAP concentrations and raised at 28
or 33°C. Data shows mean values (+/- SEM, N= 18) for the mean pixel intensity
within the organs of 3 dpf larvae. Asterisks show significant difference to the
control of the same temperature group. Data were normally distributed and so
were analysed using 2-way ANOVA followed by Dunnett’s. The 2-way ANOVA
also showed significant interaction between concentration and temperature (***).*
= P<0.05, **= P< 0.005, **= P<0.0005, ****= P< 0.0001
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Figure 6.4 Effect of temperature on DCF-induced OS. Embryos were exposed
from 6 hpf to 3 dpf to a range of DCF concentrations and raised at 28 or 33°C.
Data shows mean values (+/- SEM, N= 18) for the mean pixel intensity within the
organs of 3 dpf larvae. Asterisks show significant difference to the control of the
same temperature group. Data were normally distributed with equal variance and
so analysed using 2-way ANOVA, followed by dunnett’s, except PT which was
tested using separate Kruskal Wallis tests followed by Dunn’s. * = P< 0.05, **=
P< 0.005, **= P<0.0005, ****= P< 0.0001.
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Figure 6.5 Effect of temperature on Dox-induced OS. Embryos were exposed
from 6 hpf to 3 dpf to a range of Dox concentrations and raised at 28 or 33°C.
Data shows mean values (+/- SEM, N= 14) for the mean pixel intensity within the
organs of 3 dpf larvae Data were normally distributed gith equal variance and so
were analysed using 2-way ANOVA followed by Dunnett’s, except PT which was
tested using Kruskal-Wallis followed by Dunn’s. Asterisks show significant
difference to the control of the same temperature group * = P< 0.05, *= P< 0.005,
**= P<0.0005, ****= P< 0.0001.
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6.3.4 Interaction of temperature and pharmaceutical-induced oxidative stress:
across different temperatures
A significant difference in APAP-induced OS was observed across the different

temperatures tested (Fig. 6.4). Embryo-larvae raised at 24°C showed a reduced
background level of OS and reduced drug-induced OS compared to those raised
at 28°C. Culturing embryos at only 2°C higher than the control temperature (30°C
compared to 28°C) enhanced the OS response in the pronephros but not the
liver. The PT appeared particularly responsive, showing the greatest level of OS

induction by APAP exposure for all temperatures.

However, temperature did not appear to have a linear relationship with APAP-
induced OS, as the difference in mCherry fluorescence intensity between SC and
APAP-treated larvae was smaller at higher temperatures than in larvae raised at
28°C. At 28°C, APAP induced a 3-fold higher fluorescence in the liver compared
to the SC, but this difference was only 1-fold at 30°C and 33°C.
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Figure 6.6 APAP-induced OS across the temperature range assessed.
Embryos were exposed to 2.5 mM APAP or a SC from 6 hpf and raised at a range
of different temperatures in separate experiments. Control groups showed no
statistical difference and so were pooled together, therefore, each data point
represents an N of 18, performed in triplicate. Data shows mean values (+/- SEM,
N= 12) for the mean pixel intensity within the organs of 3 dpf larvae. Data were
normally distributed and had equal variance, and so were analysed using and
ANOVA followed by Bonferroni’s to confirm exposure to 2.5 mM APAP induced
significantly higher fluorescence than the SC at each temperature tested
(P<0.0001). [Inset] Pairwise comparisons between temperature groups.
Following an ANOVA, Tukey’s test was used to compare effect of temperature
on SC and APAP separately. * = P< 0.05, **= P< 0.005, ***= P<0.0005, ****= P<
0.0001.
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6.3.5 Interaction of temperature and pharmaceutical-induced oxidative stress:
across time and different temperatures
Figures 6.7 and 6.8 show how EpRE:mCherry embryo-larvae responded to a

single concentration of drug when raised at a range of different temperatures,
with the fluorescent intensity measured at 2, 3 and 4 dpf. For both APAP and
DCF, 33°C had the greatest impact on drug-induced OS compared with the other
temperatures tested. The difference is particularly pronounced in embryo-larvae
treated with DCF, where all three target organs showed significant DCF-induced
OS at 2 dpf when cultured at 33°C (P<0.0005) but not at 28°C (Table 6.3). The
lower temperature of 24°C appeared to result in a reduced drug-induced OS
response. This is again particularly prominent in embryo-larvae treated with DCF
shown to cause significant DCF-induced OS at 3 dpf when cultured at 28°C
(P<0.0005), but no OS was observed when embryos were raised at 24°C (Table
6.3).

The most responsive organs were, again, drug related, with the liver most
responsive to DCF at 30°C and 33°C (reaching a maximum fluorescence intensity
in the 33°C regimen of around 20000 arbitrary units, compared to around 6000
in the PT or 4000 in the PD), whereas the PT was most responsive to APAP
exposure at higher temperatures (reaching a maximum of approximately 7000
arbitrary units compared to 2000 in the liver or 5000 in the PD). The difference in
OS in the PT between exposed embryos raised at 28°C versus 30°C appeared

greater at 4 dpf than 3 dpf.
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Comparisons between drug treatments
(within temperature groups)

Comparisons between temperatures (within drug
treatment)

Significance of difference
between SC and APAP

Significance of difference
between control (28°C)
and experimental
temperature
2dpf 3dpf 4dpf

exposure
2dpf 3dpf 4dpf
PD 28°C ns ®HAE N EEEE N
24°C  ns SO mII g
PT 28°C * /[\ ko k /I\ *okk ok ,I\
240C ns kkkk /I\ kkkk /I\
liver 28°C ns Rk N EEEE AN
24°C ns kAN HEE AN
PD 28°C ns wHE N dkEE N
30°C ST FRdk N EEEE AN
PT 28°C ns HEE N kR N
30°C  *1 Rt NS
liver 28°C ns I Y N
30°C *kkk /I\ kkkk /I\ R kkk /I\
PD  28°C ns e -
33°C ns ok 1\ ok ok ok /]\.
PT 28°C ns * AN *xEE N
33°C ns BRAE N R N
liver 28°C ns wHE N dkEE N
33°C T 4qp Bk AN kkk N

24°C PD SC ns * 1 RN
APAP ns ok ok \L Edkk \l/
PT SC ns ns RN
APAP ns ns RN
liver SC ns ns RN
APAP ns ns RN
30°C PD SC ns ns HEkE AN
PT SC ns ns *E A
APAP ns *k kR /r\ * ook ok 1\
liver SC ns * ns
APAP * /I\ * /]\ Edkk /Ix.
33°C PD SC ns R AR
APAP ns *k kR /I\ EE TS 1\

Table 6.2 Results of
statistical analyses for
data outlined in Fig. 6.7.
Both panels show the same
experiments, [left] compared
within temperature groups
and [right] compared within
drug treatment. Data were
normally distributed and had
equal variance and so were
analysed using a 2-way
ANOVA followed by Tukey’s
multiple comparison test. An
interaction effect was found
between temperature and
APAP exposure
(P<0.00001). Asterisks
represent multiplicity
adjusted P values: * = P<
0.05, **= P< 0.005, **=
P<0.0005, ****= P< 0.0001.
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Comparisons between drug treatments
(within temperature groups)

Significance of difference
between CW and DCF

Comparisons between temperatures (within drug
treatment)

Significance of difference
between control (28°C)
and experimental

exposure
2dpf 3dpf 4dpf
PD 28°C ns ns R
24°C ns ns ns
PT 28°C ns ns *Ex A
24°C ns ns ns
liver 28°C ns ns RREE A
24°C ns ns ns
PD 28°C ns ns ns
30°C ns ns A
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30°C ns ns *P
liver 28°C ns ns FxEE AN
SOC‘C ns * /I\ Fkkk /I\
PD 28°C ns ns kA
3300 ns ok k /I\ ok kk /I\
PT 28°C ns ns ns
3300 ns * %k /I\ *kkk /I\
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temperature
2 dpf 3 dpf 4 dpf
24°C PD cw ns ** 1 *ERxk J
DCF ns ns RN )
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DCF ns ns RN )
30°C PD cw ns ns R
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DCF ns ns R
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DCF ns ook ok /]\ ook ok /I\
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Table 6.3 Results of
statistical analyses for
data outlined in Fig. 6.8.
Both panels show the
same experiments, [left]
compared within
temperature groups and
[right] compared within
drug treatment. Data were
normally distributed with
equal variance and so
were analysed using a 2-
way ANOVA followed by
Tukey’s multiple
comparison test. An
interaction effect was
found between
temperature and DCF
exposure (P<0.00001). * =
P< 0.05, **= P< 0.005, **=
P<0.0005, ****= pP<
0.0001.
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6.3.6 Effect of temperature on drug uptake
Elevated temperature drove increased uptake of APAP (Figs. 6.9 and 6.10) in

exposed WIK embryo-larvae. Significant differences in the amount of APAP
detected in larvae raised at the two different temperatures (28 and 33°C) occurred
within the first 24 hours of exposure and also at later time points, specifically 68

and 72 hours post dose (a pattern seen in every replicate).

APAP levels measured in WIK larvae were used to infer the uptake dynamics in
the TG larvae imaged as there were no differences in internal APAP levels
between WIK or EpRE:mCherry larvae measured at 48 or 96 hours post dose
were found (Figs. 6.9 and 6.10).

A pilot study revealed a considerable drop in internal APAP concentration at 48
hours post dose in the 33°C group and a similar scenario was seen for the 28°C
treatment group 24 hr later, at 72 hr post dose (see Appendix 2, Fig. 2) which
was linked to differing hatching times. This was confirmed through manually
dechorionating the larvae at 48 hours post dose, which nullified this difference
between temperature groups (Figs. 6.9 and 6.10). This suggests a large portion
(around 75%) of the APAP detected in embryos pre-dechorionation was within

the chorion and/or perivitelline space.
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Figure 6.9 [Top] Effect of temperature on uptake dynamics of APAP in WIK
embryos exposed to 2.5 mM APAP from 6hpf. Data shown as mean
concentration detected in the larval body (+/- SEM; N=6) using LC-MS/MS. Arrow
indicates manual dechorionation at 42 hrs post dose. Data were normally
distributed with equal variance and so were analysed using an ordinary one-way
ANOVA followed by Bonferroni’s test to compare different temperature groups at
each time point. *= P<0.05, *=P<0.005, **=P<0.0005, ***=P<0.0001. [Bottom]
Comparison of APAP uptake in EpRE:mCherry versus WT embryos (N=6).
Data shown as mean +/- SEM. Data were not normally distributed and so were
tested using a Kruskal-Wallis followed by Dunn’s test. No significant difference
was found between TG and WT embryos.
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Figure 6.10 Repeat of the above experiment. [Top] Effect of temperature
on uptake dynamics of APAP in WIK embryos exposed from 6 hpf.
Data shown as mean concentration detected in the larval body (+/- SEM,;
N=6) using LC-MS/MS. Arrow indicates manual dechorionation at 42 hrs
post dose. Data were normally distributed with equal variance and so were
analysed using an ordinary one-way ANOVA followed by Bonferroni’s test
to compare different temperature groups at each time point. *= P<0.05,
**=P<0.005, **=P<0.0005, ***=P<0.0001. [Bottom] Comparison of
APAP uptake in EpRE:mCherry versus WT embryos (N=6). Data
shown as Mean +/- SEM. Data were not normally distributed and so were
tested using a Kruskal-wallis followed by Dunn’s test. No significant
difference was found between TG and WT embryos.
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6.4 Discussion
As expected, elevated temperature can exacerbate drug-induced OS, and this

effect has been demonstrated here for three different pharmaceuticals, across a
range of temperatures, concentrations, and time points. The LC-MS/MS data
suggests this interaction is at least partly a result of increased uptake of the drug,
although other mechanisms are also likely to be involved such as enhanced drug
biotransformation or diminished antioxidant defences of thermally stressed

larvae.

6.4.1 Effect of temperature on basal redox status
As Fig. 6.1 shows, temperature alone can affect OS. Increased OS in non-

chemically treated EpRE:mCherry larvae raised at 33°C compared to 28°C (Fig.
6.1) aligns with what is known about the relationship between metabolism and
temperature (Clarke & Fraser, 2004). Higher temperature results in a higher level
of kinetic energy which drives faster enzymatic processes, which requires more
ATP and so also drives increased respiration (Gillooly, 2001). Indeed, previous
studies on zebrafish embryos have shown they consume a higher amount of
oxygen when raised at 31°C compared to 28°C, and a lower oxygen consumption
when raised at 25°C (Barrionuevo & Burggren, 1999). Hence, warmer conditions
result in increased ROS production by the mitochondrial electron transport chain
(Heise, 2003), which in the current study required buffering by antioxidants and

resulted in upregulation of the EpRE.

6.4.2 Effect of temperature on drug-induced OS
Culturing larvae at 5°C above standard husbandry conditions was shown to

exacerbate drug induced OS and resulted in a lower LOEC, as was shown for
exposure to APAP (Fig. 6.3), Dox (Fig. 6.4) and DCF (Fig. 6.5). This could have
been the result of an additive effect between the pro-oxidative action of the
chemical and the increased basal OS caused by temperature. However, there is
strong evidence in the literature for a direct interaction between temperature and
drug toxicity. Elevated temperature has been shown to increase APAP toxicity in
D. magna (Kim et al.,, 2010) and medaka (Kataoka et al., 2019). Both studies
proposed an increase in rates of drug uptake and drug metabolism to be the main
drivers behind this interaction, although neither included any analytical chemistry

data to support their postulations.
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The interaction between DCF and temperature has been found to be more
complex and species-dependent. DCF-induced OS was exacerbated in juvenile
seabass (Dicenthrachus labrax) cultured at 5°C above the control, likely through
the enhanced inhibition of antioxidant enzyme activity, such as for CAT and SOD
(Maulvault et al., 2018a). Mussels (Mytilus galloprovincialis) showed a reduction
in their metabolic activity at elevated temperatures to preserve antioxidant
defences, although this was not sufficient to prevent DCF-induced OS (Freitas et
al., 2019). In contrast, in the clams Ruditapes philippinarum and Ruditapes
decussatus, increased temperature drove an increase in respiration and
metabolism which reduced the bioaccumulation of DCF and in turn reduced OS
(Costa et al., 2020), in direct contrast with the results presented in Figs. 6.5 and
6.8.

The enhancement of Dox-induced OS at warmer rearing conditions is a novel
finding. Depending on the species, Dox is currently assumed to present a
medium-low risk in the environment due to its potential for genotoxic effects but
low concentrations detected in surface waters (Martin et al., 2014). There are,
however, no ecotoxicological data available in the literature regarding the
interaction of Dox with temperature. The data in this thesis shows that increasing
environmental temperatures have the potential to increase the risk associated
with exposure to this pharmaceutical due to induction of OS at lower

concentrations of the drug (Fig. 6.4).

As was seen in Chapter 4, the PT was particularly resistant to OS induction by
Dox. Consequently, there was minimal OS in this tissue for the elevated
temperature to exacerbate. Despite the increased background OS measured in
larvae raised at 33°C compared to 28°C, and the OS induced by 7.4 or 9.2 uyM
Dox at the normal temperature, the two stressors combined did not increase the

OS in the PT beyond background levels for the 33°C treatment group (Fig. 6.4).

In contrast with Dox-exposed larvae, the PT of APAP-exposed larvae showed
one of the greatest increases in OS when raised at warmer temperatures
compared with other tissues (Fig. 6.4). This is likely to relate to the innate
sensitivity of the PT as a result of its lower levels of endogenous antioxidants
(Chevalier, 2016). However, the liver exhibited the earliest induction of OS by
APAP when raised at 33°C (at 2 dpf compared to 3 dpf for the PT or PD; Table

6.2), perhaps due to its faster development compared with the pronephros, which
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doesn’t fully mature until 4 dpf (although leaky glomerular filtration does begin at
2 dpf) while the liver becomes functional at 3 dpf (Drummond & Davidson, 2010).
Indeed, a significant difference in basal OS (i.e., as measured in SC larvae)
between larvae raised at 28°C and 33°C is first detectable in the liver at 2 dpf,
compared with 3 dpf for the PT and PD (Table 6.2).

To further understand the relationship between temperature and drug-induced
OS, embryo-larvae were exposed to APAP under one of several temperature
regimens with varying severity. The data presented in Fig. 6.6 shows that any
increase in incubation temperature caused an absolute increase in OS induction
by APAP; exacerbation of APAP-induced OS was observed at an extreme
temperature (33°C) and at a small increase in temperature (2°C), particularly in
the PT. However, the larvae’s OS response to APAP appears to diminish at
higher incubation temperatures compared with the response to increased
temperature alone; the difference in OS between chemically treated and non-
treated larvae was smaller at 33°C compared with 28°C incubation (Fig. 6.6).
However, only two temperatures above normal conditions were tested, so further
study testing a greater range of temperatures is needed to confirm if the
difference in OS between exposed and non-exposed larvae continues to
decrease at higher incubation temperatures (i.e., if this relationship is non-linear).
The thermal stress caused by higher incubation temperatures likely
overburdened the antioxidant defences, impeding the larvae’s ability to respond

to the additive effect of the chemical stressor.

The current data, generated using the EpRE:mCherry model, can only indicate
activation of the EpRE (and therefore upregulation of antioxidant defences).
However, if the larvae’s defences are at their limit, further increases in OS and
damage would not be reflected in mCherry expression. Therefore, although the
EpRE response to APAP exposure is proportionally smaller at higher
temperatures, the oxidative damage caused by the chemical may not be. A future
study could benefit from measuring biomarkers of oxidative damage such as
MDA (a product of lipid peroxidation) or DNA breakage. The quantification of
direct consequences of OS caused by a chemical at higher temperature would
show if the relative effect of APAP compared to temperature is reduced at 33°C,

or if only the animal’s ability to respond to APAP-induced OS is reduced.
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The data presented in this chapter also suggests that APAP-induced OS was
lower when the embryo-larvae were raised at 24°C compared to 28°C (Figs. 6.6
and 6.7). As mentioned previously, incubation at the lower temperature resulted
in a retardation of embryonic development, resulting in smaller sized larvae at
every time point (Fig. 6.2). Therefore, it was difficult to establish whether the lower
relative fluorescence intensity represents a suppression of the OS response due
to the direct effect of temperature, or reduction in cell numbers to emit
fluorescence as a result of underdeveloped organs. A lower level of OS induction
by APAP would align with what is known about the relationship between
temperature and contaminant uptake/metabolism (discussed below).
Alternatively, the reduced fluorescence could be indicative of suppression of the
antioxidant defence system due to reduced metabolic activity, ultimately resulting
in higher level of OS, as has previously been reported in juvenile pacu (Piaractus
mesopotamicus) (Pinto et al., 2019). However, this seems unlikely in the present
study as reduced metabolic activity would also impede biotransformation of
APAP, reducing its toxicity.

6.4.3 Effect of temperature on drug pharmacokinetics
Incubation of the embryo-larvae at 33°C resulted in higher levels of APAP in the

body of exposed larvae compared to those raised at the standard temperature
(Figs. 6.9 and 6.10). The present pharmacokinetic study used only APAP to
investigate the effect of temperature on uptake dynamics, but the uptake of DCF
and Dox are assumed to show a similar response as they also followed a similar
trend in temperature enhanced OS. Indeed, higher temperature has been shown
to increase the amount of DCF bound to a zebrafish embryo, possibly as a result

of increased metabolic activity and increased flow rate (Chen et al., 2015).

It is unknown if the more rapid uptake observed would eventually result in a higher
steady state concentration within the larva, or if the steady state would be
reached sooner in larvae incubated at 33°C, as internal concentrations did not
reach equilibrium during the exposure period. Interestingly, one of the replicates
(Fig. 6.10), would suggest that increased temperature drove the APAP
toxicokinetics to reach steady state at a faster rate, as the internal APAP levels
in the 33°C treatment group plateaued from 68 hours post dose, whilst this did
not occur until 92 hours post does in the 28°C group. Furthermore, final internal
concentrations did not appear to be affected as there was no statistical difference
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in APAP levels between the temperature groups at 92 and 96 hours post dose.
However, this pattern was not seen in the first replicate (Fig. 6.9). A follow up
experiment with a longer exposure period to allow steady state to be reached

within the larvae is needed to confirm this.

There are several possible mechanisms by which elevated temperature could
have driven increased APAP uptake. Increased ventilation rate (Heugens et al.,
2003) (as proposed in the Introduction) is not a possible factor at this
developmental stage as larvae do not require gills for ventilation until
approximately 14 dpf (oxygen can be absorbed directly through the skin in
embryo-larvae) (Rombough, 2002).

Higher temperatures appear to have driven increased uptake via accelerated
larval development, as embryo-larvae raised at 33°C were shown to achieve
longer body lengths at 2 dpf (Fig. 6.2), hatch up to 24 hours earlier and develop
more inflated swim bladders by 4 dpf compared to control zebrafish. In unhatched
embryos, this could have resulted in increased chorion permeability, a factor
which has been shown to increase with age (Adams et al., 2005; Ali et al., 2017;
Hagedorn et al., 1997), and therefore allowed more drug to reach the embryo

(even when all larvae were manually dechorionated at the same time).

In hatched larvae, accelerated development could have resulted in earlier
opening of the mouth, providing a new absorption route (i.e., via the gut) in
addition to diffusion across the skin and gills. Indeed, previous studies into the
ADME of APAP in zebrafish have shown a sharp increase in APAP absorption
rate in zebrafish larvae between 3 and 4 dpf (Kantae et al., 2016; Van Wijk et al.,
2018) which was postulated to be related to the opening of the mouth at 3 dpf
(Van Wijk et al., 2018) (also see Fig. 3.3 in Chapter 3). This aligns with the pattern
observed in the present study, in which APAP levels in both temperature
treatment groups suddenly increased at 3 dpf (between 48- and 68-hours post
dose) (Figs. 6.9 and 6.10). After manual dechorionation at 42 hours post dose,
APAP levels were not significantly different between the two temperature groups
until 68 hours post dose, at which point the amount of APAP detected in larvae
raised at 33°C was significantly higher than in larvae raised at 28°C. The mouths
of larvae raised at 33°C are likely to have opened sooner compared to those at
28°C (between 48- and 68-hours post dose), allowing higher levels of APAP

absorption. In further support of this hypothesis, higher incubation temperatures
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resulted in greatest increase in drug-induced OS in the GI tract compared with
the other body tissues measured, as demonstrated for every drug tested (Figs.
6.3, 6.4, 6.5).

The drop in internal APAP volume at 20 hours post dose compared to the
previous time point was seen in every experiment replicate (including the pilot
study, shown in Appendix 2), for all temperature treatments. This does not seem
to have been previously reported in the literature but could likely be explained by
the ontogenetic expression of active drug transporters in the body of the larvae.
ATP-binding cassette (ABC) transporters are a superfamily of membrane
proteins; ABCB4 has been shown to expel xenobiotics and protect zebrafish
embryos from their toxic effects (Fischer et al., 2013). Fischer et al. showed that,
while transcript levels of abcb4 were highest at 1 hpf due to maternally
transferred mRNA, levels progressively declined until 12 hpf, then began to rise
again at 24 hpf, peaking at 48 hpf. The timing of the rise in abcb4 expression
coordinates with the reduced APAP volume detected in the embryos at 20 hours
post dose/26 hpf in the present study. Indeed, Fischer et al. showed that inhibition
of this transporter resulted in higher levels of contaminants entering the body from
the exposure media. Previous studies have also shown ABCB transporters
protect freshwater species from environmental pollutants (Ferreira et al., 2014;
Luckenbach & Epel, 2008). Interestingly, in one of the replicated experiments
(Fig. 6.10), the volume of APAP detected in embryos in the 33°C group was
significantly lower than in the 28°C group at 6 hours post dose, the only time point
at which the higher temperature resulted in a lower internal dose of the drug. This
could potentially reflect the accelerated development of embryos incubated at
33°C which resulted in an earlier onset of abcb4 expression and hence expulsion

of the drug.

Mammalian data indicates that APAP is highly bioavailable and uptake can occur
passively, while its metabolites require active transporters such as solute carrier
transporters and ABC transporters (Mazaleuskaya et al., 2015). Therefore,
although active drug transport may have expelled some APAP at 26 hpf, the
overall increased uptake at higher temperatures was probably linked to enhanced
diffusion of APAP across membranes, driven by an increase in kinetic energy
(Pinheiro et al., 2021).
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However, increased drug uptake does not appear to be the only mechanism
driving increased OS in exposed larvae incubated at higher temperatures as the
difference in APAP uptake between larvae raised at 28 and 33°C was not as
sizable as the differences in OS measured at these time points. Furthermore, in
one of the replicates (Fig. 6.9) there was no difference in APAP levels between

the temperature treatment groups by the end of the exposure period.

6.4.4 Alternative mechanisms driving enhanced APAP-induced OS
Environmental factors, including temperature, are known to influence all elements

of ADME of a pharmaceutical, as well as the interactions between the drug and
target molecules (Hooper et al., 2013). Higher temperatures have been shown to
drive chemical biotransformation via increased enzymatic activity (Buckman et
al., 2007), which can increase production of toxic metabolites, as has been
proposed to drive increased APAP toxicity in D. magna cultured at higher
temperatures (Kim et al., 2010). However, Kim et al. ’s study lacked chemical

analysis to support this hypothesis.

Juvenile European perch (Perca fluviatilis) exposed to the anxiolytic drug
temazepam in warmer conditions showed increased metabolism and uptake,
resulting in increased accumulation of its metabolites. However, this was not in
dragonfly (Sympetrum sp.) larvae, indicating a species-specific effect (Cerveny
et al., 2021). Medaka larvae reared at higher temperatures have also been
reported to show increased metabolism of APAP as a result of accelerated liver
development (indicated by decreasing ATP levels and larger liver/increased yolk
absorption, respectively) (Kataoka et al., 2019). Kataoka et al. proposed
enhanced CYP activity as the mechanism responsible, and indeed, hepatic
CYP1A has previously shown temperature- enhanced translational activity in
killifish (Fundulus heteroclitus) (Kloepper-Sams & Stegeman, 1992). However,
no changes were detected in CYP1a activity in adult zebrafish raised at 30°C
compared to 27°C (Cardoso et al., 2019), suggesting the influence of stressors
on CYP activity is species dependent. The capacity of zebrafish larvae for CYP
metabolism at the 3 to 4 dpf stages are explored in Chapter 4 (section 4.3.5). It
is possible that, when raised at 33°C, CYP metabolism in the zebrafish larvae
was enhanced and resulted in increased production of toxic metabolites such as
NAPQI for the APAP exposure. NAPQI is highly reactive, but levels of its
conjugates could be measured to indicate the effect of temperature on
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metabolism rate. This was attempted in my thesis work using MSI (see chapter
4) but was unsuccessful. With more time, other methods for quantifying APAP
metabolites could have been explored.

Whilst in the present study the effect of different incubation temperatures on drug
excretion was not tested, increased biotransformation at higher temperatures has
previously been linked to increased elimination. However, conflicting data in the
literature indicates species-dependent effects. Northern leopard frog (Lithobates
pipiens) tadpoles showed increase elimination rates of polychlorinated biphenyls
(PCBs) under warmer conditions, but this was balanced by more rapid uptake,
resulting in unchanged steady state tissue levels of the compounds (Brown et al.,
2021). In contrast, higher temperatures have been shown to impair the ability of
the liver in various juvenile fish species to detoxify pharmaceuticals and other
pollutants (Maulvault et al., 2016, 2018b). A depuration study testing the effects
of different temperature regimens would be required to fully understand the effect

of temperature on the dynamics of APAP elimination in zebrafish larvae.

The temperature sensitivity of metabolism in juvenile zebrafish has been shown
to be lower at later life stages, suggesting larvae develop the capacity to regulate
oxygen consumption from around 20 dpf (Barrionuevo & Burggren, 1999). This
suggests that, while the larvae in the present study showed high sensitivity to
temperature alone and in combination with a drug, this interaction may not
occur/be lessened in older fish. It would be interesting to follow up with a
longitudinal study using similar exposure conditions but for adult zebrafish (see
Pinheiro et al. 2021 for a review on the influence of developmental stage on
responsiveness to temperature). Additionally, previous studies have shown that
the husbandry temperature for early development can have lasting effects on the
physiology of zebrafish persisting into adulthood, including affecting how they
respond to stressors later in life (Dimitriadi et al., 2018; Zhang et al., 2018) or how
they can acclimate to changing conditions (Scott & Johnston, 2012). Building on
the increased OS detected in the EpRE:mCherry model here, a valuable future
study might investigate how extreme temperature conditions in early life affect
the ability of an adult zebrafish to buffer against pharmaceutical-induced OS. An
acute exposure study would also be valuable to test if elevated temperature and
drug exposure have to coincide for the two stressors to interact, or if pre-exposure

to one influences the animal’s response to the other.
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The natural habitat of zebrafish can range from 6°C in winter to 38°C in summer
across the geographical range of zebrafish (Spence et al., 2008), and between
29 and 33°C across sites in the dry season (Spence et al., 2006). Zebrafish are
therefore generally fairly tolerant of temperature changes, but this plasticity is laid
down by developmental conditions (de Alba et al., 2021). There are scant studies
on how rapidly larvae can acclimate to different temperatures, but data shows
that rearing at a constant temperature of 26°C compared with a daily
thermocycler of 28°C — 24°C from 0 hpf could affect how a 4 dpf larvae responds
to heat stress (de Alba et al., 2021), indicating that even this short time period is
sufficient to confer thermal tolerance. Hence, even within the acute exposure
period of the present study, it is possible that the larvae began to acclimate to the
elevated temperature which could reduce the effect of temperature on basal or
drug-induced OS. Further study is needed to find if, following a longer exposure
period, the difference in OS detected between control and higher temperature
larvae declines over time. Although the temperatures tested in this study are
within the thermal tolerance range of zebrafish, it could also be interesting to
monitor changes in expression of heat shock proteins (HSPs) as a further
indicator of how larvae respond to elevated temperature both in the absence and

presence of drug exposure.

6.5 Conclusions
As global temperatures continue to increase and extreme weather events

become more frequent, there is a clear need for better understanding of how
abiotic factors may influence the toxicity of environmental pollutants. Despite this,
TG zebrafish models are surprisingly underutilised for such studies. This chapter
demonstrates the application of EpRE:mCherry model to quantify OS induced by
temperature change, and the exacerbation of pharmaceutical-induced OS by

extreme temperatures.

Environmentally relevant elevated temperatures have been shown to exacerbate
drug-induced OS in an incremental-dependent manner. This has been
demonstrated for three different drugs from two different classes and with varying
potencies, target organs and mechanisms of toxicity, indicating that the effect of
temperature is not a drug-specific interaction. When larvae were raised at 5°C
above normal conditions, the LOEC of a drug was reduced, and culturing larvae
at just 2°C above normal conditions resulted in earlier induction of OS compared
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to when larvae were cultured at 28°C. The augmentation effect of temperature

also appeared to increase over time with the exposure period.

This interaction was found to be at least partly due to increased uptake of the
drug, a mechanism which has been proposed by many previous studies into the
interaction of temperature and drug toxicity, but surprisingly few of them used
analytical chemistry to support their postulations. However, the differences in
drug uptake between the different temperature groups do not appear to be as
drastic as difference in OS detected, indicating the role of another mechanism.
The most likely candidate appears to be enhanced metabolism of the drug, but
further study is required. The chemistry data presented in this chapter
emphasises the importance of these analyses for understanding the mechanism
for the responses seen; such analytical chemistry is often lacking in the literature
for studies of this nature.

The finding that elevated temperatures can result in a lower LOEC of drug-
induced OS is particularly relevant, as it implies that changing temperature
conditions have the potential to lower the response thresholds of environmental
pharmaceuticals. Depending on the level of this effect, this finding might suggest
that compounds currently classified as low risk due to their low environmental
concentrations could become more damaging to wildlife at elevated water
temperatures. Use of the EpRE:mCherry model has therefore demonstrated the
risk of physical-chemical interactions and the present data highlights the need for

environmental risk assessments to consider the influence of temperature.
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Chapter 7- General Discussion

7.1 Application of imaging tools and transgenic zebrafish in

ecotoxicology
TG zebrafish models have advanced our knowledge in the field of developmental

biology and are now increasingly being brought more into ecotoxicology. They
allow for the detection of compounds interacting in the body with greater
sensitivity than many conventional methods, enable identification of novel target
organs, and have can be used for HTS for specific toxic actions. TG models have
considerable potential for supporting AOPs for environmental toxins by linking
cellular interactions to whole body reactions, and for studies into the interactive

effect of chemicals for mixture effects.

In this thesis, the combination of the Acquifer imaging platform and TG
EpRE:mCherry model were shown to provide effective high throughput assays,
well suited for rapid assessment of chemical and temperature effects whilst

indicating areas of further study.

The semi-automation of the Acquifer allows rapid assessments of several
chemicals in a single plate, which is in stark contrast with confocal microscopy
which can take up to 15 mins to embed and image one sample. However, the
Acquifer cannot always detect more sensitive changes in fluorescence
expression, such as the assessment of neuromasts in Chapter 3. The Acquifer
therefore represents a trade-off between sensitivity and throughput (as many
imaging platforms do, discussed in Chapter 1). Likewise, the EpRE:mCherry
provides a more efficient and meaningful assessment of the regulatory response
to OS through visualisation of EpRE activation, which indicates the activity of
numerous downstream genes involved in antioxidant defences, each of which
would otherwise require separate analysis and tissue samples. However, the
EpRE:mCherry model also appears limited in its ability to detect environmentally

relevant concentrations of pharmaceuticals.

7.1.2 Potential limitations of the EpRE:mCherry model and the study
The EpRE:mCherry model has provided insight into the mechanism of toxicity for

a range of drugs and interactions and can help identify potential risks and/or

vulnerable organs that merit further study. The model could only respond to
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pharmaceuticals at concentrations exceeding environmental concentrations, but
this is not necessarily a limitation. The use of higher concentrations for acute
exposure assays is a popular technique for predicting potential chronic low-
concentration exposure effects (Vestel et al., 2016). However, the EpRE:mCherry
model would not be suitable as a biosensor for environmental samples as it could
not detect environmental concentrations of the pharmaceuticals screened; other
models for other target genes would allow for more sensitive detection (see Table
7.1).

Further study is required to assess how inhibition of downstream antioxidants
feedback to activation of the EpRE, and how levels of EpRE activation
corresponds quantitively to ROS generation. This includes, for example,
identification of the minimum ROS threshold required for EpRE activation. A
future study could use methods such as fluorescent molecular dye which can
provide a non-invasive method for quantifying ROS or GSH levels in zebrafish
larvae (Lackmann et al., 2018). If this protocol was used in an EpRE:mCherry

larvae, a clear link could be drawn between ROS generation and EpRE activation.

A potential limitation of the study on the effect of temperature in general is that
there may be some overlap of the molecular pathways for OS defence and
temperature responses. The current experimental design does not allow for this
distinction and so further study is required to identify genes common between the
two pathways, and molecular techniques could quantify the changes in
expression of these genes under various temperature regimens. Given the data
presented in this thesis, this could start with focussing on expression in the
pronephros and how this changes over time with elevated temperature compared

to standard husbandry temperatures.

Additionally, chemical exposures in this thesis began at 6 hpf. This developmental
stage was deliberately chosen in order to select embryos that are showing normal
development and ensure all embryos were at the same stage at the start of the
exposure period. However, this is not representative of environmental conditions,
where fish are exposed to pollutants from the moment of spawning (and
potentially even prior to this in the case of maternal exposure). Very early life
stages show distinct vulnerability to chemicals and the change in exposure from
1 hpf to 6 hpf has the potential to affect the OS response measured later in life.

In order to avoid this potential limitation, future studies using the EpRE:mCherry
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TG model, along with any other zebrafish models, should aim to begin exposure

periods within the first two hours of fertilisation.

Future studies using the EpRE:mCherry may also wish to consider alternative
exposure routes which were not investigated in the present study, such as
ingestion. The mouth opens in zebrafish larvae at around 3 dpf, and so absorption
of pollutants across the Gl may occur at this stage, and indeed an increase in OS
was observed in the Gl of the EpRE:mCherry model at 3-4 dpf. However, at the
early life stage used in the current project and other FET assays, larvae are not
capable of independent feeding and so aqueous exposure via the media is the
primary exposure route. Other routes may become more important at later life
stages, but at older ages the efficacy of a TG zebrafish model is reduced due to

the opacity of tissue and so would not be suitable for such studies.

7.1.3 3Rs
The EpRE:mCherry model is a sensitive biomarker in that it can detect OS at

compound concentrations below those needed to induce overt toxicity (i.e.,
observed as pericardial oedemas; as shown in Chapter 4). This facilitates
conformance to the 3Rs by allowing the use of less severe endpoints, a common
aim in the application of TG models. It can also minimise the need for older,
protected animals in longer term experiments by visualising OS induction in an
acute exposure before the drug can go on to cause tissue damage. Additionally,
use of the EpRE:mCherry model can help to reduce the total number of animals
needed for any given experiment by providing more in-depth information on the
chemical effect compared with assessment of malformations. The Acquifer could
also reduce the total number of animals needed for certain assays by allowing a
larva to be recovered after imaging so the same individual can be imaged at

multiple time points.
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Table 7.1 Revised table from General introduction, showing the sensitivities of popular TG models. Highlighted in green
is the greatest sensitivity achieved using the EpRE:mCherry model in the pharmaceutical screen from chapter 5.

Exposure time

(from Odpf
unless
otherwise
TG model Biomarker Sensitivity (nM) | Test Compound stated) Imaging method Reference
cypl1a:GFP (zebrafish model, medaka 1 day (from 4
promoter) Cytochrome P450 0.001 TCDD dpf) Fluorescent stereomicroscope Xu et al. 2015
ERE:GFP Oestrogen 0.00337 EE2 4 days Inverted confocal microscope Lee et al. 2012a
casper ERE:GFP Oestrogen 0.00337 EE2 5 days ArrayScan Green et al. 2016
ERE-kaede-casper Qestrogen 0.00337 EE2 5 days Inverted compound microscope Green et al. 2018
ere-zvig1: gfp Oestrogen (via vitellogenin) 0.00337 EE2 5 days Fluorescence microscope Chen et al. 2010
vtg1:mCherry Oestrogen (via vitellogenin) 0.00337 EE2 5 days Fluorescent stereomicroscope Bakos et al. 2019
cypla:GFP (medaka model) Cytochrome P450 0.005 TCDD 1day Inverted fluorescence microscope Ng and Gong 2013
cypla:nls-eGFP (zebrafish model, Fluorescent stereomicroscope and confocal
zebrafish promotor) Cytochrome P450 0.01 TCDD 3 days (for fixed embryos) Kim et al. 2013
Qestrogen (via Brain Fluorescent microscope and confocal (for fixed
Cyp19a1b-GFP aromatase) 0.05 EE2 5 days embryos) Brion et al. 2012
Luciferase activity assayed using a
ERE-Luc (not in vivo visualisation) Oestrogen 0.1 EE2 4 days luminometer following homogenisation Legler et al. 2000
Gorelick and Halpern
5xERE:GFP Qestrogen 1.6869 EE2 3 days Fluorescent sterecmicroscope 2011
Abdelmoneim, Clark
Vtg1:EGFP Oestrogen (via vitellogenin) 5 E2 3 days Fluorescent stereomicroscope and Mukai 2020
2 days (from Fluorescence microscope and Confocal
3EpRE:hsp70:mCherry Oxidative stress 17.31 copper 2dpf) microscope Mourabit et al. 2019
Oestrogen (via Gondal
cyp19ata-EGFP aromatase) 45.66 EE2 21 days (adults) | IVIS Luminall fluorescenceimaging system | De Oliveira et al. 2020
Inverted fluorescence microscope (visualisation| Kusik, Carvan and
EPRE-LUC-GFP Oxidative stress 200 HgCl2 1 day of GFP) and luciferase assay (quantification) Udvadia 2008
3 hours (from
hsp70:GFP Heat shock proteins 200 cadmium 3dpf) Epifluorecent microscope Blechinger et al. 2002
3EpRE:hsp70:mCherry Oxidative stress 367.97 Doxorubicin 4 days Acquifer Chapter 4
fabp10a:DsRed;elaA:eGFP Liver and Pancreas (LiPan) 810.714 phenylbutazone 5 days Fluorescent microscope Zhang, Li, Gong 2014
fli1:eGFP Vasculature N/A N/A N/A Inverted fluorescence microscope Delov et al. 2014
LysC:EGFP and LysC::DsRED2 Myelomonocytic cells N/A N/A N/A Fluorescent stereomicroscope Hall et al. 2007
Fms:nfsB.mCherry Macrophage N/A N/A N/A
Mpeg1.1:eGFP Neutrophils N/A N/A N/A
mpeg1.1:mCherry
Neutrophils N/A N/A N/A
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7.1.4 Potential future applications of the EpRE:mCherry model
The EpRE:mCherry model could be paired with other TG models to build AOPs,

although not achieved in this project due to time constraints. To build on the
identification by EpRE:mCherry of the pronephros as a target organ of drug-
induced OS, a new experiment could use more tissue-targeted TG zebrafish
models to visualise the consequences of OS in this organ. These could include
enpep:GFP to visualise the development of the PD and PT (Seiler & Pack, 2011)
or wtlb:GFP to visualise the PT and glomerulus (Lo et al., 2014), furthering our
understanding of how OS in these tissues may lead to functional or structural
changes. Furthermore, this could elucidate the difference in drug-induced OS
response observed between the PCT and glomerulus, suggesting that the PCT
had a higher baseline of OS, but the glomerulus may be more vulnerable to
APAP-induced OS (Chapter 3).

In the wider field of ecotoxicology, the EpRE:mCherry model could also be
applied in the investigation of other interactive factors in the environment. For
instance, as OS can play a role in pathogenesis (Russo et al., 2012) and injury
and wound healing (Cano Sanchez et al., 2018), it could also be used to
understand the effects of viruses or bacteria in the water, as well as how this

interacts with chemical exposure, as well as the animals’ response to injury.

The EpRE:mCherry model can also be translated between species. The
Nrf2/Keapl pathway and its tissue-specific induction are highly conserved among
vertebrates and all vertebrate GST genes contain an EpRE-like sequence in the
regulatory region (Suzuki et al., 2005; Tsuijita et al., 2011). However, the drug
screen also alluded to some species-specific effects such as for IBF which has
been linked to OS in some teleost species but has limited evidence for OS
induction in zebrafish (Bartoskova et al., 2013; Gutiérrez-Noya et al., 2020) and

did not cause a response in the model.

The EpRE:mCherry model could also have application in biomedical research
(Mourabit et al., 2019), as zebrafish are a popular non-mammalian model for
human health because approximately 70% of human genes have at least 1
zebrafish ortholog (Bradford et al. 2017; Howe et al. 2013). Additionally, the

Nrf2/Keapl is involved in cancer progression (Song et al., 2021).
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The interaction between temperature and drug toxicity as indicated by the
EpRE:mCherry model could also be relevant to human biology and drug safety.
This could indicate the potential for APAP to carry increased risk in patients with
an already compromised redox status, particularly as APAP is popular for treating
fever and inflammation. However, a study using mice suggests APAP overdose
can induce hypothermia (Vaquero et al., 2006), and evidence derived from clinical
trials indicate this reduction in body temperature can be beneficial for acute stroke
victims (Fang et al., 2017). Vice versa, in vitro data has indicated that hypothermic
conditions can protect against APAP-induced liver injury by conserving
mitochondrial function and repressing JNK activation, along with other antioxidant
effects such as increased GSH recycling (Tan & Ho, 2020). The EpRE:mCherry
could be a valuable in vivo tool for the development of hypothermia as a clinical

therapy for drug-induced liver injury.

As mentioned in Chapter 1, AOPs are an increasingly popular framework for the
assessment of the environmental risk of chemicals. The EpRE:mCherry model
may be applied in future ERAs to connect the induction of EpRE with adverse

outcomes.

While the EpRE:mCherry did not necessarily have sufficient sensitivity for the
detection of OS caused by environmental concentrations of pharmaceuticals, it
could be used as a springboard to prioritise and refine subsequent studies using
later developmental stages. For instance, through its identification of the liver and
pronephros as particularly vulnerable organs, future studies can use more
sensitive or targeted measures of OS to further investigate, such as antioxidant
enzyme activity assays. Chapters 3 and 4 demonstrate that this TG model can
be used for different purposes with different imaging platforms; while the Acquifer
allowed rapid screening of the TG embryos to identify pharmaceuticals with
potential pro-oxidative action in the pronpehros, the confocal microscope allowed
in-depth analysis of the effect of APAP on this tissue by distinguishing the

glomerulus from the pronephric convoluted tubule.

7.1.5 Future of transgenic models
Recent advances in zebrafish transgenics for developmental biology present

opportunities for ecotoxicology; for example, multispectral cell labelling for
identifying and tracking individual cells in real-time in vivo. The random
combination of fluorophores, generated by Cre/lox recombination, allows
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distinction of adjacent cells facilitating visualisation of cell dynamics and
interactions. This has facilitated tracking cell fate in the development of individual
neurons, in the case of ‘brainbow’ fish (Albert Pan et al., 2013), and the
movement of superficial epithelial cells in the ‘skinbow’ fish (Chen et al., 2016).
These models could be used to further our understanding of mechanisms behind
contaminant-induced developmental toxicity. The skinbow fish, for example,
could be used to help understand the OS observed in ionocytes of the

EpRE:mCherry larvae resulting from embryo decontamination.

The emergence and now widespread adoption of CRISPR/Cas9 as a gene-
editing tool will likely accelerate the development of the TG models. Compared
with more traditional TG methods, CRISPR/Cas9 is relatively cheap, convenient,
and has higher success rates, particularly for the generation of models with
multiple transgenes (Liu et al., 2019). This will allow the development of more
complex models which can be used to understand cross-talk between different
chemical-effect pathways, build detailed AOPs and investigate interactive effects
of pollutants and physico-chemical stressors. The potential utility of mixed TG
models was highlighted in Chapter 5 by the EpRE:mCherry:ERE:GFP line, which
could have helped elucidate the link between ERE activation and the antioxidant

response, but unfortunately was limited by the heterozygous breeding stock.

7.2 Role of endogenous defences in embryo toxicity
The EpRE:mCherry model has allowed the discovery of potential new defences

in zebrafish embryos through the induction of mCherry fluorescence following
inhibition of endogenous oestrogen during pro-oxidant exposure. As discussed in
Chapter 5, oestrogen has previously been linked to antioxidant mechanisms in in
vitro and in vivo studies, but this is the first time that its inhibition has been shown
to exacerbate drug-induced OS in a whole-body fish model. Interestingly, while
Duong et al. 2020 also showed that inhibition of sex steroids exacerbated OS in
certain cell types, they proposed that oestrogen was not protective when the cells
are undergoing OS, as supplementation of oestrogen following hydrogen
peroxide exposure exacerbated the damage. This aligns to some degree with the
data presented in Chapter 5 which shows EE2 treatment did not buffer APAP-
induced OS. However, my data implies oestrogen only becomes a critical factor
when the larvae are experiencing OS, as suppression of oestrogen in the

absence of APAP had no effect on the animal’'s redox status, whereas some
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exacerbation was observed when larvae were also exposed to the pro-oxidant.
This suggests that supplementation of oestrogen is not anti-oxidative (concurring
with Duong et al.), but endogenous oestrogen does play a protective role under
OS. To confirm this, the experiments could be repeated using supplementation
of natural oestrogen instead of the synthetic EE2. Additionally, as discussed in
Chapter 5, repeats of the experiments using ICI were not consistently significant,
adding uncertainty to the findings.

There is a clear need to better understand the role of endogenous defences when
assessing chemical effects as my data imply they may be more complex than has
been indicated through the use of in vitro systems. Indeed, the involvement of
additional biological variation in the larvae, potentially sex-related, has been
indicated by the variable response of APAP-exposed larvae to oestrogen
inhibition (Chapter 5).

Expulsion of APAP from the larvae at 26 hpf (or 20 hours post dose), postulated
to occur at the onset of abcb5 transcription, was another unexpected innate
defence observed. This work further shows the importance of including analytical
chemistry to support bioassays, as this response would have been far more
difficult to interpret from the measurement of the fluorescence signals alone. This
is because a) tissue-specific fluorescence could not be accurately measured in
embryos of this age using the Acquifer and b) data in Chapter 4 relating
depuration of APAP to degradation of the mCherry fluorescence signal shows
that mCherry fluorescence intensity would not respond to sudden, short-term
changes in internal drug concentration as the fluorophore persists for hours after
expulsion of the drug from the larval body.

Understanding efflux transporter activity can be valuable for understanding the
pharmacokinetics of exposure compounds. A standardised protocol has recently
been developed which uses the fluorescent dye rhodamine B and the VAST
system to assess the effect of compounds on inhibition of Abcb5 in intact
zebrafish larvae in medium throughput (Bieczynski et al., 2021). The authors only
assessed a single time point (72 hpf), but application of the EpRE:mCherry model
in this system across multiple time points could allow real-time visualisation of
efflux activity which could be directly linked to the development of the OS

response in the same individual. This could further our understanding of how

257



toxicokinetics links to the timing of toxic responses, and potentially link the activity

of two endogenous defences: xenobiotic elimination and antioxidant activity.

The work in this thesis has also shown how defence mechanisms can be self-
defeating when efforts to detoxify a compound result in more damaging products.
Data in chapter 5 showed that co-exposure to the synthetic antioxidant LGR and
the pharmaceutical APAP simultaneously resulted in overt toxicity, while
introduction of LGR following removal of APAP allowed the larvae to recover from
the OS more rapidly. Data in chapter 4 showed that, by 24 hours in clean water,
all APAP had been removed so while there may have been some APAP and LGR
in the first 24 hours of LGR exposure, for the second day the animal is only
exposed to LGR. APAP-GSH conjugates have previously been shown to be
nephrotoxic (Stern et al., 2005) but this is the first time that LGR supplementation

has been reported to result in a toxic effect.

There are numerous examples from toxicology wherein biotransformation of a
xenobiotic, in an attempt at detoxification, can produce a more toxic compound.
Indeed, in the case of pro-drugs such as CP and Cloz, this is a deliberate design
of the pharmaceutical to improve the physicochemical, pharmaceutical or
pharmokinetic properties of the drug (Rautio et al., 2008). However, this can have
adverse consequences in the environment. For example, the biotransformation
of DCF by aquatic invertebrates (Gammarus pulex and Hyalella Azteca) can
result in the production of a methylated metabolite more toxic and with greater
bioaccumulation potential than the parent compound due to increased
hydrophobicity (Fu et al., 2020). Therefore, there is a need to better understand

how metabolic activation can influence the toxicity of a drug in the environment.

TG zebrafish models could be a valuable tool in answering questions on
metabolic activation. However, there is conflicting evidence in the literature on
the metabolic capacity of early life-stage zebrafish larvae. The data presented in
Chapter 4 shows that the larvae were able to metabolise Cloz and CP (although
this did not appear to influence the pro-oxidative action of either drug). In
particular, LC-MS/MS and DESI data strongly indicate the 4 dpf larvae were able
to produce the active metabolites of Cloz. Evidence of drug bioactivation allows
more confidence in the model as a pharmaceutical screening tool. However, a
wider range of pro-drugs should be tested as the present study only

demonstrated this for two compounds.
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The studies in Chapter 4 also demonstrate the application of MSI to visualise and
quantify the distribution of pharmaceutical compounds and their metabolites in
the body of a zebrafish embryo. This system could be developed in the future to
co-localise the distribution of metabolites (and other biomarkers such as
GSH/GSSG) with the fluorescence pattern observed in the EpRE:mCherry
model, further expanding the application of the TG model as a highly integrated
tool by indicating drug uptake, metabolism, and chemical effects all in a single

animal.

7.3 Developmental stage is a critical factor in chemical effects
assessments
A recurring theme throughout this thesis highlights the influence of developmental

stage on fish embryo bioassays, both in terms of practicality for assessments,
and interpretation of the data produced. The Acquifer in particular is best suited
to the assessment of embryo-larvae between 2 and 4 dpf, as embryos below this
age could not be positioned using the agarose grooves (described in Chapter 3)
for optimum imaging of specific tissues. Conversely, larvae at 5 dpf or older are
challenging to mount using this tool as the inflated swim bladder causes them to
float out of position. There is a clear need for future imaging platforms to consider
how developmental stage may affect sample orientation for consistent imaging
as it is a common challenge for users of zebrafish (Bieczynski et al., 2021;
Lackmann et al., 2018). The orientation tool used in the current thesis (Wittbrodt
et al., 2014) helps with this challenge, but is not suitable for <2 dpf or >5 dpf
larvae. There seems to be more success with the use of algorithms to
automatically position larvae, e.g. in (Zhang et al.,, 2021b), in the use of
microfluidics for automated zebrafish embryo culturing and imaging, a rapidly
expanding field. However, these tools are also only used for larvae <5 dpf and

haven’t generally been tested on older larvae.

The confocal microscope allowed the EpRE:mCherry model to be imaged up to
at least 10 dpf, indicating the mCherry fluorescence in this model may still be
visualised into the juvenile stage. For a complete assessment of the
EpRE:mCherry model, a future study could assess the fluorescence daily to find
at which age the larvae becomes too optically dense or too pigmented for the
fluorescence to be detected.
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There is a clear need to consider the zebrafish embryo-larvae as a developing,
dynamic system, even within the short period of an acute chemical assay, as this
can create a challenge in the interpretation of results. Indeed, this was seen in
Chapter 4 (Fig. 4.36 and 4.27) where increase in background OS over time as a
result of the growing larvae needed to be controlled for in order to facilitate

quantification of the changes in OS resulting from the APAP exposure conditions.

The timing of exposure (both in terms of the age of the fish and length of
exposure) can also result in misleading interpretation of drug-screening data.
This is most clearly typified in the results of the Cis exposure assays, where
exposure from 0-4 dpf resulted in no observable OS induction in the
EpRE:mCherry model, whereas exposure from 2-4 dpf did. The morphological
data from these assays revealed that the lack of observable OS in larvae exposed
from O dpf was due to tissue damage caused by the earlier exposure to Cis. This
highlights the importance of considering the vulnerability of specific life stages
when conducting chemical exposure assays. Although, the reduced toxicity of Cis
may have been a result of the later developmental stage or the shorter overall

exposure period (2 days compared with 4 days)

The results of the Cis screen also support the observation made earlier in this
thesis, that the EpRE:mCherry seems to have a very narrow concentration range
in which it is useful. The model cannot detect chemicals at environmental levels,
but also cannot be used to reliably quantify OS induction by particularly potent
compounds, or at high concentrations or prolonged exposure. However, this is
by no means a problem exclusive to the EpRE:mCherry model and reaffirms the
application of TG models as sensitive biomarkers, designed for the assessment
of chemical effects without the need for overt toxicity.

7.4 Changes in temperature have the potential to increase the risk
of pharmaceuticals in the environment
There is a need for better understanding of the effect of temperature on OS, and

of compound toxicity as a whole, demonstrated in this thesis by exacerbation of
pharmaceutical-induced OS by elevated temperature as visualised in the
EpRE:mCherry model. Global temperatures are increasing and predicted to rise
by at least 1.0-1.8 °C by 2100 compared to the 1850-1900 average, or by as
much as 5.7 °C in the high CO2 emissions scenario (IPCC, 2021). Extreme

weather events are also predicted to become more frequent, particularly extreme
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temperatures (IPCC, 2021). There is an obvious potential for a changing climate
to exacerbate the toxicity of pollutants in surface waters with numerous recent
studies to support this (Balbus et al., 2013; Benateau et al., 2019; Bunke et al.,
2019). However, the present study is one of the first to use a TG fish model to

illustrate exacerbation of OS as a mechanism of this interaction.

As discussed in Chapter 1, TG zebrafish are currently underused in the study of
abiotic stressors, but the work in this thesis has shown that, while the
EpRE:mCherry model could not detect the present pharmaceuticals at
environmentally relevant concentrations, it did prove sensitive to small and

environmentally relevant differences in temperatures (as little as 2°C).

However, this thesis represents just one model of one species at one life stage.
A longer-term study is required to confirm how this interaction manifests in adult
zebrafish, or how the response varies with chronic exposures. Further, the effect
of temperature on drug-induced OS reported here may not be translatable to all
other species. Indeed, ectotherms are particularly vulnerable to changes in ROS
generation caused by rising temperatures due to their limited capacity to maintain
their body temperature (Burraco et al., 2020), whilst endothermic species may be
more resilient. The susceptibility of an animal to thermal stress can also depend
on their status as a thermal generalist or specialist, and their capacity to
acclimatise (Huey et al., 2012), and so this also has the potential to influence their

susceptibility to temperature -enhanced drug toxicity.

The present study used embryos spawned from fish that are accustomed to
stable temperatures and other husbandry conditions. Fish in the environment
naturally would experience more variable conditions and so may be more tolerant
of changing temperatures, potentially experiencing reduced exacerbation of
chemical toxicity compared to that observed in laboratory fish. To further this
study and improve its environmental relevance, future studies might repeat some
of these studies using fish from the wild to assess their sensitivity to elevated

temperatures and how this affects their OS response to chemical exposure.

There is also a growing interest in the potential for other physical stressors to
exacerbate the toxic effects of environmental pollutants. These include factors

such as pH and dissolved organic matter, as touched on in the General
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Introduction and reviewed by (Pinheiro et al., 2021), but were outside the scope

of this thesis.

The finding that a small temperature difference can alter the outcome of a
chemical exposure assay also holds implications for current ERAS, which are
typically based on chemical exposure assays conducted in laboratories under
strictly controlled parameters. This thesis has demonstrated that the actual LOEC
or PNEC for a compound in the environment may differ depending on the local
conditions, potentially presenting a greater risk than previously predicted. Future
ERAs therefore need to consider the influence of current abiotic conditions, as

well as that of future climate change.
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Appendix 1 — Supplementary
Information for Chapter 5

Figure Figure legend Page
number number
1 Rescue at 2 dpf repeat 259
2 Simultaneous dose 0-4 dpf 260
3 APAP vs ICI.2: repeat of assay to test effect of 261
oestrogen blocker ICl on APAP-induced OS
4 APAP vs ICI.3: repeat of assay to test effect of 262
oestrogen blocker ICI on APAP-induced OS, tested
across a range of APAP concentrations,
5 APAP vs ICL.5: repeat of assay to test effect of 263
oestrogen blocker ICl on APAP-induced OS, tested
across a range of APAP concentrations
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Appendix 2- Supplementary

Information for Chapter 6

Figure | Figure legend Page

number number

1 Pilot study for effect of temperature on doxorubicin- 265
induced OS in 3 dpf EpRE:mCherry larvae

2 Pilot study for effect of temperature on APAP uptake 266
dynamics
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Figure.l Pilot study for effect of temperature on doxorubicin-induced OS
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