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Abstract 

 

The European Water Framework Directive 2000 established a new emphasis 

for the management of freshwaters by setting ecologically-based water quality 

targets that are to be achieved through holistic, catchment-scale, ecosystem 

management.  However, significant knowledge gaps exist in the understanding 

of the cumulative effectiveness of multiple mitigation measures on a number of 

pollutants at a catchment scale.  This research contributes to improved 

understanding of the effectiveness of an ecosystem management approach to 

deliver catchment-scale water quality improvements on the National Trust 

Holnicote Estate on Exmoor, UK. 

 

This research is part of a larger multi-objective project funded by the UK 

Department for Environment, Food and Rural Affairs (Defra), to demonstrate the 

benefits of land use interventions for the management of flood risk.  This thesis 

evaluates the effects of upland ditch blocking on physico-chemical and 

biological parameters of water quality in an upland Horner Water catchment one 

year after habitat restoration, and establishes a solid baseline for the monitoring 

of the effects of current and future land management changes in a lowland, 

intensively managed, agricultural Aller catchment. 

 

The spatial variability of soil physical and chemical properties (bulk density, total 

carbon (TN), nitrogen (TN), C:N ratio, δ15N, total phosphorus (TP), inorganic 

phosphorus (IP), organic phosphorus (OP)) and water quality determinands 

(suspended sediment (SS), dissolved organic carbon (DOC), total particulate 

carbon (TPC), total oxidised nitrogen (TON) and dissolved reactive phosphorus 

(DRP)) in the two study catchments with contrasting land use has been 

characterised and linked to the prevailing land use.  Agricultural land use 

resulted in extensive homogenisation of soil properties.  The spatial 

dependence of all soil properties, except for bulk density and δ15N, was stronger 

in the agricultural than the semi-natural catchment (nugget:sill ratio 0.10-0.42 in 

the Aller and 0.15-0.94 in Horner Water),  while bulk density, TP, inorganic 

phosphorus (IP), organic phosphorus (OP), C:N ratio, δ15N and carbon storage 

showed a longer range of spatial auto-correlation in the agricultural catchment 
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(2,807-3,191 m in the Aller and 545-2,599 m Horner Water).  The central 

tendency (mean, median) of all soil properties, except for IP and δ15N, also 

differed significantly between the two catchments (P < 0.01).  The observed 

extensive alteration of soil physical and chemical properties in the agricultural 

catchment is likely to have long-term implications for the restoration of 

ecosystem functioning and water quality management. 

 

The intensive land use seems to have resulted in an altered ‘catchment 

metabolism’, manifested in a proportionally greater total fluvial carbon 

(dissolved and particulate) export from the agricultural than the semi-natural 

catchment.  The agricultural catchment supported significantly higher DOC 

concentrations (P < 0.05) and the quality of DOC differed markedly between the 

two study catchments.  The prevalence of more humic, higher molecular weight 

compounds in the agricultural catchment and simpler, lower molecular weight 

compounds in the semi-natural catchment, indicated enhanced microbial 

turnover of fluvial DOC in the agricultural catchment as well as additional 

allochtonous terrestrial sources.  During an eight month period for which a 

comparable continuous turbidity record was available, the estimated SS yields 

from the agricultural catchment (25.5-116.2 t km2) were higher than from the 

semi-natural catchment (21.7-57.8 t km2).  Further, the agricultural catchment 

exported proportionally more TPC (0.51-2.59 kg mm-1) than the semi-natural 

catchment (0.36-0.97 kg mm-1) and a similar amount of DOC (0.26-0.52 kg mm-

1 in the Aller and 0.24-0.32 kg mm-1 in Horner Water), when normalised by 

catchment area and total discharge, despite the lower total soil carbon pool, 

thus indicating an enhanced fluvial loss of sediment and carbon from the 

intensively managed catchment. 

 

Whilst detection of catchment-scale effects of mitigation measures typically 

requires high resolution, resource-intensive, long term data sets, this research 

has found that simple approaches can be effective in bridging the gap between 

fine scale ecosystem functioning and catchment-scale processes.  Here, the 

new macro-invertebrate index PSI (Proportion of Sediment-sensitive 

Invertebrates) has been shown to be more closely related to a physical 

measure of sedimentation (% fine bed sediment cover) (P = 0.002) than existing 

non-pressure specific macro-invertebrate metrics such as the Lotic Index for 
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Flow Evaluation (LIFE) and % Ephemeroptera, Plecoptera & Trichoptera 

abundance (% EPT) (P = 0.014).  Further testing of PSI along a pronounced 

environmental gradient is recommended as PSI and % fine bed sediment cover 

have the potential to become a sensitive tool for the setting and monitoring of 

twin sedimentation targets. 

 

Upland ditch management has not had any discernible effect on water quality in 

the semi-natural upland catchment one year after restoration, which may be due 

to the short-term post-restoration monitoring period but may also reflect benign 

effects of large-scale earth moving works on this high quality environment.  The 

conceptual understanding of catchment processes developed in this thesis 

suggests that cumulatively, the recently completed mitigation works in the 

lowland agricultural catchment will likely result in reduced sediment and nutrient 

input into the aquatic environment.  However, further research is needed to 

build on this detailed baseline characterisation and inform the understanding of 

the effectiveness of combined mitigation measures to reduce the flux of multiple 

contaminants at the catchment scale. 
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Preface 

 

“… people are integral parts of ecosystems and … a dynamic interaction exists 

between them and other parts of ecosystems, with the changing human 

condition driving, both directly and indirectly, changes in ecosystems and 

thereby causing changes in human well-being.  At the same time, social, 

economic, and cultural factors unrelated to ecosystems alter the human 

condition, and many natural forces influence ecosystems… the actions people 

take that influence ecosystems result not just from concern about human well-

being but also from considerations of the intrinsic value of species and 

ecosystems.” 

Millenium Ecosystem Assessment (2005, p. V.) 
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Chapter 1 

 

INTRODUCTION 

 

Both our wellbeing as individuals, and the material wealth of human society,  

depend critically upon the environment (UK NEA, 2011), yet increasing human 

population, rising expectations and changing diets are compromising the ability 

of Global ecosystems to sustain the needs of humans as well as those of other 

species (MEA, 2005).  The rate of anthropogenic change to natural systems 

over the past 50 years is unparalleled in human history and it is estimated that 

approximately 60 % of ecosystem services are now being degraded or used 

unsustainably, including soils, fresh water and water purification (MEA, 2005).    

With the projected increase in human population, it is estimated that the global 

demand for food will rise by 70 % by 2050 (FAO, 2011).  Satisfying this growing 

demand in a sustainable way in a changing climate is a major challenge for the 

governance of the world’s natural resources. 

 

The vast majority of global food production occurs under intensive agricultural 

regimes.  As such, agriculture covers approximately 40 % of the land area of 

the Organisation for Economic Cooperation and Development (OECD) 

countries and thus has a significant effect on the environment.  Whilst 

agricultural nutrient surpluses in OECD countries have declined and soil erosion 

has stabilised since the early 1990s, agriculture is still a significant source of 

diffuse water pollution (OECD, 2013).  In the UK, agriculture covers 

approximately 70 % of the land area and agricultural intensification was a major 

driver of  enhanced soil erosion, reduced soil quality, loss of biodiversity (UK 

NEA, 2011) and ecological impairment of water bodies (McGonigle et al., 2012) 

over the past 60 years. 

 

In the UK, 30 % of ecosystem services are declining (UK NEA, 2011).  While 

biodiversity underpins the functioning of all ecosystems (UK NEA, 2011), it 

continues to decline both nationally and globally (Lawton et al., 2010).  

Focussing biodiversity conservation efforts on management of small designated 

areas has not been successful in stemming the continued loss of species and 
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habitats (Lawton et al., 2010) and a broader holistic approach to the 

management of multi-functional landscapes with the involvement of local 

stakeholders is called for to deliver the full range of ecosystem services (UK 

NEA, 2011).   

 

Global awareness and development of a holistic ‘ecosystem management’ 

approach that combines the understanding of both natural and social factors to 

address environmental problems can be traced back to the Earth Summits 

1992-2002 and the Convention on Biological Diversity 1992 (Hering et al., 

2010).  Water is a critical resource that underpins all ecosystem functions and 

social and economic activities (WWAP, 2012) and catchments provide a natural 

focus for the new integrated ‘ecosystem management’ approach to deliver the 

full range of ecosystem services.  In Europe, EU environmental legislation has 

been a major driver behind the development of national environmental policies 

and environmental improvement (UK NEA, 2011).  As an ambitious piece of 

environmental legislation, the EU Water Framework Directive (WFD) 2000 

brought a new emphasis on holistic landscape-scale management of freshwater 

systems by including ecologically-based water quality outcomes, coupled with a 

requirement for the involvement of all stakeholders and the consideration of 

economic costs in the development of integrated solutions.  

 

However, while intuitively correct and conceptually clear, the practical 

implementation of the WFD goals represents a great challenge (Page et al., 

2012).  The emphasis on ecologically relevant, basin-scale assessment of water 

quality poses a significant challenge to both the scientific community and the 

legislative bodies that enforce the WFD, in terms of translating detailed process-

based understanding of single pollutants at often small scales to an integrated 

understanding of multiple pollutant responses to a combination of mitigation 

measures at a catchment scale (Haygarth et al., 2013).  This up-scaling 

requires a multi-disciplinary approach, involving both natural and social 

scientists as well as the policy community (McGonigle et al., 2012, Neal and 

Heathwaite, 2005). 

 

Catchments are complex systems, not easily conducive to the requirements of 

rigorous experimental design and replication (Haygarth et al., 2013), with many 
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unknown and ‘un-knowable’ uncertainties (Harris and Heathwaite, 2012, Page 

et al., 2012).  However, whilst acknowledging this uncertainty, policy demands 

practical ‘no-regret’ solutions to complex problems, often in a short time-scale 

(Jordan et al., 2012a, McGonigle et al., 2012).  For example, whilst linking 

nutrient impact with ecological status in a quantitative manner is a huge 

challenge (Neal and Heathwaite, 2005), farmers and regulators need simple 

and easy metrics to monitor and assess the environmental impact of agriculture 

on soil and water quality (McGonigle et al., 2012). 

 

Neal and Heathwaite (2005) identified many fundamental questions that need to 

be answered to secure sustainable management of freshwaters.  These 

include: 

 How do freshwater systems function on a catchment and basin scale? 

 How do small-scale measures scale-up in large systems? 

 How do we define ‘good ecological status’? 

 What do we need to do to improve our detection, understanding and 

mitigation of diffuse pollution and its impact on ecosystem function? 

 What are the impacts from anthropogenic activities on ecosystem 

health? 

This thesis aims to address some of these questions. It takes a multi-pollutant 

approach to the evaluation of the cumulative effectiveness of mitigation 

measures to deliver water quality improvements. The research is undertaken at 

nested scales – the catchment and sub-catchment scale, across two contrasting 

catchments in the south-west of the UK.  

Thesis structure 

Chapter 2 provides a literature review of the current understanding of the 

effectiveness of an ecosystem management approach to deliver water quality 

objectives.  The four results chapters 3-6 are structured as self-standing papers, 

two of which have been submitted to international journals; Geoderma (Chapter 

3) and Freshwater Biology (Chapter 5) and the other two are in preparation for 

submission to Science of the Total Environment (Chapter 4) and Journal of 

Environmental Management (Chapter 6).  Baseline land use, soils and water 

quality in the two contrasting study catchments are characterised in Chapter 3, 
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which also examines the long-term effects of agricultural land use on the spatial 

variability of soil properties and the implications for potential legacy effects.  

Chapter 4 quantifies the fluvial loss of organic carbon from the two contrasting 

study catchments and raises the question about the implications of enhanced 

fluvial carbon loss for the ecological status of freshwaters and the global carbon 

cycle.  Chapter 5 tests the sensitivity of a new macro-invertebrate index as a 

simple tool for the evaluation of sedimentation impacts in freshwater 

ecosystems, while Chapter 6 establishes a baseline understanding of the 

structure and function of the two catchments and discusses both the observed 

and potential implications of multiple mitigation measures on water quality at 

two nested scales within the two study catchments.  Chapter 7 offers a 

synthesis of all research findings.  Figures and Tables are numbered 

consecutively as mentioned in the text, including those presented in the 

Appendices. 
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Chapter 2 

 

A REVIEW OF CURRENT ECOSYSTEM MANAGEMENT 

APPROACHES TO DELIVER WATER QUALITY OBJECTIVES 

 

I. INTRODUCTION  

 

Excessive nutrient loading of surface waters has been identified as a major 

cause of biodiversity loss and ecosystem degradation worldwide (MEA, 2005), 

including impacts on freshwater environments from increased inputs of 

sediment, phosphorus (P), nitrogen (N), faecal micro-organisms and dissolved 

organic carbon (DOC) into freshwater systems due to agricultural intensification 

over the past decades.  While the role of increased P and N input into 

freshwater ecosystems in causing eutrophication is well documented (Powlson, 

1998, Pierzynski et al., 2000, Jordan et al., 2005, Page et al., 2005, Haygarth et 

al., 2006, Leira et al., 2006, Silgram et al., 2006, Jarvie et al., 2012, Wall et al., 

2012), the reliance of modern agriculture on finite resources of inorganic 

fertilisers is a major cause for concern (Haygarth et al., 2013).  In a world of 

increasing human population, changing climate and diminishing natural 

resources, the issue of food security delivered through sustainable agricultural 

practices is ever more pressing (Dungait et al., 2012, Jarvie et al., 2012).  

Paradoxically, the damage inflicted on surface waters and soil health due to 

intensive agriculture may result in declining food productivity. 

 

II. LEGISLATIVE BACKGROUND  

 

The significant progress in reducing point source water pollution over the past 

decades (Hamilton, 2012) made the abatement of diffuse pollution from 

agriculture even more important (Oliver et al., 2007, Ockenden et al., 2012).  

Agriculture is responsible for approximately 55 % of non-point source pollution 

of eutrophic surface waters in the European Union (EU) (Buckley and Carney, 

2013).  In the UK agriculture covers about 70% of the land area and contributes 

around 55% of nitrates, 20% of P and 75% of sediment into the riverine 

environment (McGonigle et al., 2012). 
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A. EU Nitrates Directive 

 

As one of the earliest pieces of EU legislation aimed at improving water quality 

(Buckley, 2012), the EU Nitrates Directive 91/676/EEC aims to reduce water 

pollution by N and P from agricultural sources and prevent such pollution 

occurring in the future.  More than half of England has been identified at risk 

from increased nitrate loading from agricultural sources (Environment Agency, 

2012).  Nitrate Vulnerable Zones (NVZs) were first designated in 1996, covering 

8% of England (Worrall et al., 2009) and were later extended in 2009 to cover 

70 % of the land area (Cardenas et al., 2011).  Within these areas, farmers are 

required to follow a programme of measures which include restricting the timing 

and application of fertilizers and manure, and keeping of accurate records.  

Reduction of stocking rates and grazing time were found to be the most cost-

effective measures to reduce nitrate leaching across all farming systems, 

followed by measures that involve improvements in fertiliser and crop 

management (Cardenas et al., 2011).  An assessment of the effectiveness of 

NVZs to deliver surface water improvements over a 12-15 year period has 

found that while 29 % of NVZs have improved, as compared to a control 

catchment outside NVZs, 31 % got worse (Worrall et al., 2009).  Reviewing 

available evidence, Johnson et al. (2011) found that NVZs have not significantly 

reduced nitrate concentrations in surface waters in England and Wales, with 

some limited improvements observed in smaller livestock-dominated 

catchments with high manure inputs.  While Worrall et al. (2009) concluded that 

reliance on the reduction of N inputs as a sole control measure may not be 

sufficient to secure desired water quality improvements, it may also be argued 

that long term ‘legacy effects’ may be responsible for the variable response 

between catchments and that policy expectations may have to be adjusted 

accordingly (Hamilton, 2012). 

 

In Ireland, the Nitrates Directive has been implemented uniformly on a whole 

territory basis.  Although this approach has been subject to criticism, as it does 

not allow tailoring of regulations to prevailing soil and hydrological conditions 

(Buckley, 2012), it does potentially allow for modification of farming practices 

over a larger geographical extent.  Recent modelling of likely response times of 



26 

 

a variety of Irish aquifers shows that improvements of groundwater nitrate 

concentrations can be expected within one to two decades from the start of 

implementation (Fenton et al., 2011). 

 

A well documented extensive programme to combat diffuse water pollution by 

nitrogen has been implemented in Denmark since the late 1980s (Windolf et al., 

2012).  Following a reduction in N inputs, eight out of the 10 study catchments 

monitored between the period 1990-2009 have shown a significant reduction of 

the diffuse N loads, the majority in less than 5 years, with just two catchments 

showing a delay in response due to retention of nitrate in groundwater aquifers 

(Windolf et al., 2012).  On the whole, the programme has been deemed 

successful, with a caveat that the reduction of nitrate loads in groundwater 

dominated catchments is likely to take longer and incur higher costs than in 

surface water dominated areas  (Windolf et al., 2012). 

 

B. EU Water Framework Directive 

 

The EU Water Framework Directive (WFD) adopted in 2000 signalled a 

substantial change to water management in Europe (Martin-Ortega, 2012).  The 

Directive aims to prevent further deterioration, promote sustainable water use 

and enhance the protection of the aquatic environment (Collins and McGonigle, 

2008).  It requires member states to restore watercourses to ‘Good Ecological 

Condition’ by 2015.  Economic tools to determine the most ‘cost-effective’ 

measures and evaluate ‘disproportionate’ costs are key to the delivery of the 

Directives’ objectives (Martin-Ortega, 2012), as is a new emphasis on 

catchment-wide management of water resources (Hutchins et al., 2009) and the 

involvement of all stakeholders. 

 

However, the ‘reference conditions’ to which rivers should be restored are still a 

subject of debate, and further integrated interdisciplinary research is needed to 

clarify the links between geomorphology, hydromorphology and ecological 

responses in order to gain a better understanding of links between habitat form, 

biodiversity and ecosystem function (Newson and Large, 2006).  While the 

exact direction and magnitude of the climate change impact on catchment 

hydrology is uncertain (Prudhomme et al., 2012), in Britain, it is likely to result in 
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decreased summer flows (Prudhomme et al., 2012) and an increased incidence 

of extreme hydrological events (Whitehead et al., 2009).  How these changes 

will affect the fluxes of macronutrients and their biogeochemical responses 

(Jarvie et al., 2012), as well as freshwater biota (Wilby et al., 2010), is still 

uncertain, making the definition of future optimum ecological condition and 

setting of relevant targets even more difficult (Whitehead et al., 2009). 

 

Significant gaps in the understanding of quantitative links between the chemical 

parameters of water quality and their effects on freshwater ecology (Walling et 

al., 2007) give rise to questions over the relevance of water quality targets 

based on  mean monthly pollutant concentrations, originally designed for the 

control of point source pollution (Mainstone et al., 2008).  The temporal 

mismatch between the time of the highest risk of sediment and P delivery in 

autumn and winter and the ecologically active season further complicates the 

setting of relevant targets (Wall et al., 2011).  Therefore, new approaches to 

target setting may be needed, as suggested by Bilotta and Brazier (2008) and 

explored in Chapter 5 of this Thesis. 

 

Only 27 % of water bodies in England and Wales are currently in ‘good’ 

ecological status as defined by the EU Water Framework Directive (McGonigle 

et al., 2012) and the achievement of the WFD targets will require continued 

significant effort on the part of the Government, regulatory agencies, industry 

and the voluntary sector, along the full continuum from source, through pollutant 

mobilisation, to delivery and final impact on the aquatic environment (Haygarth 

et al., 2005a). 

 

C. Adoption of mitigation measures 

 

Adoption of diffuse water pollution mitigation measures by land managers at a 

sufficient scale is critical to the success of any National Action Plan.  The policy 

levers available to policy-makers to encourage the uptake of mitigation 

measures range from baseline regulation, through voluntary initiatives to 

economic incentives such as agri-environment schemes and payment for 

ecosystem services (Fig. 2.1) (McGonigle et al., 2012).   
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Fig. 2.1 Delivery mechanisms available to policy makers for measures to 
address diffuse water pollution from agriculture.  Source: McGonigle, Harris et 
al. (2012) 
 

The willingness of farmers to adopt voluntary measures depends on the degree 

to which they interfere with agricultural production, including the ‘nuisance 

effect’ and the cost involved (Buckley et al., 2012).  Experimental approaches to 

support payment for ecosystem services trialled by the West-country Rivers 

Trust in the West of England (for example) found that whilst three quarters of 

farmers expressed an interest in the scheme, the long-term nature of the 

agreement to secure ‘permanent’ protection of water resources for 999 years 

was a major impediment (Smith et al., 2012).  In an Irish study, the lack of 

scientific evidence to underpin the expected outcomes of land use changes was 

perceived as a major obstacle to the uptake of mitigation measures by some 

farmers (Buckley, 2012) and supports the continued need for targeted 

dissemination of available information (Buckley and Carney, 2013) and for 

better evidence (Bergfur et al., 2012). 

 

A succession of national voluntary schemes that could help to deliver WFD 

objectives has been implemented in England and Wales over the past decade.  

While Kay (2009) found little scientific evidence of the effectiveness of 

mitigation measures available under the UK agri-environment schemes, the 

evaluation of the first five years of the England Catchment Sensitive Farming 

Delivery Initiative (ECSFDI) introduced in 2008 found that pollutant loadings 

were likely to have decreased by 5-10 % across the target areas to May 2010, 

 

 

 

This image has been removed by the author of this thesis for copyright 

reasons 
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although these predictions are uncertain due to the complex nature of 

catchment systems and the high cost of detailed monitoring programmes (CSF 

Evidence Team, 2011).  However, so far, there is no sign of ecological 

improvement from within the Priority Catchments targeted by the ECSFDI (CSF 

Evidence Team, 2011).  In 2009 River Basin Management Plans were drawn up 

for 11 River Basin Districts to deliver the WFD objective of ‘Good Ecological 

Status’ by 2015.  These are currently being replaced with catchment-specific 

management plans for all 100 catchments in England and Wales, to be drawn 

up in wider cooperation with all stakeholders through a ‘Catchment Based 

Approach’ (CABA) initiative (Defra, 2012) to support the preparation of the 2nd 

cycle of River Basin Management Plans (Fig 2.2).   



30 

 

 

Fig 2.2 Initial pilot programmes that informed the wider implementation of the 
‘Catchment Based Approach’ across England, launched on 3rd June 2013, 
which aims to develop catchment-specific management plans to deliver the 
WFD objectives with the involvement of all stakeholders. 
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In New Zealand, where diffuse pollution mitigation relies on voluntary 

participation of farmers, a ‘toolbox’ approach allowing farmers to choose from a 

suite of mitigation options was seen as a positive way forward (Monaghan et al., 

2009).  Despite the fact that in New Zealand, diffuse water pollution from 

agriculture is perceived as the largest environmental issue, the control of diffuse 

water pollution to date has been largely based on voluntary agreements with 

farmers and the dairy industry (Monaghan et al., 2009, Howard-Williams et al., 

2010).  Although, according to industry sources, the ‘Dairying and Clean Stream 

Accord’ has achieved some notable improvements to farming practices 

(Howard-Williams et al., 2010), strengthening of the regulatory and institutional 

framework is still needed to secure the necessary improvements to water 

quality (MacDonald et al., 2004). 

 

In the USA, the Clean Water Act 1987 enabled measures to address diffuse 

water pollution from agriculture, however implementation powers were 

delegated to individual states and have since mostly relied on non-regulatory 

approaches, which have secured only very slow progress in the remediation of 

impaired water bodies suffering from diffuse water pollution (Weitman, 2010).  

Whilst regulatory approaches may be seen as a better way of securing 

necessary environmental improvements, they may reduce farmer cooperation 

(Sharpley et al., 2009), which may in turn impede the implementation of best 

management practices at a minimal ‘threshold’ extent needed to improve 

stream ecosystems within a catchment (Yates et al., 2007). 

 

Clearly, a combination of regulation and economic incentives is necessary for 

successful implementation of diffuse pollution mitigation measures at a national 

scale (McGonigle et al., 2012), coupled with scientifically robust monitoring (or 

modelling) of outcomes (Bergfur et al., 2012).  Whilst some notable advances 

have been made in addressing diffuse water pollution in some areas, in most 

countries stronger regulation and further incentives are still needed to deliver 

the step-change required to deliver the current policy expectations. 
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D. Cost effective delivery 

 

The Water Framework Directive is the first piece of EU environmental legislation 

that explicitly involves economic valuation in the delivery of its objectives 

(Balana et al., 2011), as it requires the EU member states to identify cost-

effective measures to deliver Good Ecological Status.  An evolution in the 

approach to the evaluation of the cost-effectiveness of mitigation measures over 

the past decade can be seen in the series of reports commissioned by Defra in 

England (Balana et al., 2011) that evolved from a “pollutant-centric” approach 

that focussed on individual pollutants, through a “measure-centric” approach 

that focussed on individual measures, to a combined approach of evaluating the 

effectiveness of multiple mitigation measures on a suite of pollutants (Cuttle et 

al., 2007).   

 

While  cost-effectiveness should be measured against a criterion that is most 

important in terms of ecological impact, this is hindered by the significant gaps 

that still exist in the understanding of linkages between the chemical and 

biological dynamics of aquatic systems (Hutchins et al., 2009).  The cost 

effectiveness of adopted measures depends on the geographical location of 

where the improvements to water quality within a catchment will be assessed 

due to spatial variability in pollutant concentrations (Hutchins et al., 2009).  The 

ranking of the cost effectiveness of mitigation measures is also affected by the 

selection of the chemical water quality criterion which is being evaluated 

(Hutchins et al., 2009) as well as a lack of quantitative evidence of the 

effectiveness of individual and combined mitigation measures at a catchment 

scale (Haygarth et al., 2009).  Haygarth et al. (2009) found that while reducing 

actual agricultural inputs was the most cost effective way of reducing diffuse P 

pollution; the cost of ‘end-of-pipe’ solutions to prevent diffuse P transport, such 

as buffer strips and constructed wetlands, was also relatively modest in relation 

to the P reduction achieved. 

  

Balana et al. (2011) reviewed several studies across the EU member states that 

evaluated the cost effectiveness of their delivery programmes.  They found that 

most studies to date were limited by their scope, as they were based on the 

evaluation of model farms and thus did not reflect the full heterogeneity of the 
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farming enterprises and usually focussed on a single mitigation measure or a 

single pollutant.  Further, the cost analysis was typically based on the 

agricultural sector alone, without considering external and transactional costs, 

did not consider the co-benefits brought about by management changes and did 

not account for the uncertainty in the model prediction of either effects or costs. 

Hence, whilst a lot of progress has been made to date in the evaluation of the 

cost-effectiveness of diffuse water pollution mitigation measures, significant 

gaps still remain.   

 

III. ENVIRONMENTAL IMPACT 

 

A. Macronutrients 

 

In natural ecosystems, C, P and N cycles are coupled through the cycling of soil 

organic matter (Dungait et al., 2012).  However, in agricultural ecosystems, 

these cycles become de-coupled due to plentiful supply of soluble bio-available 

inorganic nutrients (Dungait et al., 2012).  The excess additions of inorganic 

fertilisers have led to reduced nutrient use efficiency (Jarvie et al., 2012) and it 

is estimated that only approx. 30 % of P and 50 % of N applied to agricultural 

land is taken up by the crops, with the rest either retained in the soil or lost to 

the atmosphere and the aquatic environment (Dungait et al., 2012).  Both P and 

N can be limiting nutrients in natural ecosystems.  While N limitation generally 

increases downstream, P limitation is greatest in the headwaters (Whitehead 

and Crossman, 2012).  However, in agricultural systems this balance has been 

altered, with consequences for drinking water quality, eutrophication and 

biodiversity (Whitehead and Crossman, 2012).  Therefore, a better 

understanding of the links between macronutrient cycles in agricultural systems 

is needed to enable more efficient use of mineral fertilisers, better use of waste 

nutrients and exploitation of the accumulated nutrient reserves in the soil in 

order to deliver sustainable solutions to multiple challenges facing future 

agriculture (Dungait et al., 2012). 

 

In natural systems, P is derived from the weathering of sedimentary deposits  

with a residence time of 100 My, while N is mainly sourced from biological N 

fixation and atmospheric deposition (Schlesinger, 1997).  Anthropogenic 
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activities have increased the global N cycle by 100 % and the P cycle by 400 % 

(Whitehead and Crossman, 2012), thus in altered ecosystems, P budgets are 

dominated by point source inputs and diffuse pollution from agriculture, while N 

is mostly sourced from agriculture and atmospheric deposition (Whitehead and 

Crossman, 2012). 

 

Phosphorus is transported from soils to surface waters in two major forms: as 

dissolved (molybdate) reactive P (DRP) – readily available for algal uptake, and 

as particulate P (PP).  Soil P saturation may increase relatively fast if the soil is 

poor in Al and Fe oxides (the major P-binding components in non-calcareous 

soils), resulting in increasing P losses to water bodies (Schlesinger, 1997).  

Phosphorus is most available to plants in a dissolved form at neutral pH of 

about 7, in acid soils P tends to be precipitated into an occluded form in Al and 

Fe oxides, whilst in base rich soils it tends to bind with Ca (Schlesinger, 1997).  

The presence of organic acids such as humic acids reduces the occlusion of P 

through preferential binding of Al and Fe cations (Schlesinger, 1997). 

 

Nitrogen and carbon cycles are closely linked, from the cellular biochemistry to 

the global biogeochemical cycles (Schlesinger, 1997).  Nitrogen is contained in 

proteins and is thus an essential constituent of living tissue.  Nitrogen fixation, 

as well as denitrification requires a carbon substrate as a source of energy.  Soil 

organic matter is the main store of N in the soil (Dungait et al., 2012) and C:N 

ratio is an important factor in determining  the rate of decomposition of soil 

organic matter and hence the turnover rate of these nutrients (Schlesinger, 

1997).  Thus soil organic matter has a critical role in the turnover of nutrients 

and the regulation of soil physical, chemical and biological properties (Brady 

and Weil, 1999, Dungait et al., 2012).   

 

Agricultural practices such as cropping and nutrient addition have increased the 

turnover and altered the composition of soil organic matter, with negative 

consequences for soil physical and chemical properties (Brady and Weil, 1999), 

nutrient retention (Kuzyakov et al., 2000, Bol et al., 2008) and carbon storage 

(Lal, 2002).  Agriculture also alters the spatial heterogeneity of soil properties 

(Paz-Gonzalez et al., 2000).  While the consequences of these alterations for 

biodiversity have been addressed (Ettema and Wardle, 2002, Gilliam and Dick, 
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2010), Chapter 3 examines these changes in relation to the estimation of soil 

carbon stocks and the implications for water quality. 

 

The fluvial export of total organic carbon (TOC) (composed of dissolved (DOC) 

and particulate (POC) fractions) plays an important, yet often overlooked role in 

the loss of carbon from catchment systems (Evans et al., 2012).  Increasing 

DOC concentrations over the past decades have been reported in rivers across 

Western Europe and North America (Evans et al., 2005).  While the causes of 

these increased concentrations are still subject to debate (Whitehead and 

Crossman, 2012), their consequences for the ecological status of aquatic 

ecosystems are poorly understood (Evans et al., 2005, Stanley et al., 2011). 

 

Until recently, research on the total export of organic carbon (dissolved and 

particulate) from agricultural catchments has been rare.  While the results of 

studies of the impact of agricultural land use on fluvial dissolved organic carbon 

export to date are ambiguous, the ecological consequences of altered DOC 

dynamics are likely to be significant (Stanley et al., 2011).  Therefore, Chapter 4 

examines the controls on the total fluvial export of sediment, dissolved organic 

and particulate carbon in an agricultural and semi-natural catchment to 

elucidate the effect of agricultural land use on the fluvial carbon export at a 

catchment scale. 

 

By comparison, research focused on the DOC dynamics in peatlands has been 

much greater, on account of their importance as significant stores of terrestrial 

carbon (Billett et al., 2012) and the high cost implications of increased DOC 

concentrations and water colour to the water treatment industry (Worrall et al., 

2007).  Increasing DOC concentrations have been reported in rivers in Western 

Europe and North America over the past decades (Evans et al., 2005).  In the 

UK, the dissolved organic carbon concentrations have almost doubled relative 

to 1988-1993 means (Evans et al., 2005), likely to be caused by multiple 

factors, including recovery from acid deposition (Evans et al., 2005), response 

to increasing temperatures and/or rising CO2 concentrations (Worrall and Burt, 

2007), increasing frequency of severe droughts (Worrall et al., 2004), changes 

in hydrology and land-use change (Worrall et al., 2004).  Draining of peatlands 

to improve agricultural production is thought to have contributed to the observed 
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increased DOC concentrations (Worrall et al., 2007) and the conservation effort 

to remediate this via upland ditch blocking is ongoing (Grand-Clement et al., 

2013). 

 

B. Sediment 

 

Since the onset of agriculture, human activities have accelerated soil erosion 

rates 10- to 100- fold above all estimated natural background levels 

(Montgomery, 2007a), resulting in an increased input of fine sediment and 

organic carbon into aquatic environments.  Sedimentation is acknowledged as a 

major cause of river impairment and water quality problems worldwide (Wood et 

al., 2005b, Larsen et al., 2011, Bilotta et al., 2012).  The impact of 

sedimentation on aquatic biota has been well documented (Wood and 

Armitage, 1997, Bilotta and Brazier, 2008, Kefford et al., 2010, Jones et al., 

2012).  The effects of sedimentation range from a reduction in overall 

invertebrate trait diversity (Larsen and Ormerod, 2010a), to increased drift 

(Larsen and Ormerod, 2010b), reduced invertebrate abundance (Larsen et al., 

2011), density (Angradi, 1999, Lenat et al., 1981, Matthaei et al., 2006), 

biomass (Angradi, 1999), taxon richness (Matthaei et al., 2006) and changed 

community structure (Lenat et al., 1981, Wood and Armitage, 1999).  In addition 

to direct ecological effects through reduced water transparency, smothering of 

substrate and blocking of substrate interstices (Ellis, 1936, Wood and Armitage, 

1997), sediment is also responsible for the transport of a range of other 

contaminants such as pesticides (Owens et al., 2001, Warren et al., 2003), 

metals (Owens et al., 2001, Horowitz et al., 2012), pathogens (Tyrrel and 

Quinton, 2003), radionuclides (Owens et al., 2005), organic pollutants (Walling 

et al., 1997, Owens et al., 2007) and nutrients (Brazier et al., 2007, Hamilton, 

2012).   

 

While a range of water column and substrate sedimentation metrics have been 

proposed internationally as sedimentation targets (Collins et al., 2011), setting 

meaningful water quality thresholds has proven problematic due to limited 

quantitative understanding of the relationship between fine sediment delivery 

and the resultant ecological impacts (Walling et al., 2007, Larsen et al., 2011), 

as well as spatial variability in different types of surface waters. 
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It is widely recognised that the current guideline suspended sediment target of 

25 mg L-1 informing the delivery of the EU Water Framework Directive 

(2000/60/EC) is not specific enough for the Directive’s aim to restore 

watercourses to ‘good ecological status’ in a broad range of aquatic ecosystems 

found across Europe (Walling et al., 2007, Bilotta and Brazier, 2008, Cooper et 

al., 2008, Jones et al., 2012, Bilotta et al., 2012).  As aquatic biota respond not 

only to the concentration of suspended sediment and other contaminants but 

also to duration (Newcombe and Macdonald, 1991), intensity and return period 

of incidents of exposure to sediment (UK TAG, 2008),  as well as the sediment 

quality (Stutter et al., 2007), it has been proposed that more complex, site 

specific standards that consider timing and duration of sediment transfer events 

as well as their return period need to be developed (Bilotta and Brazier, 2008, 

Collins and Anthony, 2008, UK TAG, 2008).  The development of modelling 

toolkits that couple sediment regimes with biological response for a range of 

biota has also been proposed (Collins et al., 2011).  However, it can be argued 

that as many documented impacts of sedimentation on aquatic biota are related 

to sediment deposition on the river bed, a management target based on 

suspended sediment concentration, however complex, may not be meaningful 

to describe ecological status (Kefford et al., 2010, Jones et al., 2012). 

 

Many ecosystems, including freshwaters, are vulnerable to a simultaneous 

impact of multiple-stressors (Ormerod et al., 2010, Matthaei et al., 2010), which 

can result in unexpected ecological effects due to complex interactions between 

multiple stressors and aquatic ecology (Townsend et al., 2008).  The variety of 

interactions between sediment and other stressors, such as low flows (Matthaei 

et al., 2010) and nutrient enrichment (Townsend et al., 2008, Wagenhoff et al., 

2011, Wagenhoff et al., 2012), further complicates the setting of water quality 

targets at different levels of these interacting pressures (Townsend et al., 2008).  

Therefore, several authors emphasise the need for the development of tools 

that would distinguish between multiple causes of river impairment at any one 

location (Matthaei et al., 2006, Townsend et al., 2008, Clews and Ormerod, 

2009).  Chapter 5 examines the utility of one of these new tools, a macro-

invertebrate index PSI for setting of water quality sedimentation targets by 

examining the relationship between physical measures of sedimentation and 

the macro-invertebrate index. 
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C. Land use impacts and delivery pathways 

 

Land use has a profound effect on the state of the aquatic environment.  It 

affects sediment and nutrients along the full lengths of the source-mobilisation-

delivery-impact continuum (Haygarth et al., 2005a) from the terrestrial to the 

aquatic environment.  Even small increases in “high impact” land use such as 

arable cropping in sensitive watersheds may have significant effects on the 

ecological status of freshwater systems (Feld, 2013) and sediment yields (Yan 

et al., 2013).  In a Scottish study, land-use in the immediate sub-catchment of a 

large watershed was found to be much more significant for water quality than 

the larger catchment area, while the proportion of intensive grassland within 

each sub-catchment was the best predictor of most ecological and chemical 

properties (Stutter et al., 2007).  Similarly, in south-west England, Intensively 

managed grasslands, previously thought off as pollutant buffers, were shown to 

be more significant sources of P enrichment to surface waters than previously 

thought (Bilotta, 2008).  Conversely, an increasing proportion of forest in the 

riparian zone appears to mitigate some of the negative effects of intensive land 

use (Feld, 2013, Yan et al., 2013). 

 

Unsympathetic management practices such as excessive livestock densities 

and grazing of saturated land, may lead to the exposure of bare soil and soil 

compaction, which result in the alteration of soil physical properties and 

increased suspended sediment (SS) and P runoff (Bilotta et al., 2007).  

Intensive grass production tends to produce the highest losses of DRP whilst 

arable farming on erodible soils results in large losses of PP (Doody et al., 

2012).  Recent studies highlight the previously neglected contribution of 

intensively managed grasslands to sediment delivery and nutrient enrichment of 

watercourses.  This is attributed to two previously overlooked but important 

factors in the processes of sediment delivery from intensively managed 

grasslands: a) an arbitrary threshold of 0.45 µm to distinguish between 

dissolved particles and suspended solids and b) P transport associated with fine 

colloidal material and the organic fraction of material contained within runoff 

(Brazier et al., 2007, Bilotta et al., 2008). 
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The diversity of potential pathways and their relative importance complicates 

the targeting of water quality mitigation measures at a catchment scale (Wall et 

al., 2012).  As P is readily bound on the surface of soil particles, it is primarily 

transported through overland and shallow sub-surface flow.  Conversely, the 

high solubility of nitrate means that it is mostly transported through the soil into 

groundwater and then to surface waters via sub-surface pathways (Wall et al., 

2011, Hamilton, 2012). However, groundwater can also be a significant, and 

previously overlooked, source of DRP (Stutter et al., 2006, Holman et al., 2008), 

particularly in groundwater dominated catchments with high soil P saturation 

(Hamilton, 2012). 

 

Comparison of the relative contribution of surface versus subsurface drain 

pathways found that drains act as preferential hydrological pathways for SS, P 

and DOC export (Russell et al., 2001, Evans et al., 2006, Deasy, 2007, Deasy 

et al., 2008, Dalzell et al., 2011).  However, more recent work suggests that the 

presence of subsurface drainage may actually reduce the total export of SS and 

P from intensively managed grasslands due to reduced occurrence of infiltration 

excess overland flow (Bilotta et al., 2008).  In arable situations, tramlines were 

shown to be a dominant pathway for surface runoff, enhancing sediment and P 

transport to the field edge (Silgram et al., 2006, Deasy et al., 2010) and 

potentially to water courses.  Therefore, a conceptual understanding of the 

catchment hydrology and potential pathways, as discussed in Chapters 4 and 6, 

is necessary for the design and evaluation of effective pollution abatement 

strategies (Soulsby et al., 2002). 

 

D. Critical Source Areas 

 

The concept of Critical Source Areas (CSA), particularly in relation to P, has 

been studied since the mid 1990s (Sharpley et al., 2010).  Unlike N losses, 

which tend to be geographically more widespread, occurring from a large 

catchment area, Critical Source Areas for P loss are typically spatially discrete 

(Sharpley et al., 2009), encompassing both enhanced soil nutrient sources and 

their hydrological connectivity to the receiving waters.  In catchments where 

diffuse sources predominate, P transfers are generally positively related to 

discharge and catchment flashiness, demonstrating the preferential transport of 
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P from Critical Source Areas via surface and shallow sub-surface pathways 

(Jordan et al., 2012b).  However, while the identification of areas with high soil 

P content is feasible, the characterisation of hydrological connectivity of 

transport processes remains elusive (Sharpley et al., 2010).   Jordan et al. 

(2012b) have shown that a coupled understanding of both high risk source 

areas and the catchment hydrological connectivity is critical in the assessment 

of pollution risk.  Page et al. (2005) explored the possibility of identifying likely 

Critical Source Areas (CSA) of phosphorus to inform catchment-wide mitigation 

strategies on the basis of topographic index based stratified soil P sampling, 

which represents the propensity of any point to become saturated and act as a 

source area for surface runoff.  However, they found that soil P status showed a 

high spatial variability and was governed by multiple factors such as land use 

and field boundaries.  The topographic index alone cannot therefore be used to 

estimate spatial patterns of soil P status and high soil P measurements do not 

necessarily indicate a CSA, hence more complex approaches that combine land 

use, soil nutrient status and a conceptual understanding of catchment hydrology 

are needed to get a better understanding of potential contributing areas of 

nutrients (Yates et al., 2013, Mellander et al., 2012).   

 

Due to the complexity of Critical Source Area identification at a catchment 

scale, the linkages between their management and water quality benefits are 

still unknown (Sharpley et al., 2010).  Jordan et al. (2012b) found that the 

effective reduction of P delivery to surface waters at a catchment scale will need 

to consider management of high source/risk areas in the context of the overall 

catchment hydrological response.  In future, new technologies such as high 

resolution digital elevation models (DEM) derived from LIDAR measurements, 

may offer a promising tool for the characterisation of CSA at a catchment scale 

(Sharpley et al., 2010), although less topographic detail may be adequate to 

predict connectivity at a sub-catchment scale (Shore et al., 2013) and “soil type 

may be a useful proxy for connectivity in sub-catchments where these attributes 

are correlated” (Shore et al., 2013, p.12).  A recently developed ‘Sensitive 

Catchment Integrated Modelling and Analysis Platform’ (SCIMAP) combines 

risk-based assessment of hydrological connectivity with likely diffuse pollution 

sources to identify the relative highest risk areas within a catchment, using only 

soil erodibility and the likelihoold that it will be delivered to the watercourse as 



41 

 

the most basic processes sufficient to link risk with ecological impact (Reaney et 

al., 2011).  However, Reaney et al. (2011) also show that a priori judgment of 

certain land uses as ‘high risk’ may not be ecologically most relevant and 

suggest a Bayesian approach of ‘inverse modelling’ to allow biological data to 

inform the understanding of the links between the ecological impact and ranking 

of pollution risk from different types of land uses (Reaney et al., 2011).  The 

application of such an inverse modelling approach to chemical water quality 

data across 7,000 observation sites across England and Wales found that, 

while low impact land uses could be identified with more certainty, high impact 

land uses were not consistent between all study catchments and for different 

pollutants (N and P), suggesting that risk assessment and hence mitigation 

approaches will need to be catchment-specific (Milledge et al., 2013). 

 

 

IV. APPROACHES TO CONTROL DIFFUSE WATER 

POLLUTION FROM AGRICULTURE 

 

The complex processes of pollutant mobilisation, transport and delivery 

between the source area and the receiving water body, as well as the 

uncertainty associated with actual ecological impacts, complicate the evaluation 

of the effectiveness of measures to mitigate diffuse water pollution (Wall et al., 

2012). 

 

Over 80 mitigation measures to reduce diffuse water pollution from agriculture 

have been reviewed in the UK (Cuttle et al., 2007, Newell-Price et al., 2011) 

(Table 2.1), targeted at limiting agricultural inputs, reducing mobilisation and 

transport of pollutants from agricultural land and capture of pollutants before 

they enter waterbodies (Kay et al., 2009).  No single measure will control all 

sources of pollution (Withers and Jarvis, 1998). As major sources of pollutants 

differ between catchments (Monaghan et al., 2008), mitigation measures will 

need to be matched to the prevailing physical conditions and farming systems 

(Buckley, 2012).  The ‘Mitigation Options for Phosphorus and Sediment’ 

projects (MOPS1 and MOPS2) have shown that a combination of ‘in-field’ and 

‘edge-of-field’ measures aimed at reducing both the mobilisation, transport and 
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delivery of pollutants is likely to be most effective, providing a suite of measures 

along the full ‘source-mobilization-transport-delivery’ continuum (Deasy et al., 

2010). 

 

Construction of water meadows and wetlands to enhance denitrification were 

proposed as the most effective measures to control diffuse nitrate pollution (Kay 

et al., 2009) and an effective adaptation to likely increases in nitrate pollution 

due to climate change (Whitehead et al., 2006).  Small scale field wetlands 

were shown to be effective at reducing diffuse pollution, including the removal of 

sediment, P and NO3
--N (Blackwell and Pilgrim, 2011).  MOPS2 data showed 

that small scale wetlands can be a cost-effective tool for the removal of 

sediment from impaired water courses, especially at sandy sites (Ockenden et 

al., 2012), while larger impoundments are also known to trap sediment well 

(Hamilton, 2012). 

 

Method 1A – Convert arable land to unfertilised and ungrazed grass  
Method 1B – Arable reversion to low fertiliser input extensive grazing  
Method 2 – Convert arable/grassland to permanent woodlands  
Method 3 – Convert land to biomass cropping (i.e. willow, poplar, miscanthus)  
Method 4 – Establish cover crops in the autumn  
Method 5 – Early harvesting and establishment of crops in the autumn 
Method 6 – Cultivate land for crops in spring rather than autumn  
Method 7 – Adopt reduced cultivation systems  
Method 8 – Cultivate compacted tillage soils  
Method 9 – Cultivate and drill across the slope  
Method 10 – Leave autumn seedbeds rough  
Method 11 – Manage over-winter tramlines  
Method 12 – Maintain and enhance soil organic matter levels  
Method 13 – Establish in-field grass buffer strips on tillage land  
Method 14 – Establish riparian buffer strips  
Method 15 – Loosen compacted soil layers in grassland fields  
Method 16 – Allow field drainage systems to deteriorate  
Method 17 – Maintain/improve field drainage systems  
Method 18 – Ditch management  
Method 19 – Make use of improved genetic resources in livestock  
Method 20 – Use plants with improved nitrogen use efficiency  
Method 21 – Fertiliser spreader calibration  
Method 22 – Use a fertiliser recommendation system  
Method 23 – Integrate fertiliser and manure nutrient supply  
Method 24 – Reduce manufactured fertiliser application rates  
Method 25 – Do not apply manufactured fertiliser to high-risk areas  
Method 26 – Avoid spreading manufactured fertiliser to fields at high-risk times  
Method 27 – Use manufactured fertiliser placement technologies  
Method 28 – Use nitrification inhibitors  
Method 29 – Replace urea fertiliser with another nitrogen form (e.g. ammonium nitrate)  
Method 30 – Incorporate a urease inhibitor with urea fertiliser  
Method 31 – Use clover in place of fertiliser nitrogen  
Method 32 – Do not apply P fertiliser to high P index soils  
Method 33 – Reduce dietary N and P intakes  
Method 34 – Adopt phase feeding of livestock  
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Method 35 – Reduce the length of the grazing day/grazing season  
Method 36 – Extend the grazing season for cattle  
Method 37 – Reduce field stocking rates when soils are wet  
Method 38 – Move feeders at frequent intervals  
Method 39 – Construct water troughs with a firm but permeable base  
Method 40 – Low methane livestock feeds  
Method 41 – Reduce overall stocking rates on livestock farms  
Method 42 – Increase scraping frequency in dairy cow cubicle housing  
Method 43 – Additional targeted straw-bedding for cattle housing  
Method 44 – Washing down dairy cow collecting yards  
Method 46 – Frequent removal of slurry from beneath-slatted storage in pig housing  
Method 47 – Part-slatted floor design for pig housing  
Method 48 – Install air-scrubbers or biotrickling filters to mechanically ventilated pig housing  
Method 49 – Convert caged laying hen housing from deep-pit storage to belt manure removal  
Method 50 – More frequent manure removal from laying hen housing with belt clean systems  
Method 51 – In-house poultry manure drying  
Method 52 – Increase the capacity of farm slurry (manure) stores to improve timing of slurry 
applications 
Method 53 – Adopt batch storage of slurry  
Method 54 – Install covers on slurry stores  
Method 55 – Allow cattle slurry stores to develop a natural crust  
Method 56 – Anaerobic digestion of livestock manures  
Method 57 – Minimise the volume of dirty water (and slurry) produced  
Method 58 – Adopt (batch) storage of solid manures  
Method 59 – Compost solid manure  
Method 60 – Site solid manure field heaps away from watercourses/field drains  
Method 61 – Store solid manure heaps on an impermeable base and collect leachate  
Method 62 – Cover solid manure stores with sheeting  
Method 63 – Use liquid/solid manure separation techniques  
Method 64 – Use poultry litter additives  
Method 65 – Change from a slurry to solid manure handling system  
Method 66 – Change from a solid manure to slurry handling system  
Method 67 – Manure spreader calibration  
Method 68 – Do not apply manure to high-risk areas  
Method 69 – Do not spread slurry or poultry manure at high-risk times  
Method 70 – Use slurry band spreading application techniques  
Method 71 – Use slurry injection application techniques  
Method 72 – Do not spread FYM to fields at high-risk times  
Method 73 – Incorporate manure into the soil  
Method 74 – Transport manure to neighbouring farms  
Method 75 – Incinerate poultry litter for energy recovery  
Method 76 – Fence off rivers and streams from livestock  
Method 77 – Construct bridges for livestock crossing rivers/streams  
Method 78 – Re-site gateways away from high-risk areas  
Method 79 – Farm track management  
Method 80 – Establish new hedges  
Method 81 – Establish and maintain artificial wetlands  
Method 82 – Irrigate crops to achieve optimum yields  
Method 83 – Establish tree shelter belts around livestock housing and slurry storage facilities 

Table 2.1 83 mitigation measures reviewed by Newell-Price et al. (2011) in ‘An 
inventory of mitigation methods’. 
 

The effectiveness of riparian buffer zones to control pollution varies with 

catchment geomorphology, hydrological pathways and the permeability of soils 

(Mellander et al., 2012).  Where the riparian zone has been drained, the 

pollutants will bypass the buffer zone through sub-surface flow, thus making it 

ineffective (Mainstone and Parr, 2002, Oliver et al., 2007).  In terms of nitrate 
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removal, buffer zones are most effective in the absence of sub-surface 

drainage, on soils of medium hydrological conductivity at the hillslope-floodplain 

boundary (Burt, 2006), while P removal is most effective in catchments 

dominated by PP transport in overland flow (Mellander et al., 2012).  In flat 

fields with permeable soils, the effectiveness of buffer strips for P removal will 

be highest in areas with high surface runoff and/or shallow sub-suface flow, 

provided accumulated P reserves in the buffer are periodically removed (Noij et 

al., 2013).  Conversely, in the same situation, the effectiveness of the buffer 

strip for N removal will decrease, if flow is too shallow, due to reduced 

residence time (Noij et al., 2013).  Buffer zones are more effective at trapping 

PP fractions associated with larger soil particles but are less able to intercept P 

associated with fine colloidal fractions and soil organic matter, as well as DRP, 

which are likely to be more bioavailable and thus more important for ecological 

water quality (Oliver et al., 2007, Owens et al., 2007).  In terms of ecological 

status, riparian buffer zone length was found to be more closely linked to the 

health of freshwater macro-invertebrate communities than buffer zone width 

(Feld, 2013). 

 

The effectiveness of buffers over the course of a year is also variable (Stevens 

and Quinton, 2009a).  The efficiency of buffer strips as ‘end-of-pipe’ mitigation 

measures is lowest in winter when the delivery of nutrients to water bodies is 

highest, due to high local water tables, reduced infiltration rate, poor plant 

growth (Kay et al., 2009) and reduced temperatures affecting the rate of 

microbial processes (Stevens and Quinton, 2009a).  However, the implications 

of this reduced efficiency during the period of least ecological activity are not 

clear and may be less significant in flowing waters due to shorter nutrient 

retention time. 

 

Geomorphological restoration of river corridors over the past two decades has 

been undertaken in Europe and overseas, with a primary aim of increasing flood 

water storage and reducing flood risk in downstream areas (Scholz, 2007).  

However, creation of flood retention basins through re-connection of rivers to 

their floodplains has also been shown to result in water quality benefits, 

primarily through the deposition of suspended sediment and associated 

nutrients (Walling, 1999, Scholz, 2007, Kronvang et al., 2007).  Floodplain 
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sedimentation is associated with deposition of particulate phosphorus (Van der 

Lee et al., 2004), with highest removal rates in depressions due to reduced 

current velocity (Venterink et al., 2006), while denitrification is thought to be the 

most important mechanism for nitrate removal (Forshay and Stanley, 2005, Noe 

and Hupp, 2009).  While quantitative estimates of the cumulative retention of 

nutrients and sediments in floodplains are scarce (Noe and Hupp, 2009), 

estimates of trapping efficiency for individual pollutants vary between 26-47 % 

for sediment (Walling and Owens, 2003, Kronvang et al., 2007), 3 - 37 % for N 

(Van der Lee et al., 2004, Forshay and Stanley, 2005, Noe and Hupp, 2009)  

and 4 - 59 % for P (Van der Lee et al., 2004, Kronvang et al., 2007, Noe and 

Hupp, 2009), with highest trapping efficiency associated with lower annual 

nutrient loads (Forshay and Stanley, 2005, Noe and Hupp, 2009).  Highest rates 

of sediment and nutrient deposition were found in the riparian zone close to the 

river channel (Kronvang et al., 2007, Klaus et al., 2011), due to increased 

surface roughness associated with an abrupt reduction of flow velocity (Klaus et 

al., 2011), while high denitrification rates were recorded both in agricultural 

grasslands and ponds (Venterink et al., 2006).  However, anaerobic floodplain 

inundation also carries a risk of enhanced P mobilisation from existing soil P 

reserves (Loeb et al., 2008).  These results suggest that a combination of 

mitigation techniques involving source reduction and hydro-morphological 

restoration will be effective in reducing eutrophication impacts in large fluvial 

systems, albeit over long timescales, given the large spatial extent of required 

interventions (Houser and Richardson, 2010). 

 

Until recently, the evidence for the effectiveness of upland ditch blocking to 

reduce DOC and SS concentrations and loads has been ambiguous (Wallage et 

al., 2006, Worrall et al., 2007, Armstrong et al., 2010).  Although recent studies  

have found a positive impact of drain blocking on DOC concentrations 

(Armstrong et al., 2010, Turner et al., 2013) and fluxes (Worrall et al., 2007, 

Turner et al., 2013), the observed changes are not ubiquitous (Armstrong et al., 

2010) and are most evident within the immediate sub-catchments around the 

blocked areas (Turner et al., 2013).  Therefore, evidence of any hydrological 

and water quality impact of drain blocking at a larger catchment scale is still 

lacking (Ramchunder et al., 2009). 
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An assessment of the manifestation of some of these water quality mitigation 

approaches is undertaken in Chapter 6. 

 

V. EVALUATING THE EFFECTIVENESS OF MITIGATION 

MEASURES AT A CATCHMENT SCALE 

 

A. Monitoring strategies 

 

Available methodologies for the assessment of the effectiveness of 

conservation practices span from plot and field experiments, through edge-of-

field monitoring to watershed scale-studies, which are either based on the 

examination of observed time series before/after management interventions, or 

use paired watershed studies with a control/impact design (Tomer and Locke, 

2010).  While a combination of before/after and control/impact design is 

statistically most robust (Turner et al., 2013), it is often difficult to implement in 

practice at a catchment scale.  Due to practical constraints with the 

implementation of statistically robust experimental design at a catchment scale, 

evaluation of landscape-scale mitigation measures often relies on modelling 

tools (Monaghan et al., 2008), which are themselves subject to uncertainties 

(Milledge et al., 2013).  Modelling of water quality at catchment scales still 

remains a largely semi-empirical process, capable of predicting potential 

benefits that may accrue but not the precise location-specific outcomes (Tomer 

and Locke, 2010). 

 

In Ireland, The Agricultural Catchments Programme, was set up to establish a 

baseline and evaluate the effectiveness of the EU legislation, including the 

Nitrates Directive and the WFD (Wall et al., 2011).  The high spatial and 

temporal resolution of this monitoring platform allows new insights into the 

processes governing the response of pollutants to mitigation measures along 

the full source-mobilisation-delivery-impact continuum (Haygarth et al., 2005a) 

at a catchment scale (Wall et al., 2011, Melland et al., 2012, Jordan et al., 

2012b).  Within the programme, nutrient sources are audited at the farm scale, 

transport pathways are conceptualised and pollutant transport and delivery are 

studied at sub-catchment and catchment scales with high spatial and temporal 



47 

 

resolution (Wall et al., 2011).  A similar high resolution approach has been 

adopted in three experimental study catchments in England (Owen et al., 2012).  

Whilst extremely informative, such high resolution monitoring strategies are 

associated with high costs and man-power requirements and hence are unlikely 

to be available for widespread replication (Sharpley et al., 2009).   

 

Although more affordable, reduced sampling frequency has serious implications 

for the accuracy of annual load estimates and hence the reliability of water 

quality monitoring schemes (Johnes, 2006, Cassidy and Jordan, 2011).  In 

lowland catchments the level of uncertainty in total P load estimates increases 

with increasing catchment population density, reduced baseflow index and more 

extreme river regime (Johnes, 2006).  In these situations, a daily sampling 

strategy for TP and DRP concentrations on the 35 highest flow days/year and 

weekly sampling during the remainder of the year may be a viable option for 

one sampling station at the basin outlet to constrain the level of sampling 

uncertainty.  However, the sampling uncertainty relationships in upland, flashy, 

impermeable catchments are more poorly understood and even daily records 

may fail to capture the full range of P export behaviour in smaller catchments 

with flashy hydrographs (Johnes, 2006). 

 

Infrequent sampling has been shown to lead to serious over- and under-

estimation of nutrient loads, while all methods of load calculation have 

associated bias (Walling and Webb, 1985, Littlewood, 1992, Johnes, 2006).   

Recent research has found that P load calculations based on infrequent 

sampling led to an average 60 % under-estimation of the true load and that 

even daily sampling would fail to capture the true variability of P transfer in 

storm-flow (Cassidy and Jordan, 2011).  Jordan et al. (2007) advocate the use 

of a continuous automated bank-side analyser, which collects samples at 10’ 

minute intervals, aggregated to 1 hour intervals for comparison with flow and 

rainfall data, in order to synchronise measurements of both water discharge and 

contaminants to monitor the effects of mitigation measures on both diffuse and 

point source pollution sources in complex catchments.  However, the high cost 

of such continuous sampling strategy may be a serious limitation to wider 

adoption (Jordan and Cassidy, 2011). 
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Flow-proportional passive samplers for determining P and N concentrations 

could potentially offer a compromise solution between the inaccurate load 

estimation associated with low-frequency monitoring and the high cost of 

continuous bank-side analysers; however rigorous testing has shown the 

currently commercially available designs to be seriously inaccurate (Jordan et 

al., 2013).  Conversely, a sampling strategy of taking 24 systematic samples per 

week using the well established automatic water samplers may offer an 

accurate and feasible solution for the monitoring of total nutrient species and 

conservative solutes in routine monitoring programmes (Jordan and Cassidy, 

2011).  Harmel et al. (2007) also discuss methodologies for P monitoring in 

small watersheds of < 10 km2, including logistic considerations such as 

resource constraints (man-power, number of samples and associated analysis 

costs and reliability of equipment).  Base flow water quality sampling using at 

least monthly manual grab samples to establish point source, ground water and 

direct livestock stream nutrient inputs, complemented by high-resolution storm 

event sampling to characterise diffuse source pollution was proposed as the 

best cost-effective sampling strategy (Harmel and Haggard, 2007).  Flow-

integrated sampling, whereby a greater proportion of the samples are taken at 

higher flow and transport periods, improves the load estimates (Jordan and 

Cassidy, 2011) and should be based on a thorough understanding of catchment 

hydrology (Harmel and Haggard, 2007).  Johnes (2006) also found that 

stratified sampling, with more frequent samples taken during the 10 % of the 

highest flow events, reduced the uncertainty in load estimation in flashy 

catchments.  Further uncertainty is associated with the use of stage-discharge 

relationships to estimate the mass transport values of P (Harmel and Haggard, 

2007) and SS (Bilotta et al., 2010), hence yield estimates based on ‘rating 

curve’ (discharge-concentration) approaches should ideally be based within an 

uncertainty framework (Bilotta et al., 2010, Scholefield et al., 2013). 

 

B. Issues of Scale 

 

Catchments are complex dynamic systems with potentially fractal behaviour 

and emergent properties (Kirchner et al., 2000), governed by processes ranging 

from small microbial to large hydrological scales (Harris and Heathwaite, 2005).  

Understanding this complexity requires a multi-disciplinary approach to study 
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that encompasses both the theory-led, reductionist, hypothesis-testing 

approach traditionally applied in soil sciences, and an empirically-led 

observational, hypothesis-forming approach characteristic of ecological enquiry 

(Haygarth et al., 2005a).  

 

Several authors emphasise the need for more detailed high resolution studies 

across a range of scales to discern a pattern in what may otherwise be 

perceived as simply ‘white noise’ in low resolution data (Harris and Heathwaite, 

2005, Haygarth et al., 2005b).  While replicated, plot-scale experiments have 

elucidated the mechanisms affecting pollutants along the source-mobilisation-

transport-receptor continuum (McGonigle et al., 2012), evidence on how 

hydrological and biogeochemical processes will respond to land use 

interventions at a catchment scale is still lacking (Sharpley et al., 2009, 

McGonigle et al., 2012).   Due to the complex nature of sediment and nutrient 

mobilisation, transport and delivery in catchments, extrapolation of findings from 

carefully controlled plot-scale experiments to farm and then catchment scale is 

difficult (McGonigle et al., 2012).  A difference between observed trends at field 

and watershed scales may occur due to a disconnection between sources and 

sinks at the two scales (Sharpley et al., 2009).  Further, the cumulative effect of 

multiple pollutants on aquatic ecosystems can have unexpected effects as 

compared to the effects of the same stressors acting in isolation (Townsend et 

al., 2008).  Hence, there is a pressing need to investigate the cumulative 

effectiveness of various mitigation measures on multiple pollutants pre- and 

post- restoration at a catchment scale (Cherry et al., 2008, Haygarth et al., 

2009, Haygarth et al., 2013) and in a range of river typologies to guide and 

inform catchment management strategies (Evans et al., 2006).  

 

Monitoring at nested locations within a catchment aids the understanding of 

pollutant mobilisation and transport processes operating at a range of scales 

(Deasy, 2007), while the understanding of spatial heterogeneity of soil 

properties and land use elucidates potential pollutant sources, runoff pathways 

and hydrological connectivity (Peukert et al., 2012).  Deasy (2007) examined 

the importance of different controls on diffuse P delivery to watercourses at a 

range of scales.  Runoff was controlling sediment transfer, which in turn was 

closely related to P export at all scales.  However, different processes were 
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found to be important at different, within-farm, scales and the characteristics of 

P transfer did not increase or decrease consistently with scale, attributed to 

anthropogenic alterations of land use.  Nevertheless, it was still possible to 

generalise findings from hillslope observations to the catchment scale, using 

empirical relationships, possibly due to the relatively small extent of nested 

observation scales.  Thus, despite potential difficulties with experimental 

replication (Haygarth et al., 2013) and generalisation of results between 

catchments with differing physical and biological characteristics (Johnes et al., 

2007), nested catchment scale studies provide both qualitative and quantitative 

evidence that may be more informative for practical catchment management 

than small scale replicated experiments alone (Haygarth et al., 2005a, Deasy, 

2007). 

 

C. Time lags 

 

The expectations for the delivery of anticipated environmental improvements 

within current policy timescales need to be tempered with the realities of 

environmental and social response lags (Sharpley et al., 2009).  The potentially 

substantial time lag in observed responses to mitigation actions (Cherry et al., 

2008, Collins and McGonigle, 2008) have been ascribed to the accumulated 

nutrient reserves in soils and aquatic sediments (Ekholm et al., 2005, Kay et al., 

2009), accumulation of dissolved nutrients in aquifers (Mainstone and Parr, 

2002, Hutchins et al., 2009) and prolonged flushing time of accumulated 

sediments from fluvial systems (Hamilton, 2012).  Ecological resilience to 

chemical manipulations in some impacted systems also presents a significant 

challenge in the short-term (Johnes et al., 2007, Harris and Heathwaite, 2012). 

 

Recently, significant progress has been made in estimating the response time 

of different pollutants to catchment-scale mitigation measures. While some 

ecosystems are likely to respond to N reduction measures in the medium 7-20 

year time scale (Fenton et al., 2011), others have shown little or no response 

even after 20 years of nutrient reductions (Windolf et al., 2012), depending on 

the catchment hydrogeology and prevailing hydrological pathways.  In 

catchments with a significant groundwater input, the effects of land use change 
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on reduced N loads in rivers may take decades to manifest (Hutchins et al., 

2009).  Recent modelling predicted a decline of accumulated P reserves in soil 

to optimum agronomic levels within 2-20 years (Schulte et al., 2010, Wall et al., 

2013).  These time lags mean that an extended period of monitoring is 

necessary to evaluate the impact of a suite of mitigation measures on water 

quality at a catchment scale (Wall et al., 2011).  The shorter the monitoring 

programme, the more frequent measurements are required to detect a 

significant change (Sharpley et al., 2009).  Comparison with a control catchment 

(Worrall et al., 2009), where available, together with a before-after experimental 

design would increase statistical power and the likelihood of a signal detection.  

However, ultimately, the long timescale required for an ecosystem-wide 

response to become manifest in many catchments, may have to be accepted by 

the scientific and policy community (Hamilton, 2012). 

 

D. Pollution swapping 

 

Pollution swapping, whereby a measure introduced to control one pollutant 

results in an increase in another pollutant, is a widely accepted concept and is 

receiving increasing attention (Collins and McGonigle, 2008, Stevens and 

Quinton, 2009b).  Stevens and Quinton (2009a) recently reviewed diffuse 

pollution mitigation options in arable systems, concluding that no single 

mitigation measure will reduce all pollutants, in fact a single management 

strategy may not provide complete protection of receiving waters even just from 

one type of pollutant such as pathogens (Oliver et al., 2007).  Therefore, it is 

necessary to take a holistic approach to mitigation (Collins and McGonigle, 

2008), both in terms of a suite of mitigation measures needed to be deployed at 

an appropriate scale, and in terms of the resulting chemical balances that might 

be achieved.  Ultimately, it may have to be accepted that negative tradeoffs 

between mitigation interventions are inevitable and location-specific cost-benefit 

analysis (Balana et al., 2011) may be required to reconcile the competing 

outcomes. 
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VI. THESIS OBJECTIVES AND STRUCTURE 

 

In recent years, significant investment into research infrastructure has been 

directed at addressing the existing knowledge gaps in the understanding of the 

effectiveness of ecosystem management approaches to deliver water quality 

improvements at catchment scales.  These include the Irish Teagasc 

Agricultural Catchments Programme (Wall et al., 2011, Teagasc, 2013) and the 

Demonstration Test Catchments research platform in England (McGonigle et 

al., 2012, Owen et al., 2012, DTC, 2013) which will provide an opportunity to 

examine the processes controlling the mitigation of diffuse water pollution at a 

number of scales through a high resolution nested monitoring strategy within 

real-world social and economic constraints of working farm enterprises.  A new 

Biotechnology and Biological Sciences Research Council (BBSRC) farm-scale 

research platform at Rothamsted Research, North Wyke, will examine the 

impact of different grassland management regimes at a field and sub-catchment 

scale, using a sub-hourly high resolution monitoring strategy within three 

hydrologically isolated units (Peukert et al., 2012).  This national research 

facility will allow a rigorous comparison of the viability and environmental impact 

of conventional, reduced input and innovative new farming approaches to 

inform the development of future sustainable grassland farming system 

(Rothamsted Research, 2013).  

 

Aligned with these principles, and as part of a national Defra-funded, 

catchment-scale, multi-objective flood management demonstration project, this 

thesis aims to contribute to the emerging understanding of the effectiveness of 

multiple ecosystem management measures to deliver water quality 

improvements at a catchment scale. This research complements existing 

hydrological monitoring commissioned by the National Trust, with biological, 

physical and chemical water quality monitoring. In addition, it delivers a 

comprehensive characterisation of the status of soils and land management 

across two catchment scales, in order to elucidate the controls and sources of 

pollutants found in-stream. 

 

The two research catchments Aller and Horner Water are located in south-west 

England on the north-east edge of Exmoor National Park.  South-west England 
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is predominantly rural in nature and covers approx. 24,000 km2 (Findlay, 1984).  

It includes the counties of Gloucestershire, Bristol, Wiltshire, Dorset, Somerset, 

Devon and Cornwall and comprises two National Parks (Exmoor and Dartmoor) 

and a number of other protected landscapes (Areas of Outstanding Natural 

Beauty).  The geology of south-west England represents almost the whole 

geological time scale found in Britain, from primary igneous and metamorphic 

rocks to more recent sediments (Findlay, 1984).  Devon and Cornwall Peninsula 

is formed of an old massif of Palaeozoic rocks made of Devonian and 

Carboniferous sediments, folded from the south at the end of Carboniferous 

period.  The sediments that metamorphosed under pressure now form the 

southward dipping sandstones and slates of the Exmoor upland (Findlay, 1984).  

The lowlands are formed of more recent Mesozoic and Tertiary strata and 

Quaternary deposits.  The underlying geology shapes the landscape, with the 

highest ground in the west (up to 621 m a.s.l. on Dartmoor and 521 m a.s.l. on 

Exmoor) coinciding with the hard rocks of older formations (Met Office, 2011). 

 

The mild and wet maritime climate of the south-west peninsula is influenced by 

the surrounding sea (Met Office, 2011).  The 9ºC range between the mean 

monthly temperature of the warmest and coldest months is narrower than in 

most of the UK and the mean annual rainfall is higher than in the east of the 

country, ranging between 644-2,584 mm yr-1, being influenced by altitude, 

aspect and the proximity to the sea (Findlay, 1984, Met Office, 2011).  

Agriculture accounts for up over 70 % of rural land use within the region, with 

the rest covered by semi-natural vegetation such as woodland, moorland and 

coastal habitats (Findlay, 1984).  The high average rainfall facilitates grass 

growth and dairy farming is well established within the region, particularly in 

lower lying areas (Findlay, 1984).  On higher ground, sheep and beef rearing is 

prevalent. 

 

The two contrasting research catchments represent a geological, climatic and 

land use gradient typical of south-west England, from semi-natural vegetation 

on the high ground in Horner Water to intensive agricultural land use near sea 

level in the Aller vale.  The close proximity of these two study catchments allows 

to compare the effects of contrasting land use and to evaluate a range of land 

use mitigation measures on water quality.  A detailed characterisation of the 
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geology, soils, climate and land use in the two study catchments is provided in 

Chapter 3. 

 

Specifically, the following questions are addressed in this thesis: 

 

Chapter 3  

 How does the spatial variability of key soil properties vary between the 

two contrasting study catchments and what are the implications for water 

quality and mitigation of poor water quality? 

 

Chapter 4  

 What are the current rates of fluvial carbon export in terms of dissolved 

organic and particulate carbon from the two catchments and how do they 

relate to soils, prevailing land use and habitat mitigation? 

 

Chapter 5  

 Can the new pressure-specific invertebrate index PSI act as a tool for 

determining ecologically relevant water quality sedimentation targets? 

 

 

Chapter 6  

 How does upland ditch restoration impact on the chemical and biological 

indicators of water quality in three headwater tributaries of Horner 

Water? 

 Are the proposed mitigation measures in the lowland Aller catchment 

likely to deliver water quality improvements at a catchment scale? 

 

Chapter 7  

 Summarises the key findings across the four results chapters and 

addresses the overall question: How effective can an ecosystem 

management approach to deliver water quality objectives be? 
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Additional figures and tables that would normally accompany a journal 

manuscript as supplementary information are presented in the Appendix.  

Where they are referred to in the text, the page number is given in parentheses.  
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Chapter 3 

 

QUANTIFYING THE SPATIAL VARIABILITY OF SOIL PHYSICAL 

AND CHEMICAL PROPERTIES IN RELATION TO MITIGATION 

OF DIFFUSE WATER POLLUTION 

 

I. ABSTRACT 

 

Understanding spatial variability of soil properties in relation to land use impacts 

is essential for targeting and evaluating the effectiveness of measures taken to 

address the impact of diffuse water pollution from agriculture.  However, despite 

the growing emphasis on integrated catchment-scale implementation of land 

use mitigation measures, baseline, landscape-scale evaluation of the spatial 

variability of key soil nutrients is scarce.  This study employs a high resolution 

geostatistical approach to characterise the spatial variability of soil bulk density, 

total soil carbon (TC), nitrogen (TN), phosphorus (TP) and δ15N in two study 

catchments with contrasting land use (agricultural Aller and semi-natural Horner 

Water) that are subject to targeted management interventions to reduce flood 

risk and improve water quality.  The spatial dependence of all soil properties, 

except for bulk density and δ15N, was stronger in the agricultural than the semi-

natural catchment (nugget:sill ratio 0.10-0.42 in the Aller and 0.15-0.94 in 

Horner Water).  Further, bulk density, TP, inorganic phosphorus (IP), organic 

phosphorus (OP), C:N ratio, δ15N and carbon storage showed a longer range of 

spatial auto-correlation in the agricultural catchment (2,807-3,191 m in the Aller 

and 545-2,599 m Horner Water).  The central tendency (mean, median) of all 

soil properties, except for IP and δ15N, also differed significantly between the 

two catchments (P < 0.01).  The correlations between different soil properties 

helped to elucidate the mechanisms that may be responsible for the observed 

differences, while the kriged surfaces of soil variables identified likely critical 

source areas for targeting of land management interventions to improve water 

quality.  An improved understanding of the implications of the links between the 

observed homogenisation of soil properties in the agricultural catchment and 

the ecological status of associated freshwaters is needed.  A comparison with 
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the nationally available NSRI soil survey dataset shows that both the detailed 

geostatistical approach and the national dataset produce comparable estimates 

of soil C (NSRI mean C stock 146 t, geostatistical survey 132-168 t) and TP 

stocks (NSRI TP stock 0.5-2.4 t, geostatistical survey 1.13-1.48 t) in the top 5 

cm of soil profile in two study catchments. However, the national dataset 

underestimates the spatial variability of (i) soil bulk density and C content in clay 

soils under semi-natural land use and (ii) loamy soils under arable crops, while 

it overestimates the spatial variability of (iii) C content in peat under permanent 

pasture.  As the restoration of soil spatial heterogeneity may take several 

decades, a high resolution geostatistical approach should be included in the 

future design of catchment-scale monitoring schemes to inform catchment 

management strategies and elucidate the time frame over which landscape 

scale improvements in soil properties and corresponding ecosystem services 

can be achieved. 

 

II. INTRODUCTION 

 

Characterising the spatial variability of soil properties is essential for the 

understanding of the effects of land management on soil function and 

associated ecosystem services including those involving water quality, carbon 

sequestration and biodiversity (Cambardella et al., 1994, Ettema and Wardle, 

2002, Goovaerts, 1998, Stutter et al., 2009).  In addition, understanding the 

heterogeneity of the soil resource is necessary for an effective design of 

experimental sampling (Oliver and Webster, 1991) and evaluation of the 

effectiveness of diffuse pollution mitigation measures to protect receiving 

surface waters (Rivero et al., 2007, Peukert et al., 2012).  However, few studies 

describe spatial variability of multiple soil properties and their inter-relationships 

at a landscape scale (Paz-Gonzalez et al., 2000, Bruland et al., 2006, Rivero et 

al., 2007, Stutter et al., 2009, Liu et al., 2012), despite the growing need to 

assess the catchment scale effectiveness of soil management measures 

designed to mitigate diffuse water pollution from agriculture.  Herein, it is argued 

that understanding the variability of soil properties at a landscape scale will 

inform the prioritisation of areas for restoration and management (Bruland et al., 

2006) and as such is a useful tool to aid soil use and management decision-

making. 
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As soil is a continuum, its spatial properties have to be auto-correlated at a 

certain scale (Oliver and Webster, 1991) and hence any quantitative analysis of 

soil properties has to take into account the spatial coordinates of the 

observations (Goovaerts, 1998).  Geostatistics allows the quantification of the 

degree of spatial auto-correlation between environmental properties and uses it 

for prediction of values at unmeasured locations (Oliver and Webster, 1991, 

Webster and Oliver, 2001), enabling the quantification of the scales of spatial 

variability (Stutter et al., 2009) and facilitating a better understanding of the 

mechanisms and processes that control spatial patterns (Goovaerts, 1998). 

 

Nutrient content, distribution and supply have a profound influence on the 

functioning of ecosystems (Fraterrigo et al., 2005).  The role of increased P and 

N loading in causing eutrophication of freshwaters is widely accepted 

(Pierzynski et al., 2000, Wang et al., 2009), while alterations to the terrestrial-

aquatic linkages in DOC  dynamics are likely to have multiple effects due to its 

wide-ranging role in the functioning of aquatic ecosystems (Stanley et al., 

2011).  Intensive land use has persistent effects on soil properties, including 

bulk density (Fraterrigo et al., 2005) and soil organic matter (Bradford et al., 

2008).  Tillage and addition of inorganic P and N accelerate the decomposition 

of organic matter (Bradford et al., 2008, Brady and Weil, 1999, Zhang et al., 

2012), resulting in the alteration of soil physical, chemical and biological 

properties (Brady and Weil, 1999, Senbayram et al., 2008).  However, land 

management has long-term effects on the spatial heterogeneity of soil 

resources that may not be detectable when averaged values are compared 

between sites and soil types (Fraterrigo et al., 2005).  Whilst agricultural land 

use has been shown to reduce the spatial variability of soil properties through 

cultivation, fertilizer application and grazing (Paz-Gonzalez et al., 2000, Gilliam 

and Dick, 2010, Li et al., 2010), the natural spatial distribution of physical and 

chemical soil properties in temperate upland moorland soils other than histosols 

is less understood (Stutter et al., 2009). 

 

Further research is needed to quantify alterations in soil spatial variability 

resulting from changes in land use (Li et al., 2010) in order to aid accurate 

estimation of nutrient budgets and cycling rates (Fraterrigo et al., 2005, Stutter 
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et al., 2009) and to aid in the identification of possible ‘critical source areas’ of 

pollution to aquatic ecosystems. 

 

With these findings in mind, this study takes a high resolution, catchment-scale 

and geostatistical approach to characterise the baseline spatial distribution of 

the macronutrients; C, N and P to identify possible sources of nutrient pollution 

and support evaluation of diffuse water pollution mitigation schemes.  In 

addition, soil bulk density is quantified as it has a profound influence on soil 

hydrological properties (Batey and McKenzie, 2006, Price et al., 2010), while 

the C:N ratio and δ15N enrichment ratio elucidate the rates of soil organic matter 

turnover (Brady and Weil, 1999, Kuzyakov et al., 2000).  The research focuses 

on two neighbouring catchments with contrasting land use that are subject to 

targeted land management interventions in order to alleviate flood risk and 

reduce diffuse water pollution. The upland catchment is dominated by semi-

natural moorland and woodland habitats, while the lowland catchment has more 

intensive agricultural management.  It is hypothesised that the spatial variability 

and the central tendencies (median, mean) of soil properties in the two study 

catchments with contrasting land use will differ, and that a high resolution 

geostatistical approach is needed to provide a sound baseline for monitoring of 

the effects of land-use changes and the assessment of nutrient stocks. 

 

Specifically, this Chapter aims to: 

1. Characterise and compare the catchment-scale spatial variability and 

central tendencies of soil properties, including bulk density, total C (TC), 

total N (TN), total P (TP) and the stable N isotope ratio (δ15N) between 

two contrasting study catchments; 

2. Elucidate possible mechanisms controlling the observed spatial variation; 

3. Provide a baseline for monitoring the effectiveness of land management 

interventions to mitigate diffuse water pollution from agriculture at a 

catchment scale; 

4. Compare the characterisation of spatial variability and nutrient stocks (C 

and P) using the detailed geostatistical approach and mean values from 

a national dataset. 
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III. Methods 

 

A. Study site 

 

The two study catchments Aller and Horner Water are located in south-west 

England on the north-east edge of Exmoor National Park (51o11’52N  

3o34’41W) (Fig. 3.1).  The Aller catchment covers 17.6 km2 with an altitude 

range of 4-425 m above sea level.  Horner Water catchment covers 22 km2 with 

an altitude range 20-516 m above sea level. 

The 30-year average annual rainfall for the period 1961-1990 for Horner Water 

catchment is 1,489 mm and for the Aller it is 1,056 mm (Spackman, 1993).  The 

average annual temperature for the two catchments is 11-12°C (MetOffice, 

2011). 

 

Fig. 3.1 The study site showing the Aller and Horner Water catchments and the 
joint catchment outlet. 

 
The solid geology of both catchments is Devonian red sandstone of the 

Hangman Grits Formation on the higher ground with Triassic mudstone and 

breccia at lower altitude in the Aller catchment (Fig. 3.2, p. 202). The superficial 



61 

 

geology of Aller Vale is mostly dominated by Quaternary river terrace deposits, 

alluvium, silt, sand and gravel (BGS 1:50,000 bedrock and superficial geology 

maps).  

 

In both study catchments, the soils are predominantly loamy brown earths and 

podzols.  In addition, clayey calcareous and argillic pelosols are present in the 

lowest lying area of the Aller catchment, while peaty-topped loamy 

stagnopodzols and stagnohumic gley soils are found on the highest ground of 

Horner Water catchment (National Soil Map 1:250,000) (Fig. 3.3, p. 202).  Fig. 

3.4 (p. 203) shows the dominant Hydrology of Soil Types (HOST) classes 

(Boorman et al., 1995) within the two study catchments.  Both study catchments 

predominantly support permeable soils, with the exception of HOST type 21 

over clay soils in the Aller catchment, with a propensity for short seasonal 

saturation and generation of overland flow.  Similarly, HOST types 15 & 26 in 

the upper reaches of the Horner Water catchment represent peaty soils with a 

propensity for saturation excess overland flow. 

 

Land use in the Aller catchment is dominated by livestock rearing, primarily 

sheep, with a smaller number of cattle and ponies.  The upper tributaries 

originate in unimproved heathland and permanent, semi-improved grassland 

(Fig. 3.5, p. 203).  Most of the pastures are improved, with the exception of the 

steepest ground. Livestock are fed on home-grown hay or silage from short-

rotation leys, on roots and imported concentrates.  Arable land is rotated 

between short-term grass leys, winter wheat/spring barley, roots and peas.  

Maize is only grown at the eastern end of the catchment.  No slurry is applied 

and soil fertility is maintained by farm-yard manure applications and inorganic 

NPK fertilisers, typically applied in the spring before the start of the growing 

season. 

 

The Horner Water catchment is designated as a Site of Special Scientific 

Interest (SSSI) and a Special Area of Conservation (SAC) under the European 

Union Habitats Directive 1992 92/43/EC (JNCC, 2006) for its Western Sessile 

Oak Wood and Atlantic Heath interest (Fig. 3.6, p. 204).  Semi-natural 

vegetation predominates and agricultural land use is mostly extensive livestock 
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grazing, with limited arable farming on the flat plateaux in the upper reaches of 

the main tributary in the west of the catchment. 

 

Environment Agency monthly water quality data for the years 2000-2010 (Table 

3.1) show concentrations below the current drinking water quality standard for 

total oxidised N (TON) of 50 mg L-1 (Leeson et al., 2003) but above levels of 

0.5-1 mg N L-1 (2.21 – 4.43 mg L-1 as TON) associated with eutrophication in 

rivers (Hilton, 2006, Pierzynski et al., 2000).  Long-term mean monthly 

orthophosphate levels in both rivers are below the current good ecological 

status standard of 40 µg L-1 for Horner Water and 120 µg L-1 for Aller (UK TAG, 

2012).  The suspended sediment concentrations in both rivers are below the 

Freshwater Fish Directive Guideline Standard for suspended solids of annual 

mean of 25 mg L-1 (UK TAG, 2008). 

 

Under the EU Water Framework Directive, the Environment Agency has 

classified the Ecological Status of the River Aller as ‘moderate’, on account of 

its macrophyte status, whilst Horner Water has been classified as ‘good’ (P. 

Grigorey, pers. comm. 22nd July 2013). 

 

EA Monthly Water Quality 

sampling 2000-2010 

SS 

(mg L
-1

) 

DRP 

(mg L
-1

) 

TON 

(mg L
-1

) 

pH TON in 

groundwater* 

(mg L
-1

) 

Aller  20.08 

(3 - 1,290) 

0.05 

(0.01) 

11.73 

(1.95) 

7.98 

(0.26) 

2.68 

(0.90) 

Horner Water  11.67 0.03 5.09 7.77 - 

 (3 - 726) (0.01) (3.23) (0.30) - 

Table 3.1 Mean monthly values and standard deviation (in brackets) for key 
water quality variables in Rivers Aller and Horner Water, EA 2000-2010.  SS 
data were not normally distributed, therefore minimum and maximum values are 
given instead of standard deviation.  SS – suspended solids, DRP – reactive 
soluble P, TON – total oxidised N.  * Groundwater data is available from a 
private borehole in the upper reaches of the Aller catchment between 2003-
2009, measured twice per year. 
 

B. Field sampling and laboratory analysis 

 

A combined strategy of stratified spatially distributed soil sampling was applied 

to allow for the requirements of both classical statistics and geostatistics.  The 
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soils described are the lead series of the soil associations found in the two 

catchments according to the National Soil  Map (Soil Survey of England and 

Wales, 1983); in this study, soils have been grouped into three broad texture 

categories of clay, loam and peat (having a peaty topsoil) (Findlay et al., 1984) 

(Table 3.2). Four land use categories were defined: arable and grass ley, 

permanent pasture, moorland and woodland.  In each catchment, twelve 

random sampling points were identified within each soil type and land use 

combination, using ArcGIS 9.3.1. (ESRI, Redlands, CA, USA), with a minimum 

distance of 50 m between individual samples.  A total of 205 soil samples were 

collected in July and September 2010 in the Aller and Horner Water 

catchments, giving an overall sampling density of 5.18 samples km-2.  Sampling 

density in the Aller catchment was 6.31 samples km-2 and in the Horner Water 

catchment 4.27 samples km-2, which compares favourably with published 

studies that quantify spatial variability of soil properties at a landscape scale.  

For example, Bruland et al. (2006) used average sampling density 0.16 

samples km-2 and Rivero et al. (2007) 0.27 samples km-2.  The greater sampling 

density in the Aller catchment was due to a greater diversity of soil-land use 

combination categories.  Samples were taken to 5 cm depth to characterise the 

‘active’ surface soil properties subject to overland flow, using plastic rings with a 

10 cm diameter (volume of 408.56 cm3).  Random points were located in the 

field using Garmin GPS device with 10 m accuracy.  Allocation to land use 

categories was checked in the field and corrected, if necessary, to ensure that 

each point was appropriately located in terms of local, contemporary land use.  

The distribution of sampling points is shown in Fig.3.7. 

 

Soil category Soil series Soil group 
(Avery, 1980) 

FAO (1993) USDA (1999) 

Clay Evesham 4.1 Calcareous 
pelosols 

Calcic 
cambisols 

Haplaquepts 

 Worcester 4.3 Argillic pelosols Orthic luvisols Hapludalfs 

Loam Crediton, Milford, 
Newnham, 
Rivington, 
Wigton Moor 

5.4 Brown earths Dystric 
cambisols 

Dystrochrepts 

 Larkbarrow 6.3 Podzols Placic podzols Orthods 

Peat Lydcott 6.5 Stagnopodzols Placic podzols Aquods 

 Wilcocks 7.2 Stagnohumic 
gley soils 

Humic gleysols Humaquepts 

Table 3.2 The allocation of soil series in the study to sampling categories. 
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Fig. 3.7 Distribution of random soil sampling points stratified by soil type and 
land use. 
 

The samples were weighed, oven dried at 45°C until constant weight and re-

weighed in the laboratory to determine wet and dry weight. They were then 

passed through a 2 mm sieve to remove stones and vegetative matter before 

being milled and analysed for TC, TN and TP. 

 

Bulk density was calculated as: 

BD = s/v 

where BD is the bulk density of the soil (g cm-3), s is the mass of dry soil (g) and 

v is the volume of the sampling tin (cm3). 

 

For TC, TN and δ15N analysis the soil was finely ground and then analysed on 

an elemental analyser (NA2000, Carlo Erba Instruments, Milan, Italy) linked to a 

SerCon 20-22 isotope ratio mass spectrometer (SerCon Ltd., Crewe, UK) at 

Rothamsted Research – North Wyke.  Total phosphorus (TP) content was 

determined using sulphuric acid extraction method by Saunders and Williams 

(1955), which also allows calculation of the organic (OP) and inorganic (IP) 

Eq. 3.1 
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phosphorus fraction. In both analyses, reference standards were used for 

analytical quality control purposes.    

 

C. Statistical analysis 

 

Geostatistical analysis was conducted to elucidate the spatial patterns of soil 

variability within the two study catchments.  Omni-directional experimental 

semivariograms that quantify the dissimilarity γ(h) between observations as a 

function of the separation distance h were computed in ArcGIS 9.3.1 (ESRI, 

Redlands, CA, USA) as half the average squared difference between the 

components of every data pair: 

 

γ (h) =½ N(h) ∑ [z(uα - z(uα + h)]
2
   

 

    
where N(h) is the number of data pairs for a given distance and z(uα) denotes a 

set of soil variable values (Goovaerts, 1998).  

 

Fig. 3.8 Generalised semivariogram and key features.  Source: Anderson and 
Kuhn (2008) 
 
 
Sill variance is the maximum value that the variogram reaches after the initial 

increase (Fig. 3.8).  It depicts the total variance of the process.  The range is the 

distance at which the variogram reaches the sill and beyond which the process 

is no longer spatially dependent.  The nugget is the variance at lag distance 0 

and represents a combination of measurement error and variation over 

distances less than the shortest sampling interval (Webster and Oliver, 2001).  

^ 

(α=1)  

N (h)  

Eq. 3.2 

 

 

 

This image has been removed by the author of this thesis for copyright 

reasons 
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High nugget variance indicates a high, unquantified, fine-scale variability as well 

as measurement error, while high sill values indicate that soil properties are 

more heterogeneous (Bruland et al., 2006).  The ratio of nugget to sill variance 

can be used as a measure of the strength of spatial correlation, whereby a ratio 

of < 0.25 depicts strong, 0.25-0.75 medium and > 0.75 weak degree of spatial 

auto-correlation (Cambardella et al., 1994). 

 

Semivariogram sensitivity to different parameters and properties (eg. lag size, 

number of lags, trend and anisotropy) was tested and the optimal set of 

parameters was chosen based on the physical knowledge of the area and the 

plausibility of the model output (Goovaerts, 1998).  To enable fair comparison 

between the two study catchments, the lag size was standardised at 200 m or 

the average distance between sampling points across the two study catchments 

(Webster and Oliver, 2001).  The number of lags was chosen so as to give a 

semivariogram extent of approximately half the distance between the furthest 

sampling points within the study area.  Point measurements of soil variables 

were extrapolated to un-measured locations by fitting generalised least-squares 

regression algorithms to the experimental semivariogram (Oliver and Webster, 

1991) in ArcGIS 9.3.1.  The best fitting model was selected on the basis of 

cross-validation as outlined by Webster and Oliver (2001) whereby the mean 

error should be 0, mean square error should be small and mean squared 

deviation ratio should be as close to 1 as possible.  Spatial variability was 

visualised using simple kriging with declustering as sampling points were not 

evenly distributed.  Prior to geostatistical analysis, all data were standardized 

using normal score transformation to allow comparison of model parameters 

between variables with different units (Peukert et al., 2012). 

 

Exploratory data analysis using the Kolmogorov-Smirnov test showed that most 

soil properties were not normally distributed, with the exception of TP, OP and 

IP, the latter following log transformation.  Therefore with the exception of P, 

data for all variables was analysed using non-parametric statistics, as normality 

could not be achieved through any transformation. Differences in soil properties 

between the two catchments, soil types and land uses were examined using the 

Mann-Whitney U test and Kruskal-Wallis H test.  For all three P variables, t-test 

and one-way Anova were applied.  Spearman rank correlation was used to 
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examine the relationship between different soil properties.  All statistical 

analyses were carried out in IBM SPSS v.19 (IBM Armonk, New York, USA) 

and MS Excel 2007 (Microsoft Corporation, Redmond, USA).  

 
Calculation of 95 % confidence limits for the ratio of two standard deviations 

(calculated as square root of the nugget:sill ratio) (Davies, 1967) was used to 

compare the variability of soil properties between the two study catchments.  

The same test was used to compare the variability of bulk density, soil C and 

TP between this dataset and the UK National Soil Research Institute (NSRI) 

data (NSRI, 2012).  The NSRI dataset provides a single value for bulk density 

and soil organic carbon content for each combination of soil series and arable, 

grass ley, permanent grassland and “other” land uses, respectively.  As the 

NSRI data does not provide any values of soil bulk density and organic C for the 

two peaty soil series (Lydcott and Wilcocks) in arable land use, the available 

values for permanent grassland for these soil series were used.  Conversely, 

the NSRI data set provides a single mean, minimum and maximum value of TP 

content for each soil series, irrespective of land use.  Minimum and maximum 

estimates of soil C and TP stocks from the geostatistical survey were calculated 

as minStock=∑minStorage*a and maxStock=∑maxStorage*a, where minStock 

and maxStock are sums of the lowest and highest estimates of C and P stocks 

in all classes presented on the krigged surface maps (in t and kg, respectively); 

minStorage and maxStorage are minimum and maximum estimates in g cm-2 

within each class and a is the area of each class in cm2. 

 

Soil C stock from the NSRI dataset was calculated in tonnes as: 

 

Cstock = ∑(C*BD*d*a/1,000,000)   

      

where C is % carbon, BD is bulk density in g cm-3, d is soil depth of 5 cm, a is 

the area in cm2 and n is the number of available NSRI values for different soil 

series/land use combinations.  TP stock from the NSRI dataset was calculated 

in kg as: 

 

TPstock = ∑(TP*BD*d*a/1,000,000)   

 

(n=1)  

34  

Eq. 3.3 

(n=1)  

10  

Eq. 3.4 
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where TP is soil P content in mg kg-1, BD is bulk density in g cm-3, d is soil 

depth of 5 cm, a is the area in cm2 and n is the number of soil series.  Three 

separate estimates of TP stocks were made using the mean, minimum and 

maximum TP values available in the NSRI data set for each soil series. 

 

IV. RESULTS 

 
A. Characterisation of soil properties in the two contrasting study 

catchments 

 

The spatial interpolation of soil properties in the two study catchments is 

visualised in Fig. 3.9.  Table 3.3 summarises the parameters of the fitted 

theoretical semivariograms within the two study catchments (Figs. 3.10-3.12, 

pp. 206-210).  The results show a stronger degree of spatial dependence of soil 

properties in the Aller than in the Horner Water catchment, with all soil 

properties, except for bulk density and δ15N having a significantly lower 

nugget:sill ratio (Table 3.3). Bulk density, TP, IP, OP, C:N ratio, δ15N and 

carbon storage showed a longer range of spatial auto-correlation in the Aller 

catchment than in Horner Water. The exponential model provided the best 

estimate of spatial variability for six variables in the Aller catchment but only one 

variable (IP) in the Horner Water catchment. 

 

In the Aller catchment, the theoretical semivariograms for seven out of the 10 

variables do not reach a sill within the extent of the empirical semi-variogram, 

however they still show strong spatial dependence.  In the Horner Water 

catchment, the semi-variograms for all variables show shorter ranges than in 

the Aller catchment, with the exception of TN, TC and N storage, which do not 

reach a sill within the extent of the empirical semivariogram (Table 3.3). 

 

Median soil bulk density, TC, TN, C:N ratio, C storage, N storage, TP and OP 

differed significantly between the two study catchments.  Median soil IP content 

and δ15N did not differ significantly between the two study catchments (Table 

3.4). 
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Fig. 3.9 Kriged surfaces for soil properties broadly reflect the land use and soil 
types in the two study catchments. TC – total carbon, TN – total nitrogen, TP – 
total phosphorus, OP – organic phosphorus, IP – inorganic phosphorus, δ15N – 
stable N isotope.
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Soil parameter nugget range sill nugget:sill dependence model lag 

Aller 
       Bulk density 0.31 2806.96 1.08 0.29 medium spher 200x16 

TN 0.26 3190.61 1.11 0.24 strong exp 
 TC 0.22 2891.27 1.19 0.19 strong spher 
 C:N ratio 0.12 3190.61 1.29 0.10 strong spher 
 TP 0.21 3190.61 1.18 0.18 strong exp 
 IP 0.50 2940.90 1.19 0.42 medium spher 
 OP 0.32 3190.61 1.17 0.28 medium exp 
 δ

15
N

 
0.15 3190.61 1.31 0.11 strong exp 

 C storage 0.26 3190.61 1.09 0.24 strong exp 
 N storage 0.40 3190.61 1.03 0.39 medium exp 
 

        Horner 
       Bulk density 0.36 1173.47 0.98 0.37 medium spher 200x16 

TN 0.59 3190.61 0.97 0.61 medium spher 
 TC 0.52 3190.61 0.98 0.53 medium spher 
 C:N ratio 0.73 2599.01 1.03 0.71 medium spher 
 TP 1.02 2071.27 1.08 0.94 weak spher 
 IP 0.75 545.33 1.14 0.66 medium exp 
 OP 0.91 2080.29 1.08 0.84 weak spher 
 δ

15
N

 
0.15 1216.07 0.96 0.15 strong spher 

 C storage 0.49 1041.44 1.02 0.47 medium spher 
 N storage 0.90 3190.61 1.14 0.79 weak spher 
 

Table 3.3 Summary of geostatistical analysis in the two study catchments. 
Properties with significantly different nugget:sill ratios are highlighted in bold (P 
< 0.05).  TC – total carbon, TN – total nitrogen, TP – total phosphorus, IP – 
inorganic phosphorus, OP – organic phosphorus, δ15N – stable N isotope.  
Units: bulk density g cm-3, C %, N %, total P mg kg-1, IP mg kg-1, OP mg kg-1, δ 
15N ‰, C storage g cm-2, N storage g cm-2. 
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Aller Horner 

  Mean SD CV % Median N Mean SD CV % Median N P < 

Bulk density 
(g cm

-3
) 

0.87 0.37 42.94 0.97 110 0.71 0.37 51.23 0.81 94 0.002 

TC (%) 13.91 14.83 106.63 6.06 111 19.05 16.04 84.22 11.73 94 0.001 

TN (%) 0.80 0.60 74.85 0.56 111 1.05 0.63 59.36 0.88 94 0.001 

C:N ratio 14.21 6.44 45.29 11.58 111 15.70 5.75 36.59 14.51 94 0.009 

δ
15

N
 
(‰) 3.35 2.61 77.86 3.01 111 2.83 2.74 96.83 3.45 93 ns 

TP (mg kg
-1

) 764.36 317.35 41.52 763.35 111 911.49 308.22 33.81 872.26 94 0.001 

IP (mg kg
-1

) 235.65 231.22 98.12 161.36 111 245.74 188.81 76.84 190.58 94 ns 

OP (mg kg
-1

) 528.95 185.55 35.08 511.46 111 665.81 201.30 30.23 657.01 94 0.001 

C storage (g cm
-2

) 0.36 0.25 68.89 0.30 110 0.44 0.19 42.85 0.43 93 0.001 

N storage (g cm
-2

) 0.02 0.01 46.26 0.02 110 0.03 0.01 36.87 0.03 93 0.004 

 
Table 3.4 Summary statistics and significant differences in the measured soil properties between the two study catchments, 
Mann-Whitney U test and t-test for TP, IP and OP variables.  TC – total carbon, TN – total nitrogen, TP – total phosphorus, IP 
– inorganic phosphorus, OP – organic phosphorus, δ15N – stable N isotope.   
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B. Possible mechanisms controlling the observed spatial variation 

 

In both catchments, bulk density was strongly, negatively correlated with TC, 

TN, C:N ratio and C storage and strongly positively correlated with δ15N (Table 

3.5), which was also apparent from the mapped patterns of soil properties (Fig. 

3.9).   

 

Spatial distribution of TP, OP and IP in the study area followed a different 

pattern to the above variables.  In the Aller catchment, TP and IP were weakly 

to moderately positively correlated with soil bulk density and negatively 

correlated with soil TC and C storage.  Inorganic P was negatively correlated 

with N.  Total P was strongly positively correlated with IP and OP but the latter 

two variables are only weakly positively correlated to each other.  Carbon 

storage was strongly negatively correlated with δ15N.  Bulk density was weakly 

negatively correlated with N storage (Table 3.5).  In contrast, in the Horner 

Water catchment bulk density and N storage were moderately positively 

correlated.  Nitrogen storage was also weakly negatively correlated with C:N 

ratio and weakly positively correlated with TP (Table 3.5). 

 

All soil properties differed significantly between the 12 combinations of soil type 

and land use treatments (P < 0.001) (Table 3.6).  Mean TC, TN and C:N ratio 

increased in the order arable < pasture < woodland < moorland while the 

pattern for soil bulk density was reversed.  For TP the pattern was more 

complex but arable land use and permanent pasture contained the highest TP 

levels on all soil types. 
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 Bulk density 

(g cm
-3

) 

TC 

(%) 

TN 

(%) 

C:N ratio TP 

(mg kg
-1)

 

IP 

(mg kg
-1)

 

OP 

(mg kg
-1)

 

δ
15

N 

‰ 

C storage 

(g cm
-2

) 

Aller          

TC % -.888
**
         

TN % -.862
**
 .966

**
        

C:N ratio -.773
**
 .868

**
 .746

**
       

TP .206
*
 -.254

**
  -.532

**
      

IP .312
**
 -.345

**
 -.253

**
 -.503

**
 .779

**
     

OP    -.287
**
 .756

**
 .284

**
    

δ
15

N .665
**
 -.747

**
 -.655

**
 -.860

**
 .557

**
 .534

**
 .280

**
   

C storage -.683
**
 .912

**
 .885

**
 .796

**
 -.265

**
 -.324

**
  -.664

**
  

N storage -.195
*
 .447

**
 .538

**
    .322

**
  .670

**
 

          

Horner          

TC % -.844**         

TN % -.799** .959**        

C:N ratio -.813** .888** .752**       

TP    -.393**      

IP    -.234* .752**     

OP    -.380** .836** .329**    

δ
15

N .644** -.687** -.629** -.638** .294**  .256*   

C storage  -.313** .714** .719** .568**    -.373**  

N storage .380**   -.255* .237*  .386**  .624** 

Table 3.5 Spearman correlation coefficients for measured soil properties. Only significant relationships are shown. ** P < 0.01, * P < 0.05.  
TC – total carbon, TN – total nitrogen, TP – total phosphorus, IP – inorganic phosphorus, OP – organic phosphorus, δ15N – stable N 
isotope.
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Soil 
type 

Land use Bulk 

density 

(g cm
-3

) 

TC 

(%) 

TN 

(%) 

C:N 

ratio 

δ
15

N 

(‰) 

TP 

(mg kg
-1

) 

IP 

(mg kg
-1

) 

OP 

(mg kg
-1

) 

C 

storage 

(g cm
-2

) 

N 

storage 

(g cm
-2

) 

Clay Arable Mean 1.24 2.04 0.24 8.49 7.17 978.04 484.69 493.34 0.12 0.015 
CV % 8 29 24 11 9 22 52 41 24 19 
N 8 8 8 8 8 8 8 8 8 8 

Pasture Mean 1.06 4.84 0.50 9.67 5.37 981.36 334.18 647.18 0.25 0.026 
CV % 14 29 29 8 30 35 112 24 24 26 
N 17 17 17 17 17 17 17 17 17 17 

Woodland Mean 0.85 11.20 0.83 12.58 3.16 935.15 249.91 685.24 0.39 0.031 
CV % 29 76 52 20 61 19 59 13 34 34 
N 10 10 10 10 10 10 10 10 10 10 

Loam Arable Mean 1.18 3.37 0.37 9.18 5.81 957.93 364.62 593.31 0.19 0.021 
CV % 14 38 38 6 13 32 49 35 30 29 
N 21 21 21 21 21 21 21 21 21 21 

Pasture Mean 1.04 5.58 0.55 9.91 4.29 989.09 257.73 731.36 0.28 0.028 
CV % 16 37 31 11 37 24 61 23 34 28 
N 23 23 23 23 23 23 23 23 23 23 

Moorland Mean 0.58 26.09 1.29 18.77 1.82 683.62 159.11 524.98 0.52 0.029 
CV % 61 60 47 29 114 36 81 30 41 40 
N 24 24 24 24 25 24 24 24 24 24 

Woodland Mean 0.68 20.35 1.16 16.68 1.00 786.07 214.87 571.20 0.51 0.032 
CV % 44 67 53 34 152 42 85 33 42 37 
N 24 25 25 25 25 25 25 25 24 24 

Peat Arable Mean 0.99 8.72 0.62 12.76 5.11 957.17 264.76 692.40 0.42 0.030 
CV % 15 109 70 22 30 35 71 26 95 60 
N 12 13 13 13 13 14 14 14 12 12 

Pasture Mean 0.93 11.74 0.85 13.53 4.78 852.78 143.36 709.42 0.50 0.037 
CV % 21 45 35 16 26 41 161 30 32 24 
N 15 15 15 15 14 14 14 14 15 15 

Moorland Mean 0.32 35.08 1.52 23.35 0.89 750.39 248.27 502.12 0.49 0.021 
CV % 42 38 42 19 225 48 80 47 35 32 
N 24 24 24 24 23 24 24 24 24 24 

Woodland Mean 0.52 26.33 1.24 19.11 0.38 575.71 110.04 466.47 0.44 0.024 
CV % 73 68 57 30 428 39 74 42 55 55 
N 26 25 25 25 25 25 25 25 25 25 

Table 3.6 Summary statistics of the measured soil properties in different land use treatments on different soil types.  
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C. Baseline for the monitoring of the effectiveness of land 

management interventions to mitigate diffuse water pollution 

 

The kriged surfaces of soil variables showed a meaningful pattern in line with 

the physical knowledge of the study area (Fig. 3.9).  Prediction of soil properties 

to un-sampled locations estimated the highest bulk density and δ15N values for 

the most intensively managed agricultural land in the lower lying Aller 

catchment as well as the upper reaches of the Horner Water, while highest soil 

TC, TN, C:N ratio and C storage  were predicted for open moorland, and to a 

lesser extent woodland outside farm boundaries. The spatial distribution of IP 

also identified hotspots of highest soil P concentrations in areas with most 

intensive land use. 

 

D. Comparison of spatial variability and key nutrient stocks (C and 

P) using the detailed geostatistical approach and the NSRI 

dataset 

 

A comparison of mean values and variability of bulk density, soil C and TP with 

the National Soil Research Institute (NSRI) dataset for the same soil types and 

land uses shows a significantly higher variability of bulk density and soil C on 

clay in semi-natural land use and bulk density on loam in arable land use using 

the geostatistical approach, while the variability of soil C on peat in permanent 

pasture estimated from the NSRI data is greater (Table 3.7).  
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      Holnicote case study 
 

NSRI 

Soil type Land use Bulk 
density 
(g cm

-3
) 

C 
(%) 

TP 
(mg kg

-

1
) 

Bulk 
density 
(g cm

-3
) 

C 
(%) 

TP 
(mg kg

-1
) 

Clay 
 
Evesham 
Worcester 

Arable Mean 1.24 2.04 978.04 1.2 3.18 756.59 

Std. 
Deviation 

0.1 0.6 213.86 0.05 0.79 197.58 

N 8 8 8 4 4 2 

PP Mean 1.06 4.84 981.36 1.06 4.15  

Std. 
Deviation 

0.15 1.42 345.05 0.04 0.78  

N 17 17 17 2 2  

OT Mean 0.85 11.2 935.15 1.08 3.75  

Std. 
Deviation 

0.25 8.54 179.75 0.01 0.35  

N 10 10 10 2 2  

Loam 
 
Crediton 
Larkbarrow 
Milford 
Newnham 
Rivington 
Wigton 
Moor 

Arable Mean 1.18 3.37 957.93 1.26 2.79 738.4 

Std. 
Deviation 

0.17 1.29 309.68 0.05 0.77 281.18 

N 21 21 21 10 10 6 

PP Mean 1.04 5.58 989.09 1.04 5.28  

Std. 
Deviation 

0.16 2.09 235.03 0.1 2.9  

N 23 23 23 6 6  

OT Mean 0.63 23.16 735.89 1 7.8  

Std. 
Deviation 

0.33 14.85 292.88 0.2 9.42  

N 48 49 49 6 6  

Peat 
 
Lydcott 
Wilcocks 

Arable Mean 0.99 8.72 957.17    

Std. 
Deviation 

0.15 9.53 331.12    

N 12 13 14    

PP Mean 0.93 11.74 852.78 0.76 16.1  

Std. 
Deviation 

0.2 5.28 350.35 0.23 12.3  

N 15 15 14 2 2  

OT Mean 0.43 30.62 661.27 0.33 32.1
5 

774.46 

Std. 
Deviation 

0.3 16.39 308.35 0.01 6.86 214.66 

N 50 49 49 2 2 2 

 
Table 3.7 Comparison of the variability of selected soil properties recorded in 
this study with the NSRI data.  NSRI dataset presents one average value for 
each combination of soil type and land use treatment, where available, except 
for TP where values are independent of land use. Significantly different 
standard deviations, and hence variability, are highlighted (P < 0.05). 
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The mapped mean values of key soil properties available from the NSRI dataset 

show a more uniform spatial distribution with abrupt class boundaries, as 

compared to those derived from the detailed geostatistical approach (Fig. 3.13). 

 

Fig. 3.13 Mapped mean values of soil properties in soil series under different 
land uses available from the NSRI dataset show a more uniform spatial 
distribution of soil properties at a catchment scale, with abrupt class boundaries.  
The white gaps represent built-up areas and a reservoir. 
 
 
The calculation of C and TP stocks in the top 5 cm of the soil profile shows 

comparable values using both the high resolution geostatistical approach, and 

the average values for individual soil series (Table 3.8). 

 
 

 
C stock (t) P stock (kg) 

 
mean min max mean min max 

NSRI 146.51 - - 1.12 0.50 2.40 

Geostatistical survey - 132.35 168.01 - 1.13 1.48 

Table 3.8 Comparison of the estimated C and TP stocks in the top 5 cm of the 
soil profile within the study area, using the mean NSRI values for individual soil 
series and the high resolution geostatistical survey approach. 
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V. DISCUSSION 

 

A. Characterisation of soil properties between the two contrasting 

study catchments 

 

The stronger degree of spatial dependence and longer range of spatial auto-

correlation in the Aller catchment indicates a homogenisation of the spatial 

variability of soil properties, perhaps due to intensive agricultural land use (Paz-

Gonzalez et al., 2000, Li et al., 2010).  This spatial homogenisation effect is 

supported by the observation that seven out of the ten soil properties in the Aller 

catchment did not reach a sill within the extent of the experimental 

semivariogram, indicating that variance continued to increase without a limit at 

this plot scale (Marriott et al., 1997). 

 

Conversely, the significantly higher nugget:sill ratios in the Horner Water 

catchment, did indicate a higher degree of small-scale variation below the soil 

sampling resolution used in this study.  Similar results have been found by other 

researchers in semi-natural habitats, particularly in forest soils (Li et al., 2010, 

Worsham et al., 2010).  Furthermore, in this catchment, only three soil 

properties (TN, TC and N storage) did not reach a limit of spatial auto-

correlation.  These long-range auto-correlations may be related to landscape-

scale controls, such as climate or large continuous extent of semi-natural 

habitat, that span several soil types (Rivero et al., 2007, Stutter et al., 2009).  

Conversely, the shorter range of spatial dependence of TC in the Aller 

compared to Horner Water catchment may indicate a greater patchiness of soil 

TC distribution, possibly due to regular organic manure applications.  Li et al. 

(2010) also found that land use affected both the spatial variability and central 

tendency of soil TC, TN and C:N ratio, however, similar to this study, it also did 

not affect the spatial variability of bulk density, but only its central tendency. 

 

The exponential model provided the best estimate of spatial variability for six 

variables in the Aller catchment and only one variable (IP) in Horner Water 

catchment, indicating a difference in the underlying processes controlling spatial 

structure.  Webster and Oliver (2001) describe the spherical function as one 

representing the spatial variation of features that appear as patches of large 
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and small values, with the range of the model representing the average 

diameter of the patches, while the exponential model is deemed to describe 

processes where differences in soil type are the main source of soil variation 

and the extent of the structures is random (Webster and Oliver, 2001).  The 

greater prevalence of such random processes in the Aller catchment may be 

due to the observed homogenisation of spatial variability of soil properties and 

the effects of land use in this catchment. 

 

B. Possible mechanisms controlling the observed spatial variation  

 

Three soil properties – the bulk density, IP and δ15N, readily describe the 

degree of anthropogenic influence on soils in a catchment (Brady and Weil, 

1999, Fraterrigo et al., 2005, Bol et al., 2008).  The greater prevalence of peaty 

and forest soils with high organic matter content and low bulk density explains 

the significantly lower soil bulk density and higher TC, TN, C:N ratio, OP, C and 

N storage in the Horner Water catchment.  However, the lack of significant 

difference in IP concentration and δ15N values between the two study 

catchments is notable and suggests that, where applied, the rates of fertiliser 

input and its effect on increased organic matter turnover are similar between the 

two catchments.  

 

Organic matter has a dominant influence on many soil physical, chemical and 

biological properties, however tillage exposes sub-soil organic matter and aids 

overall C mineralisation (Brady and Weil, 1999).  Subsequently, soil with 

reduced organic matter content following such disturbances is less effective in 

promoting soil structural stability (Brady and Weil, 1999, Kechavarzi et al., 

2010), resulting in increased soil bulk density; along with the effects of trampling 

by grazing animals and compaction by farm traffic.  The addition of inorganic 

and organic fertilisers accelerates the decomposition of organic matter 

(Senbayram et al., 2008), including that of the more stable soil organic matter 

fraction (Bradford et al., 2008).  This positive ‘priming effect’ has been defined 

as “strong short-term changes in the turnover of soil organic matter caused by 

comparatively moderate treatments of the soil” (Kuzyakov et al., 2000, p. 1485).  

As the losses of inorganic N tend to increase with the rates of fertiliser 

application, soil processes continue to discriminate against the heavier δ15N 
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isotopes because of N process fractionation (Senbayram et al., 2008), leading 

to soil δ15N enrichment as a result of the greater ‘leakiness’ of the system (Bol 

et al., 2008).  Overall, the outcome of this soil N process fractionation may 

explain the observed soil δ15N enrichment on most intensively managed arable 

land.  However, it must also be noted that δ15N enrichment can also result from 

long-term application of manure.  Manure as a N source material tends to be 

enriched in δ15N compared to most soils (Riga et al., 1971, Senbayram et al., 

2008).  A combination of both process and source δ15N fractionation are likely to 

be responsible for the differences in soil δ15N enrichment observed in the Aller 

and Horner Water catchments. 

 

Reduced C:N ratios observed in the agricultural Aller catchment further favours 

higher organic matter turnover (Brady and Weil, 1999).  A study by 

Mooshammer et al. (2012) found that N mineralization and nitrification 

increased with decreasing C:N ratio.  In low C:N environments a higher 

proportion of available N is in the form of inorganic cations ammonium (NH4
+-N) 

and nitrate (NO3
--N) (Pierzynski et al., 2000).  This results in a greater pool of 

NO3
--N that is potentially available for leaching to the aquatic environment 

(Pierzynski et al., 2000), thus reducing N storage and increasing ‘leakiness’ 

from soil to water.  Long-term fertilizer addition increases N mineralization rates 

with a corresponding increase of NO3
--N production, with mineral fertilizer 

applications in particular promoting the mineralization of recalcitrant organic N 

(Zhang et al., 2012).  These processes contribute to the overall reduction of N 

storage in the Aller catchment and an increased pool of NO3
--N that is available 

for leaching into the aquatic environment, reflected in higher average monthly 

TON concentrations in this catchment (Table 3.1).  The low C:P ratio observed 

also favours mineralisation of P from organic to inorganic forms resulting in a 

surplus of IP as compared to plant requirements (Pierzynski et al., 2000).  This 

mechanism offers a plausible explanation for the positive correlation between 

TP, IP and bulk density and negative correlation with soil TC and C storage as 

well as the negative correlation between C storage and δ15N in the Aller 

catchment. 

 

Conversely, the higher C:N ratio in the Horner Water catchment suggests 

slower decomposition of organic matter due to N limitation and confirms the 
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more recalcitrant nature of soil organic matter in peaty and forested 

environments (Brady and Weil, 1999).  Such environments/ecosystems also 

promote the conversion of inorganic N to organic forms (Pierzynski et al., 2000).  

The resulting greater prevalence of organic N forms may explain the positive 

correlation between soil bulk density and N storage in this catchment, as 

organic N is not so readily lost from the soil and storage therefore increases 

with increasing bulk density. 

 

C. Baseline data to monitor the effectiveness of land management 

interventions to mitigate diffuse water pollution from agriculture 

at a catchment scale 

 

Land use has been shown to have a long-lasting, multi-decadal effect on the 

spatial variability of soil properties (Fraterrigo et al., 2005).  Undisturbed 

ecosystems are typically spatially heterogeneous (Gilliam and Dick, 2010), with 

this heterogeneity influencing the “patchiness of populations of soil organisms 

and the ecosystem processes that they carry out” (Ettema and Wardle, 2002, p. 

182), such as nutrient cycling and decomposition (Li et al., 2010).  Fromm 

(1993) found that at a farm scale, management practice and cultivation had 

more influence on the spatial distribution of soil biota than soil types.  Thus, 

landscape-scale spatial homogenisation of soil properties, and by implication of 

the soil ecosystem, is likely to have long-term implications for ecosystem 

functioning (Ettema and Wardle, 2002, Li et al., 2010).  Gilliam and Dick (2010) 

found that in pasture soil factors such as available N, organic matter, soil 

moisture, pH, calcium and magnesium, were more closely linked to plant 

variables than they were in an old abandoned field, indicating that soil physical 

and chemical properties exert a stronger control in altered ecosystems (Ettema 

and Wardle, 2002).  While linkages between the spatial heterogeneity of soil 

physical and chemical properties and terrestrial above- and below-ground 

biodiversity have been explored (Ettema and Wardle, 2002, Gilliam and Dick, 

2010), the implications of the altered spatial heterogeneity and associated soil 

processes for the ecological status of aquatic environments are unclear.  

Meanwhile, chronosequence analysis has shown that restoration of soil spatial 

heterogeneity (Boerner et al., 1998, Li et al., 2010) and soil physical and 

chemical properties (Matlack, 2009) spans decades, in contrast to the short-
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term expectations for the outcomes of measures to mitigate diffuse water 

pollution from agriculture at a landscape scale.  Hence this study lends support 

to the calls for realistic expectations for the outcomes of ecosystem 

management in terms of the timescales over which improvements to ecological 

status of terrestrial ecosystems and associated watercourses can be detected  

and for an improved understanding of complex terrestrial/freshwater linkages at 

a range of scales (Harris and Heathwaite, 2012). 

 

D. Comparison of spatial variability and key nutrient stocks (C and 

P) using the detailed geostatistical approach and the NSRI 

dataset 

 

The results suggest that the national dataset under-represented the true 

variability of: (i) soil bulk density and C content in clay soils under semi-natural 

land use and (ii) bulk density in loamy soils under arable crops.  Conversely, the 

national dataset over-estimated the variability of C content in peat under 

permanent pasture.  The national dataset clearly provided a more uniform 

visualisation of the spatial variability of bulk density, C and TP, less directly 

linked to land management impacts, than the detailed geostatistical approach.  

However, despite these differences, the calculation of C and TP stocks in the 

top 5 cm of the soil profile did generally show comparable values using the data 

from the high resolution survey approach or the average values for individual 

soil series from the national dataset.  These results seem to contradict other 

studies, which identified a need for a higher resolution of soil sampling in semi-

natural habitats because of their greater spatial variability of soil properties 

(Paz-Gonzalez et al., 2000, Li et al., 2010, Worsham et al., 2010), in order to 

characterise soil C stocks accurately; at least for the top 5 cm of the soil profile 

that is most susceptible to erosion.  However, such agreement does not 

necessarily negate the need for high resolution soil sampling (as was 

undertaken in the present study), as such studies are required to identify those 

locally impacted areas that are most likely to act as sources of surface runoff 

and diffuse water pollution. Therefore, while at these two catchment scales, 

end-users could confidently rely upon national-scale soils data to broadly 

describe the nutrient stocks across the catchment, it was not possible to map 

the detailed spatial distribution of key soil properties adequately in these 
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catchments without a high resolution sampling strategy.  Hence, for practical 

management purposes, such as the understanding of the contributing source 

areas of macronutrients, detailed geostatistically-based sampling strategy is a 

useful research tool. 

 

VI. CONCLUSIONS 

 

Geostatistical analysis allowed detailed visualisation and quantification of the 

spatial variability of soil properties in two study catchments at a landscape scale 

and provided a baseline for the comparison and evaluation of the effectiveness 

of ecosystem management in mitigating diffuse pollution from agriculture.  

Intensive land use in the agricultural catchment resulted in greater 

homogenisation and reduced variability of soil properties at a landscape scale, 

indicating large scale alterations of the ‘natural’ variability inherent in these 

ecosystems. This finding may have significant implications for the scale of land-

use changes that may be required to restore ecosystem functioning to a more 

natural state and effect desired changes to the ecological status of both 

terrestrial habitats, but also the receiving surface waters.  While the national 

dataset shows that it can be relied upon for a broad quantification of nutrient 

stocks in the two study catchments, for practical management purposes, a 

detailed geostatistical approach is required.  Geostatistical analysis should 

therefore be included in the future design of catchment scale research and 

monitoring schemes to quantify the long-term effects of mitigation programmes 

and elucidate the time frame over which landscape scale improvements in soil 

properties and corresponding ecosystem processes can be achieved. 
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Chapter 4 

 

QUANTIFYING FLUVIAL EXPORT OF SEDIMENT AND ORGANIC 

CARBON IN TWO CONTRASTING SOUTH-WEST 

CATCHMENTS: IMPLICATIONS FOR WATER QUALITY AND 

LAND MANAGEMENT 

 

I. ABSTRACT 

 

The fluvial export of organic carbon (particulate and dissolved) plays an 

important role in the transfer of organic carbon from terrestrial to aquatic 

ecosystems, with implications for the ecological status of water courses and the 

understanding of the global carbon cycle.  Many factors, such as topography, 

hydrological regime and vegetation are known to influence the fluvial export of 

dissolved organic carbon (DOC) from catchments.  However, most work to date 

has focused on DOC losses from either forested or peaty catchments, with only 

limited studies examining the controls and rates of total fluvial carbon fluxes 

from agricultural catchments, particularly during storm events. 

 

This research quantified the fluxes of total suspended sediment (SS), DOC and 

total particulate carbon (TPC) and examines the different controls on these 

fluxes in two adjacent catchments with contrasting agricultural and semi-natural 

land-use.  Results showed that the agricultural catchment exports significantly 

higher median peak event SS concentrations on a storm-by-storm basis than 

the semi-natural catchment (312 vs. 130 mg L-1, P = 0.029), although these 

exports are short-lived, as the catchment is hydrologically very responsive.  The 

semi-natural catchment displayed more attenuated hydrological behaviour, with 

longer response times (median lag from start of event to peak discharge of 885 

vs. 615 minutes, P = 0.045), higher % TPC content (21 % vs. 14 %) and higher 

DOC instantaneous fluxes (10.42 g s-1 vs. 4.14 g s-1).  Peak discharge exerted a 

greater control over peak SS, TPC and DOC concentrations in the agricultural 

than the semi-natural catchment.  During small and medium size events, peak 

discharge explained a significant amount of SS and TPC variability in the 
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agricultural catchment (R2 = 0.94 and 0.86, resp., P < 0.001), while it was not 

significantly related to these variables in the semi-natural Horner Water.  Peak 

discharge was only significantly related to peak event DOC concentrations in 

the agricultural, but not in the semi-natural catchment, during small, medium 

and extreme rainfall events (R2 = 0.44, P < 0.05).  Baseflow DOC 

concentrations in the agricultural catchment were significantly higher (P < 0.05) 

and the quality of DOC differed markedly between the two study catchments, 

with more humic, higher molecular weight compounds prevailing in the 

agricultural catchment and simpler, lower molecular weight compounds 

prevailing in the semi-natural catchment.  The greater prevalence of higher 

molecular weight compounds in the agricultural catchment may indicate 

enhanced microbial turnover of fluvial DOC and preferential mineralisation of 

simpler compounds as well as additional allochtonous terrestrial sources. 

 

During an eight month period for which a comparable continuous turbidity 

record was available, the estimated SS yields from the agricultural catchment 

(25.5-116.2 t km2) were higher than from the semi-natural catchment (21.7-57.8 

t km2).  Further, despite the lower total soil carbon pool and lower water yield, 

the agricultural catchment exported proportionally more TPC (0.51-2.59 kg mm-

1) than the semi-natural catchment (0.36-0.97 kg mm-1) and both catchments 

exported a similar amount of DOC (0.26-0.52 kg mm-1 in the Aller and 0.24-0.32 

kg mm-1 in Horner Water), when normalised by the area and total discharge.  In 

addition, the agricultural catchment supported a lower DOC:TPC ratio (0.15-

1.01) than the semi-natural catchment (0.25-10.02), indicating an enhanced 

TPC input. 

 

These results indicate that intensive agriculture may enhance the fluvial SS and 

TPC export and alter both the quantity and quality of DOC entering the fluvial 

environment, when compared with semi-natural land use.  Thus, it is argued 

that enhancing semi-natural vegetation within intensive agricultural catchments 

could increase their resilience to more extreme hydrological events, anticipated 

as a result of climate change, and reduce the losses of sediment and carbon 

from these intensively managed areas. 
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II. INTRODUCTION 

 

Human activities are currently estimated to be responsible for annual global 

carbon emissions of around 10 Gt, of which around 1.5 Gt may be a result of 

land use change (Trumper et al., 2009).  The terrestrial biosphere contains 

about three-times as much stored carbon in the soil and vegetation as the 

atmospheric carbon pool, thus a small change in the terrestrial carbon pool may 

have significant implications for atmospheric CO2 concentrations (Schuman et 

al., 2001).  The stability of natural carbon pools under changing climate is of 

major concern (Whitehead et al., 2006) and ecosystem carbon management 

must play a critical part in the global climate change mitigation effort.  

 

The fluvial export of total organic carbon (TOC), composed of dissolved (DOC) 

and particulate (POC) fractions, plays an important, yet often overlooked role in 

the loss of carbon from catchment systems. Each year streams and rivers 

transform or store nearly 2 Gt of terrestrial organic carbon, a large fraction of 

the global annual terrestrial net ecosystem production (NEP) (Battin et al., 

2008).  Whilst the total riverine organic carbon flux from UK rivers has been 

estimated to be a fairly modest amount when compared to Britain’s national 

fossil fuel emissions (less than 1% in total in 1993), it is similar in magnitude to 

the estimates of carbon sequestration by wetlands and afforestation (Hope et 

al., 1997b). 

 

DOC is thought to be the major component of fluvial TOC in most aquatic 

systems (Hope et al., 1997a, Dawson et al., 2002, Stanley et al., 2011).  It is an 

important intermediate stage in the global carbon cycle and the global flux of 

terrestrial DOC (0.25 Gt C y-1) represents the largest transfer of reduced carbon 

from the land to the ocean, with POC being estimated at 0.18 Gt C y-1 (Battin et 

al., 2008).  Critically, DOC is the ‘chemical backbone’ of aquatic ecosystems 

(Stanley et al., 2011), influencing the light regime, energy and nutrient supply, 

pH and metal toxicity in the aquatic environment (Hope et al., 1994, Wallage et 

al., 2006, Whitehead et al., 2006).  Human activities are undoubtedly altering 

DOC dynamics, but there are still significant gaps in our understanding of the 

net effects (Stanley et al., 2011), due to many counteracting soil processes and 

environmental factors (Chantigny, 2003).  Increasing DOC concentrations over 
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the past decades have been reported in rivers across Western Europe and 

North America (Evans et al., 2005), however the ecological consequences of 

these increasing concentrations are not clear (Evans et al., 2005, Stanley et al., 

2011) and are rarely assessed on a catchment scale. 

 

Since the onset of agriculture, human activities have accelerated soil erosion 

rates 10- to 100- fold above all estimated natural background levels 

(Montgomery, 2007a), resulting in an increased input of fine sediment and 

organic carbon into aquatic environments. Whilst significant amounts of 

particulate organic carbon are delivered to surface waters and re-deposited in 

the landscape through soil erosion, the ultimate fate of this carbon remains 

poorly understood (Lal et al., 2004a, Lal et al., 2004b, Van Oost et al., 2004, 

Quinton et al., 2010).  National estimates of soil carbon losses by water erosion 

suggest that rivers are either a small source of C or can act as sinks by 

deposition of alluvium (Quinton et al., 2006). 

 

Management activities that affect the degree of disturbance and rates of soil 

erosion are likely to cause an increase in the fluvial export of POC  (Hope et al., 

1997a, Dawson and Smith, 2007).  However, an improved understanding of the 

fate of eroded carbon in the landscape and the effect of soil erosion on the  

potential to fix carbon in soil is needed (Quinton et al., 2006, Quinton et al., 

2010), in order to assess the  capacity of soils to act as a carbon sink at a 

landscape scale. 

 

Many factors, including soils, topography, hydrological regime and vegetation 

are known to influence the fluvial export of carbon from catchments (Hope et al., 

1997b).  In temperate ecosystems, most of the terrestrial organic carbon is 

stored in the soil pool (Milne and Brown, 1997, Aitkenhead et al., 1999, Hope et 

al., 1997a, Hope et al., 1997b, Dawson and Smith, 2007), which has been 

found to be a good predictor of DOC in stream water, particularly in smaller 

catchments (Hope et al., 1997a, Aitkenhead et al., 1999).  Agriculture alters the 

quality of dissolved organic matter in soils (Chantigny, 2003, Graeber et al., 

2012), with a corresponding impact on the qualitative composition of fluvial 

DOC (Stanley et al., 2011).  However, to date most work has focused on fluvial 

DOC losses from either forested or peaty upland watersheds (Hope et al., 
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1997a, Dawson et al., 2002) with only limited studies examining the controls 

and rates of combined total carbon (dissolved organic and particulate) fluxes 

from agricultural catchments (Hope et al., 1994, Dawson and Smith, 2007, 

Vidon et al., 2008, Stanley et al., 2011).  So far, the direction and magnitude of 

agricultural impact on fluvial DOC dynamics in agricultural catchments is 

equivocal (Stanley et al., 2011), demonstrating the great challenge in 

understanding the effects of anthropogenic impact on DOC dynamics at 

catchment scales (Hernes et al., 2008). 

 

This study tested the hypothesis that quality and quantity of the total sediment 

and fluvial carbon export will differ between the two neighbouring study 

catchments with contrasting land use.  We hypothesised that 1) the agricultural 

Aller catchment will support increased concentrations, fluxes and yields of SS 

sediment, due to more intensive land use and higher soil bulk density and 2) the 

concentrations, fluxes and yields of TPC and DOC will be greater from the 

semi-natural Horner Water catchment, due to the prevalence of more carbon- 

rich soils and a greater total soil carbon pool. 

 

Specifically, this study aims to contribute to the understanding of total organic 

carbon dynamics in agricultural and semi-natural watersheds by: 

1. Comparing event-based hydrological characteristics of two adjacent 

study catchments with contrasting intensive agriculture and semi-natural 

land-uses; 

2. Examining the controlling factors on total fluvial carbon fluxes in both 

catchments; 

3. Examining the qualitative differences in DOC composition between the 

two study catchments; 

4. Quantifying the fluvial fluxes of total suspended sediment, total dissolved 

and total particulate carbon in the two study catchments; 

5.  Providing a database with which the implications of sediment and 

carbon loss can be assessed in terms of water quality and land 

management. 
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III. MATERIALS AND METHODS 

 

A. Study sites 

 

Two adjacent, yet contrasting, study catchments, the Aller and Horner were 

chosen as they represent a hydromorphological and land use gradient, typical 

of south west England (Findlay et al., 1984), from a high altitude semi-natural 

moorland and woodland in a steep-sided valley, to a low lying intensively 

managed agricultural catchment.  Climate, geology, soils and land use 

characteristics of the two study catchments are described in Chapter 3, Part A. 

 

B. Field sampling 

 

Rainfall data from Environment Agency weather stations (one in each 

catchment) were used in all analyses.  The location of the rainfall and water 

quality monitoring sites considered in this Chapter is shown in Fig. 4.1. 

 

DOC was sampled each month in baseflow or near-baseflow conditions at the 

two catchment outlets between 25th February 2010 and 26th November 2012.  

The samples were filtered in the field through 0.45 µm glass microfiber filters 

into acid-washed and furnaced (at 450°C for 4 hours) glass bottles with PTFE 

lids and acidified with 1M HCL to pH≈2. 

At the Aller catchment outlet (A7) stage was recorded in 15-min intervals using 

an ISCO 4230 flow meter (Teledyne Isco, Lincoln, USA) and was converted to 

discharge using stage-discharge rating equation, presented in Table 6.1 and 

Fig. 6.5.  Further details of how the rating equations were derived are provided 

in Chapter 6 as the same method was applied across all monitoring sites with a 

continuous discharge record within the two study catchments.  Horner Water 

catchment outlet monitoring point (H5) is located at the Environment Agency 

hydrometric station No.51002 Horner Water at West Luccombe (Marsh and 

Hannaford, 2008),  that provided the discharge data for this study. 

Time-integrated storm samples were collected using ISCO 3700 samplers 

(Teledyne Isco, Lincoln, USA) programmed to sample on discrete, high-
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resolution time-steps of 30 (Aller) and 60 (Horner Water) minutes respectively, 

based on analysis of the catchment hydrological response.  The samples were 

collected as soon as possible after each rainfall event (defined below), usually 

within 24 hours, and immediately transferred to a refrigerator on return to the 

laboratory where they were analysed for dissolved organic carbon (DOC), total 

suspended sediment (SS) and total particulate carbon (TPC). 

 

Fig. 4.1 The study site showing the Aller (A7) and Horner Water (H5) catchment 
outlet monitoring points and Environment Agency rain gauging stations. 

 

A continuous turbidity record was collected at the Aller catchment outlet during 

the period between July 2011 and January 2013 using a self-cleaning Analite 

195/4/30-G 400 NTU turbidity probe (McVan Instruments, Mulgrave, Australia).  

At H5, a self-cleaning turbidity sensor, the Greenspan TS3000 (Greenspan 

Analytical, Milperra, Australia, 1,000 NTU) was deployed between January 2012 

and January 2013.  

 

C. Laboratory analysis 

 

The storm samples were analysed for DOC using a UV spectrometer for 

chemical free substance analysis ProPS CW (Trios Gmbh, Rastede, Germany) 

with adjustable 10 mm path length at a spectral range of 190-360 nm as this is 

a quick and cost effective method for analysing a large number of samples 
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(Peacock et al., 2013, Sandford et al., 2010).  DOC was analysed as soon as 

possible after sample collection and always within 7 days of each event as 

storage tests identified a mean loss of 0.38 mg L-1 of DOC per day (N=16, 

SD=0.07) across the range of concentrations (Fig. 4.2, p. 211).  The samples 

were not filtered as the spectrometer is designed to work as a ‘proxy method’ 

for in-situ field measurements of DOC without filtration. 

Baseflow DOC samples were refrigerated immediately on return to the 

laboratory and were chemically analysed on a Skalar FormacsHT CA14 TOC 

Analyser (Skalar, Breda, The Netherlands) with limits of detection of 0.08 mg L-

1, as the baseflow DOC concentrations were consistently below the limits of 

detection of the Trios probe (≥3.57 mg L-1). 

Trios measurements showed a statistically significant overestimation of values 

when compared with chemical analysis (t-test, P < 0.001, N = 30, Fig. 4.3, p. 

211).  Therefore, to make the two datasets comparable, Trios values were 

recalculated for each catchment using a linear regression of Trios vs. chemical 

DOC concentration in unfiltered stormflow samples from a single rainfall event 

that represented the full range of DOC concentrations recorded during the 

period of study (Aller R2 = 0.95, N = 13, P < 0.001; Horner Water R2= 0.94, N= 

7, P < 0.001, Fig. 4.4, p. 212). 

Unfiltered samples measured on the Trios probe were shown to have higher 

concentrations than filtered ones, however as this difference was not 

statistically significant (t-test, P < 0.355, N=24, Fig. 4.5, p. 212), it was not 

pursued further in the interpretation of data. 

To calculate the total suspended sediment concentration, each water sample 

was allowed to settle for at least 3 days. The supernatant was then decanted 

into a measuring cylinder without disturbing the sediment.  The remaining 

sample was agitated, measured in a measuring cylinder and then dried for 48 

hours in desiccated pre-weighed ceramic evaporation dishes at 80°C.  The 

sediment concentration was calculated as: 

c(SS) = 1,000,000*(m2-m1)/(v1+v2) 

where: 

Eq. 4.1 
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c(SS) – suspended sediment concentration mg L-1 

m1 – mass of empty ceramic dish in g 

m2 – mass of ceramic dish with dried sediment in g 

v1 – volume of supernatant in ml 

v2 – volume of evaporated water sample with suspended sediment in ml 

Suspended sediment total carbon content (here-after referred to as total 

particulate carbon TPC) was quantified using an elemental analyser (NA2000, 

Carlo Erba Instruments, Milan, Italy).  As far as possible, all storm flow samples 

were analysed individually and were only pooled when the sample mass was 

too small to allow analysis of TPC. 

DOC qualitative analysis was carried out on samples from one storm event that 

occurred simultaneously in both study catchments (22nd November 2012), using 

Unicam UV/VIS Spectrometer UV4-100 (Thermo Fisher Scientific, UK).  

Samples were filtered through 0.45 µm glass fibre filter and spectral absorption 

(A) was measured at 254 nm, 365 nm, 465 nm and 665 nm.  The following 

ratios were calculated: 

 SUVA254 is specific absorbance at 254 nm divided by DOC concentration 

and is positively correlated with increasing molecular weight.  SUVA254 > 

4 indicates hydrophobic aromatic dissolved organic matter (DOM) 

composition, whilst SUVA254 < 3 indicates less aromatic hydrophilic 

compounds (Weishaar et al., 2003, Piirsoo et al., 2012). 

 E2:E3 as a ratio of A254 and A365 and indicates a proportion of fulvic 

(lower molecular weight, less aromatic, more susceptible to microbial 

decomposition) and humic acids (higher molecular weight, more 

aromatic, more resistant to degradation) (Brady and Weil, 1999) in DOM, 

thus higher E2:E3 indicates lower molecular weight and lower aromaticity 

because of stronger light absorption by high molecular weight molecules 

at  the longer wave-length (Helms et al., 2008, Piirsoo et al., 2012). 

 E4:E6 as a ratio of A465 and A665 as another proxy for the measurement 

of the proportion of fulvic:humic acids in DOC (Grayson and Holden, 

2012).  Higher E4:E6 ratios have been found in the upper layers of 
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upland peat, indicating higher microbial activity, while lower ratios were 

found in deeper peat layers (Wallage et al., 2006). 

 

D. Data analysis 

 

Thirty five hydrological events (18 for Aller and 17 for Horner Water) recorded 

between 21st August 2010 and 3rd January 2012 were used for analysis of 

runoff, SS and carbon transfers. A rules-based method, based on Deasy 

(2007), was used to define a hydrological event as follows: 

 

1. The event started when runoff began to increase after the start of the 

triggering rainfall. 

2. If baseflow fluctuated, the event started when runoff reached its lowest 

value after the start of the triggering rainfall. 

3. If runoff increased from the start of the rainfall, the event started with the 

start of the rainfall. 

4. The event ended when runoff returned to its initial pre-event level. 

5. If runoff did not return to its initial value, the hydrological event ended when 

flow reached its lowest value before the next increase in response to 

triggering rainfall. 

6. The hydrological event would be considered to be bi-modal or multimodal, if 

the rainfall trigger did not have a break of at least 3 hours. 

The precipitation, runoff and water quality characteristics calculated for each 

event are presented in Table 4.1. 

Rainfall Total rainfall (mm) 

 Peak rainfall intensity (mm hr
-1

) 

Runoff Total Q (m
3
) 

 Peak event Q (m
3 
s

-1
) 

 Event duration (min) 

 Lag from event start to peak Q (min) 

 Lag from peak of rainfall intensity to peak Q (min) 

Water quality Peak SS, DOC and TPC concentration mg/l 

 Peak suspended sediment % carbon content (% TPC) 

 Peak SS, DOC and TPC instantaneous flux (mg s
-1

) 

Table 4.1 Rainfall, runoff and water quality characteristics calculated for each 
rainfall event. 
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Linear interpolation was used between time-step measurements of water quality 

parameters that were greater than the resolution of the hydrological data.  As 

flow-integrated sampling usually only covered a proportion of the full event 

duration, the full event yields and loads were not calculated.  The proportion of 

the total event sampled for water quality was calculated as P = Qm/Q where 

Qm is the total discharge during the monitored period and Q is the total event 

discharge.  The difference between the proportions of events sampled in the 

two study catchments was tested using Mann-Whitney U test and was found not 

to be statistically significant, indicating that event sampling intensity was 

comparable between the two study catchments. 

Non-parametric Mann-Whitney U test was used to compare storm flow 

hydrological and water quality event characteristics between the two study 

catchments.  Student t-test was used to compare the baseflow DOC 

concentrations between the two study catchments.  To examine the 

hydrological controls on organic and particulate carbon export within each 

catchment, best-fit, stepwise-multiple linear regression models were 

constructed using only significantly correlated (Spearman Rho P < 0.05) 

variables.  A minimum number of independent variables was used and variables 

were screened for co-linearity.  Non-normally distributed variables were 

Log10(x+1) transformed.  The same analysis was repeated with and without 

extreme hydrological events to understand the differences in the hydrological 

controls operating normally and during infrequent high magnitude events.  All 

analyses were carried out in MS Excel 2007 and SPSS version 19.  The rating 

curve equations were calculated and visualised in ‘R’ version 2.15.3 (2013-03-

30, The R Foundation for Statistical Computing). 

SS, TPC and DOC yields were calculated using two methods to give an 

indication of uncertainty associated with yield estimation, as no method is 

without a bias (Walling and Webb, 1985, Bilotta et al., 2010).  Firstly, total yields 

of SS in the two study catchments were calculated for an eight month period, 

using turbidity data collected simultaneously at the two catchment outlets 

between 26th January 2012 and 22nd September 2012.  A full year of turbidity 

data could not be used for yield calculation as during the autumn data quality 

deteriorated due to abundant debris and leaves, which frequently obscured the 
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turbidity sensor in the semi-natural catchment.  NTU turbidity measurements 

were calibrated against observed SS concentrations and rating equations were 

calculated (Fig. 4.6, p. 213, Table 4.2, p. 214).  Secondly, extrapolation 

methods for total load estimation (Littlewood, 1992) were used to provide 

additional yield estimates and a measure of the uncertainty in the yield 

calculation for the same study period, using rating curves between SS 

concentration, DOC instantaneous load and discharge (Fig. 4.6, p. 213, Table 

4.2, p. 214).  TPC yield was calculated as a product of SS yield estimates 

based on both NTU and discharge rating curve calculations and average % 

TPC in each catchment.  Additionally, DOC yield was calculated using the 

Walling and Webb Method 5 (Walling and Webb, 1985): 

 

F = K * Qr * (∑Ci * Qi)/(∑Qi) 

where: 

  F – is the total solute load (g) 

K – time period over which the load occurred (in seconds) 

Qr –mean discharge from a continuous record (m3) 

Qi – instantaneous discharge (m3 s-1) 

Ci –instantaneous concentration (mg L-1) 

n – number of samples.  

This method is deemed to provide the least biased estimates of load from 

infrequent data, where a continuous discharge record is available (Littlewood, 

1992, Walling and Webb, 1985, Clark et al., 2007). 

Differences between the two study catchments were examined using both 

actual yields (t km-2), and yields normalised by both catchment area and total 

discharge (kg mm-1) for this period to offer a fair comparison between two 

catchments with different area (km2) and water yield (ML km-2).  The minimum 

and maximum DOC:TPC ratio was calculated as a ratio of the minimum 

estimated DOC yield to the maximum estimated TPC yield and vice versa.  

n n 

i=1 i=1 

Eq. 4.2 
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IV. RESULTS 

 

A. Differences in event-based hydrological characteristics between 

the two study catchments 

 

Hydrological characteristics for the 35 hydrological events examined are 

presented in Table 4.3 (p. 216) and summary statistics for hydrological 

variables in the two study catchments are presented in Table 4.4. The two 

catchments showed significant differences in their hydrological response to 

rainfall events in five hydrological characteristics: total event rainfall was 

significantly higher in the Horner Water catchment than in the Aller (P < 0.032, 

Fig. 4.7a). 

Horner Water catchment exhibited a significantly slower hydrograph response 

than the Aller, with a significantly longer lag between the start and the peak of 

hydrological event (P < 0.045, Fig. 4.7b). 

The rainfall-runoff coefficient, which represents the ratio between total event 

rainfall and total runoff, was significantly higher in the Horner Water catchment 

(P < 0.035, Fig. 4.7c) than in the Aller. 

Peak event discharge and total event discharge were both significantly higher in 

the Horner Water catchment (P < 0.001 and P < 0.001, Fig.4.7d-e). 
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a) 

c) 

e) 

b) 

d)

 

 

Fig. 4.7  Statistically significant differences in hydrological event characteristics 
between the two study catchments, calculated from 35 hydrological events 
captured at the two catchment outlets (Aller N=18, Horner N=17) between 21st 
August 2010 and 3rd January 2012.  a) Total event rainfall b) time lag from start 
of event to peak discharge c) rainfall-runoff coefficient d) peak event discharge 
e) total event discharge discharge. 
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Catchment Total rainfall 

(mm) 
Peak rainfall 

intensity 
(mm hr

-1
) 

Total monitored 
event Q (m

3
) 

Peak Q 
(m

3
 s

-1
) 

Event 
duration 

(min) 

Lag start event 
to peak Q 

(min) 

Lag peak 
rainfall 

intensity to 
peak Q (min) 

Rainfall/runoff 
coefficient 

Aller Median 15.80 7.20 8280.30 0.69 2250.00 615.00 187.50 0.12 

Minimum 6.20 1.60 1164.59 0.10 930.00 30.00 105.00 0.03 

Maximum 53.80 26.40 185845.60 8.18 6480.00 1635.00 840.00 0.77 

N 18 18 18 18 18 18 18 18 

Horner 
Water 

Median 24.00 8.00 44799.30 1.66 2640.00 885.00 270.00 0.23 

Minimum 13.40 3.20 13347.90 0.35 1470.00 360.00 75.00 0.08 

Maximum 53.60 19.20 571388.40 21.53 4500.00 2115.00 1485.00 0.90 

N 17 17 17 17 17 17 17 17 

Table 4.4 Summary statistics of hydrological characteristics of 35 hydrological events examined in the Aller and Horner Water 
catchments between 21st August 2010 and 3rd January 2012. Q – discharge, min – minutes. 
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B. Differences in event-based SS, TPC and DOC characteristics in 

the two study catchments 

 

Water quality characteristics for the 35 hydrological events examined in this 

chapter are presented in Table 4.5 (p. 218) and summary statistics for the two 

study catchments are presented in Table 4.6.  Summary statistics for DOC 

baseflow measurements are presented in Chapter 6, Table 6.4 (p. 227) along 

with baseflow data from all monitoring sites across the two study catchments.  

The following results explore relationships between event-based water quality 

characteristics and the hydrological variables that are thought to control those 

characteristics. 

The two catchments showed a significantly different response in event-based 

sediment and carbon transfers.  The Aller catchment showed a significantly 

higher peak event suspended sediment concentration than the Horner (P < 

0.029, Fig. 4.8a) whilst the suspended sediment % TPC content was 

significantly higher in the Horner Water than the Aller (P < 0.001, Fig. 4.8c).  

Horner Water supports higher peak instantaneous DOC fluxes (P < 0.03, Fig. 

4.8b). 

The remaining sediment and carbon parameters, including DOC and TPC 

concentration and SS and TPC fluxes were not significantly different between 

the two study catchments.  However, there was a significant difference in 

baseflow DOC concentrations between the two study catchments (P < 0.05, 

Fig. 4.8d). 
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Catchment Peak SS conc. 

(mg L
-1

) 

Peak SS flux 

(g s
-1

) 

Peak DOC conc. 

(mg L
-1

) 

Peak DOC flux 

(g s
-1

) 

Peak TPC 

(%) 

Peak TPC conc. 

(mg L
-1

) 

Peak TPC flux 

(g s
-1

) 

Aller Median 312.49 148.68 5.26 4.14 13.82 30.87 17.65 

Minimum 57.84 5.0 3.98 1.44 7.97 7.39 0.64 

Maximum 1183.67 5273.67 14.03 84.62 17.63 153.80 323.18 

N 18 18 10 10 18 18 18 

Horner Water Median 129.57 195.16 6.19 10.42 20.80 20.86 39.47 

Minimum 16.09 9.11 4.67 6.02 14.07 2.60 1.40 

Maximum 1642.54 27588.06 7.59 132.53 30.76 199.49 2451.39 

N 17 17 11 11 17 17 17 

Table 4.6 Summary statistics of water quality variables measured during 35 hydrological events in the two study catchments 
between 21st August 2010 and 3rd January 2012.  SS – suspended sediment, DOC – dissolved organic carbon, TPC – total 
particulate carbon.  Flux refers to instantaneous flux. 
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a)

c)

 

b)

d)

Fig. 4.8 Statistically significant differences in a) peak event suspended sediment 
concentration (SS) b) peak event dissolved organic carbon (DOC) 
instantaneous flux c) peak event total particulate carbon (TPC) content and d) 
baseflow DOC concentrations between the two study catchments.  Event 
characteristics were calculated from 35 hydrological events captured at the two 
catchment outlets between 21st August 2010 and 3rd January 2012 (Aller N=18, 
Horner N=17), while baseflow concentrations include 34 monthly samples taken 
between 25th February 2010 and 26th November 2012. 
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a)

 

c)

 

e)

 

b)

 

d)

 

f)

 

Fig. 4.9 Relationship between peak event discharge (Q) and peak event 
suspended sediment (SS), dissolved organic carbon (DOC) and total particulate 
carbon (TPC) concentrations in the presence and absence of extreme 
hydrological events: a) Peak event SS concentration vs. peak event Q with 
extreme events b) Peak event SS concentration vs. peak event Q without 
extreme events c) Peak event TPC concentration vs. peak event Q with 
extreme events d) Peak TPC concentration vs. peak discharge without extreme 
events e) Peak event DOC concentration vs. peak event Q with extreme events 
f) Peak event DOC concentration vs. peak event Q without extreme events. ■ – 
Aller, □ – Horner Water.  Only statistically significant lines of best fit are shown. 
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Scatter-plots of peak event discharge against dependant variables are 

presented in Fig. 4.9 to illustrate the influence of extreme events on the 

response of sediment and carbon transfers.  Only statistically significant lines of 

best fit are shown.  Parameters of stepwise multiple regression models of the 

significantly different sediment and carbon characteristics are presented in 

Tables 4.7 and 4.8 (p. 220, 222).   

Peak discharge and the lag between peak rainfall intensity and peak event 

discharge describe a significant amount of variability in peak event SS and TPC 

concentration in the Horner Water catchment (R2 = 0.736 and 0.644, 

respectively, P < 0.001). However, these functional relationships are only 

significant when extreme events are included in the analysis.  In the absence of 

extreme hydrological events, no hydrological variables can explain a significant 

amount of variability in peak SS and TPC concentrations (Table 4.8, p. 222). 

Peak event discharge and the lag between peak rainfall intensity and peak 

discharge also describe a significant amount of variability in peak instantaneous 

fluxes of SS and TPC (R2 = 0.902 and 0.881, respectively, P < 0.0001) in the 

Horner Water catchment.  However, this relationship becomes weaker in the 

absence of extreme hydrological events (R2 = 0.653, P < 0.001 and 0.614, P < 

0.001, respectively). 

In the Horner Water catchment, the % TPC content is negatively related to the 

runoff coefficient, which increases throughout the hydrological season, however 

this relationship is weak (R2 = 0.292, P < 0.025) and becomes insignificant 

when extreme hydrological events are excluded. 

In the Aller catchment, event duration and peak discharge describe a significant 

amount of variability in the peak SS and TPC concentrations both in the 

presence (R2 = 0.840 and 0.875, respectively, P < 0.001), and in the absence of 

extreme hydrological events (R2 = 0.938 and 0.865, P < 0.001), respectively.  

Event duration and peak discharge also describe a significant amount of 

variation in the maximum instantaneous flux of SS and TPC both in the 

presence (R2 = 0.932 and 0.932, respectively, P < 0.001), and in the absence of 

extreme hydrological events (R2 = 0 .976 and 0.957, respectively, P < 0.001). 
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The % TPC content in the Aller catchment is negatively related to the runoff 

coefficient and positively related to peak rainfall intensity both in the presence 

(R2 = 0.864, P < 0.001), and absence (R2 = 0.620, P < 0.001) of extreme 

hydrological events. 

Event-based hydrological variables do not describe the variability in DOC 

concentrations in the Horner Water catchment well, whilst in the Aller catchment 

peak event discharge describes 35 % of the variability (R2 = 0.435, P < 0.038). 

Peak discharge is strongly related to DOC peak instantaneous fluxes in both 

Horner Water and Aller catchments (R2 = 0.972 and 0.969, respectively, P < 

0.001), although this relationship becomes weaker when extreme events are 

excluded from the analysis (R2 = 0.804, P < 0.001 and 0.818, P < 0.001, 

respectively). 

 

C. Comparison of DOC composition between the two study 

catchments 

 

The results in this section examine the qualitative differences in DOC 

composition in order to elucidate the potential sources, hydrological pathways 

and processes controlling DOC fluxes in the two study catchments.  Fig. 4.10 

shows UV absorbance ratios for samples from one simultaneous hydrological 

event in the two study catchments.  All three UV absorbance ratios indicate a 

higher proportion of more aromatic humic compounds with a higher molecular 

weight in the Aller than Horner Water catchment. 
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Fig. 4.10 UV absorbance (A) ratios for samples from one storm event recorded 
simultaneously in the two study catchments on 22th November 2012.  SUVA254 
is specific absorbance (a ratio of A at 234 nm to DOC concentration) and is 
positively correlated with increasing molecular weight.  E2:E3 (a ratio of A at 
254 and 365 nm) and E4:E6 (a ratio of A at 465 and 665 nm) indicate a 
proportion of fulvic to humic acids in the sample, a higher ratio indicating lower 
molecular weight and lower aromaticity. 
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D. Annual fluvial export of SS, DOC and TPC based on continuous 

turbidity and discharge record 

 

This section examines the total fluvial export of SS, DOC and TPC for the 

period between the 26th January 2012 and 22nd September 2012 for which a 

continuous simultaneous turbidity record was available in both study 

catchments.  Two estimates of SS, DOC and TPC yield are provided to give an 

indication of uncertainty associated with determinand yield estimates.  

Differences between the two study catchments are examined using both actual 

yields (t km-2), and yields normalised by the total discharge for this period (kg 

mm-1). 

 

The total discharge in the Horner Water catchment for the period between the 

26th January 2012 and 22nd September 2012 was two times greater than that for 

the Aller catchment (Table 4.9). 

 

Both methods of SS yield calculation indicate an enhanced SS flux from the 

Aller catchment (Table 4.9, Fig. 4.11) and a proportionally greater SS export 

from this catchment normalised by both area and total discharge for the period 

(Table 4.9, Fig. 4.12). 

 

One method of TPC yield estimation methods shows a greater TPC export from 

the Aller catchment (Table 4.9, Fig. 4.11) and both indicate a proportionally 

greater TPC export from this study catchment when normalised by the total 

discharge (Table 4.9, Fig. 4.12). 

 

Both DOC yield estimation methods show a greater DOC export from the 

Horner Water catchment (Table 4.9., Fig. 4.11).  One method shows a 

proportionally greater DOC export, normalised by total discharge, from the 

Horner Water catchment and one from the Aller catchment (Table 4.9, Fig. 

4.12). 

 

DOC:TPC ratio is lower in the Aller than in the Horner Water catchment (Table 

4.9).
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  Yield 
(t km

-2
) 

Normalised yield 
(kg mm

-1
) 

  Horner 
Water 

Aller Horner 
Water 

Aller 

SS estimated from turbidity record median 30.44 38.56 3.00 7.80 

 min 21.69 25.51 2.14 5.16 

 max 39.16 58.75 3.86 11.89 

SS estimated using conc. / Q rating 
equation 

median 44.99 76.32 4.44 15.45 

 min 32.13 36.41 3.17 7.37 

 max 57.76 116.23 5.70 23.52 

TPC estimated from turbidity 
derived SS load and average % 
TPC content 

median 5.17 3.82 0.51 0.77 

 min 3.69 2.53 0.36 0.51 

 max 6.66 5.82 0.66 1.18 

TPC estimated from SS conc. / Q 
rating equation derived load and 
average % TPC content 

median 7.65 8.40 0.75 1.70 

 min 5.46 4.01 0.54 0.81 

 max 9.82 12.79 0.97 2.59 

DOC estimated from inst. load / Q 
rating equation 

median 2.59 2.37 0.26 0.48 

 min 2.46 2.18 0.24 0.44 

 max 2.62 2.56 0.26 0.52 

DOC estimated Walling formula 5  3.25 1.29 0.32 0.26 

DOC:TPC ratio min 0.25 0.15   

 max 10.02 1.01   

Total discharge for the period (ML)  10,140 4,941   

Total water yield (ML km
-2

)  460.91 337.49   

Discharge record completeness 
(%) 

 98.83 96.64   

Table 4.9 Yields of SS, DOC and TPC in the two study catchments for an eight 
month period between 26th January 2012 and 22th September 2012 for which a 
reliable continuous turbidity record was available and yields normalised for total 
discharge during the study period.  Minimum and maximum yield estimates 
were calculated from the 95 % confidence intervals of rating equations 
presented in Fig. 4.6 and Table 4.2.  Minimum and maximum DOC:TPC ratio 
was calculated as a ratio of the minimum estimated DOC yield to the  maximum 
estimated TPC yield and vice versa.  Confidence intervals were not calculated 
for the DOC estimate using the Walling formula Method 5 (Formula 4.2). 
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Fig. 4.11 Estimated SS, TPC and DOC yields calculated for the period between 26th January 2012 and 22th September 2012 
show a greater SS flux from the Aller catchment.  One method also shows a greater TPC flux from this catchment, while 
Horner Water supports a greater DOC flux.  The error bars show 95 % confidence intervals.  No error was calculated for the 
DOC yield estimated with the Walling Method 5 formula (Formula 4.2). 
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Fig. 4.12 Estimated SS, TPC and DOC yields calculated for the period between 26th January 2012 and 22th September 2012 
show a proportionally greater SS and TPC flux from the Aller catchment, normalised by the total discharge for the study 
period.  DOC yield normalised by the total discharge shows no clear difference between the two catchments.  The error bars 
show 95 % confidence intervals.  No error was calculated for the DOC yield estimated with the Walling Method 5 formula 
(Formula 4.2). 
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V. DISCUSSION 

 

A. Differences in event-based hydrological characteristics between 

the two study catchments 

 

Conceptual understanding of hydrological processes operating within a 

catchment is critical for the interpretation of land use impacts on water quality 

(Soulsby et al., 2002).  However, catchments are complex systems, therefore 

the prevailing hydrological processes can often only be inferred (Kirchner et al., 

2000).  The climatic, geomorphological and vegetation characteristics of the two 

study catchments described in Chapter 3 influence the observed event-based 

hydrological differences (Soulsby et al., 2006).  The higher mean annual rainfall 

and higher water yield in the Horner Water catchment results in significantly 

higher total and peak event discharge, while the steeper slope gradients likely 

lead to a greater contribution of shallow sub-surface flow (as opposed to deep 

groundwater-fed sub-surface flow) to the event hydrograph and thus a higher 

rainfall/runoff coefficient (Burt and Pinay, 2005).  Conversely, the faster 

hydrograph response (shorter lag from start of event to peak discharge) in the 

Aller catchment indicates a greater contribution of overland flow along 

preferential pathways such as paved roads and tracks to the event hydrograph.  

Higher soil bulk density, sparse vegetation cover and reduced soil organic 

matter content in the Aller catchment are also likely to contribute to the faster 

hydrological response through reduced infiltration rates and increased 

propensity for infiltration excess overland flow in parts of the catchment 

(Bracken and Croke, 2007).  Further, hydrologically more responsive clay soils 

(HOST type 21) in the eastern part of the catchment and seasonally saturated 

loams (Wigton Moor soil series, Fig. 3.3) in the riparian corridor are conducive 

to seasonal saturation excess overland flow (Boorman et al., 1995), while 

preferential flow through sub-surface drainage is also likely to contribute to the 

quick hydrological response.  The lower rainfall-runoff coefficient in the Aller 

catchment suggests greater groundwater storage. However, the precise 

contribution of groundwater to the hydrograph in both study catchments would 

require further study.  Even in upland catchments, groundwater may make a 

more important contribution to the hydrograph than previously thought (Soulsby 

et al., 2002) and McDonnell (2003) commented that both flow, source and age 



 

113 

 

of water would need to be determined in order to describe fully the hydrological 

processes operating within a catchment. 

 

B. Controls on SS, TPC and DOC export from the two study 

catchments 

 

a. Suspended sediment and particulate carbon 

 

In line with the research hypothesis 1) that anticipated higher SS 

concentrations, fluxes and yields in the agricultural catchment, the Aller 

catchment supported higher peak event SS concentrations and a higher SS 

yield.  However, there was no significant difference in peak event instantaneous 

SS fluxes between the two study catchments, likely due to the counter-

balancing effect of higher SS concentrations in the Aller and higher discharge in 

Horner Water.   

 

Contrary to hypothesis 2) that anticipated higher TPC concentrations, fluxes 

and yields in the semi-natural catchment, the Horner Water catchment did not 

support higher peak TPC concentrations, fluxes and yields.  As TPC is 

associated with suspended sediment and thus related to rates of soil erosion 

(Oeurng et al., 2011), this lack of difference perhaps reflects the increased SS 

concentration in the Aller catchment, which counter-balances the higher 

sediment % TPC content and higher discharge in Horner Water. 

 

The significantly higher peak event SS concentration in the Aller catchment is 

likely due to enhanced mobilisation and transport of sediment from both surface 

and sub-surface sources in arable and intensively managed grassland land 

uses (Russell et al., 2001, Bilotta et al., 2010).  The lower % TPC in the Aller 

catchment is likely to be linked to reduced soil % carbon content in the mineral 

soils prevalent in this catchment as well as to arable land use practices such as 

tillage and inorganic fertilisers which have been shown to result in soil organic 

matter degradation (Brady and Weil, 1999, Graeber et al., 2012) through more 

rapid decomposition of soil organic matter (Kuzyakov et al., 2000, Senbayram 

et al., 2008), as discussed in Chapter 3. 
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The mean peak TPC concentrations in both study catchments exceeded those 

between 0.4 and 3.8 mg L-1 reported from agricultural watersheds in mid-

western US (Kronholm and Capel, 2012), between 0.01 and 7.22 mg L-

1reported from two upland streams in the UK (Dawson et al., 2002), and 

between 0.1 and 0.8 mg L-1 from two river systems in NE Scotland (Hope et al., 

1997a), although the latter two studies did not include storm-integrated 

sampling and were therefore likely to underestimate mean TPC concentrations.  

As particulate C is associated with sediment and thus related to rates of erosion 

(Oeurng et al., 2011), the lack of significant difference in TPC concentrations 

between the two catchments is interesting.  It perhaps reflects the contrasting 

effects of higher total SS concentration in the Aller catchment, due to higher 

rates of soil erosion, and higher % suspended sediment C content in the Horner 

Water catchment, reflecting more C rich soils in this catchment, as 

characterised in Chapter 3.  However, given the greater discharge from the 

larger Horner Water, the lack of significant difference in total SS and TPC 

instantaneous fluxes suggests a proportionally greater TPC export from the 

agricultural catchment.  Correll et al. (2001) also found higher TPC fluxes from 

cropland than from an upland forested watershed, primarily due to enhanced 

soil erosion.  Such a finding suggests a strong link between land use and the 

carbon fluxes from the land to water, which in turn suggests that less intensive 

management of the land may result in lower losses of carbon from soil to water. 

Event duration and peak discharge exert a significant control over total SS and 

TPC concentrations and fluxes in the Aller catchment.  This may be linked to 

greater amount of mobilised sediment from larger contributing source areas 

during longer and bigger events.  Oeurng et al. (2011) also found a strong 

relationship between total precipitation, event duration, event discharge, total 

water yield and SS and POC fluxes during flood events.  In the Horner Water 

catchment, peak discharge and the time lag between peak rainfall intensity and 

peak discharge account for a significant amount of variability in total SS and 

TPC concentrations.  Total SS and TPC fluxes in the Horner Water catchment 

also increase with peak discharge, however this relationship is weaker than in 

the Aller catchment, until extreme events are encountered.  The greater 

responsiveness of SS and TPC concentrations and fluxes in the Aller catchment 

to discharge indicates a lower response threshold to sediment mobilisation, 
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transport and delivery, linked to an enhanced fluvial particulate carbon loss.  

This is likely due to the greater erosion potential of soils on agricultural land 

(Evans, 1990) and increased hydrological connectivity along anthropogenically 

altered hydrological pathways (Lexartza-Artza and Wainwright, 2009), such as 

roads (Bracken and Croke, 2007), tramlines (Deasy et al., 2010), compacted 

field surfaces and subsurface drains (Russell et al., 2001, Deasy et al., 2009).  

Conversely, these results suggest that very large events are necessary to 

mobilise sediment and carbon in the semi-natural Horner Water catchment, as 

soils with lower bulk density, greater organic matter content and good 

vegetation cover are likely to support greater infiltration and reduce the 

opportunities for the generation of overland flow (Bracken and Croke, 2007).  

Thus comparison between these two study catchments suggests that 

sustainable management of agricultural catchments could increase their 

resilience to more extreme hydrological regimes anticipated as a result of 

climate change (Whitehead et al., 2009), with multiple benefits for water quality 

and carbon sequestration. 

 

b. DOC 

 

Contrary to Hypothesis 2) which anticipated that higher DOC concentrations, 

fluxes and yields would occur in the semi-natural catchment, peak event DOC 

concentrations in Horner Water catchment did not differ significantly from those 

in the Aller catchment; however peak instantaneous DOC fluxes were still 

higher.  Conversely, in baseflow conditions, DOC concentrations in the 

agricultural Aller catchment were significantly higher than those in Horner 

Water. 

 

The median peak storm flow DOC concentrations of 5.26 mg L-1 in the Aller and 

6.19 mg L-1 in Horner Water were within the mean annual values of 1.8-13 mg 

L-1 reported for European rivers (Mattsson et al., 2009) and near the upper end 

of the range 2.1 – 6.8 mg L-1 reported for 13 diverse agricultural watersheds in 

the US (Kronholm and Capel, 2012).  The higher baseflow DOC concentrations 

in the Aller catchment and the lack of significant difference in peak DOC 

concentrations between the two study catchments in stormflow seems counter-

intuitive, as soils with a higher carbon content and a higher C:N ratio, as those 
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in the Horner Water catchment, have been shown to be important sources of 

fluvial DOC concentrations (Aitkenhead et al., 1999).  However, other factors 

such as climate and geomorphology (Mattsson et al., 2009), vegetation 

(Mattsson et al., 2009), hydrology (Wilson and Xenopoulos, 2008, Oeurng et al., 

2011) and soil type (Van den Berg et al., 2012), have also been shown to be 

important controls of DOC concentrations in different environments.  A number 

of these factors may be responsible for the observed pattern of DOC 

concentrations in the two study catchments, resulting in different sources and 

delivery pathways of DOC during baseflow and storm flow conditions.  Firstly, 

the higher water flux (Buckingham et al., 2008) and steeper slopes (Zhang et 

al., 2011) in the Horner Water catchment may be a factor in reducing DOC 

concentrations in baseflow through the dilution of soil DOM, reduced soil water 

residence time and predominance of shallow sub-surface flow paths (Zhang et 

al., 2011).  Although the total catchment soil carbon pool (Aitkenhead et al., 

1999) and soil C:N ratio (Aitkenhead and McDowell, 2000, Van den Berg et al., 

2012) are often related to higher  DOC concentrations, particularly in small 

peaty catchments, in mineral soils and shallow peats DOC concentrations 

decrease with soil depth (Hope 1994).   As in baseflow conditions DOC is 

mostly derived from the lower mineral soil layers of the soil profile (Vidon et al., 

2008), the B horizon of the podzolic soils in the lower reaches of the Horner 

Water catchment may act as a significant sink of DOC through reaction with Al3+ 

and Fe2+ ions (Hope et al., 1994).  In addition, higher rainfall, typical of the 

Horner Water catchment, has been shown to be negatively related to DOC 

concentrations in soils (Van den Berg et al., 2012), due to a dilution effect.  

Therefore, the greater quantities of water moving through lower soil horizons 

with reduced DOC concentrations in Horner Water catchment may dilute the 

DOC signal when compared to the Aller catchment response.  Conversely, in 

stormflow, the carbon rich upper soil layers become more important sources of 

DOC in Horner Water, thus reducing the difference between stormflow DOC 

concentrations in the two study catchments. 

 

Secondly, land use may be an important contributing factor to the observed 

differences in DOC concentrations between the two catchments, principally 

through enhanced carbon cycling as a result of anthropogenic nutrient addition 

in the agricultural catchment (Dawson et al., 2012).  Molinero and Burke (2009) 
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found that DOC concentrations increased along a gradient of land use intensity 

with the proportion of pasture, while a study of headwater catchments in Central 

Europe (Graeber et al., 2012) found consistently higher concentrations of DOC 

in agricultural than in forested catchments.  This apparent increase in DOC 

concentrations in the agricultural catchment may be due to the application of 

organic manures (Heitkamp et al., 2009), incorporation of crop residues in 

arable rotations and intensive grazing of pasture that have all been shown to 

enhance soil dissolved organic matter (DOM) concentration through a 

stimulation of microbial activity and increased oxygenation of the soil profile 

(Chantigny, 2003).  About half of this increase has been attributed to the 

turnover of the indigenous soil organic matter, while the other half was shown to 

be derived from the decomposition of the added organic matter (Chantigny, 

2003). 

 

While many studies have found a positive relationship between DOC 

concentrations and stream discharge (Hope et al., 1994), peak discharge is not 

a significant control over DOC concentrations in the Horner Water catchment, 

although DOC concentrations do increase during storm events.  In the Aller 

catchment, peak discharge accounts for 44 % of variability in DOC 

concentrations, however the relationship is weak (P < 0.04). Reviewing 

available literature, Dalzell (2007) found that positive correlations between 

discharge and DOC concentrations were more commonly observed in 

catchments with altered land use, due to anthropogenic alterations of 

hydrological pathways (Dalzell et al., 2011).  In accordance with the findings of 

other studies (Hope et al., 1994, Worrall et al., 2011), peak discharge exerts a 

significant control over DOC fluxes in both study catchments. 

 

These results illustrate that SS, TPC and DOC exports respond differently to 

hydrological controls.  While hydrology controls a significant amount of 

variability in total SS and TPC concentrations and fluxes, the controls over DOC 

exports are more complex, making the “understanding [of] anthropogenic 

impact on DOC cycling at the watershed ... scale ... an enormous challenge” 

(Hernes et al., 2008, p. 5275).   Whilst in unsaturated conditions DOC is unlikely 

to be derived from the most carbon rich top soil, especially in shallow peat and 

mineral soils, the enhanced sediment and TPC input into the fluvial environment 
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from more intensive land use may be partly responsible for the increased DOC 

concentrations via in-stream processing.  Hernes (2008) found a linear 

relationship between the concentration of lignin, a polyphenol unique to 

vascular plants and an important component of DOC, and total suspended 

sediment concentration in an agricultural watershed, suggesting that 

mobilisation of SS through agricultural practices is likely to influence both the 

quality and quantity of DOC. 

 

C. Qualitative differences in DOC composition 

 

The initial exploration of the qualitative composition of DOC shows a marked 

difference between the contrasting study catchments.  Both specific absorbance 

SUVA254, and the two absorption ratios indicate that DOC in the Aller catchment 

is composed of more complex, humic DOC compounds, as compared to a 

greater prevalence of lower molecular weight fulvic acids in Horner Water.  This 

difference may reflect different inputs and hydrological pathways (Wallage et al., 

2006, Strauss et al., 2007, Vidon et al., 2009).  However, “the mechanisms 

which induce these alterations of DOM, as well as their effects on aquatic 

ecosystems are still largely unknown” (Graeber et al., 2012, p. 445) and should 

be the subject of further research (Stanley et al., 2011).   

 

Agricultural land use, including tillage and addition of organic and inorganic 

fertilisers, aids soil organic matter mineralisation (Brady and Weil, 1999) and 

potentially enhances the availability of DOC for fluvial transport (Graeber et al., 

2012).  While agriculture has been shown to affect the qualitative composition of 

DOC, the direction of change is still equivocal as DOC in agricultural 

catchments has been found to be composed of both simpler (Chantigny, 2003), 

and more complex (Graeber et al., 2012) molecules than in other land uses.  A 

higher turnover of organic carbon in the agricultural catchment could result in 

the preferential removal of simpler compounds through enhanced microbial 

respiration and the observed greater proportion of humic substances in fluvial 

DOC (Holl et al., 2009). 

 

The bioavailability of DOC is not solely determined by its qualitative composition 

but also by the availability of other limiting macro-nutrients.  Addition of N and P 
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into the aquatic environment increases microbial respiration (Stelzer et al., 

2003) and in-stream processing of DOC (Johnson et al., 2009, Johnson et al., 

2012).  Mineau et al. (2012) have shown that nutrient addition is more important 

than DOC composition in determining DOC uptake, allowing microbes to access 

more recalcitrant DOM pools (Stelzer et al., 2003, Dawson et al., 2012), which 

may otherwise resist immediate decomposition in the fluvial environment 

(Kaplan et al., 2008). 

 

This study provides only an initial insight into the qualitative differences in DOC 

composition between these study catchments and extended sampling would be 

necessary to fully characterise the seasonal variation in the observed qualitative 

differences (Dalzell et al., 2007). 

 

D. Annual export of SS, DOC and TPC from the two study 

catchments 

 

DOC is typically the dominant component of the fluvial organic carbon flux 

(Hope et al., 1994, Dawson and Smith, 2007, Worrall et al., 2011).  DOC:TOC 

ratios observed in temperate ecosystems in Europe range between 3.3-6.5 

(Hope et al., 1994).  However, DOC ratios below 1 have been observed in 

temperate forests and grasslands in North America.  It has been suggested that 

the lower DOC:TPC ratios between 0.07-1.01 observed in the Aller catchment, 

may be linked to an increasing amount of arable land and increased rates of soil 

erosion (Hope et al., 1997a). 

 

Mean soil erosion rates in Britain are estimated between 22 and 1,130 t km-2  

yr-1 (Brazier, 2004, Dawson and Smith, 2007).  The amount of this potential 

sediment and carbon source delivered to watercourses can be expressed as a 

‘connectivity ratio’ and is higher on slopes and lower permeability soils (Cooper 

et al., 2008).  The median SS yield, estimated in the Aller catchment over an 

eight month period, between 26-116 t km-2 is within the range commonly 

encountered in UK catchments, however it exceeds the proposed target yield of 

20 t km-2 yr-1 for low lying permeable catchments (standard % runoff < 40%) 

(Cooper et al., 2008).  The range of SS yield estimated for the Horner Water 

catchment between 22-58 t km-2 for the same eight month period are below the 
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lower quartile of 50 t km-2 yr-1 estimated from other high altitude peaty 

catchments in the UK (Cooper et al., 2008). 

 

The median estimates of TPC yield from the Horner Water catchment between 

36.9-76.5 kg C ha-1 and 25.3-120.8 kg C ha-1 from the Aller catchment for the 

eight month period are within the range of 1-500 kg C ha-1 yr-1 found in rivers in 

the UK and globally (Hope et al., 1997b, Dawson and Smith, 2007) and within 

0.9-120 kg C ha-1 yr-1 TPC found in agricultural watersheds (Kronholm and 

Capel, 2012).  However, compared to estimated extreme losses of particulate 

carbon of up to 2,063 kg C ha-1 yr-1 from actively eroding upland peatland 

catchments in the UK (Worrall et al., 2011), the rates of carbon export in the 

present study are modest. 

 

The median estimated DOC yields between 25.9-32.5 kg C ha-2 from Horner 

Water and 12.9-25.6 kg C ha-2 from the Aller are comparable with estimates of 

DOC export from world rivers between 1.4-212 kg C ha-1 yr-1 (Hope et al., 

1994), those of 8.7-40 kg C ha-2 yr-1 estimated for European rivers (Mattsson et 

al., 2009) and the range of 2-130 kg C ha-1 yr-1 found in agricultural watersheds 

(Dalzell et al., 2007, Kronholm and Capel, 2012).  However, the values in the 

present study are an order of magnitude lower than those of 130-956 kg C km-2 

yr-1 estimated from small actively eroding upland peatland catchments in the UK, 

although these latter values may be over-estimated and not be typical of upland 

catchments in general (Worrall et al., 2011). 

 

E. Database for the evaluation of the effectiveness of water quality 

mitigation measures 

 

This dataset provides a comprehensive baseline to allow the evaluation of the 

effectiveness of future land use mitigation interventions in these two study 

catchments that are further discussed in Chapter 6.  Decreasing soil carbon 

content and unsustainable rates of soil erosion as a result of intensive 

agricultural practices have been reported world-wide (e.g. Sleutel et al., 2006, 

Montgomery, 2007b, Bell et al., 2011).  Therefore, mitigation measures that 

reduce soil erosion and enhance soil organic matter conservation in the 
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agricultural catchment could have a positive impact on ecosystem services, 

including food production and carbon storage.  

 

The underlying mechanisms, ecological consequences (Stanley et al., 2011) 

and the significance of the enhanced fluvial carbon fluxes for the global carbon 

cycle (Dawson et al., 2012) remain poorly understood.  However, Kronholm 

(2012) suggested that as the total organic carbon export from agricultural 

watersheds represents only a small proportion of the total carbon sequestered 

within these ecosystems, enhancing carbon storage in agricultural catchments 

could make a significant contribution to climate change mitigation.  The 

comparison with the semi-natural catchment in this study suggests that 

enhancing natural vegetation, such as woodland and rough grassland, within 

agricultural catchments could be an effective means of reducing fluvial sediment 

and carbon losses, however the spatial extent of a ‘minimum cost-effective 

intervention’ remains to be determined. 

 

VI. CONCLUSIONS 

 

This research adds significantly to the limited number of studies examining the 

impact of agricultural land use on total fluvial organic carbon export.  Hydrology 

exerts a greater control over fluvial organic carbon dynamics in the agricultural 

catchment, with a lower response threshold of SS, TPC and DOC to 

hydrological drivers, particularly peak discharge. Both the differences in the 

qualitative composition of DOC between the two study catchments and the lack 

of significantly higher TPC and DOC instantaneous fluxes and yields from the 

catchment with a greater soil carbon pool and a greater discharge, indicate that 

agricultural land use has a significant effect on both the quality and quantity of 

fluvial organic carbon export.  Therefore, these results suggest that sustainable 

management of agricultural catchments that enhances soil quality and semi-

natural vegetation could increase their resilience to more extreme hydrological 

regimes anticipated as a result of climate change, with multiple benefits for the 

ecological status of water courses and carbon sequestration. 
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Chapter 5 

 

Testing the pressure-specific invertebrate index (PSI) as a tool 

for determining ecologically relevant water quality 

sedimentation targets 

 
I. ABSTRACT 

 

Sedimentation is a major cause of river impairment and water pollution 

worldwide.  However, setting an ecologically meaningful sedimentation target is 

proving challenging due to significant gaps in the understanding of quantitative 

links between sedimentation and ecological response as well as variability 

between different types of surface waters.  This study evaluates the utility of a 

new pressure-specific macro-invertebrate index Proportion of Sediment-

sensitive Invertebrates (PSI) to act as a simple tool for measuring sedimentation 

impacts and setting ecologically relevant sedimentation targets. 

 

Five macro-invertebrate indices were calculated from 51 samples taken from 13 

sampling locations across two neighbouring, but contrasting study catchments 

in spring and autumn 2010 and 2011.  For four of these, Environmental Quality 

Indices (EQIs) were also calculated as a proportion of observed to expected 

(O:E) macro-invertebrate scores, which were predicted for a theoretical pristine 

invertebrate community using the River Invertebrate Prediction and 

Classification System (RIVPACS) model. 

 

Principal Component Analysis has shown a clear hydromorphological and 

sedimentation gradient within the two study catchments.  A generalised 

hierarchical mixed model with site as a random factor and % fine bed sediment 

as a fixed factor found a significant relationship between PSI and O:E PSI and 

% fine bed sediment cover at reach-scale sampling resolution over a moderate 

gradient of impact (P = 0.002 and P = 0.014).  Lotic Index for Flow Evaluation 

(LIFE) scores and Ephemeroptera-Plecoptera-Trichoptera (EPT) % abundance 

were also related to % fine bed sediment cover (P = 0.014).  However, PSI was 

more strongly related to % fine bed sediment cover than either LIFE or EPT % 
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abundance.  While PSI and O:E PSI were correlated with LIFE and O:E LIFE (r 

= 0.58-0.91), with the strength of the relationship increasing over the sampling 

period, PSI was not correlated with EPT % abundance, which suggests a 

differentiated response of these metrics to multiple stressors.  The relationship 

between PSI and other invertebrate metrics should be subjected to further 

testing along a pronounced gradient of multiple stressors, as our findings 

suggest that PSI and % fine bed sediment cover have the potential to provide 

simple, sensitive and effective tools for setting of ‘twin’ ecological and physical 

sedimentation targets and add additional explanatory power to the existing suite 

of macro-invertebrate indices. 

 

II. INTRODUCTION 

 

Sedimentation is acknowledged as a major cause of river impairment worldwide 

(Bilotta and Brazier, 2008).  While a range of physical sedimentation metrics 

have been proposed internationally for setting and monitoring water quality 

targets (Collins et al., 2011), their ecological relevance and practical 

applicability are often questioned (Walling et al., 2007, Bilotta and Brazier, 

2008).  Monitoring freshwater macro-invertebrate populations is an effective and 

well established approach for the understanding of anthropogenic impacts on 

water quality and for setting of ecologically meaningful water quality targets 

(Hawkes, 1997, Friberg et al., 2005, Bonada et al., 2006).  Macro-invertebrate 

indices can provide a relatively straightforward alternative to more involved 

physico-chemical methods of impact monitoring, including the identification of 

outcomes of landscape and river restoration that may be otherwise hard to 

identify (Clews and Ormerod, 2009, Extence et al., 2013).  Furthermore, 

invertebrate indices can be used to assess departures from ‘reference 

conditions’ using multivariate models such as RIVPACS (Wright, 2000) or its 

successor RICT (Davy-Bowker et al., 2008) and in combination with physico-

chemical data may help to inform ‘good ecological  condition’ or target setting 

under the Water Framework Directive (Álvarez-Cabria et al., 2010).  Such 

multivariate models were found to at least partially satisfy nine out of 12 criteria 

of an ‘ideal’ bio-monitoring tool (Bonada et al., 2006), thus making them a 

relatively cost-effective option for setting and monitoring of water quality targets.  

In addition, Clews and Ormerod (2009) found that a combination of simple 
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univariate indices can conclusively identify different pressures on riverine 

ecological status and help to guide management action.  Hence, the 

development of further pressure-specific indices, including those for the 

assessment of sedimentation impacts, has been suggested as the next step in 

the evolution of bio-assessment metrics (Clews and Ormerod, 2009, Relyea et 

al., 2012). 

 

Pressure-specific indices for the monitoring of mild eutrophication/organic 

pollution (Walley and Hawkes, 1997, Czerniawska-Kusza, 2005); for antecedent 

flow evaluation (Extence et al., 1999, Dunbar et al., 2009a, Dunbar et al., 

2009b), for evaluation of community conservation value (Chadd and Extence, 

2004) and for the assessment of acidification impacts (Davy-Bowker et al., 

2005) have been developed.  However, internationally, few univariate metrics 

for monitoring of sedimentation impacts exist (Zweig and Rabeni, 2001, Bryce 

et al., 2010, Relyea et al., 2012) and only recently has such a pressure-specific 

index Proportion of Sediment-sensitive Invertebrates (PSI) been developed in 

the UK (Extence et al., 2013).  This research aims to test the utility of the new 

PSI index for setting of water quality sedimentation targets by examining the 

relationship between physical measures of sedimentation and PSI.  It is 

hypothesised that unlike non-pressure specific indices, the PSI will relate to 

physical measurements of sedimentation across a moderate impact gradient 

and thus ad explanatory power to the existing suite of macroinvertebrate 

indices. 

 

III. METHODS 

 

A. Study area 

 

Two adjacent, yet contrasting, study catchments, the Aller and Horner Water 

were chosen as they represent a broad hydromorphological and land use 

gradient, typical of the south west of the UK.  The study area is described in 

detail in Chapter 3, Section III.A.  
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B. Field sampling and laboratory analysis 

 

Freshwater macro-invertebrate samples were taken on four occasions (25th-26th 

May 2010, 25th-30th November 2010, 4th-19th May 2011 and 18th October-22nd  

November 2011) at 13 locations across the two study catchments, except for 

one site (A8) which was not sampled in May 2010 (Fig. 5.1).  Samples were 

taken using the standardised semi-quantitative UK TAG sampling methodology 

(Environment Agency, 2009) that involves a 3 minute kick-sample of the stream 

bed along a 5-20 m long transect using a pond net (25 x 22 cm, 1 mm mesh), 

with an additional 1 minute manual search split evenly between surface dwelling 

taxa (prior to kick-sampling) and substrate/macrophyte attached animals (after 

kick-sampling), with all habitats sampled in proportion to their occurrence. 

 

 

Fig 5.1 Map of the study area showing the Aller and Horner Water catchments, 
11 regular monthly water quality monitoring points (H1-A13) and two 
Environment Agency invertebrate sampling points (EA-Aller and EA-Horner). 
 

All samples were preserved in 100 % ethanol immediately on return to the 

laboratory and refrigerated.  All taxa were identified to family level under a light 

microscope (x45 magnification) using standard identification keys.  Although it is 

acknowledged that higher-resolution species-level data are more likely to 
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produce significant model components (Monk et al., 2012), family-level 

identification was pursued in this study to allow time for the exploration of 

spatial variability across the 13 sites.  Family-level identification is still used in 

routine bio-monitoring protocols, thus making it relevant for the achievement of 

the objectives of this study. 

 

Sedimentation was quantified in four different ways.  First, on each invertebrate 

sampling occasion, percentage fine bed sediment cover (approximate particle 

size < 0.06 mm) was estimated visually and by manual testing to determine that 

sediment was ‘soft in texture and not abrasive to the hands when rubbed’, as 

used in the standard UK Environment Agency methodology (Environment 

Agency, 2009).  Second, total suspendable bed sediment concentration was 

measured on each invertebrate sampling occasion using a sediment re-

suspension technique described by Lambert and Walling (1988).  A steel 

cylinder with 40 cm diameter was pushed into the river bed and the substrate 

was disturbed up to c. 2 cm depth for c. 20-30 seconds.  At each sampling site, 

three approximately evenly spaced samples were taken across the river 

channel from one bank, the middle of the channel and from the other bank.  A 

1-litre water sample was taken from the measurable volume within the cylinder, 

the sediment was then dried, weighed, calculated as g m-2 and the values from 

the three samples were combined and the mean determined for each sampling 

site.  Third, suspended sediment was sampled monthly at all but the EA 

monitoring sites by taking a 1-litre grab sample. To calculate the total 

suspended sediment concentration, each water sample was allowed to settle for 

at least 3 days. The supernatant was then decanted into a measuring cylinder 

without disturbing the sediment.  The remaining sample was agitated, measured 

in a measuring cylinder and then dried for 48 hours in desiccated pre-weighed 

ceramic evaporation dishes at 80oC.  The sediment concentration was then 

calculated as per Formula 4.1.  Fourth, at five sampling sites (A7, A8, A11, A12, 

H5) flow-integrated storm sediment samples were taken using ISCO samplers 

programmed to sample on discrete, high-resolution time-steps of 30 (Aller) and 

60 (Horner Water) minutes respectively, based on the examination of the 

catchment hydrological response. The samples were collected as soon as 

possible after each rainfall event within 24 hours and immediately transferred to 

a refrigerator on return to the laboratory where suspended sediment 
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concentration was determined as above.  At all stormflow monitoring locations, 

the cumulative suspended sediment frequency for all samples was calculated 

(in 5 mg L-1 increments) for the 6 months preceding the invertebrate sampling 

and the % time for which the arbitrary WFD 25 mg L-1 target was achieved was 

noted (% exceedance).  All four techniques measured a similar particle size 

range as care was taken to sample only suspended sediment, which has been 

shown to be largely composed of particles < 0.06 mm (Knighton, 1998). 

 

C. Data analysis 

 

Average suspended sediment concentrations were calculated for the preceding 

6 months for the 11 regular monthly sampling sites. Fixed environmental 

variables including altitude above sea level, distance from source and local river 

bed slope were calculated for all 13 sampling sites in ArcGIS 9.3.1. using a 5 m 

resolution Nextmap Digital Elevation Model.  Each sampling location was 

assigned to a discharge category (1-3), representing mean annual discharge of 

<0.31, <0.62 and <1.25 m3 s-1 respectively.  

 

Macro-invertebrate community structure was summarised by calculating five 

metrics: 

1. Proportion of sediment-sensitive invertebrates (PSI) present in the sample. 

This approach is designed to provide a biological alternative to 

physical/visual methods for the assessment of the extent to which the 

surface of the river bed is composed of, or covered by, fine sediment 

(Extence et al., 2013).  Freshwater macro-invertebrates were assigned one 

of four Fine Sediment Sensitivity Ratings (A-D), from highly sensitive to 

highly insensitive.  The PSI index was calculated as the ratio of the sum of 

ratings allocated to the most sensitive groups A+B to the total sum of 

ratings (Extence et al., 2013). 

2. Lotic-invertebrate Index for Flow Evaluation (LIFE), which measures the 

response of the benthic macro-invertebrate communities to prevailing flow 

regimes by calculating a weighted average of flow scores that are based on 

the allocation of each taxon to a Flow Group ranging from I to VI in order of 

reducing preference for higher flow velocities (Extence et al., 1999). 
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3. Average Score per Taxon (ASPT) index which reflects a macro-invertebrate 

response to mild eutrophication/organic pollution (Armitage et al., 1983, 

Walley and Hawkes, 1997).   

4. Number of taxa (NTAXA) which represents the total invertebrate taxon 

richness and is a measure of organic pollution stress and general 

environmental degradation (Clarke et al., 2011). 

5. Ephemeroptera-Plecoptera-Trichoptera (EPT) % abundance, calculated as 

the proportion of individuals belonging to these orders within each sample, 

as a further measure of organic pollution/environmental degradation used 

by researchers worldwide (e.g. Wagenhoff et al., 2012). 

 

In addition, the first four indices were standardised across sites and catchments 

by deriving a proportion of observed versus expected (O:E) Environmental 

Quality Indices (Extence et al., 2013).  The expected scores were calculated for 

a theoretical pristine macro-invertebrate community that was predicted from 

measured site-specific environmental variables by the freely available RIVPACS 

III+ model (Wright, 2000). 

 

Where necessary, data sets were Log10(x+1) transformed to ensure normality 

and homogeneity of variance for statistical tests.  All statistics were considered 

significant where P < 0.05.  Student’s t-test was used to examine the 

differences in temporal variability of PSI and O:E PSI.  Pearson’s correlation 

was used to examine the association between PSI, O:E PSI and other 

invertebrate metrics on each sampling occasion, and the association between 

the four sedimentation variables, averaged by site.  Mann-Whitney U-test was 

used to examine the difference between the observed % fine bed sediment 

cover and reference % bed sediment cover associated with ‘pristine’ sites for 

the predicted macro-invertebrate end groups in the RIVPACS III+ model. 

 

Principal Component Analysis (PCA) was used to examine hydromorphological 

and sedimentation gradients in the two study catchments, using SPSS Version 

16.  The number of environmental variables was chosen to ensure a minimum 

of five cases per component (Tabachnick and Fidell, 2001, Pallant, 2007).  Prior 

to performing the PCA, the suitability of data for factor analysis was assessed 

by inspecting the correlation matrix for presence of any coefficients of 0.3 and 
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above, checking the Kaiser-Meyer-Oklin value exceeding the recommended 

value of 0.6 and the Bartlett’s Test of Sphericity reaching statistical significance 

(Tabachnick and Fidell, 2001, Pallant, 2007).  Ordination axes with eigenvalues 

exceeding 1 were retained and Varimax rotation was used for the interpretation 

of the axes as preliminary analysis using the Direct Oblimin rotation revealed 

low correlation between components (< 0.078).   

 

Given the hierarchical structure of the data (repeated sampling occasions 

nested within 13 sampling sites), multi-level regression using a generalised 

linear mixed model (Gelman and Hill, 2007, Wright, 2009) was used to 

investigate the functional relationship between hydromorphological and 

sedimentation variables and macroinvertebrate indices using the lmre function 

in the lme4 library in ‘R’ version 2.15.0 (2012-03-30, The R Foundation for 

Statistical Computing).  Site was used as a grouping variable and treated as a 

random effect, sedimentation variables were treated as fixed effects at the level 

of individual observations (Dunbar et al., 2009a).  Sampling occasion was also 

included in the initial model as a random effect; however, it was later dropped 

during model simplification as it was shown not to be statistically significant, 

suggesting that unlike site, the repeated sampling occasions contributed little 

variation around the overall response.  Generalised linear mixed models can 

cope with unbalanced experimental design.  In this case, there were unequal 

numbers of observations (3-4) across the different sites as site A8 was only 

sampled on three occasions.  The minimal adequate model was selected using 

likelihood ratio tests of nested models fitted by maximum likelihood under Chi-

square distribution with 1 degree of freedom.  The final model was then re-fitted 

using Residual or Restricted Maximum Likelihood estimation (REML) in order to 

produce unbiased estimates of the random effects (Dunbar et al., 2009a). 
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IV. Results 

 

A. Temporal variability in macro-invertebrate indices and 

sedimentation variables 

 

A total of 25,093 individuals were identified in 51 invertebrate samples, 

belonging to 65 families. Summary statistics for the macro-invertebrate indices 

and environmental variables recorded at the 13 study sites are presented in 

Tables 5.1 and 5.2, respectively. 

 

There was no significant difference in PSI and O:E PSI scores between 

seasons, however, PSI and O:E PSI scores were significantly higher in 2010 

than in 2011 (P < 0.05).  Similarly, there was no significant difference in % fine 

bed sediment cover between seasons but the % fine bed sediment cover was 

significantly higher in 2011 than in 2010 (P < 0.03). 
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Site PSI O:E PSI LIFE O:E LIFE ASPT O:E ASPT NTAXA NTAXA EPT % 

abundance 

A10 59.04(8.32) 0.97(0.13) 7.20(0.60) 0.98(0.09) 5.78(0.65) 0.95(0.09) 18.00(2.71) 0.83(0.11) 4.98(3.97) 

 4 4 4 4 4 4 4 4 4 

A11 76.82(6.56) 1.30(0.10) 8.11(0.15) 1.06(0.02) 6.79(0.37) 1.12(0.03) 20.25(1.71) 0.93(0.07) 8.50(4.12) 

 4 4 4 4 4 4 4 4 4 

A12 73.25(4.99) 1.25(0.09) 8.15(0.25) 1.07(0.03) 6.82(0.22) 1.13(0.02) 21.25(4.50) 0.94(0.20) 15.23(7.64) 

 4 4 4 4 4 4 4 4 4 

A13 75.52(6.99) 1.29(0.12) 8.09(0.09) 1.03(0.07) 6.60(0.03) 1.10(0.04) 23.75(2.87) 1.07(0.14) 16.07(8.67) 

 4 4 4 4 4 4 4 4 4 

A7 76.33(8.63) 1.34(0.15) 7.92(0.24) 1.06(0.03) 6.66(0.36) 1.12(0.03) 22.75(5.91) 0.96(0.25) 10.49(3.50) 

 4 4 4 4 4 4 4 4 4 

A8 68.81(3.38) 1.19(0.05) 7.82(0.31) 1.02(0.06) 6.42(0.21) 1.09(0.01) 23.33(3.06) 0.98(0.18) 20.57(11.70) 

 3 3 3 3 3 3 3 3 3 

A9 68.17(5.99) 1.14(0.08) 7.70(0.30) 0.99(0.07) 6.34(0.39) 1.05(0.04) 26.50(0.58) 1.21(0.05) 7.55(6.59) 

 4 4 4 4 4 4 4 4 4 

EA-Aller 59.32(12.37) 1.02(0.21) 7.60(0.40) 1.02(0.03) 6.43(0.38) 1.08(0.03) 23.50(4.65) 1.01(0.20) 12.16(9.42) 

 4 4 4 4 4 4 4 4 4 

EA-Horner 72.33(5.14) 1.24(0.09) 7.94(0.34) 1.06(0.04) 6.57(0.31) 1.05(0.05) 22.00(1.83) 0.82(0.09) 36.00(22.27) 

 4 4 4 4 4 4 4 4 4 

H1 84.38(7.36) 1.36(0.09) 8.27(0.23) 1.08(0.03) 6.95(0.24) 1.07(0.03) 21.25(2.06) 0.93(0.14) 12.57(4.30) 

 4 4 4 4 4 4 4 4 4 

H3 88.01(3.99) 1.44(0.05) 8.27(0.26) 1.07(0.03) 6.90(0.30) 1.06(0.06) 21.75(1.26) 0.94(0.08) 22.23(3.27) 

 4 4 4 4 4 4 4 4 4 

H4 78.00(4.24) 1.30(0.08) 8.13(0.14) 1.05(0.02) 6.88(0.24) 1.06(0.05) 23.25(3.30) 1.02(0.17) 33.99(9.69) 

 4 4 4 4 4 4 4 4 4 

H5 77.87(10.44) 1.31(0.21) 8.02(0.21) 1.03(0.03) 6.69(0.38) 1.03(0.04) 22.00(2.94) 0.91(0.09) 32.53(8.73) 

 4 4 4 4 4 4 4 4 4 

Total 73.78(10.42) 1.24(0.17) 7.94(0.39) 1.04(0.05) 6.61(0.43) 1.07(0.06) 22.25(3.42) 0.96(0.16) 17.86(13.07) 

 51 51 51 51 51 51 51 51 51 

 

Table 5.1 Descriptive statistics for macro-invertebrate indices at the 13 sampling sites showing mean, standard deviation (in 
brackets) and sample size. 
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Site Discharge category Altitude 

(m) 

Slope  

(m km
-1

) 

Distance 

(km) 

Average 6-months SS 

baseflow concentration  

(mg L
-1

) 

25mg/l frequency 

exceedance 

(%) 

Percentage fine 

sediment cover 

 (%) 

Suspendable bed 

sediment  

(kg m
-2

) 

A10 1 63.00 23.93 0.56 25.80 (7.09) - 31.25 (30.10) 11.36 (6.18) 

     3  4 4 

A11 1 63.00 22.73 1.96 33.81 (4.24) 5.38 (1.35) 25.00 (10.80) 7.03 (6.45) 

     3 3 4 4 

A12 2 36.00 9.84 3.84 34.13 (8.58) 2.52 (1.33) 13.75 (7.50) 10.62 (4.63) 

     3 3 4 4 

A13 1 51.00 12.50 2.67 35.76 (9.47) - 22.52 (23.95) 7.27 (6.27) 

     3  4 4 

A7 2 36.00 6.82 5.04 41.64 (4.22) 8.28 (7.34) 9.00 (11.58) 2.94 (0.63) 

     3 3 4 4 

A8 3 0.00 12.82 13.40 14.90 (5.01) 23.96 (9.49) 0.02 (0.03) 0.52 (0.19) 

     3 3 3 3 

A9 1 55.00 42.92 2.03 40.92 (10.73) - 13.75 (4.79) 1.63 (0.77) 

     3  4 4 

EA-Aller 2 22.00 13.30 6.24 - - 22.50 (15.00) 9.83 (7.07) 

       4 4 

EA-Horner 2 18.00 0.10 13.00 - - 10.38 (13.79) 0.88 (0.32) 

       4 4 

H1 1 307.00 69.44 2.97 12.23 (5.45) - 0.00 (0.00) 2.41 (1.96) 

     3  4 4 

H3 1 251.00 116.20 1.55 11.12 (1.65) - 0.50 (1.00) 3.61 (6.31) 

     3  4 4 

H4 1 104.00 53.48 3.80 13.30 (4.54) - 3.75 (4.79) 3.20 (3.81) 

     3  4 4 

H5 2 50.00 23.81 10.90 15.44 (4.89) 70.53 (15.04) 1.00 (1.15) 1.31 (0.90) 

     3 3 4 4 

Total - - - - 25.37 (13.00) 21.20 (27.73) 12.03 (15.59) 4.90 (5.41) 

     33.00 15.00 51.00 51.00 

Table 5.2 Descriptive statistics for hydromorphological and sedimentation variables recorded at the 13 sampling sites showing 
mean, standard deviation (in brackets) and sample size. 
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B. Environmental gradients within the study area 

 

The suitability of the data for factor analysis was confirmed (the Kaiser-Meyer-

Oklin value was 0.702 and Bartlett’s Test of Sphericity was highly significant P < 

0.001).  Principal component analysis revealed the presence of two ordination 

axes with eigenvalues exceeding 1, explaining 44.65 % and 38.56 % the 

variance, respectively (Table 5.3).  The two ordination axes explained a total of 

83.21 % of the variance.  The first axis represents a hydromorphological 

gradient along the river continuum with increasing distance and discharge and 

decreasing altitude and slope, while the second axis reflects a sedimentation 

gradient with increasing suspended sediment concentration, % fine bed 

sediment and bed sediment concentration and decreasing slope (Fig. 5.2).  

Distance from source is also weakly loaded onto this gradient.  Fig. 5.3 shows 

the position of the 13 sampling sites along the two ordination axes. 

 

Axis 1 2 

Discharge category -.962 -.138 

Log altitude .901 -.070 

Log distance from source -.849 -.377 

Log slope .724 -.632 

Log % fine bed sediment  

cover 

.217 .885 

Log suspendable bed 

sediment 
.123 .864 

Susp. sediment 

concentration 

-.082 .824 

Initial eigenvalues 3.13 2.70 

% variance  44.65 38.56 

Table 5.3 Loading scores of seven environmental variables, initial eigenvalues 
and % total variance accounted for by the two retained PCA components with 
eigenvalues > 1. Loading scores > 0.3 used in the interpretation of axes are 
highlighted. 
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Fig. 5.2 Two-dimensional plot of variable distribution in rotated space along two 
PCA principal components revealed a hydromorphological and a sedimentation 
gradient. 
 

 
Fig. 5.3 Two-dimensional plot of sampling site loading scores on the two PCA 
principal components shows a clear hydromorphological and sedimentation 
gradient within and between the two study catchments, respectively. 
 

Aller 

Horner 

Downstream Upstream 

Clear 

Sedimented 
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C. Relationships between hydromorphological and sedimentation 

variables and the PSI index 

 

A simple random-intercept model using restricted maximum likelihood 

estimation (REML) showed a statistically significant relationship between PSI 

scores and % fine bed sediment cover and altitude (Fig. 5.4, Table 5.4, p. 224)  

(P = 0.009) and between O:E PSI scores and % fine bed sediment cover (P = 

0.013) (Fig. 5.5, Table 5.4).  Suspended sediment concentration and 25 mg L-1 

frequency exceedance also appeared to be significant predictors of PSI (but not 

O:E PSI), however, the models were rejected on account of non-random 

distribution of residuals. 

 

Fig. 5.4 Three-dimensional plot of the multi-level hierarchical mixed model, 
showing the relationship between % fine bed sediment cover, altitude and PSI, 
with highest PSI scores predicted for sites with lowest % fine bed sediment 
cover at high altitude.  Observed data (for the 13 sampling locations, with 3-4 
repeated measures per site) that lie above the surface are solid and those 
below are open. 
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Fig. 5.5 Multi-level linear model with random intercept using restricted maximum 
likelihood estimation for the 13 sampling locations, with 3-4 repeated measures 
per site, showing a functional relationship between % fine bed sediment cover 
and O:E PSI. Dashed lines represent 95% confidence intervals of the fixed 
effects intercept (P = 0.013). 
 

D. The utility of PSI as a method for assessing riverine 

sedimentation 

 

LIFE, O:E LIFE and EPT % abundance were also related to %  fine bed 

sediment cover (P = 0.012,  P = 0.029 and P = 0.012, respectively).  PSI was 

significantly correlated with LIFE, with the strength of the relationship increasing 

over the sampling period (Table 5.5). 

 

Mean percentage fine bed sediment cover at each sampling site was 

significantly correlated with mean suspendable bed sediment concentration (R 

= 0.788, P < 0.001). 
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 Season LIFE ASPT NTAXA EPT % 
abundance 

PSI Spring 2010 0.630* ns ns ns 

 Autumn 2010 0.771** 0.744** ns ns 

 Spring 2011 0.799** 0.731** ns ns 

 Autumn 2011 0.899** 0.843** ns ns 

      

  O:E LIFE O:E ASPT O:E NTAXA  

O:E PSI Spring 2010 0.578* ns ns  

 Autumn 2010 0.781** 0.664* ns  

 Spring 2011 0.822** 0.646* ns  

 Autumn 2011 0.911** 0.840** ns  

Table 5.5 Correlation between PSI, O:E PSI and other macro-invertebrate 
indexes over the sampling period.  ** = P < 0.01, * = P < 0.05, ns = not 
significant. 
 

The PSI values recorded in this study ranged between 46.81 and 94.74 (mean 

= 73.78, N=51).  The O:E PSI values ranged between 0.80 and 1.63 (mean = 

1.24, N = 51), while the % fine bed sediment values ranged between 0 and 70 

% (mean = 12.03, N = 51) (Tables 1 and 2).  There was no significant difference 

between the observed % bed sediment cover and reference % bed sediment 

cover associated with ‘pristine’ sites for the predicted macro-invertebrate end 

groups in the RIVPACS III+ model (n.s., N = 123) (Fig. 5.6). 

 

 

Fig. 5.6 Histogram of observed and reference % fine bed sediment cover values 
for the RIVPACS III+ predicted macro-invertebrate end-groups. 
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V. DISCUSSION 

 

The results of this research only partially support the research hypothesis that 

anticipated that PSI would be the only index related to physical measurements 

of sedimentation across a moderate gradient of impact at a reach-scale 

sampling resolution.  While the existing non-pressure specific indices LIFE and 

EPT % abundance were also related to a physical measure of sedimentation, 

the relationship between % fine bed sediment cover and PSI was statistically 

more significant. 

 

A. Temporal variability and environmental gradients 

 

Contrary to other studies (Wood et al., 2011), there was no seasonal difference 

in PSI scores in this study.  However, the PSI scores were significantly higher in 

2010 than in 2011, whilst % bed sediment cover exhibited an inverse response.  

This was probably due to the start of a prolonged drought period in 2011 that 

facilitated lower flows and resulted in a greater sediment deposition in the river 

channel. 

 

The longitudinal hydromorphological gradient was more pronounced in the 

Horner Water catchment.  The sedimentation gradient largely reflected the 

lower sedimentation impacts in the higher upland reaches of the Horner Water 

catchment through to the lowlands where reduced local slope facilitates 

sediment deposition on the river bed.  The counter-intuitive negative loading of 

distance from source onto the sedimentation axis reflects higher bed 

sedimentation levels in the upper reaches and in smaller tributaries in the Aller 

catchment and may reflect increased diffuse anthropogenic sediment input into 

this river system. 
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B. Relationship between hydromorphological and sedimentation 

variables and the PSI 

 

The relationship between raw PSI scores (but not O:E PSI) and altitude reflects 

a decreasing land use intensity in the uplands and hence lower sediment input, 

as well as a coarser substrate.  Wood et al. (2011) also found higher PSI scores 

at sites dominated by coarser substrate. 

 

Of the four variables that measured sedimentation in this study, only % fine bed 

sediment cover was significantly related to the ecological index PSI.  Although 

substrate is an important variable in the prediction of expected macro-

invertebrate scores by the RIVPACSIII+ model (Clarke et al., 2011), the 

significant relationship between raw PSI and % fine bed sediment cover shows 

that the relationship between O:E PSI and % fine bed sediment cover is not 

simply a modelling artefact.  Hydromorphology-independent models that are 

currently being developed (Clarke et al., 2011) may allow examination of this 

relationship in the absence of substrate as a predictive variable. 

 

The lack of a significant relationship between suspended sediment 

concentration, % exceedance and PSI may be due to a number of factors.  

First, sediment in suspension may have a less direct impact on the aquatic biota 

than river bed fines (Kefford et al., 2010), especially if the increased sediment 

concentrations are confined to short periods during hydrological events, as was 

the case in this study.  It has been shown that 90 % of annual suspended 

sediment load can leave the catchments during 6 % of hydrological events 

(Knighton, 1998) and it is likely that suspended sediment concentrations only 

significantly impact on the health of macro-invertebrate communities during 

prolonged periods of high exposure (Larsen and Ormerod, 2010b).  However, 

as a relatively small sample size was available for the evaluation of these 

variables (N = 33 and N = 15, respectively), further work involving a wider range 

of ecosystems across an impact spectrum is needed to fully evaluate the link 

between these variables and PSI and to establish whether duration of exposure 

expressed as a % threshold exceedance, as proposed by Bilotta and Brazier 

(2008), is indeed an ecologically meaningful measure of sedimentation impacts. 
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C. The utility of PSI as a method for assessing riverine 

sedimentation 

 

LIFE, O:E LIFE and EPT % abundance were also related to % fine bed 

sediment cover, however this relationship was statistically less significant than 

with PSI.  The increasing correlation between PSI and LIFE during our study 

period concurs with the work of Matthaei et al. (2010) who found that 

hydrological stress exacerbates the negative effects of sedimentation on 

aquatic macro-invertebrates.  Conversely, PSI was not correlated with EPT % 

abundance, possibly reflecting a differentiated response of the two metrics to 

multiple stressors such as sedimentation, hydrological stress and nutrients 

(Matthaei et al., 2010, Wagenhoff et al., 2011, Wagenhoff et al., 2012).  The 

potentially differentiated response of PSI to multiple stressors, as compared 

with existing metrics such as EPT, merits further investigation as PSI could 

become a useful tool in distinguishing between alternative causes of river 

impairment. 

 

Mean % fine bed sediment cover was positively correlated with the mean total 

suspendable bed sediment concentration.  Although PSI was not related to the 

total suspendable bed sediment concentration, this may be due to the 

difference in sampling resolution (Smiley and Dibble, 2008, Larsen et al., 2009).  

Whereby in this study sedimentation was measured at a patch scale by taking 

three systematic samples across the river channel, the invertebrate sampling 

was undertaken at a reach scale with habitats sampled in proportion to their 

availability.  Previous studies have found that the choice of sampling scale may 

influence the ability to detect treatment effects (Smiley and Dibble, 2008).  

Further, the different relationships between the PSI and the two bed 

sedimentation variables found in this study demonstrate the difficulty in 

measuring sediment settling rates that are likely to change both temporally and 

spatially (Kefford et al., 2010). 

 

The % fine bed sediment cover estimation technique used in this study could be 

criticized as at best semi-quantitative and prone to surveyor errors.  Therefore, 

it has to be noted that the estimation of fine bed sediment grain size in this 

survey method is approximate and some particles greater than the 0.06 mm 
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threshold may have been included in the % bed cover estimation.  In other 

similar studies, all particles smaller than 2 mm were regarded as fine sediment 

(e.g. Zweig and Rabeni, 2001, Matthaei et al., 2006, Larsen et al., 2009).  

However, despite its semi-quantitative basis, it is argued that this 

straightforward technique, which is used in routine bio-monitoring protocols 

across the UK (Environment Agency, 2009) has proven here to be an 

ecologically meaningful measure of sedimentation impacts. 

 

Many reach-scale confounding factors and patch-scale sources of variation 

(Angradi, 1999), such as presence of refugia, make the detection of 

sedimentation effects challenging.  Impacts of sedimentation using non-

sediment-specific invertebrate metrics have previously been detected at a patch 

scale where finer resolution measurements allowed for the sedimentation 

effects to be detected at lower values of % sediment cover than could be done 

at reach scale (Larsen et al., 2009).  At reach-scale, sediment effects are harder 

to detect (Larsen et al., 2009), with weaker and more subtle relationships 

between invertebrate metrics and fine sediment (Angradi, 1999) as refugia may 

allow sediment-sensitive taxa to maintain their density (Matthaei et al., 2006).  

Hence, the ability of PSI to detect impacts at a reach-scale sampling resolution, 

across a relatively modest gradient of impact, makes it a suitable tool for 

practical river management applications in bio-monitoring programmes routinely 

carried out at this scale.  Similarly to the approach suggested by Extence et al. 

(1999) for the assessment of impaired flows using the LIFE index, PSI and % 

fine bed sediment would be well suited to setting of ‘twin targets’ for the 

monitoring of sedimentation impacts and the achievement of ‘Good ecological 

status’ under the Water Framework Directive as the failure to meet the 

sedimentation target may not necessarily mean a corresponding failure in the 

ecological standard or vice-versa. Collins et al. (2011) recently reviewed 

international approaches to setting of sedimentation targets.  PSI could be used 

alongside or in lieu of some of the existing approaches or indeed as part of the 

proposed new modelling techniques.  The twin approach proposed in this thesis 

goes some way towards satisfying the need for the use of ‘holistic and 

ecologically meaningful approaches’ (Page et al., 2012) to setting and 

measuring of desired river restoration outcomes. 
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In a review paper Kemp et al. (2011) state that aquatic biota can be adversely 

affected by extremely low sediment concentrations.  Analysis of reference 

values for % fine bed sediment composition in different ecosystems at 

benchmark sites such as those used in the RIVPACS model is a useful starting 

point for the setting of sedimentation targets. For the sites included in this study, 

the reference values for RIVPACS predicted macroinvertebrate end-groups 

range between 0-57 %, whilst the observed values ranged between 0-70 %.  

Impairment of the macro-invertebrate communities in this study, defined as O:E 

PSI value < 1,  was observed on three occasions at the most impacted sites 

(A10 and EA-Aller) when % fine bed sediment values exceeded > 10% (Fig. 6.).  

However, at other sites, high O:E PSI values between 1.15 and 1.42 were still 

recorded at % fine bed sediment values between 25-40 %.  As the observed % 

bed sediment cover in the study catchments did not differ significantly from the 

reference values for the RIVPACS-predicted end-groups, it can be concluded 

that the sampling sites in this study were close to reference conditions. 

 

In the literature, reported threshold values for % fine bed sediment impairment 

range from 0.8-0.9 % of fine sediment composition in riffle substrate (Kaller and 

Hartman, 2004), through 3 % of streambed silt cover (Bryce et al., 2010), fine 

sediment deposit of 10-20 % (Relyea et al., 2012) and 12-17 % in fine interstitial 

sediment content to 75 % of substrate embeddedness (Collins et al., 2011).  

Larsen et al. (2009) found tolerance values for a range of taxa between c. 1-

12.5 % sediment cover.  Kemp et al. (2011) noted that aquatic biota can be 

adversely affected by extremely low sediment concentrations and Larsen and 

Ormerod (2010b) found that even small increases in sediment loads to stony 

streams increased invertebrate drift and reduced benthic density.  Their results 

suggest that any water quality target for good ecological status related to % 

sediment cover is likely to be low and will vary between different ecosystems. 

 

Clearly, further research is needed to inform the development of twin ecological 

and sedimentation targets by testing the relationship between PSI and % fine 

bed sediment cover along the full environmental gradient of sedimentation 

impacts (Clarke et al., 2011) and multiple stressors (Townsend et al., 2008).  

However suitable datasets with simultaneous biological and abiotic 
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measurements are scarce (Dunbar et al., 2010), making the results of the 

present study even more valuable. 

 

VI. Conclusions 

 

This Chapter examined the utility of a new pressure-specific macro-invertebrate 

index PSI to act as a simple tool for setting and monitoring of sedimentation 

targets.  PSI was found to be related to % fine bed sediment cover at reach- 

scale sampling resolution, across a moderate gradient of impact.  While other 

metrics, LIFE and EPT % abundance, were also related to % fine bed sediment 

cover, this relationship was weaker.  While PSI was correlated with LIFE, this 

relationship changed over time and was strongest in the presence of 

hydrological stress.  PSI and EPT % abudance were not correlated, suggesting 

a differentiated response to multiple stressors.  While further testing of PSI 

along a full gradient of multiple stressors is recommended, this research shows 

the potential of PSI to become a new, simple and cost-effective tool for the 

setting and monitoring of twin sedimentation targets and to add explanatory 

power to the existing suite of macro-invertebrate indices. 
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Chapter 6 

 

EVALUATING THE EFFECTIVENESS OF AN ECOSYSTEM 

MANAGEMENT APPROACH TO DELIVER WATER QUALITY 

OBJECTIVES 

 

I. ABSTRACT 

 

Over the past three decades, many plot and field scale studies elucidated the 

processes controlling the mobilisation, transport and delivery of pollutants from 

intensive agricultural land use and their impact on receiving watercourses.  

While the effectiveness of different mitigation measures has been examined, 

the effectiveness of a suite of measures on multiple pollutants at a catchment 

scale is still unclear and likely to vary with local catchment characteristics and 

socio-economic conditions.  This chapter addresses this knowledge gap by 

establishing a firm baseline against which the effectiveness of a suite of present 

and future land use changes in the agricultural Aller catchment can be 

evaluated and examines the impact of a single large scale land use intervention 

- upland ditch blocking - on multiple physico-chemical and biological water 

quality parameters in Horner Water catchment one year after restoration.   

 

The conceptual understanding of the hydrological processes operating within 

the study catchments and the baseline water quality characterisation indicate 

that the proposed arable conversion and construction of flood alleviation levées 

in the Aller catchment are likely to lead to reduced sediment and nitrate export 

from the most intensively farmed central part of the catchment.  However, 

extended flooding of floodplain grassland and new areas of intensively 

managed grassland may also lead to enhanced export of dissolved reactive 

phosphorus (DRP), unless a low-input, extensive management regime of these 

areas can be practiced.  Additional wooded buffer strips in the riparian corridor 

of the river Aller are likely to lead to reduced sediment input through 

stabilisation of river banks.   
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No clear positive or negative impact of the extensive ditch blocking in the 

Horner Water catchment could be detected one year after habitat restoration.  

While this may be due to the short time scale of post-restoration monitoring, it 

may also indicate that these extensive earth-moving works have not had any 

detrimental effect on the ecological status of this high quality semi-natural 

environment. 

 

II. INTRODUCTION 

 

Over the past decades, plot and field scale studies elucidated the processes 

and mechanisms responsible for the negative impact of enhanced 

anthropogenic nutrient inputs on altered biogeochemical cycles (Dungait et al., 

2012) and water quality (McGonigle et al., 2012) in agricultural systems.  While 

measures to ameliorate the effects of intensive agricultural production on 

biodiversity and the wider environment have been in place since the 1990s 

(Carey et al., 2003), the effectiveness of a suite of mitigation measures on 

multiple pollutants at a catchment scale is still unclear (McGonigle et al., 2012) 

and is likely to differ between sites and observation scales.  In this Chapter, the 

potential effectiveness of a suite of water quality mitigation measures is 

evaluated at a catchment scale, using a nested monitoring approach in the 

agricultural Aller catchment.  The measures include re-wetting of floodplain 

grassland through the construction of flood alleviation levées, planting of 

riparian woodland and wooded buffer strips, conversion of arable land to 

permanent grassland and restoration of off-line mill ponds. 

 

In the upland Horner Water catchment, the implemented flood risk and water 

quality mitigation measures include peatland restoration through the blocking of 

drainage ditches.  Upland peatlands in the UK have been managed and altered 

by humans for millennia (Ramchunder et al., 2009).  Particularly extensive 

draining of upland peatland has occurred since the 2nd World War with a drive 

for improved agricultural production, with UK peatlands now considered to be 

some of the most extensively drained in the world (Holden et al., 2004). The 

increasing concentrations of DOC over the past two decades, reported from 

rivers in the UK, north-west Europe and north America (Evans et al., 2005) give 

rise to concerns over the destabilisation of the terrestrial soil carbon pool, 
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particularly in peatlands which are important stores of terrestrial carbon (Billett 

et al., 2012).  Over the past decade, conservation efforts to revert the 

environmental degradation of peatlands have increased, with a particular focus 

on biodiversity benefits (Wilson et al., 2011a).  However, peatland restoration 

could potentially bring multiple benefits for a number of ecosystem services, 

including water quality and carbon storage and research on quantifying the 

effects of upland restoration on these multiple benefits is now underway (Grand-

Clement et al., 2013).  To date, several studies have found contradicting effects 

of upland ditch blocking on fluvial carbon fluxes, likely to reflect the different 

effects of complex controls on peatland hydrology and biogeochemistry in 

differing local conditions (Wilson et al., 2011b).  Furthermore, the effects of 

conservation measures are likely to vary with observation scale and time-span, 

therefore monitoring of restoration measures needs to be undertaken at a 

catchment scale (Wilson et al., 2011b) and over an extended period (Grand-

Clement et al., 2013). 

 

This chapter aims to address some of these knowledge gaps by evaluating: 

1. The likely impact of the proposed land use mitigation measures in the 

Aller catchment on the water quality determinands at a catchment scale; 

2. The response of physico-chemical determinands of water quality at a 

sub-catchment scale to upland ditch blocking one year after habitat 

restoration in the Horner Water catchment; 

3. The response of freshwater macro-invertebrate communities at a sub-

catchment scale to upland ditch blocking one year after habitat 

restoration in the Horner Water catchment. 

                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                

III. METHODOLOGY 

 

A. Land management interventions 

 

In the Aller catchment, old mill ponds were cleared and restored for increased 

flood water storage between 2nd and 18th November 2011 (Fig. 6.1 and 6.2a-b) 

and a small area of floodplain woodland was planted in spring 2012 (Fig. 6.1).  

The flood alleviation works in the Aller catchment, including construction of 

levées and lowering of ground were undertaken between 6th May and 26th July 



 

147 

 

2013 (Fig. 6.1, 6.2c-d).  Two tenant farmers agreed to enter into a Higher Level 

Stewardship scheme from 1st June 2013, whereby 4 arable fields on the 

steepest ground in the central part of the catchment will be converted to 

permanent pasture and 6 m wide woodland buffer strips will be created in the 

upper reaches of the river Aller in 2014 (Fig. 6.1). 

 

Fig. 6.1 Map of land management interventions carried out in the Aller 
catchment, including restoration of old ponds (2nd-18th November 2011), 
woodland planting (spring 2012), construction of flood alleviation levées and 
shallow habitat scrapes (6th May- 26th July 2013).  Conversion of arable land to 
permanent pasture and 6 m wide wooded riparian buffer strips will be 
implemented in 2014.  Observed known preferential sediment delivery 
pathways from arable fields to the watercourse along paved roads are 
highlighted in red. 
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a) 

 

c) 

 

e) 

b) 

 

 
 
 
 
d) 

 
 

f) 

Fig. 6.2 a) Restoration of former mill ponds for flood water storage 17th 
November 2011, b) restored ponds 24th May 2013, c) and d) construction of 
flood alleviation levées in the Aller Vale 24th May 2013, e) and f) preferential 
overland sediment pathways along paved roads delivering eroded topsoil to the 
river Aller from the fields targeted for arable conversion. 
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In the Horner Water catchment, upland ditch blocking was undertaken between 

the 8th September and 14th October 2011 (Fig. 6.3).  The extent of works is 

illustrated in Fig. 6.4.  Five % of sub-catchment H1, 35 % of sub-catchment H3 

and 80 % of sub-catchment H4 were affected. 

 

Originally, all the works were scheduled to take place between summer 2010 

and 2011, allowing 1 year for pre- and 1 year for post-restoration monitoring.  

However, delays due to difficulties with obtaining statutory consents and 

agreement of tenant farmers meant that the present study can only report on 

the potential of the ecosystem management approach to deliver water quality 

improvements in the Aller catchment and offer an assessment of the short-term 

impacts of upland ditch blocking on water quality and biodiversity of upland 

streams in Horner Water catchment. 

  
Fig. 6.3 Upland ditch blocking undertaken by the National Trust in the upper 
reaches of the Horner Water catchment between 8th September and 14th 
October 2011 with the aim of increasing water storage and reducing the velocity 
and magnitude of discharge response to rainfall events. 
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Fig. 6.4 The extent of upland ditch blocking in sub-catchments H1-H3 carried 
out between 8th September and 14th October 2011.  Approximately 5 % of sub-
catchment H1, 35 % of H3 and 80 % of H4 were affected. 
 
 

B. Water quality sampling 

 

Monthly water quality grab-samples were collected between 25th February 2010 

and 26th November 2012 at six monitoring sites (H1, H3, H4, H5, A7, A8) (Fig. 

5.1), with November 2011 treated as the first month of the post-restoration 

period.  At a further five sites in the Aller catchment (A9, A10, A11, A12, A13) 

(Fig. 5.1), monthly grab-samples were collected between 25th February 2010 

and 3rd November 2011 to establish a baseline against which the impacts of 

future land use change can be measured.  Flow-integrated sampling was 

undertaken between 10th July 2010 and 31st January 2013 at three sampling 

locations (H5, A7, A8), with the period between 29th July 2010 and 18th 

November 2011 taken as a pre-restoration period on the basis of the timing of 

lowland pond restoration works in the Aller catchment.  At a further two sites 

(A11, A12), flow-integrated sampling was undertaken between 10th July 2010 

and 18th November 2011 to establish a baseline against which the effects of 

future land use change in the Aller catchment can be measured. 
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Invertebrate samples were collected at 13 sites as described in Chapter 5 (Fig. 

5.1).  At five sites (H1, H3, H4, EA-A and EA-H) samples were collected on six 

occasions with May 2010, November 2010 and May 2011 representing the pre- 

restoration and November 2011, May 2012 and November 2012 representing 

the post- restoration period with reference to the Horner Water restoration 

works.  At the remaining eight sites (H5, A7, A8, A9, A10, A11, A12, A13) 

samples were collected on four occasions in May and November 2010 and 

2011 to establish a baseline against which the impact of future land use change 

in the Aller catchment can be measured. 

 

On each monthly sampling occasion, temperature was measured using a digital 

test thermometer with a stainless steel probe (Brannan Thermometers, 

Cumbria, UK) and pH was measured using a Checker pocket size pH meter 

(until 23rd October 2012) and H198129 pH meter (26th November 2012 only) 

(Hannah instruments, Bedfordshire, UK).  The pH meters were calibrated in 4 

and 7 pH solution on each sampling day. 

 

Continuous stage data were collected at three sites (A7, A8, H5) using the 

same instrumentation as described in Chapter 4, Section III.B.  At a further five 

sites (H3, H4, A9, A11, A12), continuous 15 minute stage data were collected 

by consultants commissioned by the National Trust, using OTT Orpheus Mini 

loggers (OTT Hydromet GmbH, Kempten, Germany). At H1, discharge was 

calculated from the Wessex Water Nutscale Reservoir compensation flow 

record by area-subtraction method, due to problems with OTT instrumentation 

at this site.  Environment Agency rainfall data was used for both study 

catchments, as described in Chapter 4 (Fig. 4.1). 

 

For 9 out of the 11 water quality monitoring sites (Fig 5.1), rating curves were 

constructed using the standard flow/area discharge measurement method (YSI, 

2009).  The Environment Agency supplied the discharge data at its hydrometric 

monitoring station 51002 at H5 (Marsh and Hannaford, 2008) and hence no 

rating curve was constructed for this site.  Between three and nine rating 

datasets were used at each site, in line with the UK Environment Agency 

practice (Hazel Grace, pers. comm. 9th July 2012).  A higher number of rating 

points was collected at stormflow monitoring sites, while the lowest number was 
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collected at two sites (A10 and A13) which were only monitored in baseflow and 

where stage fluctuations were small (within 5 cm).  Rating data were collected 

by a team of scientists, employed by the National Trust on the larger Defra 

project.  To ensure comparability of datasets, a strict protocol was used 

throughout the data collection work as specified in the ISO standards 748 

(1997) and 9196 (1992) using the mid-section discharge equation method (YSI, 

2009).  Additional data were collected at A7 and A8 to ensure satisfactory 

coverage of high flows at these stormflow monitoring sites.  95 % confidence 

intervals were fitted to best-fit regression curves using the lm and nls functions 

in the ‘stats’ library in ‘R’ version 2.15.0 (2012-03-30, The R Foundation for 

Statistical Computing) to illustrate the uncertainty associated with discharge 

calculations (Table 6.1, Fig. 6.5).  Median regression parameters were used for 

the purposes of instantaneous discharge calculations. 
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Fig. 6.5 Lines of best fit of stage/discharge rating equations for nine monitoring 
sites with 95 % confidence intervals.  
 

C. Laboratory analysis  

 

Invertebrate samples were preserved and identified in the laboratory using the 

protocol described in Chapter 5, Section III.B.  For both baseflow and stormflow 

samples, SS was quantified as described in Chapter 4, equation 4.1.  Monthly 

DOC samples were analysed on the Skalar FormacsHT CA14 TOC Analyser 

and stormflow DOC samples were analysed using the Trios UV spectrometer 

and recalculated as described in Chapter 4, Section III.C.  Suspended sediment 

total particulate carbon (TPC) content in stormflow samples was quantified 

using an elemental analyser, as described in Chapter 4, Section III.C. 
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For both stormflow and baseflow samples, total oxidised nitrogen (TON), 

unfiltered dissolved ortho-phosphate (DRP) and alkalinity were determined 

colourimetrically using the continuous flow Auto-analyzer 3 (Bran+Luebbe, 

Norderstedt, Germany).  During this analysis, nitrate is reduced by hydrazine in 

alkaline solution with a copper catalyst, then reacted with sulphanilamide and N-

(1-naphthyl)ethylenediamine dihydrochloride to form a pink compound 

measured at 550 nm with a detection limit of 6 µg L-1, accuracy 93.09 % and 

precision 89.18 %.  Alkalinity is measured with a methyl orange indicator in 

water with a detection limit of 3.4 mg L-1.  DRP in stormflow samples was 

determined by reaction with molybdate and ascorbic acid to form a blue 

compound measured at 660 nm with a detection limit of 38 µg L-1, accuracy 

61.24 % and precision 79.93 %.  A number of baseflow samples (Table 6.4, p. 

227) were also analysed at Rothamstead Research North Wyke laboratories to 

characterise the spatial variability of baseflow DRP concentrations across the 

two study catchments, as these were consistently below the detection limits of 

the Auto-analyser.  This analysis was carried out on Aquakem 250 (Thermo 

Fisher Scientific Inc., Vantaa, Finland) discrete photometric analyser with 

detection limit 1.5 µg L-1. 

 

D. Data analysis                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                           

 

Total annual rainfall was calculated for each calendar year for the period of 

record from the available EA rain gauge data for both study catchments.  The % 

of total annual rainfall as compared to the longer term mean was calculated for 

each year of the study period (2010-2012). 

 

The total discharge, total water yield and Q5:Q95 ratio were calculated for the 

nine sites with continuous discharge record for the period between 29th July 

2010 and 18th November 2011 to characterise and compare the spatial 

distribution of hydrological variables across the two study catchments before 

restoration. Q5:Q95 ratio was used as an indicator of the hydrological flashiness 

at each site (Jordan et al., 2005, Jordan et al., 2012b). 

 

Sub-catchments with the contributing area at each sampling location were 

delineated in ArcGIS 9.3.1 (Esri Inc., Redlands, CA) using the ArcHydro tools 
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and a 5 m resolution DEM.  The total area of each sub-catchment, the 

proportion of each land use type (arable, grassland, moorland, woodland), the 

proportion of each soil type (peat, clay, loam) and median soil properties 

(median BD, TC, TN, C:N ratio, δ15N, C storage and N storage) within each sub-

catchment were calculated. 

 

Principal Component Analysis (PCA) was used to examine the relationship 

between land use (% moorland, woodland, grassland and arable within sub-

catchments), soil characteristics (% peat, loam and clay within sub-catchments) 

and monthly water quality data (SS, DOC, TON, alkalinity, pH and temperature) 

across all 11 spatially distributed sampling sites in the two study catchments.  

Prior to performing the PCA, the suitability of data for factor analysis was 

assessed by inspecting the correlation matrix for presence of any coefficients of 

0.3 and above, checking the Kaiser-Meyer-Oklin value exceeding the 

recommended value of 0.6 and the Bartlett’s Test of Sphericity reaching 

statistical significance (Tabachnick and Fidell, 2001, Pallant, 2007).  

Environmental variables with the lowest loading on the component axis were 

sequentially removed until a definitive matrix could be achieved (Pallant, 2007).  

Principal components with eigenvalues exceeding 1 were retained and Varimax 

rotation was used for the interpretation of the components as the correlation 

between the components was low. 

 

SS, DOC and TON yields were calculated for all 11 monitoring sites for the pre-

restoration period between 29th July 2010 and 18th November 2011 using 

formula 4.2 (Chapter 4) and monthly baseflow samples.  SS, DOC, DRP, TPC 

and TON yields were also calculated for the five stormflow monitoring sites for 

the same time period using formula 4.2 but including all baseflow and stormflow 

samples to give the best possible estimate of total pre-restoration yields and to 

compare the processes controlling pollutant concentrations, loads and yields in 

baseflow and stormflow.   

 

Pearson’s correlation was used to examine the relationship between median 

baseflow and stormflow concentrations and determinand yields at the five 

stormflow monitoring locations and the % of four land use types (arable, 

grassland, moorland and woodland), % of soil type (clay, loam, peat) and soil 
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properties (median BD, TC, TN, C:N ratio, δ15N, C storage and N storage) in 

each sub-catchment. 

 

The relationship between land use within the riparian corridor and water quality 

deteminands was examined within the 5 sub-catchments with stormflow 

monitoring.  First, 10 m buffer zones were delineated along the watercourses in 

ArcGIS 9.3.1 (Esri Inc., Redlands, CA).  The % of arable, grassland, moorland 

and woodland land use within each buffer was then calculated and related to 

the median baseflow and stormflow SS, DOC, DRP, TON and TPC 

concentrations, using the Pearson’s correlation coefficient. 

 

Frequency duration curves (Bilotta and Brazier, 2008) of concentrations of SS, 

DOC, TON and DRP were plotted at the five stormflow monitoring locations to 

set a baseline for comparison following future habitat restoration works.  

Hysteresis analysis (McDonnell, 2003, Bowes et al., 2005) was undertaken on 

two events (medium and extreme) recorded simultaneously at the two 

catchment outlets (A7 and H5) to compare the response between the two study 

catchments and aid the understanding of pollutant delivery pathways.  Another 

medium-size event recorded simultaneously from the upstream to downstream 

monitoring sites (A11, A12, A7) in the Aller catchment was also examined to 

elucidate different sources and delivery pathways operating at nested scales. 

 

Repeated measures Anova with pre- and post- restoration as a repeated 

measure and site as a fixed factor (Bryman and Cramer, 2011) was used to 

examine the response of 2nd order sub-catchments H1-H3 to upland ditch 

blocking.  The monthly water quality data and invertebrate samples collected 

between the 25th February 2010 and 5th October 2011 represented the pre-

restoration and those between 6th October 2011 and 26th November 2012 

represented the post-restoration period.  A statistically significant interaction 

effect between site and pre-/post- restoration factors indicates a differentiated 

response of a response variable at one of the sites, as compared to the other 

two sites, between the pre- post- restoration years.  Examination of the 

interaction plots allows visualisation of this differentiated response. 
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IV. RESULTS 

 

A. Rainfall and discharge characterisation over the study period 

 

Total rainfall for the three years of monitoring and the % of long-term average in 

the two study catchments are presented in Table 6.2 and Fig. 6.6.  Whilst at the 

beginning of the sampling period, the total annual rainfall was 78 % of the long-

term average, at the end of the sampling period the total rainfall was up to 135 

% of the longer-term average, reflecting the very wet year of 2012. 

 

 Horner Aller 

Year total rainfall 
(mm) 

% of long term 
average 

1996-2012 

total rainfall 
(mm) 

% of long term 
average 

2009-2012 

2010 977.8 77.14 676.6 77.72 

2011 1115.6 88.01 722.4 82.98 

2012 1638 129.20 1177 135.19 

Table 6.2 Total rainfall and rainfall as a % of long-term average over the three 
years of water quality monitoring in the two study catchments. 
 
 

 

Fig. 6.6 Total annual rainfall over the period of record for the Horner Water and 
Aller catchments recorded at the EA rainfall monitoring stations.  Blue line 
shows the mean annual rainfall of 1,268 mm for the period 1996-2012 for 
Horner Water catchment and the red line shows the mean annual rainfall of 871 
mm for the Aller catchment for 2009-2012. 
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Total discharge, water yield and Q5:Q95 ratio over the pre-restoration period 

across nine water quality monitoring sites with continuous discharge record are 

presented in Table 6.3 and Fig. 6.7.  The greatest total discharge was recorded 

at the catchment outlets at H5, A7 and the joint outlet at A8, while the greatest 

water yield was recorded in the upper reaches of Horner Water catchment at H3 

and H1.  H3 and A9 were the flashiest sub-catchments with Q5:Q95 ratios of 

34.5 and 30.0, respectively.  

 

Site Area 
(km

2
) 

Total discharge 
(ML) 

Record completeness 
(%) 

Water yield 
(ML km

-2
) 

Q5:Q95 

A10 1.68 - - - - 

A11 3.39 1144 100 337.36 6.27 

A12 12.75 3156 82 247.50 8.06 

A13 5.48 - - - - 

A7 14.64 3864 99 263.93 9.40 

A8 38.82 36490 96 939.97 6.27 

A9 2.04 1623 100 795.49 30.00 

H1 4.63 5900 100 1274.20 16.87 

H3 1.68 4663 100 1683.47 34.50 

H4 5.04 5128 100 1017.43 6.76 

H5 20.23 13178 99 651.40 11.48 

Table 6.3 Hydrological characteristics of the nine sub-catchments with 
continuous discharge record show an increasing discharge in downstream 
direction, greater water yields in the uplands at H3, H1 and H4 and within the 
Aller catchment at A9.  Greatest flashiness was recorded in sub-catchments H3 
and A9. 
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a) 

 
b) 
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c) 

 
 
Fig. 6.7 The spatial distribution of hydrological variables across the nine 
monitoring sites with continuous discharge record shows a) the greatest 
discharge at the joint catchment outlet at A8, b) greatest water yield in the 
upland reaches of Horner Water at H3 and H1 and c) greatest flashiness at H3 
and A9. 
 

 

B. Exploring the impact of land use mitigation measures in the Aller 

catchment on water quality determinands at a catchment scale. 

 

a. Relationship between monthly water quality observations 

and environmental variables 

 

Table 6.4 (p. 227) shows the summary statistics for all monthly water quality 

samples collected at all 11 monitoring locations across the two study 

catchments. Table 6.5 (p. 228) shows the % of land use, soil type and 

measured soil properties within each sub-catchment. 

 

The Principal Component Analysis of land use, soil type, soil properties and 

monthly water quality variables across all study sites revealed three principal 

components with Eigenvalues > 1.  The first component accounted for the 
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greatest proportion of variance (35 %) and was interpreted as a land use and 

water quality gradient.  The second component accounted for 24 % of variance 

and was interpreted as a soil type gradient, while the third component 

accounted for 19 % of variance and could be interpreted as a larger scale 

climatic (temperature) and geological (alkalinity) gradient (Table 6.6). 

 

 
Gradient 

Land use Soil type pH & temperature 

SS conc. 0.615  0.387 

DOC conc. 0.684   

TON conc. 0.852 0.344  

Alkalinity  0.757  0.482 

pH   0.763 

Temp    0.851 

Arable % 0.766 0.439  

Grassland % 0.637 0.332 0.440 

Moorland % -0.726 -0.511 -0.391 

Woodland % 0.456 0.628 0.442 

Peat % -0.343 -0.866  

Clay % 0.655 0.392  

Loam %  0.934  

% variance 35% 24% 19% 

 
Table 6.6 Principal component analysis of water quality, land use, soil type and 
soil property variables revealed three gradients with eigenvalues > 1.  The first 
gradient was interpreted as a land use gradient that is most closely related to 
water quality parameters, the second gradient was interpreted as soil type and 
the third gradient was interpreted as a large scale climatic (temperature) and 
geological (alkalinity) gradient.  The variables used for the interpretation of 
gradients are highlighted. 
 

The relationship between the main land use gradient and water quality 

determinands is illustrated in Fig. 6.8, whereby the most impaired sampling 

sites are located in the most intensively farmed central part of the Aller 

catchment, associated with arable cropping and short-term leys. 
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Fig. 6.8 Map showing the ranking of water quality determinands across the two 
study catchments, in relation to land use.  The greatest water quality impairment 
can be observed in the most intensively farmed central part of the Aller 
catchment associated with arable land use.  The size of the circles represents a 
sum of median values of the monthly SS, DOC and TON concentrations. 
 
 

b. Spatial variability of water quality between scales in 

baseflow and stormflow 

 

Table 6.7 shows the summary statistics for all stormflow data collected at the 

five stormflow monitoring sites.  The full list of sampled events is included in the 

Appendices (Table 6.8, p. 232) and full chemographs are presented in Figs. 

6.9-6.13 in the Appendix (pp. 234-238).  In total, 141 events were captured 

across the five stormflow monitoring sites, amounting to a total of 1,971 

individual water samples.  Of these, 136 events were analysed for SS, 81 for 

TPC, 82 for DRP, 97 for TON and 53 for DOC.  Determinand loads and yields 

calculated for all sites using the monthly baseflow data and for the five 

stormflow monitoring sites using both baseflow and stormflow data are 

presented in Table 6.9. 
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Site  Discharge  
(m

3
 s

-1
) 

SS 
(mg L

-1
) 

DOC 
(mg L

-1
) 

TPC 
(%) 

TON 
(mg L

-1
) 

DRP 
(µg L

-1
) 

A7 median 0.11 77.85 4.98 11.63 9.46 45 

 
min 0.02 3.72 1.7 2.36 3.46 0 

 
max 10.72 3709.09 14.03 17.63 13.48 343 

 
N 

 
545 251 279 506 464 

A8 median 0.86 55.43 5.29 11.23 4.39 0 

 
min 0.16 1.41 0.49 1.53 2.14 0 

 
max 38.9 2998.86 19.44 25.63 8.68 143 

 
N  305 168 158 264 228 

A11 median 0.04 59.37 4.46 12.14 6.76 77 

 
min 0.01 12.97 1.08 3.71 3.93 0 

 
max 6.91 2299.66 21.29 18.08 9.36 477 

 
N  384 145 214 290 272 

A12 median 0.08 118.58 4.7 13.84 8.81 51 

 
min 0.02 17.32 1.65 4 3.29 0 

 
max 11.13 5102.4 7.81 24.45 13.47 683 

 
N 

 
231 83 168 186 143 

H5 median 0.32 21.93 5.25 18.09 3.6 0 

 
min 0.05 1.43 0.41 4.4 0.57 0 

 
max 32.2 1642.54 19.94 32.32 5.9 158 

 
N  482 226 176 376 293 

Table 6.7 Summary statistics of water quality determinands and corresponding 
discharge for all stormflow samples collected at the five stormflow monitoring 
sites between 10th July 2010 and 31st January 2013. 
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i. Concentrations 

 

Fig. 6.14a-d shows the spatial distribution of median SS, DOC, DRP and TON 

concentrations across the five stormflow monitoring sites calculated separately 

from the baseflow and combined baseflow + stormflow datasets.  The highest 

median baseflow SS concentrations are at A11 and A7, while in stormflow the 

highest SS concentrations were recorded at A12 and A7.  The lowest SS 

concentrations in both baseflow and stormflow were found at the Horner Water 

outlet at H5 and at the joint outlet at A8. 

 

Median baseflow DOC concentrations increased in a downstream direction from 

the upper reaches of the Aller at A11 to the outlet at A7 and were greater than 

median baseflow DOC concentrations at the Horner Water outlet at H5 and the 

joint outlet at A8.  In stormflow, the highest median DOC concentration was 

recorded at the joint outlet at A8, followed by the Horner Water outlet at H5, 

while the ranking of sites within the Aller catchment did not change. 

 

Highest median DRP concentration both in baseflow and stormflow were 

recorded in the upper reaches of the river Aller, while lowest DRP concentration 

were recorded at the outlet of the Horner Water catchment.  While in baseflow, 

the outlet of the river Aller at A7 supported higher DRP concentrations than the 

middle reaches at A12, this ranking was reversed in stormflow. 

 

Median TON concentrations both in baseflow and stormflow were lowest at the 

outlet of Horner Water at H5, followed by the joint outlet at A8 and the upper 

reaches of the Aller at A11.  While in baseflow, the highest TON concentrations 

were recorded in the middle reaches of the Aller catchment at A12, in stormflow 

the highest TON concentrations were recorded at the Aller catchment outlet at 

A7. 
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a) 

 

b) 
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c) 

 

d) 

Fig. 6.14 Median concentrations of a) SS b) DOC c) DRP and d) TON in 
baseflow and stormflow at the five stormflow monitoring sites, showing the 
spatial distribution of water quality determinands and the ranking of sites both in 
baseflow and stormflow conditions.  The Legend scale value refers to the red 
bar. 
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ii. Loads 

 

Loads of DOC and TON calculated from baseflow data alone increased in line 

with discharge from the upper reaches of the river Aller at A11 to the joint outlet 

at A8 (Fig. 6.15b,c).  The pattern was similar for SS loads calculated from 

baseflow data, except that the ranking of A11 and A12 was reversed by a small 

margin of 2.7 t (Fig. 6.15a).   

 

Loads calculated using the combined baseflow and stormflow datasets showed 

the highest load of SS at the joint catchment outlet at A8.  However, the 

previously cleanest A12 (from baseflow conditions only) now had the highest 

estimated SS load, while the Horner Water outlet at H5 supported the lowest 

load.  DOC load calculation using combined baseflow and stormflow data 

estimated greater DOC loads in the upper reaches of the Aller catchment at 

A11 than in the middle reaches at A12, with the ranking of other sites remaining 

the same.  The ranking of sites according to TON load increased with 

increasing discharge and remained the same when either baseflow data or 

combined data were used in load estimation. 

 

Only stormflow data were available for TPC and DRP calculations. TPC loads 

were lowest in the upper reaches of the Aller catchment at A11 and A12, 

followed by the Horner Water outlet at H5 and then the Aller outlet at A7 and the 

joint outlet at A8.  DRP loads were greatest in the upper reaches of the Aller 

catchment at A11, followed by the joint outlet at A8, then the Aller outlet at A7 

and the middle reaches of the river Aller at A12.  The Horner Water outlet at H5 

supported the lowest DRP loads. 
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a) 

 

 

b)
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c)

 

d)
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e)

Fig. 6.15 Loads of a) SS b) DOC and c) TON calculated from baseflow data 
only and from all data at the five stormflow monitoring sites; d) DRP and e) TPC 
yields are calculated from stormflow data alone as no suitable baseflow data 
was available.  SS loads show the greatest change in the ranking of sites and 
greatest proportional change in absolute values, when either baseflow 
measurements alone or all data are included in load calculations. The Legend 
scale value refers to the red bar. 
 
 

iii. Yields 

 
 
SS yields (Fig. 6.16a) were highest in the upper reaches of the river Aller at A11 

and for both methods of yield estimation, the yields within the Aller catchment 

decreased in a downstream direction.  Using baseflow data alone, the highest 

DOC yield was estimated in the upper reaches of the river Aller at A11, while 

using combined baseflow and stormflow data, the highest yield was estimated 

at the joint catchment outlet at A8 (Fig. 6.16.b).  Highest TON yields (Fig. 

6.16.c) were estimated in the upper reaches of the river Aller, using both data 

sets.  Only stromflow data was available for TPC and DRP yield calculations 

(Fig. 6.16.d-e).  This showed the highest estimated yields in the upper reaches 

of the river Aller at A11 and lowest yields at the Horner Water outlet at H5. 
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a) 

 

b) 
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c) 

 
d) 
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e)

 
Fig. 6.16 Yields of a) SS  b) DOC and c) TON calculated from baseflow data 
and from all data at the five stormflow monitoring sites; d) DRP and e) TPC 
yield calculation was based on stormflow data alone. 
 

iv. Ranking of sites according to concentration 

frequency exceedance 

 

The ranking of sites according to time frequency exceedance of pollutant 

concentration, using all available data (combined stormflow and monthly 

samples), at the five stormflow monitoring sites is shown in Fig 6.17.  It shows a 

similar ranking of sites in relation to diffuse water pollution as discussed above.  

Greatest frequency exceedance, and hence greatest water quality impairment, 

was recorded at A12 for SS and at A7 for DOC and TON concentration.  

Greatest frequency exceedance of DRP concentration was recorded in the 

upper reaches of the Aller catchment at A11.  The outlet of the river Horner at 

H5 was the most depleted in terms of SS, TON and DRP, however the lowest 

frequency exceedance for DOC was recorded in the upper reaches of the Aller 

catchment at A11 and A12. 
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Fig. 6.17 Frequency exceedance curves of pollutant concentrations at the five 
stormflow monitoring sites using all monitoring data show ranking of sites from 
cleanest to the most polluted. 
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c. Relationship between riparian land use and water quality 

 
Percentage of four land use types within a 10 m buffer along the riparian 

corridor within the five sub-catchments with stormflow monitoring are presented 

in Table 6.10.  Table 6.11 shows significant correlations between median water 

quality determinands and land use variables within the five sub-catchments with 

stormflow monitoring. 

 

site % arable in 10 
m buffer 

% moorland in 10 
m buffer 

% grassland in 10 
m buffer 

% woodland in 10 
m buffer 

A11 0.26 0.06 0.46 0.23 

A12 0.51 0.00 0.38 0.11 

A7 0.08 0.00 0.68 0.24 

A8 0.22 0.02 0.40 0.36 

H5 0.01 0.22 0.18 0.60 

Table 6.10 Percentage of land-uses in a 10 m riparian corridor in the five sub-
catchments with stormflow monitoring was related to SS, DOC, TPC, TON and 
DRP concentrations in baseflow and stormflow and to best estimate yields. 
 
 
 
Variables r P < 

SS stormflow conc. & % woodland within 10 m buffer  -0.921 0.026 

DOC baseflow conc. & % grassland within 10 m 

buffer 

0.892 0.042 

DOC stormflow conc. & % clay in the catchment -0.887 0.045 

TPC stormflow conc. & % moorland within 10 m 

buffer 

0.882 0.047 

TON baseflow conc.& % arable in the sub-catchment 0.915 0.029 

DRP yield & % grassland in the sub-catchment 0.900 0.037 

Table 6.11 Significant Pearson’s correlations between % of land use types in a 
10 m riparian corridor and within the whole sub-catchment and median water 
quality determinand concentrations and yields for the 5 sub-catchments with 
stormflow monitoring data. 
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d. Hysteresis analysis of pollutant sources and pathways 

 

Chemographs for one event recorded simultaneously at the three sampling 

locations within the Aller catchment (Fig. 6.18) show a clockwise hysteresis for 

TON and TPC, flat hysteresis for SS, anti-clockwise hysteresis for DOC and a 

slightly delayed anti-clockwise hysteresis for DRP. 

 

Chemographs for a medium size event simultaneously recorded at both the 

outlet of Aller (A7) and Horner Water (H5) (Fig. 6.19, p. 242) shows the limited 

response of most water quality determinands to discharge in the Horner Water 

catchment during small and medium size events, with SS concentrations 

displaying flat hysteresis and DRP concentrations strong clock-wise hysteresis. 

 

The response of water quality determinands to extremely large flows in both 

study catchments is illustrated in Fig. 6.20 (p. 244) in the Appendix.  In both 

study catchments, TPC showed a clockwise hysteresis and DOC flat hysteresis.  

The response of DRP and SS differed between the two study catchments, 

whereby DRP exhibited a clockwise hysteresis in the Horner Water catchment 

and a flat response in the Aller, while SS showed a clockwise hysteresis in the 

Aller catchment and a flat response in Horner Water.  TON shows a typical 

dilution effect. 

 

C. The response of physico-chemical water quality deteminands in 

the Horner Water catchment to upland ditch blocking one year 

after habitat restoration 

 

Analysis of variance (Tab. 6.12, Figs. 6.21 and 6.22, p. 245) shows significantly 

different SS and DOC concentrations, DOC load and discharge between the 

pre- and post-restoration years.  Tukey’s post-hoc test showed that TON 

concentrations and loads differed significantly between all three sites (Fig. 

6.21).  H3 supported significantly lower SS and DOC loads and lower discharge 

than the other two sites (P < 0.001).  No statistically significant interaction 

between site and pre- and post-restoration factors was found, however the 

probability of the DOC load responding differently at the three sites during the 
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two study years was near-significant (P < 0.06).  The interactions plots for DOC 

load and for discharge at the three study sites are presented in Fig.6.23. 

 

 

 Sites 

P < 

Pre/post- restoration years  

P < 

Interaction effects 

P < 

SS concentration mg L
-1 

0.893 0.003 0.861 

DOC concentration mg L
-1 

0.218 0.001 0.693 

TON concentration mg L
-1 

0.001 0.133 0.895 

SS load mg L
-1 

0.001 0.880 0.790 

DOC load mg L
-1 

0.001 0.001 0.060 

TON load mg L
-1 

0.001 0.065 0.475 

Discharge m
3
 s

-1 
0.001 0.002 0.101 

Table 6.12 Results of repeated-measures ANOVA with pre/post- restoration as 
repeated measures and site (H1, H3, H4) as fixed effect.  All variables were 
Log10(x+1) transformed to improve normality.  Statistically significant P-values 
are highlighted. 
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Fig. 6.21 Log-transformed mean values of concentrations and instantaneous 
loads for key water quality determinands and instantaneous discharge, with 
standard error bars: 1 - pre-restoration, 2 - post- restoration.  The arrow 
illustrates the degree of restoration impact as a % of catchment affected by 

5%     35%     80% 
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ditch blocking.  H5 at the catchment outlet is included to illustrate the between-
years response at the catchment outlet, however it was not included in the 
repeated-measure ANOVA to avoid confounding effects of different scale 
comparisons. 
 
 
 

 

Fig. 6.23 Interaction plots showing the statistically near-significant difference 
between the response of DOC load and discharge at H3 as compared with H1 
and H4 pre- and post- restoration.  The slope of the line shows a different rate 
of response at the two sets of sites. 
 

 

D. The response of macro-invertebrate indices in the Horner Water 

catchment to upland ditch blocking one year after habitat 

restoration. 

 

Repeated measures ANOVA found no significant difference in macro-

invertebrate indices between the three 2nd order tributaries of Horner Water, 

between study years and no significant interaction effects (Tab. 6.13, Figs. 6.24 

and 6.25, p. 246).  However, a near significant interaction effect (P < 0.082) was 

found in the response of O:E LIFE index between sites and the pre-/post- 

restoration periods, illustrated in Fig. 6.26.  The summary data of all 

invertebrate indices across all study sites is presented in Table 5.1, Chapter 5. 
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 Sites 

P < 

Restoration 

P < 

Site*restoration 

P < 

O:E PSI 0.085 0.559 0.232 

O:E LIFE 0.070 1.000 0.082 

O:E ASPT 0.874 0.224 0.106 

O:E NTAXA 0.591 0.358 0.506 

Table 6.13 Repeated-measures ANOVA with pre/post- restoration periods as 
repeated measure and site (H1, H3, H4) as fixed effect showed no significant 
difference in invertebrate indexes between sites and restoration years.  
 

 

 

Fig. 6.24 Environmental Quality Indices for the four macro-invertebrate metrics 
with standard error bars: 1 - pre-restoration, 2 - post- restoration.  EA-Hor is 
included to illustrate the between-years response at the catchment outlet at the 
long-term EA macro-invertebrate monitoring site, however it was not included in 
the repeated-measure ANOVA to avoid confounding effects of different scale 
comparisons. 
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Fig. 6.26 Interaction plot elucidating the statistically near-significant difference in 
the response of O:E LIFE during pre- and post- restoration monitoring period at 
the three study sites H1, H3 and H4 (P < 0.082).  While mean O:E LIFE 
increased at H3 and H4, it declined at H1 between the pre- and post- 
restoration period. The slope of the line illustrates the different rate and direction 
of response at the three sites. 
 

 

V. DISCUSSION 

 

A. Exporing the impact of land use mitigation measures in the Aller 

catchment on water quality determinands at a catchment scale. 

 

a. Hydrological characterisation 

 

Characterisation of the spatial distribution of total discharge, total water yield 

and flashiness within each sub-catchment informs the interpretation of the 

observed spatial variability of water quality determinands across the two study 

catchments (Soulsby et al., 2002).  The spatial distribution of soil types and 

topography exert a first order control on the catchment hydrological response 

(Tetzlaff et al., 2007).  With the exception of the steep H3 and A9 sub-

catchments, the Q5:Q95 ratio of both Aller and Horner Water is at the low end 

of the range between 7.45 – 96 reported in literature (Jordan et al., 2005, 

Jordan et al., 2012b), indicating low flashiness.  The prevailing HOST types 3 

and 17 in the central parts of the Aller catchment (Chapter 3, Fig. 3.4, p. 203) 

indicate permeable soil types with no or limited contribution from groundwater at 

> 2 m depth, except for the Wigton Moor soil series in the riparian corridor 

(HOST 7-10) which may be subject to prolonged seasonal saturated sub-
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surface and overland flow, with an aquifer at < 2 m depth (Soil Survey of 

England and Wales, 1983, Boorman et al., 1995).  The deep clay soils 

(Evesham 2 and Worcester) (Fig. 3.3, p. 202) on the north-eastern side of the 

catchment represent hydrologically more responsive HOST type 21 (Boorman 

et al., 1995) that may contribute to the saturation of soils in the riparian zone 

during high flow events as ‘return flow’ (Kirchner et al., 2000).  However, the 

generally permeable nature of soils and lower rainfall-runoff coefficient (Chapter 

4, Fig. 4.7c) in the Aller catchment indicates that the quicker hydrological 

response of the river Aller, identified in Chapter 4 and expressed as the lag 

between start of an event and peak discharge (Fig. 4. 7b) is likely to be related 

to intensive land use that has been shown to alter the soil physical properties 

and therefore hydrological response through reduced organic matter content, 

erosion, soil compaction and drainage (Batey and McKenzie, 2006, Price et al., 

2010).  Highest Q5:Q95 ratio and therefore greatest hydrological 

responsiveness, has been recorded in the middle reaches of the Aller 

catchment at A12 where infiltration excess overland flow was observed to occur 

along paved roads and unpaved tracks.  Tetzlaff et al. (2007) also observed that 

road construction contributed to a rapid hydrological response of a medium-size 

upland catchment in Scotland by “intercepting flow paths and routing water 

more rapidly to streams, as well as generating infiltration-excess overland flow”.  

Sub-surface drainage of the riparian grasslands is also known to occur in the 

A12 sub-catchment (Nigel Hester, pers. comm. 24th May 2013) and is likely to 

increase its hydrological responsiveness (Deasy, 2007). 

 

b. Characterisation of water quality  

 

i. Suspended sediment and particulate carbon 

 

The altered hydrological connectivity described above is likely to be responsible 

for the high median SS concentrations observed in the A12 sub-catchment 

during high flow events through enhanced mobilisation of sediment and 

nutrients from intensively managed land (Deasy et al., 2009, Reaney et al., 

2011).  Field observations during rainfall events identified arable fields as major 

sources of suspended sediment, with a direct delivery pathway into the 

watercourse along paved roads (Fig. 6.2e-f).  The comparison of SS loads 
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between monitoring sites in the Aller catchment indicates that while SS loads in 

baseflow increase downstream with discharge, in stormflow this pattern is 

altered and anthropogenic SS sources and preferential pathways are likely to 

be more important controls of SS loads.  

 

The negative correlation between increasing % of woodland within a 10 m 

buffer along the riparian corridor and SS stormflow concentrations suggests that 

bank erosion may also be an important source of SS in the Aller catchment 

(Stutter et al., 2012). The analysis of a chemograph (6.18, p. 240) for one event 

recorded simultaneously at the three monitoring locations in the Aller catchment 

(A11, A12, A7) indicates a rapid mobilisation of the accumulated pool of SS (flat 

hysteresis) and an easily mobilised and exhausted nearby source of TPC 

(clockwise hysteresis), possibly from the riparian zone (McDonnell, 2003).  

Conversely, during extreme events (Fig. 6.20, p. 244), SS source in the Aller 

catchment, but not in Horner Water, shows an exhaustion effect (clockwise 

hysteresis), while the TPC content declines in both catchments (clockwise 

hysteresis).  Flat hysteresis has also been described as a ‘single-valued’ line 

(Williams, 1989) or no-hysteresis response (Asselman, 1999) and can indicate 

a continuous supply of sediment throughout the event (Williams, 1989), while 

the exhaustion effect has been attributed to the formation of an ‘armoured layer’ 

that reduced further soil erosion during high intensity rainfall events prior to the 

occurrence of peak discharge (Williams, 1989).  The weak positive correlation 

between TPC stormflow concentrations and % moorland within a 10 m riparian 

buffer in the five stormflow monitoring sub-catchments perhaps reflects a 

difference in soil organic matter content between the two study catchments, as 

characterised in Chapter 3. 

 

ii. DOC 

 

Increasing DOC concentrations in baseflow within the Aller catchment suggest 

an increasing contribution of autochtonous nutrient sources along the river 

continuum (Vannote et al., 1980), such as increased net primary production and 

microbial breakdown of organic matter (Jarvie et al., 2008), although increasing 

downstream concentrations of DOC due to influx of terrestrially derived DOC 

from the riparian zone have also been reported (Dalzell 2011).   Agricultural 
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land use may also contribute to increased DOC concentrations through 

livestock poaching (Jarvie et al., 2008) and dunging, although such impacts 

have not been observed at a large scale in this study catchment.  The positive 

correlation between DOC baseflow concentration and % grassland within a 10 

m riparian buffer zone in the five stormflow monitoring sub-catchments suggests 

that pastoral land use in the Aller catchment may be a contributing factor to the 

elevated baseflow DOC concentrations in this catchment, possibly due to higher 

soil organic matter content commonly associated with grasslands (Bilotta, 2008, 

Roberts et al., 2012). 

 

The comparison of ranking of DOC concentrations and loads supports the 

interpretation of different hydrological pathways operating within the two study 

catchments outlined in Chapter 4, that while in baseflow DOC concentrations 

within the Horner Water catchment are likely to be derived from deeper soil 

horizons with reduced DOC concentrations, in stormflow DOC is likely derived 

from the upper soil layers with a higher organic matter content.  Conversely, 

shallower flow paths likely to occur on flatter topography on seasonally wet 

deep loam (Wigton Moor series) in the river corridor in the middle reaches of the 

Aller catchment may be contributing to the higher baseflow DOC concentrations 

as compared to Horner Water, with some possible contribution from 

groundwater.  The negative correlation between DOC stomflow concentration 

and % clay in five sub-catchments with stormflow monitoring supports this 

interpretation of different soil types and hydrological pathways as DOC sources 

between the two study catchments. 

 

DOC loads increased with discharge across all sites, except in stormflow when 

the upper reaches of the Aller at A11 exported more DOC than the middle 

reaches at A12, suggesting that discharge is an important control over DOC 

loads.  The analysis of the chemograph indicates a slowly mobilised distant 

source of DOC in the Aller catchment during a medium size event (anti-

clockwise hysteresis) (Figs. 6.18 – 6.19, pp. 240-242), probably originating in 

the carbon rich organic woodland and moorland soils at higher altitude, while in 

Horner Water the response of DOC during a medium size event is limited (Fig. 

6.19, p. 242).  Conversely, during an extreme event (Fig. 6.20, p. 244), DOC is 

rapidly mobilised from nearby sources in both study catchments.  Clockwise 
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hysteresis has been attributed to an initial flushing of determinands from the 

riparian zone (including in-channel sources), followed by hillslope water (anti-

clockwise hysteresis), once a certain mobilisation threshold has been exceed 

(McDonnell, 2003).  The seemingly reversed pattern observed in the Aller 

catchment suggests that extensive catchment saturation is necessary to 

mobilise DOC in the carbon-rich surface soil horizons of permeable soils in the 

lower reaches of the Aller catchment basin. 

 

iii. Phosphorus 

 

The highest DRP concentrations and loads in the uppermost reaches of the 

Aller in the A11 sub-catchment may be related to a number of factors.  Wood et 

al. (2005a) suggested that dilution of DRP concentrations in a downstream 

direction suggests a dilution effect between plot, field and catchment scales.  

However, the Aller catchment is underlain by a secondary minor aquifer 

(Environment Agency, 2013) and significant dilution of DRP concentrations from 

groundwater is therefore unlikely.  Secondly, this sub-catchment supports a 

greater density of rural dwellings, hence there is a potential for increased 

pollution from rural point sources, such as septic tanks (Withers et al., 2012), 

supported by the occurrence of highest baseflow DRP concentrations in the 

upper parts of the Aller catchment.  Thirdly, while the land ownership within this 

sub-catchment is more fragmented and therefore the stocking density within the 

sub-catchment is difficult to quantify, many fields on steep slopes in close 

proximity to the riparian corridor in this sub-catchment show evidence of hard 

grazing and supplementary feeding, previously shown to contribute to enhanced 

export of TP from grasslands (Bilotta et al., 2008).  Bilotta (2008) found TP 

yields from an intensively managed grazed grassland between 2.52-5.68 kg ha-

1 yr-1 while Heathwaite et al. (1997) reported TP loss from grazed lisymeters of 

2-3 kg ha-1 yr-1.  Although the estimated yields of DRP in the Aller catchment 

were between 0.09 and 1.1 kg ha-1, it has to be noted that DRP constitutes only 

a proportion of the TP export (Heathwaite et al., 1997, Deasy, 2007, Bilotta, 

2008, Roberts et al., 2012).  Unfortunately, it was not possible to measure TP 

within the remit of this project, however evidence from the literature suggests 

that increasing export of SS during stormflow in the middle reaches of the Aller 

is likely to lead to an increased export of PP (Walling et al., 1997, Bilotta, 2008). 
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Therefore the TP exports from the Aller catchment are likely to be substantially 

higher.   

 

Examination of the chemograph (Figs. 6.19, 6.20, pp. 242-244) in the Aller 

catchment suggests a rapid mobilisation of an accumulated resource (flat 

hysteresis) of DRP regardless of event magnitude, suggesting an excess supply 

of P in accumulated sediments and catchment soils.  By comparison, in the 

Horner Water catchment examination of the hysteresis patterns (Figs. 6.19, 

6.20, pp. 242-244) indicates a quick mobilisation of a limited resource of DRP 

(clockwise hysteresis), reflecting the reduced availability of DRP in this 

catchment.  These findings are somewhat contrary to those of Bowes et al. 

(2005) who found that P hysteresis changed downstream from anti-clockwise in 

the upland sub-catchment to clockwise in the lowlands, due to intensifying land 

use and reducing sediment particle size.  However, reviewing existing literature, 

Bowes et al. (2005) found that other studies ‘almost always observed clockwise 

trajectories’ due to within-channel mobilisation of P species.  

 

iv. Nitrogen 

 

The high concentrations of TON in the middle reaches of the Aller appear to be 

related to the % arable land in this study and reflect the regular applications of 

inorganic and organic fertilisers.  A dilution effect apparent in stormflow 

indicates a groundwater contribution to baseflow TON concentrations from a 

secondary minor aquifer that underlies the Aller catchment.  While the analysis 

of the chemograph indicates a stronger stormflow dilution effect and hence 

greater groundwater contribution in baseflow at A7, the lower median stormflow 

TON concentrations at A12 may indicate a proportionally greater dilution with 

surface water in this sub-catchment during stromflow, as reflected by the higher 

Q5:Q95 ratio.  TON loads increased in a downstream direction both when 

baseflow and stormflow data were used for load estimation, indicating the 

important control of discharge over the solute loads (Walling and Webb 1986). 
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v. Determinand yields 

 

Highest SS yields in the upper reaches of the Aller catchment are in line with 

the conceptual understanding of fluvial sediment export, whereby sediment 

yields are expected to decline with an increasing catchment area due to a lower 

sediment delivery ratio and increasing opportunities for sediment storage 

(Walling and Webb, 1986).  While the estimated SS yields at A11 of 1.9 t ha-2 

are in excess of the average soil formation estimates in Britain of 1 t ha-2 yr-1 

(Morgan 1985 in Bilotta, 2008), Bilotta (2008) noted that the variability of soil 

formation rate between different soil types and land uses in Britain is poorly 

understood and even erosion rates below the 1 t ha-2 yr-1  threshold may be 

significant, if they selectively remove smaller soil particles and reduce soil 

fertility.  Further, SS represents only a portion of the total sediment yield 

exported from the catchment, thus under-estimating actual soil erosion rate 

(Brazier, 2004).   

 

Solutes are typically transported directly to the catchment outlet (Walling and 

Webb 1986), therefore a reduction of yields would only be expected where 

dilution with groundwater occurs downstream (Jordan et al., 2005).  The high 

DRP and TON yields in the upper reaches of the Aller catchment are likely to 

indicate a proportionally greater diffuse water pollution risk due to greater 

hydrological connectivity on steeper slopes, less attenuation and dilution and 

therefore higher pollutant transport efficiency (Haygarth et al., 2005a).  Further, 

greater connectivity to soils with higher organic matter content under semi-

natural vegetation and in grasslands may also be responsible for the highest 

overall DOC yields in the upper reaches of the Aller in the A11 sub-catchment 

(Burt and Pinay, 2005, Bracken and Croke, 2007). 

 

vi. Water quality status 

 

The current standard for mean DRP concentration to achieve high ecological 

status in the Aller catchment is 50 µg L-1 and in the Horner catchment it is 20 µg 

L-1, however current proposals suggest lowering this threshold to between 13 

and 40 µg L-1, depending on altitude (UK TAG, 2012).  In the Aller, the median 

baseflow DRP concentration of 54 µg L-1 at A11 exceeds the current standard, 
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while median stormflow DRP concentrations of 51 and 77 µg L-1 exceed the 

standard at both A11 and A12.  It has to be noted that the stormflow 

concentrations are likely to be under-estimated by approximately 30 % due to 

the reduced accuracy of the analytical method.  The current guideline mean SS 

concentration threshold of 25 mg L-1 (UK TAG, 2008) is exceeded in baseflow 

at the three monitoring sites A11, A12 and A7 within the Aller catchment and at 

all but one (Horner Water outlet H5) site in stormflow.  However, it has to be 

noted that the analytical technique in the present study measured total SS 

concentration, including the organic sediment fraction and colloidal material.  

Therefore, while this method is likely to return higher concentration values than 

the usual gravimetric filtration through a 0.7 µm filter, it can be argued that it is 

more relevant for the determination of ecological impacts as the organic 

sediment fraction and colloidal material are important in the transport of 

contaminants (Bilotta, 2008).  A small amount of solute material is also 

precipitated with this method, which may result in proportionally higher 

estimates of SS concentrations, particularly in baseflow conditions.  There is 

currently no standard for TON concentrations in flowing waters in the UK, 

however the mean TON concentration standard for drinking water of 50 mg L-1 

(Leeson et al., 2003) was not exceeded at any monitoring site within the study 

catchments in either baseflow or stormflow. 

 

c. Likely effectiveness of mitigation measures 

 

The loading of water quality and land use variables on the same PCA axis 

indicates that water quality is closely linked to land use in the study area.  The 

understanding of the hydrological and land use controls on water quality in the 

Aller catchment discussed above suggests that the conversion of arable land to 

grassland is likely to reduce sediment concentrations and SS and PP yields in 

the middle reaches of the catchment (Roberts et al., 2012), as long as 

excessive stocking densities are avoided (Bilotta et al., 2007, Bilotta, 2008).  

However, conversion of arable land to intensive grassland may also result in an 

enhanced DRP export through microbial re-mobilisation of PP, as has been 

shown elsewhere in some arable conversion studies and evaluation of 

grassland buffer strips (Roberts et al., 2012, Stutter et al., 2012).   
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The planned wooded buffer strips are likely to be effective in reducing the 

delivery of suspended sediment and PP to the watercourse (Roberts et al., 

2012) both from the adjacent arable land and from eroding banks in pasture.  

The introduction of further wooded buffers on arable and intensively grazed land 

across the A12 and A7 sub-catchments would help to mitigate sediment 

delivery into the watercourse through increased bank stability (Kronvang et al., 

2012).  While vegetated buffer strips have been shown to increase DRP exports 

through increased re-mobilisation of PP (Stutter et al., 2012), wooded buffers 

are less likely to suffer from these problems due to increased storage of P by 

trees in the below ground biomass (Sovik and Syversen 2008 cf Roberts et al., 

2012).  However, the buffers may need to be maintained through annual 

mowing in order to prevent their saturation with P and maintain their efficacy 

(Roberts et al., 2012, Stutter et al., 2012).  The vegetated buffer strips may also 

be effective in reducing TON concentrations in the middle reaches of the Aller 

due to the propensity of seasonally wet deep loam of Wigton Moor series for 

seasonal saturation (Boorman et al., 1995, Soil Survey of England and Wales, 

1983), which may allow sufficient residence time for denitrification to occur.  

However, the effectiveness of buffer strips to remove nutrients has not been 

conclusively established (Bergfur et al., 2012) and 5 m wide buffers were shown 

to be ineffective in delivering desired improvements to water quality on 

permeable soils (Noij et al., 2012).  Therefore, buffer strips alone may not be 

sufficient to mitigate TON input into the watercourse and reduction of 

agricultural inputs may need to be required, if TON loading to the Aller was to 

be reduced.   

 

The flood protection levées are likely to reduce sediment delivery into the Aller 

during high storm events, as dams and anthropogenic barriers are known to 

trap sediment (Ockenden et al., 2012, Fryirs, 2013) and floodplain restoration 

has been shown to be an effective way of reducing sediment, TP and nitrogen 

loads (Van der Lee et al., 2004, Scholz, 2007).  Floodplains are most effective 

at trapping a greater % of annual load of sediment, N and P of smaller rivers 

(Noe and Hupp, 2009) and may trap between 26-47 % of sediment (Walling and 

Owens, 2003, Kronvang et al., 2007), 3 - 37 % of N (Van der Lee et al., 2004, 

Forshay and Stanley, 2005, Noe and Hupp, 2009)  and 4 - 59 % of annual P 

load (Van der Lee et al., 2004, Kronvang et al., 2007, Noe and Hupp, 2009).  
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However, flooding of the land may lead to longer-term anaerobic conditions and 

enhanced solubilisation of DRP from the accumulated soil reserves in this part 

of the catchment (Jordan and Rippey, 2003, Loeb et al., 2008, Vidon, 2010, 

Roberts et al., 2012), although the extensive management of most of the 

flooded fields to date with minimal fertiliser input will help to minimise the risk of 

pollution swapping from this source.   

 

The currently proposed mitigation measures will not address the extremely high 

soil erosion rates in the upper reaches of the Aller catchment, probably 

attributable just to one arable field immediately adjacent to the watercourse 

upstream of the monitoring site that was left deep ploughed and fallow 

throughout the winter of the sampling year.  Equally, the proposed measures 

will not address the increased risk of DRP delivery from the same sub-

catchment. 

 

B. The response of physico-chemical water quality determinands 

and macro-invertebrate communities to upland ditch blocking in 

Horner Water catchment one year after habitat restoration. 

 

The below average rainfall during the pre-restoration period coupled with an 

above average rainfall during the post-restoration period resulted in a 

significantly different discharge between these two periods.  This in turn was 

likely to be responsible for the significantly higher instantaneous DOC loads at 

the three Horner Water tributaries during the post-restoration period, as annual 

runoff is an important control of solute loads (Walling and Webb, 1986).  H3 

supported a significantly smaller discharge than the other two tributaries, which 

was also reflected in lower SS and solute loads in this sub-catchment.  There 

was no significant difference in the response of pollutant concentrations and 

instantaneous loads during the pre- post- restoration periods between the three 

sub-catchments.  However the near-significant interaction effect of discharge 

and DOC load (P < 0.101 and P < 0.06, resp.) likely reflects the different 

hydrological characteristics of the H3 sub-catchment.  In the less flashy sub-

catchments H1 and H4 (Q5:Q95 = 16.87 and 6.76, resp.), discharge increased 

between the pre- and post- restoration period.  However, in the flashy H3 sub-

catchment (Q5:Q95 = 34.5), mean instantaneous discharge did not change 
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between the pre- and post- restoration period.  Therefore, the statistical analysis 

did not show any conclusive effects of restoration on instantaneous discharge, 

pollutant concentrations and loads during the 1 year of post-restoration 

monitoring, as both the control (H1) and the restored (H4) sub-catchments 

responded in the same way.  The differentiated response of DOC load and 

mean discharge in the H3 sub-catchment, as compared to H1 and H4, can be 

attributed to the different runoff characteristics, i.e. the greater flashiness, of this 

sub-catchment. 

 

Although there was no statistically significant difference in the response of 

macro-invertebrate indices during the pre- and post- restoration period between 

the three sub-catchments, the near-significant interaction effect of O:E LIFE 

index may signal a likely differentiated response of biota to antecedent flow 

conditions at H1 as compared to H3 and H4.  The examination of the time-

series plot in Fig. 6.25 shows reduced O:E LIFE between May 2011 and May 

2012 at the long-term EA invertebrate monitoring site at the Horner Water 

catchment outlet, likely to be due to a period of below-average rainfall in 2010-

2011.  In the upland headwaters at H1, the response of biota to low flows 

seems to have been delayed by six months until November 2011, however at 

H3 and H4 the response of the biological index is delayed further by another six 

months until May 2012.  Wilson (2011b) found reduced variability of discharge 

and more stable water tables that offer greater resilience to drought following 

peatland restoration.  It could be hypothesised, that the upland restoration that 

took place in autum 2011 allowed the maintenance of baseflow and delayed the 

effects of 2010-11 drought on aquatic biota in the H3 and H4 sub-catchments. 

 

The monthly water quality sampling frequency could be criticised as not 

adequate for picking up a signal from restoration.  Whilst it was not feasible to 

implement flow integrated sampling within these three study sub-catchments in 

this study, several studies have successfully evaluated the effects of upland 

ditch blocking using a fortnightly (Wilson et al., 2011a), monthly (Clay et al., 

2009) or less frequent spatially distributed sampling design (Yallop and 

Clutterbuck, 2009, Armstrong et al., 2010).  A recent study examining the 

uncertainties associated with reduced sampling frequency on DOC load 

estimation (Buttner and Tittel, 2013) found that monthly sampling results in an 
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underestimation between 13-19 %, which compares favourably with similar 

studies of P (Johnes, 2006, Cassidy and Jordan, 2011).  Conversely, the 

presence of a sufficient pre-restoration baseline and a control catchment is 

considered critical for the unequivocal evaluation of treatment effects (Wilson et 

al., 2010, Turner et al., 2013).  The experimental design in this study originally 

included sub-catchment H1 as a control as it is located above a reservoir which 

buffers the effects of land use change on downstream flood risk, making any 

such interventions meaningless in the context of the wider project objectives.  

Unfortunately, a limited amount of ditch blocking was nevertheless undertaken 

in this sub-catchment.  However, as the works affected only 5 % of the sub-

catchment area, for the purposes of this investigation H1 may still be 

considered as a limited control. 

 

The lack of significant physico-chemical and biological response signal to the 

upland ditch blocking may therefore be due to a time lag in the response of 

hydrological and water quality variables to peatland restoration (Ramchunder et 

al., 2009).  For example, Wilson et al. (2010) first detected changes in 

hydrological variables one year after ditch blocking, while Haapalehto et al. 

(2011) and Holden et al. (2011) found that hydrological, water quality and 

vegetation variables were still changing 6 -10 years after restoration.  Therefore, 

several authors emphasise the need for long-term monitoring of restoration 

schemes (Holl et al., 2009, Armstrong et al., 2010, Wilson et al., 2010).  Finally, 

the lack of significant response may be due to the already favourable condition 

of the upland moorland vegetation within this protected area.  The stocking 

densities are low and burning regime is infrequent, mostly concentrated on 

controlling encroaching scrub vegetation on the slopes of the steep coombes on 

the moorland edge.  Anthropogenic input of sediment and nutrients into the 

tributaries is modest and the macro-invertebrate communities are in near 

reference state (see Chapter 5).  Therefore there may be limited scope for 

further improvement of water quality in Horner Water and the lack of negative 

impact of extensive ditch blocking may be taken as a positive sign of the benign 

ecological impact of these extensive works. 
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VI. CONCLUSIONS 

 

This study provides a firm baseline for the evaluation of the impact of future 

land use change on water quality in the lowland agricultural Aller catchment.  A 

significant hot-spot of high nutrient and sediment yields was identified in the 

upper reaches of the catchment, while high sediment and DRP concentrations 

and loads were found in the middle reaches of the catchment.  The proposed 

conversion of arable land to pasture and the construction of flood alleviation 

levées are likely to lead to reduced sediment input into the river Aller, however, 

they may also enhance DRP fluxes, unless low input management of grassland 

is implemented in these areas.  Additional wooded buffers in the riparian 

corridor within the A7 and A12 sub-catchments are likely to lead to further 

reductions of SS loads and yields through the stabilisation of stream and river 

banks, while flood retention measures in the floodplain will likely contribute to 

the removal N through denitrification.  To date, this study has not found a 

conclusive signal of any positive or negative impact of the upland restoration 

measures on water quality at the sub-catchment scale.  This may be due to a 

limited period of post-restoration monitoring to date but may also be interpreted 

as a positive sign of a benign impact of extensive land use alterations in this 

high quality environment. 
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Chapter 7 

 

SYNTHESIS AND FUTURE RESEARCH NEEDS 

 

This research contributes significantly to the current research agenda that 

examines the cumulative impact of land use mitigation measures on multiple 

pollutants in freshwater systems, using catchments as real world research 

platforms.  In this chapter, a concise summary of the main research findings 

is presented together with suggestions for further research. 

 

Chapter 3 research question:  How does spatial variability of key soil 

properties vary between the two contrasting study catchments and what are 

the implications for mitigation of poor water quality? 

 

In Chapter 3, the spatial variability of soil bulk density, total soil C, N, P and 

δ15N in the two contrasting study catchments was characterised in order to 

provide a robust baseline for the monitoring of future land use changes and 

identify likely critical source areas of diffuse water pollution.  A stronger 

degree of spatial dependence was found in the agricultural catchment (Aller) 

for all soil properties, except for δ15N.  In addition, bulk density, TP, IP, OP, 

C:N ratio, δ15N and carbon storage also showed a longer range of spatial 

auto-correlation in the agricultural catchment, indicating large-scale 

homogenisation of soil properties in this study catchment.  The kriged 

surfaces of soil variables identified likely critical source areas for targeting of 

land management interventions to improve water quality and highlighted the 

large spatial extent of the alterations of soil properties, with implications for 

the rates of soil organic matter turnover, nutrient retention and prolonged 

restoration time-scales.  While extensive alteration of soil properties is likely 

to have a direct impact on above- and below- ground terrestrial biodiversity, 

the links between these alterations and the ecological status of water bodies 

are less clear and deserve further attention. 

 

Comparison of nutrient stock calculations (carbon and phosphorus) using 

the detailed geostatistical sampling and the national NSRI dataset showed 
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comparable results, indicating that higher resolution soil sampling does not 

necessarily improve the estimation of nutrient stocks at the scale of these 

two study catchments.  This finding supports the use of coarse-resolution 

national data sets for the estimation of soil nutrient stocks at a range of 

scales. 

 

Chapter 4 research question: What are the current rates of fluvial carbon 

export in terms of dissolved organic and total particulate carbon from the two 

catchments and how do they relate to soils, prevailing land use and habitat 

mitigation? 

 

This research quantified the total fluvial fluxes of dissolved organic and 

particulate carbon in two study catchments with contrasting land uses.  The 

agricultural Aller catchment yielded proportionally greater fluxes of 

suspended sediment and particulate carbon than the semi-natural 

catchment, likely due to enhanced rates of soil erosion.  The proportionally 

greater flux of dissolved organic carbon from the agricultural catchment may 

be due to a number of factors.  Firstly, it is likely to reflect the faster turnover 

of soil organic matter as a result of anthropogenic nutrient addition.  

Secondly, addition of nutrients may promote autochtonous autotrophic DOC 

production and transformation of particulate carbon into DOC in the fluvial 

environment.  Finally, alteration of hydrological pathways as a result of land 

drainage may also contribute to enhanced DOC fluxes along preferential 

pathways.  The implications of enhanced fluvial carbon fluxes on the cycling 

of other nutrients in the aquatic environment are currently poorly understood, 

as are the implications of the enhanced fluvial DOC flux from agricultural 

catchments for the ecological status of freshwaters and the global carbon 

cycle.  Further research in replicated catchments with contrasting land use 

but similar climatic and topographic controls would help to further constrain 

the significance of enhanced fluvial carbon fluxes in agricultural catchments 

for the global carbon cycle, while qualitative analysis of DOC and POC in 

catchments with contrasting land uses would elucidate the sources, 

pathways and ecological significance of the altered carbon cycling. 

 



 

196 

 

Chapter 5 research question: Can the new pressure-specific invertebrate 

index PSI act as a tool for determining ecologically relevant water quality 

sedimentation targets? 

 

In this study the PSI index has been shown to relate to the % of fine bed 

sediment cover (silt and clay) across a narrow gradient of impact.   PSI was 

not related to mean suspended sediment concentration.  In addition, PSI 

was not related to the % of time for which the current guideline SS threshold 

of 25 mg L-1 has not been exceeded, although the sample size for this 

analysis was limited.  Two existing macro-invertebrate metrics – LIFE and % 

EPT abundance, were also related to the % fine bed sediment cover, 

however this relationship was statistically less significant than for PSI.  

Further, while PSI was correlated with the existing macro-invertebrate LIFE 

metric, the relationship was weaker in the absence of hydrological stress.  

PSI and % EPT were not correlated, suggesting that they were responding 

differently to multiple environmental pressures.  The present study indicates 

that PSI and %  fine bed sediment cover have the potential to act as simple 

tools for the monitoring and setting of twin sedimentation targets, however 

further testing along a pronounced gradient of multiple stressors is 

recommended. 

 

Chapter 6 research questions:  

a) Are the proposed mitigation measures in the lowland Aller catchment 

likely to deliver water quality improvements at a catchment scale? 

 

This research established a firm baseline against which the effects of future 

land use changes on water quality in the Aller catchment can be evaluated.  

Greatest concentrations of SS, DRP and TON were recorded in the middle 

reaches of the Aller catchment at sampling locations A12 and A7, reflecting 

the enhanced input of sediment and nutrients from the intensively farmed 

arable and grassland land uses.  Field observations identified a number of 

direct preferential overland delivery pathways of sediment from arable fields 

along paved roads.  The proposed conversion of arable land on steep 

slopes within the Aller catchment is likely to reduce this source of enhanced 

flux of sediment into the watercourse, as are the proposed flood 
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management alleviation levées.  However, while both of these measures are 

likely to reduce the sedimentation impact in the Aller, greater extent of 

intensively managed grassland and prolonged anaerobic conditions in the 

floodplain may lead to an enhanced flux of DRP, unless low-input 

management of these permanent grasslands can be secured.  A number of 

suitable management prescriptions are outlined in the Higher Level 

Environmental Stewardship Scheme, including those relating to: Arable 

reversion to unfertilised grassland to prevent erosion or run-off (HJ3), 

Preventing erosion or runoff from intensively managed improved grassland 

(HJ6), Seasonal livestock removal on grassland with no input restriction 

(HJ7), Nil fertiliser supplement (HJ8), Restoration of species rich semi-

natural grassland (HK7) and Restoration of wet grassland for wintering 

waders and wildfowl (HK12) (Natural England, 2013).  Whilst some of the 

permanent grassland fields in the floodplain, managed in-hand by the 

National Trust or the tenant farmer, already receive no-input, this kind of 

management should be extended to all fields that will be subject to 

enhanced flooding due to the construction of flood alleviation levées in order 

to reduce the risk of phosphorus leaching. 

 

Whilst the observed median TON concentrations in the Aller catchment 

between 6.5 – 10.4 mg TON L-1 are low, compared to the current freshwater 

drinking standard of 50 mg TON L-1, they are above the perceived 

eutrophication level of 2.2 – 4.4 mg TON L-1 for running waters.  The 

extended period of soil saturation in the floodplain and the introduction of 

wooded buffer strips will likely lead to enhanced denitrification and thus help 

to reduce TON concentrations in the middle reaches of the Aller catchment.  

The relationship between the % of woodland within a 10 m buffer and SS 

storm flow concentrations found in this study suggests that bank instability is 

an important source of sediment in the freshwater environment.  Therefore, 

it is recommended that additional wooded buffers along the tributaries in the 

A7 and A12 sub-catchments would help to stabilise the river banks and 

reduce the sedimentation impact.  Highest yields of SS, DRP, DOC, TPC 

and TON were recorded in the upper parts of the Aller catchment at the A11 

monitoring site.  Whilst for SS and TPC this may be related to increasing 

sediment storage with the increasing catchment size, this is not the case 
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with solute loads.  Therefore, high solute yields reflect proportionally greater 

nutrient input in the Aller headwaters in the A11 sub-catchment and will not 

be addressed by the currently proposed mitigation measures in the middle 

reaches of the catchment. 

 

b) How does upland ditch restoration impact on the chemical and biological 

indicators of water quality in three headwater tributaries of Horner 

Water? 

 

No clear positive or negative physico-chemical or biological signal can be 

detected as a result of the upland ditch blocking in the Horner Water 

catchment one year after restoration.  Whilst this may in part be due to the 

limited period of post-restoration monitoring, it may also indicate that the 

extensive earth-moving works had no adverse effect on water quality in this 

high quality semi-natural environment.  However, the statistically near-

significant results indicate that macro-invertebrate monitoring could 

potentially act as a sensitive tool in detecting a signal from the upland ditch 

blocking in terms of maintenance of base flow and a delayed response to 

drought.  Therefore, data collected in this study could be subjected to further 

analysis to understand the detailed macro-invertebrate community response 

and to examine whether bio-monitoring could provide a simpler time-

integrated solution to the evaluation of restoration schemes, as compared to 

long-term hydrological and physico-chemical monitoring. 

 

How effective can ecosystem management be in delivering water 

quality objectives? 

 

Long-term monitoring of the national action plans in Denmark and the 

Netherlands has demonstrated that significant water quality improvements of 

a single contaminant (nitrate) are possible through large-scale 

implementation of a range of mitigation measures that target both sources 

and delivery pathways.  Recent modelling of anticipated response times of 

Irish aquifers has also shown that improvements in the nitrate status of 

ground water bodies in response to extensive mitigation measures can be 

expected within two decades.  Similarly, recent modelling has shown that 
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depletion of soil P status can also be anticipated within similar timescales.  

These findings indicate that despite the complexity of the hydrological, 

physical, biological and land use controls within catchments, improvements 

in the ecological status of water bodies can be expected, albeit over longer 

timescales than originally envisaged by policy makers.  Detailed baseline 

characterisation of water quality at nested scales in catchment-scale 

research platforms represents a transferable monitoring approach and a 

valuable resource that will help to inform the effectiveness of future land use 

changes and provide high quality empirical observations for modelling 

studies that could help to further the understanding of the complex 

interactions and controls on water quality at a catchment scale.  The novel 

application of frequency exceedance curves, used in this study for the 

characterisation of water quality at nested observation sites, can be applied 

elsewhere to assess the impact of land use change on the ranking of sites 

pre- and post-restoration, and thus assess the direction of the mitigation 

impact. 

 

The large scale alteration of soil physical and chemical properties at a 

catchment scale found in this study is further evidence of extensive 

anthropogenic impact on catchment processes from the most fundamental 

microbial level to large scale hydrological response.  The enhanced fluvial 

carbon export from the agricultural catchment observed in this study is just 

one sign of an ecosystem-level response to these cumulative anthropogenic 

catchment-scale alterations.  Restoration of such extensive anthropogenic 

impact to a more natural state will take time, while the detection of positive 

change will require commitment to collection of long-term observation time 

series.  However, while long-term collection of high resolution data is 

resource intensive, testing of the PSI index in Chapter 5 shows that the 

development of simple effective indicator approaches to identification and 

monitoring of environmental pressures that utilise existing datasets and 

monitoring techniques represents a cost-effective solution, thus delivering a 

tool that “adequately represents small scale process complexity ... at a 

catchment scale” (Soulsby et al., 2006).  Similarly, the near-significant signal 

from upland restoration detected by the macro-invertebrate LIFE index 

indicates that bio-monitoring may offer an ecologically meaningful, time-
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integrated solution to the monitoring of landscape-scale restoration 

schemes. 

 

Collection of high-quality hydrological and physico-chemical water quality 

data is demanding due to technological and logistical challenges.  A clear 

emerging learning point from catchment scale evaluation projects relates to 

the need for sufficient pre-restoration monitoring period, allowing for the 

installation and testing of field monitoring equipment and almost inevitable 

initial difficulties with collection of reliable data.  Ongoing need for 

continuous data quality control, field equipment maintenance and high man-

power input needed for the collection of flow rating data during high flow 

events also need to be acknowledged at the start of any monitoring scheme.  

Further challenges relate to the delays with obtaining of statutory consents 

and the feasibility of effecting actual land management change on farmed 

land that is subject to business considerations. 

 

Whilst the extent of Nitrate Vulnerable Zones in England has recently been 

reduced, there is little evidence that the current restrictions within NVZs had 

a significant effect on the improvement of drinking water status, as 

compared to non-designated areas.  Conversely, the initial evaluation of the 

effectiveness of the Catchment Sensitive Farming Initiative in England 

indicates that this approach may be successful in reducing the effects of 

diffuse water pollution by a number of contaminants on recipient water 

courses.  Perhaps the whole-territory approach to the implementation of the 

Nitrates Directive in the Republic of Ireland, that also incorporates the 

objectives of the Water Framework Directive, could offer some insights into 

how different policy approaches (NVZs, CSFI, CBA) could be integrated.  In 

the absence of a wider policy tool, an observed challenge in the lowland 

catchment in this study related to a ‘pollution swapping’ scenario, whereby 

whilst a voluntary agreement for arable conversion was secured from one 

landowner using an agri-environment scheme agreement, an unforeseen 

simultaneous conversion of permanent grassland to arable land occurred on 

a neighbouring holding on similarly ‘high-risk’ ground.  This illustrates the 

challenge of securing lasting land management and land use change at a 

sufficient scale in a commercial environment. 
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A number of recent research initiatives, investigating the effects of land 

management and land use change on ecosystem services such as flood risk 

management, water resource management and management of diffuse 

water pollution have been instigated, including the Defra funded 

Demonstration Test Catchments platform and the Multi-objective Flood 

Management Demonstration Projects.  From a policy-perspective, it would 

be efficient to assemble the learning outcomes from all of these schemes to 

inform further scheme implementation and secure continued scientific 

monitoring that is integrated between projects set-up with different policy 

objectives in mind. 

 

In summary, a number of learning points emerge from this thesis: 

 Agriculture results in an extensive alteration of soil physical and 

chemical properties, with implications for ecosystem functioning and 

restoration time-scales. 

 Agricultural land use leads to enhanced fluvial export of sediment, 

particulate and dissolved organic carbon with poorly understood 

consequences for the health of the aquatic ecosystems and the 

global carbon cycle. 

 The new macro-invertebrate bio-monitoring index PSI appears to be a 

promising simple integrated tool for the detection of sedimentation 

impacts and setting of twin sedimentation targets, in conjunction with 

the monitoring of % fine bed sediment cover. 

 The potential of macro-invertebrate monitoring to act as a sensitive 

time-integrated tool for the monitoring of the effects of upland ditch 

blocking on base flow maintenance should be investigated further.  

 The proposed mitigation measures in the lowland catchment may 

deliver water quality improvements, however there is likely to be a 

need for additional wooded buffers in the most extensively managed 

sub-catchments and implementation of no-input grassland 

management, especially on newly flooded areas.  An ongoing 

challenge relates to unforeseen future land management changes 

driven by commercial considerations that may obscure the signal 

from the implementation of individual mitigation measures at a 

catchment scale. 
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 Integration of learning and coordination of research from different 

research platforms and demonstration projects set up to measure the 

impact of land management and land use change on different 

ecosystem services would be beneficial.  
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Appendices 

Chapter 3 

 
Fig. 3.2 Bedrock geology in the two study catchments. Source: OS Digimap  

 

Fig. 3.3 National 1:250,000 soil map of the two study catchments. Source: 
NATMAP vector, Soils Data @ Cranfield University (NSRI) and for the 
Controller of HMSO 2013  
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Fig. 3.4 Dominant HOST soil classification categories in the two study 
catchments.  Categories 3-5 represent permeable well drained soils on 
permeable substrates with predominantly vertical water movement with an 
aquifer at > 2 m depth.  Class 17 represents freely draining soil types up to a 
slowly permeable or an impermeable substrate at < 1 m depth and no 
significant groundwater contribution. Class 21 is a soil type with a propensity for 
short seasonal saturation on slowly permeable or impermeable substrates, with 
a predominantly lateral water movement and no significant groundwater 
contribution.  Classes 15 and 26 are peaty soils with a propensity for saturation 
excess overland flow; 99 – sea.  Source: CEH 

 

Fig. 3.5 Land use map of the study catchments compiled from Natural England 
agri-environment scheme information, OS Mastermap and farmer interviews. 
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Fig. 3.6 Nature conservation designations on the Holnicote Estate.  NNR – 
National Nature Reserve, SSSI – Site of Special Scientific Interest, SAC – 
Special Area of Conservation.  The largest part of the Horner Water catchment 
is semi-natural and lies within designated sites, whist most of the Aller 
catchment is used for agriculture.  Source: Natural England 
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IP g kg-1 OP g kg-1 

 

Fig. 3.10 Fitted theoretical semivariograms for measured soil properties for the 
two catchments combined, lag distance 200 m, number of lags 25.  Distance on 
x-axis in km, y-axis denotes semivariance. 
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Fig. 3.11 Fitted theoretical semivariograms for measured soil properties for the 
Aller catchment, lag distance 200 m, number of lags 16.  Distance on x-axis in 
km, y-axis denotes semivariance. 
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Fig. 3.12 Fitted theoretical semivariograms for measured soil properties for the 
Horner Water catchment, lag distance 200 m, number of lags 16.  Distance on 
x-axis in km, y-axis denotes semivariance. 
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Chapter 4 

 

Fig. 4.2  DOC storage test on days 3, 15, 28 and 60 after the rainfall event 
shows a mean loss of DOC concentration of 0.38mg L-1 per day (SD=0.071) 
over the first 15 days of storage, across the range of concentrations. 

 

Fig. 4.3  Comparison of spectrometry and chemical analysis shows significantly 
higher DOC concentrations obtained on the Trios probe than those using Skalar 
FormacsHT TOC Analyser (t-test, P < 0.001, N = 30).  For Trios measurements 
mean = 18.88 mg L-1, SD = 9.64; for chemical analysis mean = 7.42 mg L-1 with 
SD = 2.54. 
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Fig. 4.4 Linear regression model applied to stormflow DOC measurements to 
allow pooling of data with baseflow samples analysed on the Skalar FormacsHT 
TOC Analyser. 

 

Fig. 4.5 Unfiltered samples analysed on the Trios spectrometer showed higher 
mean DOC concentrations, however this difference was not statistically 
significant (t-test, P < 0.355, N=24) and hence was not pursued further in the 
laboratory protocol.  For unfiltered samples mean = 20.89 mg L-1, SD = 9.31; for 
filtered samples mean = 17.35 mg L-1 with SD = 9.03. 
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Fig. 4.6 Calibration relationships between discharge, turbidity and SS 
concentrations, SS loads and DOC loads at the Aller (A7) and Horner Water 
(H5) catchment outlets.  Corresponding equations are presented in Table 4.2. 
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Determinand Equation R

2
 Lower 

95% coeff. 
Upper 95% 

coeff. 
N 

Aller 
 

 
    

SS 405.365*Q-
49.453*Q

2
+0.523*Q

3
 

66.50 358.288 
-72.363 

-1.868 

452.442 
-26.544 

2.915 

479 

SS 82.63*exp(0.006*NTU) 74.08 61.01 
0.005 

107.89 
0.007 

133 

SS load 131.535*Q+311.929*Q
2
*-

35.181*Q
3
 

78.66 22.400 
258.820 
-40.725 

240.672 
365.039 
-29.637 

479 

DOC load 6.762*Q+0.307*Q
2
 97.62 6.257 

0.231 
7.266 
0.384 

242 

Horner 
Water 
 

     

SS 26.04*Q+1.86*Q
2
 66.86 18.76 

1.32 
33.32 

2.40 
377 

SS 0.644*NTU+0.0009*NTU
2
 87.40 0.476 

0.0006 
0.811 

0.0012 
121 

SS load -130.638*Q+65.988*Q
2
 87.33 -192.785 

61.403 
-68.491 
70.573 

377 

DOC load 4.910*Q+0.075*Q
2
 99.49 4.679 

0.065 
4.941 
0.085 
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Table 4.2 Calibration equations for relationships between discharge, turbidity 
and SS concentrations, SS loads and DOC loads at the Aller (A7) and Horner 
Water (H5) catchment outlets.  Q – discharge, NTU – Nephelometric turbidity 
units, N – number of samples. 

 

  



 

216 

 

 

Date Catchment Total rainfall 

(mm) 

Peak rainfall 

intensity 

(mm hr
-1

) 

Total event Q 

(m
3
) 

Peak Q 

(m
3
 s

-1
) 

Event duration 

(min) 

Lag start event 

to peak Q 

(min) 

Lag peak 

rainfall intensity 

to peak Q (min) 

Rainfall/runoff 

coefficient 

21/08/2010 A 8.00 26.40 6927.51 0.28 1350 30 150 0.04 

25/08/2010 A 53.80 14.40 94679.73 1.36 6120 675 135 0.12 

23/09/2010 H 18.20 11.20 28797.3 0.48 1515 360 255 0.08 

01/10/2010 A 15.60 11.20 14468.56 0.36 2085 510 105 0.06 

H 24.00 16.80 89973.9 1.90 2340 1035 120 0.19 

6/11/2010 A 16.00 5.60 13607.94 0.20 2460 1635 780 0.06 

H 24.00 4.00 113552.10 1.25 2640 1470 270 0.23 

8/11/2010 A 16.40 4.80 55049.91 0.40 4080 615 210 0.23 

H 29.60 8.00 320826.60 2.15 4410 2115 1050 0.54 

7/01/2011 A 27.40 8.80 137103.80 1.25 4665 120 165 0.34 

H 28.00 7.20 213093.00 1.39 4335 1695 1485 0.38 

10/01/2011 A 11.40 4.80 66752.06 1.24 1905 510 480 0.40 

11/01/2011 H 15.60 3.20 129760.20 1.75 1905 570 585 0.41 

12/01/2011 H 38.60 4.00 611507.70 3.58 4500 1725 855 0.79 

13/01/2011 A 7.80 1.60 64208.02 0.81 1695 1050 840 0.56 

12/06/2011 A 11.60 3.20 9426.24 0.18 1860 885 195 0.06 

H 21.80 4.00 59181.30 0.81 3615 795 180 0.13 

18/06/2011 A 6.20 3.20 3838.66 0.10 930 435 285 0.04 

H 14.80 8.00 34649.10 0.35 2640 885 450 0.17 

26/08/2011 A 25.40 17.60 22693.43 0.83 2055 615 405 0.06 
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H 29.20 11.20 39349.80 1.31 2370 1815 435 0.06 

06/09/2011 H 20.60 4.80 84690.00 1.41 3420 450 270 0.20 

18/09/2011 A 25.20 12.80 9463.64 0.28 1365 750 330.00 0.03 

H 40.40 19.20 102920.40 1.66 2970 1485 465 0.13 

24/10/2011 A 25.40 18.40 11724.10 0.37 2415 1065 165 0.03 

H 22.80 18.40 79670.70 1.83 2235 1095 150 0.17 

04/11/2011 A 16.40 20.80 28747.34 0.45 4245 210 180 0.12 

11/11/2011 A 14.60 7.20 12756.02 0.94 6480 240 165 0.26 

 H 13.40 8.00 134283.60 1.23 3660 420 225 0.50 

11/12/2011 A 15.20 7.20 64000.78 0.67 1590 810 750 0.20 

8/12/2011 A 8.40 4.80 45328.70 0.96 2685 420 165 0.52 

 H 14.20 6.40 104166.90 2.39 1470 690 195 0.36 

12/12/2011 H 53.60 7.20 704691.90 13.15 3240 375 75 0.65 

3/01/2012 H 41.40 8.80 753847.20 21.53 2355 705 165 0.90 

3/01/2012 A 28.20 6.40 317278.34 8.18 2565 735 120 0.77 

Table 4.3 Hydrological characteristics of 35 hydrological events examined in the Aller (A) and Horner Water (H) catchments 

between 21st August 2010 and 3rd January 2012.  Q- discharge, min - minutes. 
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Date Catchment Peak SS conc. 
(mg L

-1
) 

Peak SS flux 
(g s

-1
) 

Peak DOC conc. 
(mg L

-1
) 

Peak DOC flux 
(g s

-1
) 

Peak TPC 
(%) 

Peak TPC conc. 
(mg L

-1
) 

Peak TPC flux 
(g s

-1
) 

21/08/2010 A 132.99 37.55 
  

15.17 18.15 5.13 

25/08/2010 A 1161.11 1581.54 
  

15.45 152.78 208.10 

23/09/2010 H 32.89 15.72 
  

24.01 6.73 3.22 

01/10/2010 A 184.61 66.71 
  

15.20 26.04 9.41 

 
H 164.99 308.71 

  
23.72 29.97 56.08 

06/11/2010 A 90.02 16.46 
  

11.94 10.57 1.93 

 
H 29.79 33.84 

  
20.80 6.20 7.04 

08/11/2010 A 147.65 54.82 
  

11.64 15.70 5.85 

 
H 16.09 22.78 

  
16.13 2.60 3.68 

07/01/2011 A 1001.01 1255.60 14.03 9.94 14.22 100.79 122.49 

 
H 71.34 64.42 5.78 7.81 30.76 12.93 11.67 

10/01/2011 A 414.89 514.18 6.97 8.47 10.19 35.70 44.24 

11/01/2011 H 55.97 97.66 5.56 9.55 19.53 10.40 18.15 

12/01/2011 H 107.57 361.02 6.19 22.03 17.97 11.36 39.47 

13/01/2011 A 319.63 238.66 5.26 4.14 9.52 19.57 15.77 

12/06/2011 A 86.63 14.75 
  

14.73 12.52 2.08 

 
H 170.65 124.70 

  
19.59 28.75 21.01 

18/06/2011 A 57.84 5.00 
  

12.78 7.39 0.64 

 
H 27.97 9.11 

  
17.54 4.31 1.40 

26/08/2011 A 305.35 233.96 4.41 3.51 17.63 46.58 35.69 

 
H 218.77 220.40 5.16 6.02 23.71 50.44 48.45 

06/09/2011 H 143.71 195.16 7.59 10.37 25.09 31.76 43.13 

18/09/2011 A 88.99 22.13 5.23 1.44 15.29 12.10 3.32 

 
H 151.34 251.23 6.99 11.61 22.05 25.45 42.25 

24/10/2011 A 367.66 134.86 5.25 1.55 16.52 53.24 19.53 

 
H 169.63 288.40 6.10 10.42 23.05 38.01 64.16 

04/11/2011 A 370.90 162.49 
  

14.48 48.19 21.11 

11/11/2011 A 1183.67 1121.97 5.60 4.73 13.42 153.80 145.26 

 
H 68.34 83.10 6.31 6.86 22.60 14.72 18.00 

08/12/2011 A 431.12 408.65 4.66 4.13 11.50 47.25 44.63 
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Date Catchment Peak SS conc. 
(mg L

-1
) 

Peak SS flux 
(g s

-1
) 

Peak DOC conc. 
(mg L

-1
) 

Peak DOC flux 
(g s

-1
) 

Peak TPC 
(%) 

Peak TPC conc. 
(mg L

-1
) 

Peak TPC flux 
(g s

-1
) 

 
H 129.57 309.02 4.67 10.56 17.18 20.86 49.76 

11/12/2011 A 148.41 77.37 3.98 2.69 10.67 14.37 8.92 

12/12/2011 H 1642.54 20183.59 6.27 78.45 16.49 199.49 2451.39 

03/01/2012 A 1078.60 5273.67 10.71 84.62 7.97 62.95 323.18 

 
H 1321.33 27588.06 6.31 132.53 14.07 114.53 2057.24 

Table 4.5 Water quality characteristics of 35 rainfall events examined in the Aller and Horner Water catchments between 21st 
August 2010 and 3rd January 2012.  SS – suspended sediment, DOC – dissolved organic carbon, TPC – total particulate 
carbon.  Flux refers to instantaneous flux. 
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Water quality 

parameter 

Catchment Hydrological 

control 

P < R
2
 Standard error 

of estimate 

Constant Unstandardised 

coefficients 

Standardised 

coefficients 

Log SS 

maximum 

concentration 

(mg L
-1

) 

Horner Log peak Q m3/s 0.0001 0.736 0.294 2.942 1.111 0.653 

Log lag peak 

rainfall intensity to 

peak Q (min) 

-0.575 -0.373 

Aller Log peak Q m3/s 0.0001 0.840 0.180 1.724 1.210 0.572 

Event duration 

(min) 

0.0001 0.593 

Log SS max 

instantaneous 

flux (g s
-1

) 

Horner Log peak Q m3/s 0.0001 0.902 0.308 2.654 2.455 0.840 

Log lag peak 

rainfall intensity to 

peak Q (min) 

-0.634 -0.239 

Aller Log peak Q m3/s 0.0001 0.932 0.307 0.900 2.855 0.742 

Event duration 0.0001 0.416 

Log TPC 

maximum 

concentration 

(mg L
-1

) 

Horner Log peak Q m3/s 0.0001 0.644 0.312 2.544 0.788 0.508 

Log peak rainfall 

intensity to peak Q 

(min) 

    -0.661 -0.470 

Aller Event duration 

(min) 

0.0001 0.875 0.205 0.829 0.0001 0.685 

Log peak Q m3/s 0.785 0.407 

TPC (%) Horner Runoff coefficient 0.025 0.292 3.603 23.882 -8.842 -0.541 

Aller Runoff coefficient 0.0001 0.864 1.402 13.368 -7.260 -0.609 

Rainfall intensity 0.146 0.390 
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Water quality 

parameter 

Catchment Hydrological 

control 

P < R
2
 Standard error 

of estimate 

Constant Unstandardised 

coefficients 

Standardised 

coefficients 

Log TPC  

maximum 

instantaneous 

flux (g s
-1

) 

Horner Log peak Q m3/s 0.0001 0.881 0.298 2.268 2.037 0.793 

Log peak rainfall 

intensity to peak Q 

(min) 

-0.694 -0.298 

Aller Log peak Q m3/s 0.0001 0.932 0.263 0.174 2.276 0.694 

Event duration 

(min) 

0.0001 0.479 

Log DOC 

maximum 

concentration 

(mg L
-1

) 

Horner -       

Aller Log peak Q m3/s 0.038 0.435 0.110 0.661 0.392 0.660 

Log DOC max 

instantaneous 

flux (g s
-1

) 

Horner Log peak Q m3/s 0.0001 0.979 0.063 0.502 1.211 0.990 

Aller Log peak Q m3/s 0.0001 0.969 0.116 0.196 1.860 0.969 

Table 4.7 Stepwise multiple regression models of sediment and carbon peak event concentrations and instantaneous fluxes 
with extreme events. N = 35 (18 for Aller and 17 for Horner).  SS – suspended sediment, TPC – particulate organic carbon, 
DOC – dissolved organic carbon.  Non-normally distributed parameters were Log10(x+1) transformed. 
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Water quality 

parameter 

Catchment Hydrological 

control 

P < R
2
 Standard error 

of estimate 

Constant Unstandardised 

coefficients 

Standardised 

coefficients 

Log SS 

maximum 

concentration  

(mg L
-1

) 

Horner -       

Aller Log peak Q m3/s  0.0001 0.938 0.111 1.568 2.635 0.686 

Event duration 

(min) 

0.0001 0.418 

Log SS max 

instantaneous 

flux (g s
-1

) 

Horner Log peak Q m3/s 0.0001 0.653 0.324 2.638 2.918 0.775 

Log lag peak 

rainfall intensity to 

peak Q (min) 

-0.695 -0.437 

Aller Log peak Q m3/s 0.0001 0.967 0.141 0.610 5.544 0.819 

Event duration 0.0001 0.269 

Log TPC 

maximum 

concentration 

(mg L
-1

) 

Horner -       

Aller Log peak Q m3/s 0.0001 0.865 0.163 0.674 2.108 0.550 

Event duration 

(min) 

0.0001 0.521 

TPC (%) Horner -       

Aller Rainfall intensity 0.0001 0.620 1.437 13.042 0.157 0.483 

Runoff coefficient -5.999 -0.457 

Log TPC 

maximum 

instantaneous 

flux (g s
-1

) 

Horner Log peak Q m3/s 0.001 0.614 0.311 2.206 2.450 0.712 

Log peak rainfall 

intensity to peak Q 

(min) 

-0.731 -0.503 

        

Aller Log peak Q m3/s 0.0001 0.957 0.142 -0.066 4.477 0.759 

 Event duration 0.0001 0.342 
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Water quality 

parameter 

Catchment Hydrological 

control 

P < R
2
 Standard error 

of estimate 

Constant Unstandardised 

coefficients 

Standardised 

coefficients 

Log DOC 

maximum 

concentration 

(mg L
-1

) 

Horner -       

Aller -       

Log DOC max 

instantaneous 

flux (g s
-1

) 

Horner Log peak Q m3/s 0.001 0.804 0.070 0.445 1.342 0.896 

Aller Log peak Q m3/s 0.001 0.818 0.102 -0.024 2.718 0.904 

Table 4.8 Stepwise multiple regression models of sediment and carbon peak event concentrations and instantaneous fluxes 
without extreme events. N = 32 (17 for Aller and 15 for Horner).  SS – suspended sediment, TPC – particulate organic carbon, 
DOC – dissolved organic carbon.  Non-normally distributed parameters were log-transformed. 
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Chapter 5 

a) PSI: 
 
Fixed effects Estimate SE c.P-value* 

Intercept 66.864 5.094 <0.001 
Log. % bed sed. 
cover  

-6.806 2.087 <0.002 

Log. altitude       7.343 2.738 <0.010 
    
Random effects 
(site level) 

SD†   

Intercept 4.128   
Residual   7.348   
No. of samples 51   
No. of sites 13   
k+ 5   
 

b) O:E PSI: 
    
Fixed effects Estimate SE c.P-value* 

Intercept 1.312 0.042 <0.001 
Log. % bed sed. 
cover  

-0.096 0.038 <0.014 

    
Random effects 
(site level) 

SD†   

Intercept 0.093   
Residual   0.122   
No. of samples 51   
No. of sites 13   
k+ 4   
 

c) LIFE 

Fixed effects Estimate SE c.P-value* 

Intercept 8.108 0.099 <0.001 
Log. % bed sed. 
cover  

-0.228 0.089 <0.014 

    
Random effects 
(site level) 

SD†   

Intercept 0.221   
Residual   0.291   
No. of samples 51   
No. of sites 13   
k+ 4   
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d) O:E LIFE 

Fixed effects Estimate SE c.P-value* 

Intercept 1.057 0.013 <0.001 
Log. % bed sed. 
cover  

-0.026 0.012 <0.034 

    
Random effects 
(site level) 

SD†   

Intercept 0.031   
Residual   0.038   
No. of samples 51   
No. of sites 13   
k+ 4   
 

e) EPT % richness 

Fixed effects Estimate SE c.P-value* 

Intercept 23.331 3.336 <0.001 
Log. % bed sed. 
cover  

-7.335 2.887 <0.014 

    
Random effects 
(site level) 

SD†   

Intercept 8.008   
Residual   9.079   
No. of samples 51   
No. of sites 13   
k+ 4   
 

*based on 10,000 Markov chain Monte Carlo simulations 

†Expressed as SD, i.e. in response variable score units 

+ total number of model parameters (k), including the intercept, fixed effects, 

random effect and residual variance 

Table 5.4  Parameters for the mixed effect hierarchical generalised linear 
models showing the functional relationship between a) PSI, % fine bed 
sediment cover and altitude b) O:E PSI and % fine bed sediment cover c) LIFE 
and % fine bed sediment cover d) O:E LIFE and % fine bed sediment cover and 
e) EPT % abundance and fine bed sediment cover. 
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Chapter 6 

 

Site Equation R2 Lower 95% coeff. Upper 95% coeff. 

H3 0.00028*e29.45*S 99.09 0.00016 

27.43 

0.00049 

31.65 

H4 -5.4138*S2+4.3584*S-

0.2605 

99.75 -7.3589 

3.4823 

-0.3351 

-3.4687 

5.2344 

-0.1859 

A7 5.0232*S2-0.2384*S 98.6 3.4038 

-0.9972 

6.6427 

0.5203 

A8 29.061*S2+1.825*S 95.38 5.2843 

-7.8504 

52.8379 

11.4997 

A9 1.1133*S2+0.1984*S 99.41 0.4516 

-0.0218 

1.7750 

0.4185 

A10 0.7358*S 99.43 0.5665 0.9051 

A11 7.1048*S2-0.2904*S 99.00 5.7906 

-0.5291 

8.4189 

-0.0517 

A12 12.5557*S2+0.1363*S 99.24 9.4848 

-0.7163 

15.6266 

0.9889 

A13 1.5889*S-0.0349 99.91 0.9851 

-0.0665 

2.1928 

-0.0032 

Table 6.1 Stage/discharge equations for nine monitoring sites with 95% 
confidence intervals used to calculate a continuous discharge record from 15’ 
stage data. S – stage in m. 
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Site Discharge 

(m
3
 s

-1
) 

SS conc. 
(mg L

-1
) 

DOC 
(conc. 
mg L

-1
) 

TON 
conc. 

(mg L
-1

) 

DRP 
conc. 

(µg L
-1

) 

Alkalinity 
(mg L

-1
) 

SS inst. 
load 

(g s
-1

) 

DOC 
inst. load 

(g s
-1

) 

TON inst. 
load 

(g s
-1

) 

pH 
 

Temp 
o
C 

A10 Median 0.03 18.98 3.93 6.17 57 61.20 0.93 0.10 0.24 8.07 13.10 

Minimum 0.01 4.47 1.66 1.89 20 21.60 0.01 0.01 0.00 7.21 10.10 

Maximum 0.09 60.28 8.83 16.25 75 311.70 1.93 0.67 0.63 8.22 16.00 

N 18 14 21 21 5 19 14 18 18 10 9 

A11 Median 0.02 36.58 2.76 6.58 54 134.45 0.76 0.05 0.11 8.19 14.20 

Minimum 0.01 14.94 0.98 3.93 36 105.80 0.19 0.02 0.05 7.26 10.10 

Maximum 0.06 51.66 21.29 8.05 76 202.40 2.30 0.30 0.42 8.32 15.30 

N 20 15 21 22 5 20 15 19 20 11 10 

A12 Median 0.06 31.35 3.00 10.41 23 135.15 1.99 0.17 0.56 8.11 14.00 

Minimum 0.03 17.32 1.32 9.70 9 98.70 0.81 0.06 0.31 7.08 11.80 

Maximum 0.24 56.10 7.88 11.65 57 219.60 6.68 1.11 2.41 8.26 15.40 

N 19 15 22 22 5 20 15 19 19 11 10 

A13 Median 0.05 42.13 2.70 7.62 24 128.85 2.17 0.15 0.39 8.28 14.70 

Minimum 0.04 6.42 1.23 5.46 6 100.50 0.22 0.05 0.21 7.23 10.70 

Maximum 0.13 64.62 13.78 9.47 56 202.10 6.47 0.70 1.21 8.46 15.40 

N 21 15 22 22 5 20 15 21 21 11 10 

A7 Median 0.10 32.95 4.07 9.88 37 131.10 4.29 0.31 0.98 7.78 13.30 

Minimum 0.03 24.70 1.70 8.06 9 87.80 0.92 0.10 0.28 6.79 9.70 

Maximum 1.11 69.81 10.56 11.68 71 217.50 70.76 6.71 10.38 8.42 16.40 

N 32 27 34 34 9 31 27 32 32 22 22 

A8 Median 0.07 13.46 2.14 5.68 13 43.90 0.84 0.16 0.34 7.71 12.90 

Minimum 0.01 1.41 0.49 2.49 0 16.50 0.04 0.01 0.06 6.41 8.50 

Maximum 0.70 29.40 19.44 8.44 82 77.70 14.46 0.91 3.14 8.65 15.80 

N 34 27 34 34 9 31 26 33 33 22 22 

A9 Median 0.01 33.82 3.02 6.51 41 82.95 0.17 0.02 0.04 8.11 16.45 

Minimum 0.01 24.94 0.01 1.74 24 60.20 0.06 0.01 0.00 7.20 11.30 

Maximum 0.02 92.19 9.16 8.14 79 106.30 0.91 0.16 0.18 8.24 17.70 

N 19 15 22 22 5 20 15 19 19 11 10 

H1 Median 0.13 9.20 2.33 2.12 11 11.20 0.93 0.29 0.24 7.00 11.10 

Minimum 0.02 0.01 0.84 0.57 0 1.20 0.01 0.02 0.03 6.40 7.20 
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Site Discharge 
(m

3
 s

-1
) 

SS conc. 
(mg L

-1
) 

DOC 
(conc. 
mg L

-1
) 

TON 
conc. 

(mg L
-1

) 

DRP 
conc. 

(µg L
-1

) 

Alkalinity 
(mg L

-1
) 

SS inst. 
load 

(g s
-1

) 

DOC 
inst. load 

(g s
-1

) 

TON inst. 
load 

(g s
-1

) 

pH 
 

Temp 
o
C 

Maximum 0.65 25.46 8.75 4.18 20 30.00 6.56 2.47 1.14 7.62 14.20 

N 34 27 34 34 9 31 27 34 34 22 22 

H3 Median 0.01 8.61 1.39 3.75 9 20.20 0.04 0.01 0.02 7.31 11.20 

Minimum 0.01 0.01 0.27 2.31 0 9.00 0.01 0.01 0.01 6.55 7.80 

Maximum 0.07 22.38 7.01 13.24 22 47.00 0.63 0.20 0.33 7.64 13.60 

N 31 27 34 34 9 31 27 31 31 22 22 

H4 Median 0.19 8.46 1.21 3.08 10 14.30 1.98 0.22 0.64 7.44 11.90 

Minimum 0.02 2.62 0.13 1.36 0 6.70 0.29 0.01 0.06 6.43 8.60 

Maximum 0.57 67.94 8.67 5.74 23 35.80 12.98 1.60 1.76 7.79 15.70 

N 31 27 33 33 9 30 27 31 31 22 22 

H5 Median 0.31 9.42 2.00 4.49 6 19.00 3.01 0.56 1.20 7.60 12.35 

Minimum 0.07 3.88 0.41 2.65 0 9.00 0.82 0.03 0.26 6.40 8.70 

Maximum 3.14 33.58 19.94 5.90 49 40.90 38.31 5.28 10.98 8.35 15.10 

N 31 27 34 34 9 31 27 30 30 22 22 

Table 6.4 Summary statistics of the monthly measurements of physico-chemical water quality determinands and discharge 
across all monitoring sites that were related to land use, soil type and soil properties within each sub-catchment.  SS at 6 sites 
(H1, H3, H4, H5, A7, A8) was sampled between 21st September 2010 and 26th November 2012, while at the remaining 5 sites 
(A9, A10, A11, A12, A13) it was sampled between 21st September 2010 and 3rd November 2011.  DOC and TON were 
sampled at the 6 sites between 25th February 2010 and 26th November 2012, while at the remaining 5 sites they were sampled 
between 25th February 2010 and 3rd November 2011.  DRP was sampled at six sites on the following occasions: 30th June, 
27th July, 23rd September 2010; 10th February, 3rd November, 8th December 2011; 12th January, 22nd February, 20th March 
2012, while on the remaining 5 locations it was sampled on 30th June, 27th July, 23rd September 2010, 10th February and 3rd 
November 2011.  A variable number of discharge values is due to the gradual installation of continuous discharge monitoring 
across the two study catchments between 27th April and 28th July 2010.  Temperature and pH were monitored from 27th 
January and 10th February 2011 until the end of monitoring on 26th November 2012 and 3rd November 2011 at the two groups 
of sites. 
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site Arable 
(%) 

Grass-land 
(%) 

Moor-land 
(%) 

Wood-land 
(%) 

Peat 
(%) 

Clay 
(%) 

BD 
(g cm

-3
) 

TC 
(%) 

TN 
(%) 

C:N δ
15

N Loam 
(%) 

C storage 
(g cm

-2
) 

N storage 
(g cm

-2
) 

A10 8.91 20.25 33.48 31.34 43.73 0.00 0.56 21.12 1.01 19.75 0.74 56.27 0.41 0.02 

A11 10.05 51.56 13.04 21.18 17.88 26.24 0.92 9.20 0.65 11.82 3.39 55.87 0.28 0.02 

A12 25.57 24.92 22.55 21.29 18.22 21.87 0.93 10.34 0.69 12.12 3.52 59.04 0.31 0.02 

A13 14.79 36.25 27.13 18.67 31.02 0.00 0.86 10.89 0.72 12.62 2.89 52.75 0.31 0.02 

A7 26.60 28.35 20.32 20.91 16.62 21.05 0.95 9.26 0.65 11.66 3.88 62.33 0.29 0.02 

A8 16.74 19.85 40.84 19.88 28.00 7.95 0.78 16.76 0.94 14.65 2.91 63.97 0.39 0.03 

A9 9.70 19.13 40.49 27.45 0.00 27.35 0.83 14.66 0.90 14.37 2.80 72.65 0.43 0.03 

H1 0.00 5.42 93.82 0.41 87.08 0.00 0.44 15.94 1.42 18.67 1.64 12.92 0.44 0.02 

H3 5.75 4.55 82.15 7.32 55.49 0.00 0.42 30.28 1.25 19.38 2.16 44.51 0.38 0.02 

H4 2.58 12.31 72.89 11.28 25.26 0.00 0.59 24.45 1.20 18.43 1.30 74.74 0.44 0.03 

H5 7.52 14.01 59.81 17.46 41.03 0.00 0.65 21.93 1.12 16.90 2.06 58.81 0.42 0.03 

Table 6.5 Summary of soil and land use characteristics that were related to water quality parameters collected in baseflow and 
stormflow.
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Sampling 
Location 

Date Sampled No. of 
samples taken 

TPC 
% 

DRP 
ug L

-1
 

TON 
mg L

-

1
 

SS 
mg L

-

1
 

DOC 
mg L

-

1
 

A8 

23/09/2010 24 1 
 

1 1 
 01/10/2010 24 1 1 1 1 
 29/10/2010 2 

 
1 1 1 

 05/11/2010 24 
 

1 1 
  08/11/2010 22 1 1 1 1 

 17/11/2010 1 
 

1 1 1 
 07/01/2011 24 1 1 1 1 
 10/01/2011 23 1 

  
1 1 

12/01/2011 24 1 1 1 1 1 

08/05/2011 2 
   

1 
 12/06/2011 24 1 1 1 1 
 

 
 
 
 
 
 
 
 
 
 
Total 

18/06/2011 14 1 
  

1 
 06/09/2011 15 1 1 1 1 1 

18/09/2011 20 1 
  

1 1 

24/10/2011 9 1 
 

1 1 1 

11/11/2011 8 
   

1 1 

08/12/2011 5 
 

1 1 1 1 

12/12/2011 19 
 

1 1 1 1 

23/12/2011 4 
   

1 
 03/01/2012 2 

 
1 1 1 

 21/11/2012 18 
 

1 1 1 
 21 308 11 13 15 20 8 

H5 
 

08/06/2010 2 
  

1 
  04/07/2010 5 

  
1 

  14/07/2010 3 
  

1 1 
 17/07/2010 13 

  
1 1 

 18/07/2010 5 
   

1 
 20/07/2010 6 

   
1 

 26/08/2010 5 
 

1 1 1 
 14/09/2010 23 

 
1 1 1 

 23/09/2010 24 1 
 

1 1 
 01/10/2010 24 1 1 1 1 
 29/10/2010 1 

 
1 1 1 

 05/11/2010 24 
 

1 1 1 1 

08/11/2010 24 
 

1 1 1 1 

17/11/2010 6 
 

1 1 1 
 07/01/2011 24 1 1 1 1 1 

11/01/2011 6 1 
  

1 1 

12/01/2011 24 1 1 1 1 1 

08/05/2011 5 1 
  

1 
 12/06/2011 24 1 1 1 1 
 18/06/2011 14 1 1 

    
 

22/07/2011 12 
   

1 
 26/08/2011 10 1 1 1 1 1 
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Sampling 
Location 

Date Sampled No. of 
samples taken 

TPC 
% 

DRP 
ug L

-1
 

TON 
mg L

-

1
 

SS 
mg L

-

1
 

DOC 
mg L

-

1
 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Total 

06/09/2011 9 1 1 1 1 1 

18/09/2011 24 
   

1 1 

20/09/2011 3 
   

1 
 24/10/2011 13 1 

 
1 1 1 

27/10/2011 1 1 
 

1 1 1 

11/11/2011 4 
   

1 1 

07/12/2011 12 
  

1 1 
 08/12/2011 5 

 
1 1 1 1 

12/12/2011 18 
 

1 1 1 1 

03/01/2012 24 
 

1 1 1 1 

09/04/2012 17 
 

1 1 1 1 

07/07/2012 2 
   

1 
 11/07/2012 7 

   
1 

 22/11/2012 24 
 

1 1 1 1 

22/12/2012 15 
 

1 1 1 1 

26/01/2013 14 
   

1 
 29/01/2013 18 

   
1 

 39 494 27 19 26 36 17 

 
 
 
 
 
 
A7 
 
 

15/07/2010 15 
  

1 1 
 17/07/2010 22 

  
1 1 

 21/08/2010 13 1 1 1 1 
 23/08/2010 24 

 
1 1 1 

 25/08/2010 24 1 1 1 1 
 26/08/2010 24 

 
1 1 1 

 06/09/2010 24 
 

1 1 1 
 

 

23/09/2010 10 
 

1 1 1 
 01/10/2010 24 1 1 1 1 
 06/11/2010 24 

 
1 1 1 1 

08/11/2010 24 
 

1 1 1 1 

17/11/2010 24 
 

1 1 1 
 07/01/2011 24 1 1 1 1 1 

10/01/2011 24 1 1 1 1 1 

 
 

13/01/2011 24 1 1 1 1 1 

07/05/2011 6 1 
 

1 1 
 12/06/2011 24 1 1 1 1 
 18/06/2011 8 1 

  
1 

 26/08/2011 24 1 1 1 1 1 

18/09/2011 3 1 
  

1 1 

24/10/2011 8 1 
 

1 1 1 

 

27/10/2011 4 1 
 

1 1 1 

04/11/2011 10 
   

1 1 

11/11/2011 14 
   

1 1 

02/12/2011 6 
   

1 
 04/12/2011 4 

   
1 

 06/12/2011 14 
 

1 1 1 
 07/12/2011 24 

 
1 1 1 
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Sampling 
Location 

Date Sampled No. of 
samples taken 

TPC 
% 

DRP 
ug L

-1
 

TON 
mg L

-

1
 

SS 
mg L

-

1
 

DOC 
mg L

-

1
 

 
 
 
 
 
 
 
Total 

08/12/2011 16 
 

1 1 1 1 

11/12/2011 8 
 

1 1 1 1 

03/01/2012 24 
 

1 1 1 1 

24/09/2012 8 
   

1 
 05/10/2012 13 

   
1 

 22/11/2012 19 
 

1 1 1 1 

34 561 13 21 26 34 15 

 
 
 
 
 
 
A11 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Total 

16/07/2010 7 
   

1 
 10/08/2010 4 1 1 1 1 
 21/08/2010 5 1 1 1 1 
 25/08/2010 24 1 1 1 1 
 26/08/2010 24 

 
1 1 1 

 06/09/2010 3 
 

1 1 1 
 14/09/2010 6 

 
1 1 1 

 23/09/2010 11 1 1 1 1 
 01/10/2010 12 

 
1 1 1 

 03/10/2010 12 1 1 1 1 
 29/10/2010 2 

 
1 1 

  05/11/2010 24 
 

1 1 1 
 08/11/2010 24 

 
1 1 1 

 17/11/2010 20 
 

1 1 1 
 07/01/2011 24 1 1 1 1 1 

27/12/2010 4 1 
  

1 
 10/01/2011 22 1 1 1 1 1 

13/01/2011 24 1 1 1 1 1 

17/01/2011 22 1 1 1 1 1 

13/02/2011 5 1 1 1 1 1 

15/02/2011 12 1 1 1 1 1 

25/02/2011 7 1 
  

1 
 19/02/2011 3 1 

  
1 

 21/04/2011 24 1 
  

1 
 07/05/2011 24 1 

  
1 

 21/05/2011 24 1 
  

1 
 04/11/2011 8 

   
1 1 

11/11/2011 12 
   

1 1 

28 393 17 19 19 27 8 

 
A12 
 
 
 
 
 
 
 
 
 
 

21/08/2010 6 1 1 1 1 
 23/08/2010 10 1 1 1 1 
 25/08/2010 20 1 1 1 1 
 06/09/2010 3 1 1 1 1 
 23/09/2010 6 1 1 1 1 
 01/10/2010 12 1 1 1 1 
 03/10/2010 12 1 1 1 1 
 06/11/2010 22 1 1 1 1 
 08/11/2010 24 1 1 1 1 
 06/05/2011 3 1 

  
1 
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Sampling 
Location 

Date Sampled No. of 
samples taken 

TPC 
% 

DRP 
ug L

-1
 

TON 
mg L

-

1
 

SS 
mg L

-

1
 

DOC 
mg L

-

1
 

 
 
 
 
 
 
 
 
 
 
 
 
Total 

12/06/2011 5 1 
 

1 1 
 26/08/2011 21 1 1 1 1 1 

18/09/2011 6 1 
  

1 1 

24/10/2011 24 
   

1 1 

04/11/2011 4 
   

1 1 

11/11/2011 13 
   

1 1 

02/12/2011 12 
   

1 
 04/12/2011 8 

   
1 

 06/12/2011 4 
   

1 
 

19 215 13 10 11 19 5 

Total 141 1971 81 82 97 136 53 

Table 6.8 List of all events captured at the five stormflow monitoring sites with 
date, total number of events and total number of samples captured at each site.  
Number 1 denotes an event that was analysed for a given determinand. 
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Site  SS load 
(t) 

DOC load 
(t) 

TPC 
load 
(t) 

TON load 
(t) 

DRP load 
(kg) 

SS yield 
(t km

2
) 

DOC yield 
(t km

-2
) 

TPC yield 
(t km

-2
) 

TON yield 
(t km

-2
) 

DRP yield 
(kg km

-2
) 

A10 Baseflow - - - - - - - - - - 

 Stormflow - - - - - - - - - - 

A11 Baseflow 78.89 8.28 - 15.59 - 23.27 2.44 - 4.60 - 

 Stormflow 651.10 15.90 103.68 24.27 386.61 192.06 4.69 30.58 7.16 114.05 

A12 Baseflow 76.19 8.44 - 24.61 - 5.98 0.66 - 1.93 - 

 Stormflow 937.58 11.39 103.83 20.88 200.34 73.54 0.89 8.14 1.64 15.71 

A13 Baseflow - - - - - - - - - - 

 Stormflow - - - - - - - - - - 

A7 Baseflow 108.29 10.81 - 28.37 - 7.40 0.74 - 1.94 - 

 Stormflow 857.05 20.35 111.86 36.51 324.66 58.54 1.39 7.64 2.49 22.18 

A8 Baseflow 517.19 92.26 - 173.33 - 13.32 2.38 - 4.46 - 

 Stormflow 4178.73 182.77 602.91 159.09 364.11 107.64 4.71 15.53 4.1 9.38 

A9 Baseflow 15.98 1.43 - 2.91 - 7.84 0.70 - 1.43 - 

 Stormflow - - - - - - - - - - 

H1 Baseflow 59.39 18.63 - 12.71 - 12.83 4.02 - 2.75 - 

 Stormflow - - - - - - - - - - 

H3 Baseflow 7.46 1.82 - 4.50 - 2.69 0.66 - 1.62 - 

 Stormflow - - - - - - - - - - 

H4 Baseflow 112.83 14.50 - 14.43 - 22.39 2.88 - 2.86 - 

 Stormflow - - - - - - - - - - 

H5 Baseflow 171.76 34.84 - 52.00 - 8.49 1.72 - 2.57  

 Stormflow 483.14 73.4 110.43 51.61 49.04 23.89 3.63 5.46 2.55 2.42 

Table 6.9  Determinand loads and yields calculated for the baseline pre-restoration period between 29th July 2010 and 18th 
November 2011 for all sites using the Walling formula 5 (Walling and Webb, 1985) using just monthly baseflow samples (for all 
sites) and both baseflow and stormflow samples (stormflow monitoring sites) to give the best available estimate.  Only 
stormflow data was available for TPC and DRP calculations.  Calculations of SS loads and yields based on monthly baseflow 
data alone show proportionally greatest underestimation, as compared to stormflow estimates. 
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Fig. 6.9 Chemograph showing all monthly and stormflow monitoring data 
collected at A7 between 10th July 2010 and 28th January 2013. 
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Fig. 6.10 Chemograph showing all monthly and stormflow monitoring data 
collected at A8 between 28th July 2010 and 25th November 2012. 
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Fig. 6.11 Chemograph showing all monthly and stormflow monitoring data 
collected at A11 between 10th July 2010 and 31st December 2011. 
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Fig. 6.12 Chemograph showing all monthly and stormflow monitoring data 
collected at A12 between 10th July 2010 and 31st December 2011. 
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Fig. 6.13 Chemographs showing all monthly and stormflow monitoring data 
collected at H5 between 10th July 2010 and 31st January 2013. 
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Fig. 6.18  Chemographs of a medium size event captured simultaneously at 
three monitoring sites in the Aller catchment show a clockwise hysteresis for 
TON and PC, anti-clockwise hysteresist for DOC and DRP and flat hysteresis 
for SS at the catchment outlet.  At A11 and A12 DRP exhibits a slightly delayed 
anti-clockwise hysteresis. 
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Fig. 6.19 Chemographs of a medium size event recorded simultaneously at 
both catchment outlets (A7 1:45 am – 23:30 pm and H5 2:15 am – 9th January 
2011 3:30 pm) illustrate the limited response of most water quality 
determinands to discharge in the Horner Water catchment, with only SS 
concentrations displaying flat hysteresis and DRP concentrations clock-wise 
hysteresis.  The Aller catchment responds in a consistent manner as described 
in Fig. 6.14. 
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Fig. 6.20 Chemographs of an extremely large event recorded simultaneously at 
both catchment outlets (A7 2nd January 2012 23:00 pm – 4/1/2012 19:00 pm 
and H5 3/1/2012 0:15 am – 4th January 2012 17:00 pm) shows a clockwise 
hysteresis for PC and flat hysteresis for DOC in both study catchments.  DRP 
exhibited a clockwise hysteresis in the Horner catchment while SS showed a 
clockwise hysteresis in the Aller catchment.  TON shows a typical dilution effect. 
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Fig. 6.22 Time series plots of water quality determinands pre- and post- habitat 
restoration in the Horner Water catchment.  The pink rectangle marks the period 
of restoration works. 
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Fig. 6.25 Time series plots of invertebrate indexes pre- and post- habitat 
restoration in the Horner catchment.  Pre-restoration: May 2010-May 2011, 
post-restoration November 2011-November 2012. 
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