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Abstract 

Ocean acidification (OA), caused by the absorption of vast quantities of CO2 at a 

high rate by the oceans, is considered to be capable of causing large-scale 

ecosystem changes through its impacts on calcification, acid-base balance and 

energetics in a wide range of marine organisms. An area which has received little 

attention with regard to OA is the impact of multiple stressors, specifically 

pollutants and how reducing seawater pH levels will affect their impacts on marine 

species. The now banned anti-fouling agent tributyltin (TBT) is predicted by 

speciation chemistry to reduce in bioavailability as pH levels reduce. Here I 

investigate whether this reduced speciation leads to reduced toxicity under OA in 

the mussel Mytilus edulis. Mussels exposed to TBT under experimental OA 

conditions (seawater pH 7.7) were found to experience 45% greater DNA 

damage than those exposed under ambient pH conditions. Slight changes in 

acid-base physiology were also observed. 

To investigate potential biological mechanisms underpinning the observed 

increase in TBT toxicity under OA conditions, mussel gaping behaviour and 

respiratory physiology during tidal cycles were then investigated under OA 

relevant seawater pH levels. It was found that previously starved mussels gape 

more at lower pH levels and that mussel haemolymph pCO2 differs significantly 

(p=0.009) between different seawater pH treatments during a simulated tidal 

cycle while the level of oxygen in the haemolymph does not, providing evidence 

that CO2 may be the driver behind mussel respiration rather than O2. This work 

demonstrates that M. edulis is more vulnerable to pollutants at OA relevant pH 

levels due to increased mussel gaping, driven by the need to reduce haemolymph 

pCO2 levels, which results in the mussel filtering more water and taking on more 

TBT as a consequence. These behavioural and physiological responses to OA 

are likely to increase susceptibility to a whole range of pollutants, not just TBT, 

by increasing potential uptake. 
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 1 Ocean Acidification and its impacts on the 

mussel Mytilus edulis 

1.1  Ocean Acidification 

Carbon dioxide (CO2) is naturally present in the Earth’s atmosphere, making up 

approximately 0.04% of its current constitution. Its concentration in the 

atmosphere has varied between 172 and 300 parts per million (ppm) over the 

past 800 000 years (Lüthi et al., 2008). Since the industrial revolution began, at 

the turn of the 18
th
 century, the burning of fossil fuels by humans and changing 

land use has caused the concentration of CO2 in the atmosphere to increase 

dramatically from 280 ppm to current day levels of over 400 ppm (Riebesell et al., 

2000; Solomon et al., 2007). This represents a higher atmospheric CO2 

concentration than has been present for at least the past 800,000 years changing 

at a rate that is evolutionarily unprecedented, and is reflected in oceanic pCO2 

(Hönisch et al., 2012; Lüthi et al., 2008; Sarmiento et al., 2010). 

The absorption of vast quantities of CO2 at a high rate can significantly alter the 

oceans’ carbonate chemistry in a phenomenon known as ‘ocean acidification’ 

(OA) (Doney et al., 2009). OA describes the change in carbonate chemistry in 

seawater over an extended period. These changes involve the concentration of 

H
+
 ions increasing, causing pH  to decrease, while the availability of carbonate 

ions also decreases. It is assessed that approximately 30% of anthropogenic CO2 

has been absorbed by the oceans so far (Doney et al., 2009; Le Quéré et al., 

2013), where upon it reacts to form carbonic acid and produce H
+
 ions (see Figure 

1). The resulting change in chemistry has been found to negatively influence a 

wide range of species and physiological processes, such as survival, growth and 

calcification (Dupont et al., 2013; Feely et al., 2008; Hammer, 2012; Kroeker et 

al., 2010). As a result it is now widely considered to be capable of causing large-

scale changes to ocean ecosystems and overall biodiversity (Hall-Spencer et al., 

2008; Kroeker et al., 2010). This change is happening alongside other 

consequences of global climate change, primarily increased temperatures and 

reduced oxygen solubility, which are likely to affect organisms simultaneously 

and may cause serious challenges for species and ecosystems (Brierley & 

Kingsford, 2009; Matear & Hirst, 2000; Ridgwell & Valdes, 2009).   
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Future levels of CO2 depend heavily on many factors and predictions can vary 

wildly based on the possible outcomes. The Intergovernmental Panel on Climate 

Change (IPCC) uses a set of four Representative Concentration Pathways 

(RCPs) as a basis for modelling future conditions, based on scenarios with 

differing levels of anthropogenic CO2 output over the 21
st
 century (van Vuuren et 

al., 2011). The four RCP models have varying driving forces including population, 

GDP, land use and oil consumption. RCP 2.6, the scenario whereby CO2 output 

is mitigated, finds emissions dropping dramatically and the atmospheric CO2 

concentration returning to 2016 levels (421 ppm) by 2100. RCP 4.5 and 6 

represent medium stabilisation scenarios, where atmospheric CO2 

concentrations reach a peak and stabilise before 2100, but with RCP 6 stabilising 

at a higher level than RCP 4.5. RCP 8.5 is the ‘worst case’ scenario, whereby 

CO2 emissions continue to increase throughout the 21
st
 century and beyond. 

The average surface ocean pH is currently around 8.1, although there is spatial 

and temporal variation (Hofmann et al., 2011; Wootton et al., 2008) and it is 

dependent on other factors such as temperature and salinity (McNeil & Matear, 

2007). Global ocean surface pH has decreased by 0.1 since the industrial 

revolution, representing an increase in H
+
 ions of 30% (Doney et al., 2009). Under 

RCPs 2.6 and 8.5, the two extremes, decreases in surface pH in the ranges of 

0.06 – 0.07 (RCP 2.6) and 0.30 – 0.32 (RCP 8.5) are predicted by the end of the 

21
st
 century (Ridley et al., 2014). This equates to pH levels of approximately 8.05 

and 7.76 as best and worst case scenarios. Such a rate of change may be the 

fastest experienced for 300 million years (Hönisch et al., 2012). 

CO# + H#O ↔ H#CO' ↔ HCO'( + H)		 (1)	
	

CO'#( + H) ↔ HCO'(		 	 	 (2)	

	

Ca#) + CO'#( ↔ CaCO'		 	 (3)	

Figure 1.1  Ocean acidification 
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One of the key biological processes that is likely to be strongly affected by OA is 

calcification (Hofmann et al., 2010; Riebesell et al., 2000; Ries et al., 2009; 

Wittmann & Pörtner, 2013). Increasing seawater acidity will cause a drop in the 

saturation levels of calcite and aragonite, the two major forms of calcium 

carbonate used by marine organisms (McNeil & Matear, 2007; Orr et al., 2005). 

This will result in a decline in calcification rates, which can slow growth and 

increase the energy required for calcifying organisms to form shells or skeletons 

(Doney et al., 2009; Venn et al., 2013). Increasing energy demands for growth, 

assuming energy input remains constant, will lead to organisms having to 

compensate either by not growing as large or by retaining size and reducing the 

energy used for other processes such as reproduction, leading to entire organism 

level shifts in energy budgets (Melzner et al., 2009; Pörtner, 2008, 2010; Seibel 

& Walsh, 2003; Wood et al., 2008). There is evidence that a reduced pH can also 

impair acid-base regulation, fertilisation, development in early life stages and 

immune response (Bibby et al., 2008; Byrne & Przeslawski, 2013). Calcifying 

organisms form the base of many ecosystems and as such it is predicted that 

changes in their populations will have wide impacts on other species in their 

ecosystems, in addition to the direct impacts on species of warming 

temperatures, reduced oxygen solubility and acidification (Brierley & Kingsford, 

2009).  
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1.2 Calcification 

A meta-analysis by Kroeker et al. (2010), which analysed 251 unique 

experiments across a range of taxa, concluded that calcification along with 

survival was one of the most sensitive physiological endpoints to OA (Kroeker et 

al., 2010). Calcification is a vital process in marine ecosystems and carbonate 

ions are necessary for marine calcifying organisms to produce CaCO3 structures, 

such as shells and skeletons (Feely et al., 2008). As such, OA is likely to pose 

significant problems for those organisms which rely on carbonate structures and 

by extension the ecosystems founded upon these organisms (for example, coral 

reefs) (Hofmann et al., 2010). When CO2 dissolves into the ocean it alters the 

carbonate system of dissolved inorganic carbon (DIC), which along with alkalinity 

is largely responsible for controlling seawater pH (Fabry et al., 2008). Three major 

forms of DIC exist in seawater: bicarbonate ion (HCO3
+
), carbonate ion (CO3

2-
) 

and aqueous CO2, which make up approximately 88%, 11% and 0.5% of the DIC 

in seawater respectively at a pH of 8.2 (Hammer, 2012). These proportions shift 

as CO2 dissolves into seawater with the net effect of decreasing the concentration 

of CO3
2-

 and lowering pH.  

The saturation state of CaCO3 (Ω) is defined by the concentrations of Ca
2+

 and 

CO3
2-

 divided by the apparent stoichiometric solubility product (Ksp
*), which varies 

with conditions such as temperature, pressure and salinity (Feely et al., 2009). Ω 

= 1 expresses saturation with respect to CaCO3. Most global ocean surface 

waters are currently super saturated (Ω = 4-6 for calcite, 2-4 for aragonite), 

favouring calcification and preventing the dissolution of crystallised CaCO3 (Feely 

et al., 2009). A decrease in surface seawater pH of ~0.4 by the end of the century 

would cause a corresponding decrease in carbonate ion concentration of 50% 

(Feely et al., 2008). Marine calcifying organisms have been found to be able to 

exploit the ocean surface water’s supersaturation with regards to CaCO3 to 

efficiently create and maintain carbonate structures through the use of energy 

consuming ion transport processes, in doing so creating locally favourable 

conditions for calcification (Mackinder et al., 2010). It is thought therefore that 

these active processes allow marine calcifying organisms to compensate for 

reduced carbonate ion availability, to some extent, by using more energy to 

achieve calcification (Wittmann & Pörtner, 2013). As such an immediate 

organism level effect of reduced carbonate availability may be that the energy 
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required to produce these fundamental structures increases from present levels 

(Thomsen & Melzner, 2010).  

It has been found that energy can be diverted away from other life processes, 

such as reproduction and growth, in order to maintain calcification rates but in the 

process harming their competitiveness in terms of size and reproductive 

capability (Thomsen & Melzner, 2010; Wood et al., 2008). This means that marine 

calcifying organisms may become smaller or otherwise less competitive as ocean 

pCO2 increases and the demands upon them become greater. 

The potential impacts of a rapid increase in CO2 concentration, and the 

corresponding drop in carbonate ion saturation, have been demonstrated on a 

range of marine calcifying organisms in the laboratory. These were reviewed by 

Gazeau et al. (2013) who demonstrated the negative impacts expected from 

reduced pH on growth, shell development, physiological processes and 

development phases, while pointing out the large gaps in our current knowledge 

regarding factor and species interactions (Gazeau et al., 2013). Marine calcifying 

organisms which are heavily dependent on carbonate skeletons or shells, such 

as molluscs, crustaceans, echinoderms and coral, were expected to be 

particularly susceptible (Elderfield et al., 2005). It has been demonstrated 

however that the degree to which species are affected by elevated seawater 

pCO2 varies significantly (Kroeker et al., 2010; Ries et al., 2009). Findlay et al. 

(2009) for example found the surprising result that of the six species of marine 

calcifying organisms exposed to high CO2 conditions, four had increased levels 

of calcium after 40 days exposure (Findlay et al., 2009). Their follow up study 

(2011) demonstrated the great degree of biological control organisms can exert 

over calcification, and that while dissolution of the shell’s exterior may increase, 

the presence of a live animal inside the calcium carbonate substructure can offset 

the exterior dissolution (Findlay et al., 2011). This also supports the hypothesis 

that calcification in molluscs is related to metabolic activity (Lewis & Cerrato, 

1997). Ries et al. (2009) found similar results, with 10 of the 18 benthic marine 

organisms tested exhibiting net reductions in calcification rates, while 7 exhibited 

an increased rate and 1 exhibited no change (Ries et al., 2009). A further study 

by Wittman et al. (2013) found that coral, echinoderms and molluscs are more 

sensitive to RCP 8.5 (CO2 936 ppm in 2100) than crustaceans and suggests that 
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differences in sensitivity may lead to long term shifts in species composition 

(Wittmann & Pörtner, 2013). This variation could be due to differences in ability 

to locally regulate pH, variation in shell/skeletal solubility or differences in the 

extent to which photosynthesis is used by the species. Several species tested in 

by Kroeker et al. (2010) experienced an increase in calcification rate which 

continued up until a point, after which the rate dropped. This study indicates that 

a critical point may exist for all species, but occurs at different pCO2 levels 

depending on the above factors and variations in life history characteristics 

(Kroeker et al., 2010). Colder waters absorb CO2 more readily and consequently 

colder and deeper waters are expected to be the first to experience under-

saturation as a result of OA (Chierici & Fransson, 2009; Turley et al., 2007). 

Models have predicted that aragonite under-saturation could begin to occur in the 

Arctic Ocean as soon as 2020 (Steinacher et al., 2008).  

Marine shelled mussels are key species both at the ecological level and 

economically across large areas of coastline, from inter-tidal to deep-sea 

habitats, where they provide essential ecosystem services by purifying water thus 

increasing light penetration (Asmus & Asmus, 1991), creating habitat structures 

through the excretion of pseudo faeces (Norling & Kautsky, 2007) and by acting 

as a food source for other species (Gazeau et al., 2013). The dissolution of 

mussel shells, which are a composite bio-material composed of 95-99% 

predominantly calcium carbonate, has been found to occur upon exposure to pH 

7.5-7.6 so they are expected to be impacted by OA (Gazeau et al., 2013). Mytilus 

edulis, the chosen study species, has been shown to produce more brittle calcite 

outer shells and softer aragonite inner shells under OA compared to present day 

control conditions (Fitzer et al., 2015).  

In addition to pH and carbonate ion concentrations, mussel calcification has been 

shown to be influenced heavily by temperature and food availability, with several 

experiments demonstrating that they are able to continue to calcify at high rates 

even when the ambient water conditions are under saturated with respect to 

aragonite (Warag <0.5) if food availability is good (Thomsen et al., 2010; Thomsen 

& Melzner, 2010). Shell growth rates have also been shown to increase 

significantly with temperature (Malone & Dodd, 1967), which may off-set losses 

caused by OA up to a point as global temperatures increase. When combined 
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with the evidence that mussels can compensate for high pCO2 levels by 

mobilising carbonate from the shell (Booth et al., 1984; Lindinger et al., 1984), 

this suggests that with a sufficient supply of food they would be able to continue 

maintaining a shell and internal pH at a tolerable level in a low pH environment 

for long periods of time.  

Laboratory based studies are generally short-term relative to the life spans of the 

organisms being studied and involve exposing species which have adapted to 

current ocean pCO2 and pH levels to much lower future predicted pH levels. They 

therefore demonstrate potential short-term individual physiological responses but 

cannot show the effects long-term evolutionary adaptations will have as pH levels 

gradually decrease. As such there is a danger that the potential impacts could be 

overstated. Natural analogues, where ocean pH is reduced through natural 

processes, can be used to assess the impacts of reduced pH and under-

saturation in a natural environment over longer time scales (Cigliano et al., 2010; 

Feely et al., 2008; Hall-Spencer et al., 2008). Studies using volcanic CO2 seeps, 

such as one by Hall-Spencer et al. (2008) looking at seeps around the island of 

Ischia, Italy, have found that they can lower the pH of the water column and 

prompt the long-term adaptation of marine communities (Hall-Spencer et al., 

2008). The organisms found populating the surrounding area are those which are 

naturally resistant to high pCO2 concentrations, suggesting that highly invasive 

algal species may benefit from OA and confirming modelling and experimental 

predictions. Another study by Fabricius et al. (2011) in the volcanic seep of Papua 

New Guinea showed that calcifying organisms can be outcompeted by non-

calcifying organisms as pH declines (Fabricius et al., 2011). Similarly, broad 

areas of the North American Western continental shelf have been shown to 

experience seasonal periods of aragonite under-saturation when cold water, rich 

in CO2 as a result of respiration processes at intermediate depths, rises on to the 

continental shelf (Feely et al., 2008). Tatoosh Island has been used in recent 

years to study the effects of climate change in a natural environment. By 

comparing modern samples with historical samples, researchers have identified 

that the shells of larger individuals of the mussel species Mytilus californianus 

were 32.2% thicker in the 1970s than in modern mussels. This led to the 

conclusion that the largest individuals of this species are calcifying less than in 

the past, likely due to reduced ocean pH (Pfister et al., 2016).  Studies conducted 
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in these environments may be beneficial for researching how organisms could 

evolve to cope with the changes in pH and aragonite saturation brought about by 

ocean acidification and back up many of the results found in the laboratory. As a 

result, they support the laboratory based findings, demonstrating that OA is a 

viable and powerful threat to calcification, while also providing a way to see how 

species have already adapted to naturally reduced pH levels. Over time these 

waters will also accumulate anthropogenic CO2, becoming further under-

saturated and exacerbating the biological impacts experienced. 
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1.3 Acid-base balance 

Increased oceanic uptake of atmospheric CO2 will pose an additional challenge 

to many marine organisms by causing environmental hypercapnia (elevated 

pCO2), affecting their acid-base status (Hammer, 2012). As ocean pCO2 

increases it causes CO2 to enter organisms through diffusion, resulting in 

decreased extracellular pH levels (Michaelidis et al., 2005). Known as body fluid 

acidosis, whereby the pH is reduced below its optimum level, this occurs naturally 

when CO2 is produced as a by-product of metabolism and occurs to a greater 

extent the more metabolically active a species is (Melzner et al., 2009). Melzner 

et al. (2009) suggest that more active species, such as pelagic fish or crabs, will 

generally have a greater tolerance to acidosis and more robust physiological 

responses in order to allow them to carry out an active lifestyle. This includes 

advanced mechanisms for CO2 removal and the balancing of acid-base 

disturbances. Less active species on the other hand, such as benthic fish and 

bivalve molluscs, are often poor at compensating for acid-base disturbances 

(Melzner et al., 2009). This hypothesis was supported by Wittmann and Portner 

(2013), who assessed five taxa (corals, echinoderms, molluscs, crustaceans and 

fishes) and found crustaceans to be the least sensitive of the invertebrates to OA 

under both RCPs 6.5 and 8.5 in 2100, with a low sensitivity rating. Corals, 

echinoderms and molluscs, which are less active and may lack the machinery for 

dealing with CO2 removal, were rated as having a medium sensitivity to RCP 8.5 

in 2100 (Wittmann & Pörtner, 2013). Additionally, great variability can exist within 

taxa with differences in life stages, life history traits and behaviours, as well as 

local adaptation, having a strong influence on sensitivity. 

Mussels shut their shells in response to exposure or threats, which causes the 

pH of the haemolymph to gradually fall and their metabolism to shift to anaerobic 

processes as the supply of ambient water to the gills is shut off (Booth & Mangum, 

1978; Crenshaw & Neff, 1969; Jokumsen & Fyhn, 1982). Those mussels in the 

inter-tidal zone face exposure for hours daily and are able to cope with the internal 

pH changes experienced, but may not however be able to cope as well with the 

additional increase in pCO2 brought by OA. Mussels have very little ability to 

regulate their haemolymph acid-base balance through exchange with the 

ambient seawater, as demonstrated by Booth et al. (1984) whereby air exposure 

and hypercapnic hypoxia caused a drop in pH (Booth et al., 1984). This is thought 
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to be due to their low cellular ion exchange capacities (Parker et al., 2013). 

Lindinger et al. (1984) found that M. edulis is capable of limiting the degree of 

acidosis experienced, to a small extent, by increasing haemolymph bicarbonate 

levels through the dissolution of previously laid shell CaCO3 (Lindinger et al., 

1984). Results by Michaelidis et al. (2005) support this, finding that when 

exposed to a water pH of 7.3 mussels are able to fully restore their internal pH 

levels (Michaelidis et al., 2005). It had previously been thought following 

Lindinger et al.’s 1984 study that mussels were not capable of fully compensating 

for pH changes through this mechanism. This was due to Lindinger et al. 

exposing the mussels to more severe hypercapnia with a water pCO2 of 34211 

µatm. Michaelidis et al., however, demonstrated that at a water pCO2 of 4211 

µatm (water pH of 7.3) full compensation is possible (Michaelidis et al., 2005). 

This shows that while this mechanism of acid-base regulation in mussels is 

limited, it is capable of dealing with the changes expected within the century 

under RCP 8.5. Chapter 4 addresses how mussel gaping and natural tidal 

exposures impact mussel haemolymph pH during simulated emersion and how 

their pH changes when starting from a lower, OA scenario starting point. As their 

ability to acid-base regulate is limited, mussels are likely to be amongst the most 

vulnerable groups in this regard, especially over the longer term (Lewis et al., 

2016; Michaelidis et al., 2005). The effects of acidosis on bivalve mussels include 

a reduction in growth rate (Beniash et al., 2010), reduced energy stores 

(Langenbuch & Pörtner, 2002) and metabolic depression (Michaelidis et al., 

2005), reducing their survivability and competitiveness. If the increase in ocean 

pCO2 continues as expected many species will likely exist in or close to a state 

of permanent acidosis (Michaelidis et al., 2005).  
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1.4 Energetics 

A number of studies have demonstrated altered metabolic rates in mussels in 

response to elevated pCO2 levels (Melzner et al., 2009; Michaelidis et al., 2005; 

Navarro et al., 2013; Pörtner, 2008; Thomsen & Melzner, 2010). The idea of an 

energetic trade off first came from a study on brittle stars (Wood et al., 2008) and 

has since been validated by other studies in urchins as well as mussels (Chan et 

al., 2015; Dupont et al., 2013). M. edulis growth rates have been shown to be 

significantly reduced in OA conditions (when pH <7.4) (Berge et al., 2006) and a 

separate study has found that M. edulis will, up to a certain point (pCO2 

~2400 µatm), increase metabolic rates while decreasing the rate of shell growth 

in an attempt to compensate for the unfavourable abiotic conditions, rather than 

decreasing their activity (Thomsen & Melzner, 2010). At pCO2 levels of 1115 and 

2400 µatm the total energy expenditure in Mytilus edulis was found to rise by 

42% and 58% above the control level while shell growth rates decreased 

significantly, indicating a re-allocation of energy during hypercapnia. As seawater 

pCO2 increases M. edulis experiences greater protein turnover and therefore an 

increased loss of nitrogen as NH4
+
 (Michaelidis et al., 2005). If an organism is 

unable to compensate by increasing nitrogen intake from food, nitrogen limitation 

may be a cause of metabolic impairment (Thomsen & Melzner, 2010). Limiting 

food availability has been found to significantly decrease shell length growth and 

influence the magnitude of inner shell surface dissolution in M. edulis, both 

independently and in addition to high pCO2 (Melzner et al., 2011). Together, this 

research suggests that shell net-calcification is related to reallocation of the 

energy budget, and as such high pCO2 levels may have a much greater impact 

on starved mussels. This is supported by the finding that plentiful food conditions 

may have a drastic impact on the ability of M. edulis to tolerate OA, allowing shell 

production to continue at a normal rate (Heinemann et al., 2010). It is important 

therefore when researching novel combinations of stressors to include exposures 

under starvation conditions in order to stress the energetic budget and minimise 

the possibility of compensation through food intake when not specifically 

researching that topic. 
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1.5 Multiple stressors 

The impacts of multiple stressors on marine invertebrates have received little 

attention with the exception of temperature in recent years. This is despite OA 

occurring simultaneously with several linked and dependent changes to seawater 

physico-chemistry, such as oxygen concentration, salinity and temperature, 

(Boyd & Hutchins, 2012; Whiteley, 2011). One such area of interest is the impact 

of OA on metal pollutants and how their fate, behaviour and subsequently toxicity 

will be affected by the changes in pH and temperature expected over the 21
st
 

Century. Marine invertebrates exposed to metal pollutants experience oxidative 

damage to their DNA, lipids and proteins by Reactive Oxygen Species (ROS), 

which are produced via the Fenton reaction. In the Fenton reaction metal ions 

can donate electrons to H2O2, producing a hydroxyl radical and anion (1). The 

newly oxidised ion can then be reduced back by reacting with another molecule 

of H2O2 (2). This produces ROS which go on to take part in further secondary 

reactions (Gutteridge, 1986; Imlay et al., 1988). 

 

  

 

 

ROS are capable of overwhelming a host’s antioxidant defences (Lushchak, 

2011; Pignatello et al., 2006; Stohs & Bagchi, 1995). Metal pollutants in the form 

of metal ions are rarely found freely available in the water, instead binding readily 

to sediments which generally act as sinks for pollutants (Lewis & Galloway, 2008; 

Pascal et al., 2010). As a result, organisms which live on or in the sediments can 

be exposed to much higher concentrations of pollutants than the level in the water 

would suggest. Due to the long half-lives of some metal pollutants, polluted 

sediments will remain as such for decades after actions to reduce the input of 

pollutants into the water have been put in place (Bryan & Langston, 1992). Little 

is currently known about what impact OA may have on the behaviour of metal 

pollutants present in seawater, but those metals which have been studied, such 

as iron, cobalt, cadmium, copper, nickel, zinc and lead, have each demonstrated 

differing effects (Hoffmann et al., 2012; Ivanina et al., 2013; Millero et al., 2009). 

Fe#) +	H#O# → Fe') + 	HO• + OH(		 	 (1)	

	

Fe') +	H#O# → Fe#) + 	HOO• +	H)	 	 (2)	

Figure 1.2  The Fenton reaction 
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Most metals are more soluble in acidic waters, which will cause an increase in 

their concentrations, but changes in speciation associated with pH are also 

expected to affect their bioavailability and thus impact on marine organisms 

(Millero et al., 2009). A reduction in pH can alter the bioavailability of these 

pollutants, sometimes increasing or decreasing their concentration in seawater 

and suggesting that marine invertebrates will be exposed to different amounts of 

metal ions in future (Roberts et al., 2012). A number of models are available to 

predict the effect of pH on metal speciation and the predictions vary depending 

on the complexes formed by each metal (Millero et al., 2009). Under RCP 8.5 for 

example, free ion Al, Fe, Cu and Pb concentrations have been found to increase 

by factors of up to 21, 2.4, 1.5 and 2.0 respectively while organically complexed 

Fe, Co and Ni were found to rise by up to 14% and complexed Mn, Cu, Zn and 

Cd fall by up to 10% (Stockdale et al., 2016).  

Copper is the pollutant that has been studied the most in conjunction with OA in 

recent years. The free-ion concentration of copper is predicted to increase in 

availability in the world’s oceans by up to 115% (Pascal et al., 2010), which is of 

interest and concern due to copper’s toxicity to marine organisms (Paytan et al., 

2009). Copper has been found to cause DNA damage and reduced 

immunocompetence in mussels after as little as 1-2 days of constant exposure to 

realistic pollution levels (0.25 and 0.5 ppm) and is also one of the few metal 

pollutants to have been studied in conjunction with OA (Davenport, 2009; Lewis 

et al., 2016; Parry & Pipe, 2004). Copper exposure is being experienced in 

addition to several other potentially damaging factors and species which can 

cope with the initial impacts of OA and temperature may not also be able to stand 

the extra stress from increased ROS. For example, when mussels encounter 

copper it is often in estuaries downstream from industrial waste outlets where 

they may also face daily tidal exposure (Bryan & Langston, 1992; Moreira et al., 

2016). This can lead to hypoxia, fluctuating salinity levels and temperature 

changes, which have been shown to increase the production of damaging ROS 

(Ivanina et al., 2013). Free metal ions often bond to atoms forming compounds, 

such as copper sulphate, exposure to which has been found to significantly 

reduce larval mean body lengths of the annelid worm P. lamarckii (Lewis et al., 

2012). P. lamarckii and other such marine invertebrates often play important roles 

as ecosystem engineers and damage to their populations through a reduction in 
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their competitive ability (e.g. size) could lead to severe ecological consequences. 

Copper toxicity has been shown to be significantly impacted by OA (Campbell et 

al., 2014; Lewis et al., 2016; Roberts et al., 2012). Roberts et al. (2013) for 

example exposed mussels to either a copper polluted or a reference sediment at 

a range of seawater pCO2 levels and found a 2.7 fold increase in DNA damage 

in amphipods exposed to copper poluted seawater with a pCO2 of 750 micro-

atmospheres (µatm). There is evidence that simultaneous OA and copper 

exposure can have differential impacts depending on species, with acid-base 

response a likely determiner. Lewis et al. (2016) tested the impacts of OA on 

copper toxicity response by exposing Mytilus edulis and the adult purple urchin 

Paracentrotus lividus to one of four conditions: 1) pH 8.1, 2) pH 7.7, 3) pH 8.1 + 

copper and 4) pH 7.7 + copper. They found that exposure to OA and copper 

together more than doubled the DNA damage experienced by M. edulis when 

compared to either stressor alone, whereas P. lividus experienced a far lesser 

increase in DNA damage (though still greater than with either stressor alone) 

(Lewis et al., 2016). This difference between species indicates that the physiology 

of the different species matters with regards to toxicity experienced under OA 

conditions. 

Tin has received much less attention than copper or the other metals studied but 

shares many of its negative effects on organisms and was investigated 

extensively in the 1980s. Tributyltin (TBT) is a highly toxic tin-based anti-fouling 

agent which is now banned internationally due to its severe effects on marine 

invertebrates, including inducing DNA damage, causing extensive growth and 

developmental problems and impacting metabolism (Inaba et al., 1995; Langston 

et al., 2015; Langston & Burt, 1991). Widdows & Page (1993) for example 

showed how increasing TBT levels leads directly to an increase in the rate of 

oxygen uptake, reflecting an increase in metabolic rate. Importantly respiration 

rate was found to continue to increase in line with TBT concentration up to a 

maximum rate, which represented a two-fold increase above the control rate of 

respiration (Widdows & Page, 1993). Speciation has been found to be a key 

determining factor for TBT bioavailability, occurring in different chemical species 

at varying pH levels (Fent & Looser, 1995). In extracts of bis(tri-n-butyltin) oxide 

that was dissolved in seawater, an equilibrium mixture of TBT
+
, TBTCl, TBTOH 

and TBT
+
HCO3

-
 was identified, with the balance dependent on pH (Laughlin et 
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al., 1986). Interestingly TBT is predicted by speciation models to become less 

harmful as pH decreases, due to a reduced rate of speciation at lower pH levels 

(Fent, 1996; Fent & Looser, 1995; Tsuda et al., 1990). This reduced speciation 

rate would be expected, in the absence of other factors, to cause it to become 

less bioavailable and so less damaging under OA conditions. As a result, TBT 

should show the opposite effect to the copper studies if bioavailability is the driver 

of OA-pollutant interactions. 
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1.6 Mytilus edulis 

Mytilus edulis was chosen as a test species due to the abundance of prior 

research available as well as its status as a common indicator species for 

pollutants. They are easy to maintain within experimental systems, easy to work 

with and can be easily collected from around the south coast of the UK. All 

mussels used were taken off the beach during low tide at Starcross, on the Exe 

Estuary, in the vicinity of 50.620, -3.446 (decimal degrees). As filter-feeders 

mussels are likely to be particularly susceptible to pollutants due to the large 

volume of water, and by extension pollutants, they are capable of filtering. As 

discussed above much research has been conducted on the impacts of increased 

levels of pCO2 on M. edulis, finding reductions in shell growth and increased 

mortality as pCO2 increases (Fabry et al., 2008; Thomsen & Melzner, 2010). 

Mussels such as M. edulis have a very limited buffering capacity resulting in an 

internal haemolymph pH which closely follows that of the environment and as a 

result they are vulnerable to the harmful effects of reduced environmental pH 

(Lewis et al., 2016). Those in tidal areas, such as at Starcross, naturally 

experience a drop in internal pH twice daily as a result of continued metabolism 

during tidal exposure (Booth et al., 1984). It would be expected that as seawater 

pH decreases due to OA, resulting in a lower submerged pH, tidal air exposures 

will cause their haemolymph pH to drop further while exposed. This may further 

challenge their limited acid-base buffering mechanisms.  	
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1.7 Aims of the project 

The project aim was to determine how exposure to TBT, at an environmentally 

relevant concentration of 500 ng l
-1

, would impact mussels under experimental 

OA conditions (pH 7.7) and to gain an insight into the physiological drivers of any 

altered response. The initial hypothesis was that mussels exposed to TBT under 

OA conditions would suffer less DNA damage than under normal conditions due 

to reduced TBT speciation. The overarching aim was to determine whether OA - 

contaminant interactions in exposed organisms are driven primarily by the 

chemical behaviour of the contaminant or by the physiological response of the 

organism. 
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2 Does Ocean Acidification alter the toxicity 

response of the mussel Mytilus edulis to the historic 

contaminant tributyltin (TBT)? 

2.1 Introduction 

The continued release of carbon dioxide (CO2) into the atmosphere is having a 

direct impact on ocean pH and carbonate chemistry in a process known as ocean 

acidification (OA) (Feely et al., 2009), which is capable of having a significant 

impact upon calcification, acid-base balance and energetics across a wide range 

of marine invertebrates (Fabricius et al., 2014; Fabry et al., 2008; Kroeker et al., 

2013; Orr et al., 2005; Pörtner, 2008). This change in ocean chemistry has been 

shown to alter the toxicities of a number of metal pollutants to marine organisms 

due to changes in both speciation of the metals and altered physiological 

responses of the organisms under elevated pCO2. Stockdale et al. (2016) for 

example investigated the effects of OA on a range of trace metals and found that 

under the RCP 8.5 scenario, predicted free ion concentrations of aluminium, iron, 

copper and lead increase by factors of 21, 2.4, 1.5 and 2.0 respectively, while 

concentrations of organically complexed manganese, copper, zinc and cadmium 

fall by up to 10% (Stockdale et al., 2016). In this chapter the combined impacts 

of OA and the metal pollutant tributyltin (TBT) will be investigated. 

The speciation of TBT, a highly toxic anti-fouling agent now banned by most 

international agencies, is prevalent in the environment and can be found freely 

available in the water, where upon it is often captured by phytoplankton and can 

accumulate up the food chain, becoming increasingly concentrated. TBT remains 

a problem in the environment due to its continued use in Asia and its longevity in 

the environment, as it is still detectable in significant quantities in the English 

channel today (Langston et al., 2015; Langston & Burt, 1991). There are several 

sources of aquatic system TBT contamination, such as antifouling paint on large 

vessels, presence in waste water carried downstream and the remobilisation of 

bound TBT from sediments (Fent & Looser, 1995). A study by Laughlin et al. 

(1986) investigating TBT uptake by mussels found that at an initial TBT water 

concentration of 0.5 μg l
-1

, uptake directly from the water occurs rapidly and the 

ingestion of phytoplankton both increases the rate of TBT uptake and also causes 

greater TBT burdens (Laughlin, 1986). The sub-lethal effects of TBT on M. edulis 
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include significantly increased oxygen uptake and decreased clearance rate, 

indicating overall a severe inhibition of growth and an increased metabolic rate 

up to a maximum of 2-3 fold over the ‘standard’ metabolic rate (Widdows, 1973; 

Widdows & Page, 1993). These effects reflect the primary mechanism of TBT 

toxicity, whereby it acts to uncouple ATP synthesis from oxygen uptake by 

binding to and inactivating proton translocating ATPases in the mitochondrial 

membrane (Snoeij et al., 1987).  

A direct relationship between concentration and response exists in the form of a 

steady increase in the rate of oxygen uptake as TBT concentrations increase. 

This continues up to twice the normal metabolic rate, which is assessed to be the 

maximum potential increase in mussel metabolic rate (Widdows & Page, 1993). 

TBT has been shown to have genotoxic effects on M. edulis and the polychaete 

worm Platynereis dumerilii, including reduced survival and increased 

abnormality. Both studies demonstrated that TBT toxicity, in terms of its potential 

to cause reduced survival and increased abnormality, increases linearly with TBT 

concentration, including causing significant genotoxicity at environmentally 

relevant levels (Hagger et al., 2002; Jha et al., 2000). The extent to which toxicity 

is dependent on TBT concentration suggests that it may be a useful endpoint 

when studying changes in TBT toxicity, whether measuring mortality or a sub-

lethal effect. 

TBT has also been shown to affect invertebrate development by disrupting the 

endocrine system and causing imposex in molluscs, where females develop male 

characteristics to an extent determined by the level of pollutant exposure 

(Matthiessen & Gibbs, 1998). It achieves this by acting as a competitive inhibitor 

of cytochrome P450-mediated aromatase, a key enzyme in the conversion of 

testosterone to 17b-estradiol, thereby prompting the development of male 

characteristics and causing shifts in the male/female population ratio (Langston 

et al., 2015; Matthiessen & Gibbs, 1998; Meador, 2000; Snoeij et al., 1987). Shifts 

in this ratio, particularly the reduced availability of females, can cause population 

declines and crashes as witnessed in the dogwhelks Nucella lapillus, which 

declined and subsequently recovered as TBT levels rose and fell (Langston et 

al., 2015).  
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A 1987 study conducted in the waters of Poole Harbour found TBT 

concentrations ranging from 2-139 ng l
-1

, increasing dramatically to 234-646 ng l
-

1
 in marinas where a high density of vessels leeched TBT into sheltered and 

contained waters where it could accumulate (Langston et al., 1987). Though 

Poole Harbour represents a ‘worst case’ scenario for TBT accumulation, due to 

the large number of vessels present and the sheltered water which experiences 

little turnover, the levels of TBT found are many times higher than the 

environmental quality standard of 2 ng l
-1

 in water. Much of the TBT present in 

the water will end up bound to the sediment, from which it can occasionally 

mobilise back into the water. As a result, TBT may continue leeching into the 

water from contaminated sediments for many years after the initial source is 

removed. It is also difficult to assess the pollution levels in sediments due to the 

lack of an agreed sediment quality criteria (Langston et al., 2015).  

Following the demonstration of the acute toxicity TBT poses to aquatic organisms 

bans on the use of TBT initially focused on leisure vessels, targeting those <25m 

from 1987 in the UK, before being gradually expanded worldwide to cover all 

vessel sizes from 2013 (Langston et al., 1987, 2015; Langston & Burt, 1991; 

Meador, 2000; Widdows & Page, 1993). As the majority of vessels used in Poole 

Harbour are <25 m, a reduction in TBT input into the harbour’s waters should be 

visible beginning around the time of the ban and accelerating as antifouling 

coatings were eventually replaced by non-TBT containing paints. This provided 

therefore an ideal opportunity to study how quickly TBT is lost from a 

contaminated environment and predict its future impact on marine organisms. 

TBT eventually degrades to harmless inorganic tin (SnO2) but the process may 

take many years depending on how polluted an area was (Bryan & Langston, 

1992).  

In Poole Harbour a rapid chemical and ecological improvement was found to 

occur as the concentration of TBT in the waters dropped rapidly, with half-lives of 

TBT in the water ranging from 2.2 - 18.7 years (Langston et al., 2015). Langston 

et al. (2015) found that sediment half-lives ranged from 2-8 years immediately 

after the ban, though a lab based experiment isolated from additional inputs and 

continued vessel leaching found a TBT half-life in sediments of 162 days (Stang 

& Seligman, 1986). This large variation in possible half-life times, in the water and 
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in sediments, shows the complexity of the problem. With this complexity and TBT 

continuing to leech from vessels and the sediment, the presence of TBT in the 

environment should still be a concern.  

As of 2015 most sites in Poole Harbour were found to have achieved the 

environmental quality standard, though other areas in the Channel Region, such 

as the Port of Southampton (where a TBT half-live of up to 33 years was found), 

continue to have elevated TBT concentrations at levels which pose a threat to 

benthic mollusc populations. This is despite legislation having been in place for 

almost three decades (Langston et al., 2015).  

The UK was one of the first countries to take action against TBT so its continued 

presence at dangerous levels is concerning, especially when it is considered that 

TBT is still used in many parts of the world, particularly in Asia (Langston et al., 

2015). As a result it can be predicted that those areas which have not or have 

only recently banned TBT are likely to have detectably dangerous levels of TBT 

for several decades. This means that TBT will likely continue to pose a threat to 

marine organisms throughout at least the first half of the 21
st
 Century, as the 

effects of OA continue and seawater pH levels decrease. 

TBT is interesting because several experiments have shown TBT bio-

concentrations in marine organisms, and hence bioavailability in the water, to be 

greater at a higher pH (Fent, 1996; Fent & Looser, 1995; Tsuda et al., 1990). This 

supports the prediction based on speciation models that TBT speciation and 

availability in seawater is heavily dependent on pH. Tsuda et al. (1990) for 

example investigated the effects of pH on TBT accumulation in carp (Cyprinus 

carpio) over 14 days and found significant differences in whole body TBT 

concentrations between pH 7.8, 6.8 and 6.0, with concentrations decreasing as 

pH was decreased. As TBT accumulation was measured over time it can be seen 

that differences between the pH exposures existed throughout the study. By the 

time concentrations had plateaued, from around day 7-14, those carp which had 

been exposed to TBT in pH 7.8 water had approximately twice the whole body 

TBT concentration as those carp which had been exposed to TBT in water with 

a pH of 6.0. Fent and Looser (1995) investigated TBT uptake rates in the 

freshwater planktonic crustacean Daphnia magna and found that they were 

significantly higher at pH 8.0 than at pH 6.0 when investigating bioaccumulation 
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and bioavailability (Fent & Looser, 1995). It can be inferred from both of these 

studies that changes in TBT speciation will take place to some extent within an 

OA relevant range, despite the studies themselves looking at lower levels. 

Additionally, a reduced mortality rate was experienced at pH 6.0 than pH 8.0 in 

the study by Fent and Looser (1995), which raises the possibility that as ocean 

acidification progresses, causing a drop in ocean pH from 8.1 to around 7.7 by 

2100, the toxicity effects of TBT exposure may be reduced. As such, TBT may in 

future present a reduced threat to marine organisms. Very little other work has 

been done however on the combined effects of pH and TBT on organism health, 

especially not at 21
st
 Century OA relevant pH levels. This study is therefore novel, 

investigating an OA relevant pH range which has not been studied with TBT 

before. 

TBT was chosen for this study for several reasons. Firstly, it is still prevalent in 

most sediments. It is known to be very toxic and levels which have been detected 

in ports worldwide, including several in the UK. It is also another contaminant 

where the speciation is likely to change, but in the opposite direction to copper. 

Since studies to date have now shown that copper toxicity generally goes up, but 

not in line with speciation models, it is interesting to compare with a contaminant 

that should be less toxic as speciation changes drive the response. Here a simple 

factorial design was used to test the hypothesis that OA decreases the toxicity 

response to TBT of the mussel Mytilus edulis.   
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2.2 Materials and methods 

Adult specimens of Mytilus edulis were collected from the intertidal range off the 

beach at Starcross on the Exe Estuary, South Devon, UK, in the vicinity of 50.620, 

-3.446 (decimal degrees). Mussels were stored in controlled conditions at 15 °C 

in artificial seawater (©Tropic marine) with a salinity of ~34 ppt, a pH of 8.1NBS 

and experienced a photoperiod of 12:12. All pH measurements taken throughout 

the experiment used the NBS scale. Daily feeding was conducted through the 

addition of Isochrysis Instant Phyto (ZM Systems) concentrated algal solution 

from collection until the day before the experiment began. Feeding did not take 

place during the ten-day experimental exposure. 

The experiment consisted of four exposure treatments to expose the mussels to: 

1) current unpolluted conditions (pH ~8.1); 2) future OA conditions using the RCP 

8.5 scenario (pH ~7.7) (Ridley et al., 2014); 3) current conditions + TBT (at an 

environmentally relevant concentration of 500 ng l
-1

), and 4) future OA conditions 

+ TBT. Each system consisted of a 70 litre header tank, through which 

experimental conditions were controlled and adjusted, and ten 1 litre plastic 

replicate tanks housing the mussels. A pump in the header tank fed water through 

CO2-impermeable Tygon® R3603 tubing through a self-contained system into 

each replicate tank. A hole drilled high at the top of the front wall of each replicate 

tank allowed water to flow out and return to the header tank. As only one header 

tank was used per treatment the experimental design lacks true replication. This 

was however the most that could be achieved using the limited resources 

available for the experiment in terms of pH computers, CO2 cylinders, tubing and 

space. 

Exposures took place in a controlled environment (15 °C, 12:12 photoperiod) 

using continually aerated 1 µm filtered artificial seawater (34 ppt). Water changes 

took place approximately every 3 days to remove the build-up of waste products. 

OA conditions were achieved through the release of CO2 from a compressed 

cylinder directly into the header tank, controlled by pH computers (Aqua Medic, 

Bissendorf, Germany) and triggered when the header tank pH rose above 7.71. 

The pH of each system, and a random selection of mussel exposure tanks, was 

measured daily using a Metrohm 826 pH mobile pH probe and the pH computers 

adjusted accordingly. The salinity was measured and maintained at 
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approximately 34 ppt through the addition of deionised water as required to 

compensate for natural evaporation. Water temperature and pH measurements 

were recorded daily. Three Dissolved Inorganic Carbon (DIC) water samples 

were taken at the time of sampling from three randomly selected containers of 

each system in order to provide water chemistry data.  

The mussels were exposed to a TBT concentration of 500 ng l
-1

. This TBT 

concentration was chosen because it aligns the experiment with previous work 

on TBT at a level which has been shown to impact M. edulis, and because it is 

towards the upper limit of TBT concentrations found in contaminated areas (Fent, 

1996; Langston et al., 1987, 2015; Matthiessen & Gibbs, 1998). Ten milligrams 

of stock TBT solution was diluted in 45 ml of ethanol and 225 μl of the resulting 

solution added into the main tank of each experimental system, in the morning of 

the first day, in order to reach the desired TBT concentration. Ten mussels were 

added to each treatment immediately after the TBT solution was added to the 

systems.   

Sampling took place on the tenth day of the experiment. Mussels were opened 

by inserting a blade into the dorsal hinge and 1-2 ml of haemolymph was 

extracted from the adductor muscle using a 21 G needle fitted on a 1 ml syringe. 

The needle was removed to allow the haemolymph to clear the syringe quickly 

without risking cell damage and the contents ejected into 1.5 ml Eppendorf tubes. 

Haemolymph pH and temperature were recorded immediately at the room 

temperature of approximately 15 °C and three samples set aside from each 

mussel: two in 1.5 ml Eppendorf tubes and the final sample in capillary tubes. Of 

the two sets of Eppendorf tubes, one was put on ice to be used to prepare comet 

assay slides the same day and one snap frozen in liquid nitrogen to be stored in 

a freezer at -20 °C for use in oxidative stress assays. The capillary tubes were 

pushed into wax, twisted and pulled out in order to plug one end of the tube. 

Parafin oil was injected with a needle into the other end of the tube in order to 

prevent gas exchange. The capillary tubes for each mussel were labelled and 

stored on ice to be used for TCO2 analysis later that day. The mussels were 

immediately frozen in liquid nitrogen in order to preserve their physiological status 

at the moment of sampling, placed into labelled plastic bags and stored in a 

freezer at -20 °C.   
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Due to a mechanical failure which could not be resolved during the experimental 

phase of this project, it was not possible to analyse the seawater DIC samples 

taken. Instead an estimated control water pCO2 of 400 µatm was used to 

calculate an estimated alkalinity value for the water used for all four treatments 

in order to partially compensate for this lack of data. Together with the recordings 

of temperature, pH and salinity the estimated alkalinity value could be used to 

calculate the remaining water chemistry values in Table 2.1. 

2.2.1 Acid-base parameters 

Haemolymph pH recordings were taken immediately upon sampling at 15 °C 

using a Metrohm 826 pH probe and the CO2 present in a sample measured to 

give values for the partial pressure of CO2 (pCO2) and concentration of 

bicarbonate ([HCO3]). 50 ml of haemolymph was extracted from capillary tubes 

using a Hamilton syringe and analysed in a Corning 965 CO2 analyser to 

determine TCO2 (Corning Ltd., UK). In between samples a blank run, a standard 

run (50 µl of 10 M NaHCO3) and a second blank run were carried out to verify the 

calibration. Blank and standard run results were recorded along with sample 

measurements and input into a spreadsheet setup to compensate for drift 

experienced with the CO2 analyser. Acid-base parameters were calculated on an 

Excel spreadsheet using a modified version of the Henderson-Hasselbach 

equation, where pH and TCO2 values are measured from sample haemolymph, 

pK is the carbonic acid dissociation constant and αCO2 is the carbon dioxide 

solubility constant given by Truchot (Truchot, 1976). Though calculated for 

Carcinus meanus, these constants may be used across marine invertebrate 

species and are often used for M. edulis. DIC analysis was carried out using a 

customised system, following Friederich et al. (2002) (Friederich et al., 2002). 

2.2.2 Toxicity endpoints 

The level of DNA damage caused by metal pollutants can be measured using the 

comet assay, which quantifies the percentage of DNA as strand breaks, often 

caused by ROS, and outputs a value of tail intensity (Jha, 2008). Averaged over 

100+ haemocytes per replicate the value obtained is representative of the 

genotoxicity experienced by the mussel. The comet assay was performed using 

the methodology previously described by Lewis and Galloway (Lewis & Galloway, 

2009). Haemolymph samples to be used for the comet assay were stored in 



	

30 

	

1.5 ml Eppendorf tubes on ice and prepared within hours of sampling. Labelled 

glass slides, coated on one side with a layer of high melting point (HMP) agarose, 

were prepared the day before and stored in an oven at 30 °C overnight. A 1.5 ml 

Eppendorf tube for each sample was labelled and 200 µl of cell suspension 

added. These were centrifuged at 1000 rpm for 2.5 minutes and the supernatant 

removed. Having been microwaved until dissolved and left to cool until hand 

warm, 190 µl of low melting point (LMP) agarose, in Kenny’s salt solution (0.4 mM 

NaCl, 0.1 M EDTA, 10 µM Tris, pH 10), was added to each sample. 80 µl of the 

agarose and cell suspension was then pipetted on to each end of the slide, 

covered with a coverslip and refrigerated for 10 minutes at 4 °C. The coverslips 

were removed and the slides placed in 270 ml of lysis solution (2.5 M NaCl, 0.1 M 

EDTA, 10 µM Tris, pH 10) with 3 ml of Triton X-100 and 30 ml of DMSO for 1 

hour at 4 °C. The slides were then placed in an electrophoresis tank, covered 

with electrophoresis solution (0.3 M NaOH, 1 mM EDTA) for 40 minutes without 

current followed by a further 30 minutes with a 25 V current. Slides were removed, 

coverslips reapplied and all slides stored in neutralising buffer soaked tissue 

(0.4 M TRIS, pH 7.5) at 5 °C until analysed within a week.  

Slides were stained using 20 µl of SYBR® Safe DNA Gel Stain pipetted on to 

each gel sample square immediately prior to examination using fluorescence 

microscopy (excitation: 502 nm; emission: 530 nm). The comet tail intensities of 

100 randomly selected haemocytes per mussel were measured using the Comet 

Assay 4.2 software (Perceptive Instruments Ltd, Suffolk, UK), which 

automatically measures various aspects of a comet and outputs into a 

spreadsheet. The preferred unit of measurement among published studies is tail 

intensity, which is the percentage of DNA found in the tail of a haemocyte comet 

and represents the amount of DNA that has come loose from the haemocyte as 

a result of DNA strand breaks. When averaged between 100+ haemocytes a 

reliable mean DNA damage estimate for the mussel sample can be seen. 

Haemocyte DNA damage occurs naturally at a baseline level, but averaging the 

samples in a group provides a reliable measure of the impact of a treatment or 

exposure and any group which experiences DNA damage significantly higher 

than the control group strongly implies that the treatment the mussels were 

exposed to is causing notable extra DNA damage. 
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The Bradford assay was used to measure protein levels using two further assays. 

A thiobarbituric acid reactive substances (TBARS) assay was performed to 

determine lipid peroxidation by quantifying malondialdehyde (MDA) (Parry & 

Pipe, 2004). The quantity of MDA found indicates the level to which oxidative 

degradation of lipids is taking place, indicating cell damage. A higher MDA level 

therefore indicates that greater lipid peroxidation is taking place and that greater 

cell damage has occurred. The nitroblue tetrazolium (NBT) assay was performed 

to measure the activity of superoxide dismutase (SOD), an enzyme produced in 

response to oxidative damage (Camejo, G., Wallin, B. & Enojärvi, 1999). The 

SOD assay produces results in terms of spectrometer absorbance which, 

combined with a set of blanks, standards and the known amount of protein in 

each sample (from a Bradford assay), can ultimately be converted to give the 

amount of SOD per mg of protein. SOD is produced in response to oxidative 

stress so an increased amount of SOD found suggests that the organism has 

experienced greater levels of oxidative stress. The TBARs and SOD assays 

measure different outputs resulting from cells being exposed to oxidative stress 

and therefore complement each other. As such they tend to be used together and 

provide a more reliable picture of  the oxidative stress an organism is experience 

when used together. 

2.2.3 Statistical Analysis 

All data were assembled onto Microsoft Excel spreadsheets and statistical 

analyses performed using the SPSS software V23. A univariate General Linear 

Model (GLM) analysis was carried out to determine whether variation between 

the conditions was significant. Values from individual mussels were either 

associated or not with OA or TBT using a 0 or 1 in columns next to the mussel 

values to indicate the absence or presence of OA/TBT. The mussel values were 

the dependent variable and the OA and TBT values the fixed factors. 

Significances were observed using alpha levels of 0.05 or below. The p values 

found are recorded in Table 2.1. All graphs were produced using Microsoft Excel.  
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2.3 Results 
2.3.1 Water chemistry 
 

Table 2.1  The seawater carbonate chemistry values for the experimental treatments over the course of the exposures, ± standard error, are summarised 
below.  

Treatment Temperature 
(°C) 

pHNBS Salinity Nominal 
TBT 

(µM) 

TA  

(µmol/kg)† 

TCO2 
(µmol/kg)  

pCO2  

(µatm)† 

HCO3
- 

(µmol/kg)†  
CO3 

2- 

(µmol/kg)†  
ΩCa† ΩAr† 

8.1 14.2 

(± 0.0) 

8.11 

(± 0.01) 

34.1 

(± 0.1) 

0.1724 

 

2007.9 

 

1838.6 

(± 4.0) 

401.3 

(± 9.5) 

1703.5 

(± 5.9) 

119.7 

(± 2.3) 

2.9 

(± 0.1) 

1.8 

(± 0.1) 

7.7 14.7 

(± 0.0) 

7.70 

(± 0.02) 

33.7 

(± 0.1) 

0.1724  2007.9 

 

1970.9 

(± 4.5) 

1137.5 

(± 43.3) 

1876 

(± 4.6) 

52.2 

(± 1.8) 

1.3 

(± 0.1) 

0.9 

(± 0.1) 

8.1 + TBT 14.3 

(± 0.0) 

8.11 

(± 0.01) 

34.3 

(± 0.1) 

0 

 

2007.9 

 

1836.7 

(± 2.2) 

396.5 

(± 6.1) 

1699.4 

(± 3.3) 

121.2 

(± 1.3) 

2.9 

(± 0.1) 

1.9 

(± 0.1) 

7.7 + TBT 13.9 

(± 0.0) 

7.74 

(± 0.03) 

34.4 

(± 0.1) 

0 2007.9 1962 

(± 7.7) 

1044.3 

(± 61.2) 

1866 

(± 8.8) 

55.8 

(± 3.4) 

1.3 

(± 0.1) 

0.9 

(± 0.1) 



	

33 
	

 

 
Figure 2.1  Water pH readings taken from three randomly selected mussel containers for 
each exposure group over the days of exposure before sampling. A six-order polynomial 

trendline has been applied for each exposure group. 
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2.3.2 Acid-base parameters 
Following ten days’ exposure to the experimental conditions, mussel 

haemolymph pCO2 values were found to increase significantly under OA 

conditions (Figure 2.2). Haemolymph pCO2 values (mmHg) in the control 

conditions were 1.511 ± 0.156 at the control pH (8.1) and 2.304 ± 0.268 under 

OA conditions (pH 7.7). This was not significantly affected by exposure to TBT, 

with pCO2 values of 1.553 ± 0.083 at the control pH and 2.235 ± 0.387 under 

future OA conditions (two-way GLM model for OA: F1,38 = 8.175, P = 0.007; for 

TBT: F1,38 = 0.003, P = 0.960; interaction term F1,38 = 0.047, P = 0.830). 

Limited effects on haemolymph bicarbonate levels are observed as a result of 

exposure to TBT or an OA-TBT interaction (Figure 2.3) (two-way GLM model for 

TBT: F1,38 = 1.853, P = 0.182; interaction term F1,38 = 0.802, P = 0.377). While 

bicarbonate levels were slightly higher in the OA exposure group (2.113 ± 0.156) 

than in the control group (2.434 ± 0.138), this was not a significant effect. (two-

way GLM model for OA: F1,38 = 2.596, P = 0.116) 

As can be seen in Figure 2.4, OA significantly reduced coelomic fluid pH in 

mussels under both control conditions and TBT exposure. Under control 

conditions at seawater pH 8.1 a mean haemolymph pH value of 7.478 ± 0.027 

was found compared to at seawater pH 7.7 where a haemolymph pH value of 

7.377 ± 0.393 was observed. The presence of TBT did not significantly affect pH 

values and the results found were similar between sample groups at the same 

pH (Fig. 2.3, two-way GLM model for OA: F1,39 = 4.941, P = 0.033; for TBT: F1,39 

= 0.454, P = 0.505; interaction term F1,39 = 0.002, P = 0.964).  

These acid-base parameters can be plotted together in a Davenport Diagram 

(Figure 2.5). This shows a slight difference in the pH and bicarbonate values 

between the TBT exposed and control groups at pH 8.1, with the control group 

having slightly higher values for both pH and bicarbonate. A greater difference is 

seen between the pH 7.7 groups, with the non-TBT exposed group again 

providing greater pH and bicarbonate readings, this time to a larger degree.  
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Figure 3.2  Mussel haemolymph pCO2 results for each exposure condition. Exposure to a 
future OA pH of 7.7 had a significant effect on mussel haemolymph pCO2 levels (two-way 

GLM model for OA: F1,38 = 8.175, P = 0.007). Exposure to TBT did not have any 
noticeable effect. 

	

	

 

Figure 2.3  Mussel haemolymph HCO3
- results for each exposure condition. Exposure to 

a future OA pH of 7.7 had a noticeable but not statistically significant impact. Exposure 
to TBT caused a slight difference in HCO3

- under OA exposure.
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Figure 2.4  Mussel haemolymph pH results for each condition. Exposure to a future OA 
pH of 7.7 had a statistically significant effect on mussel haemolymph pH two-way GLM 

model for OA: F1,39 = 4.941, P = 0.033. Exposure to TBT did not have any noticeable 
effect. 

 

 

 
Figure 2.5  A Davenport diagram showing the effects of exposure conditions on mussel 

acid-base chemistry. Differing results are seen when mussels are exposed to TBT. 
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2.3.3 Toxicity endpoints 
Under ambient conditions (pH 8.1, no TBT) DNA damage measured as comet 

tail intensity was 7.011 ± 0.582 (Figure 2.6). OA conditions did not significantly 

affect the level of DNA damage (two-way GLM model for OA: F1,35 = 2.396, P = 

0.131). The presence of TBT had a significant effect on comet tail intensity, with 

a mean tail intensity at pH 8.1 of 8.908 ± 1.537 (two-way GLM model for TBT: 

F1,35 = 5.418, P = 0.026). The group exposed to both TBT and OA simultaneously 

experienced the greatest DNA damage with a mean tail intensity of 12.856 ± 

2.224, indicating that DNA damage was 45% higher under OA conditions, 

however there was no significant interaction term between the two stressors (two-

way GLM model interaction term F1,35 = 1.144, P = 0.293).  

OA was not found to impact SOD assay results (Figure 2.7), with only a minor 

and insignificant decrease experienced under OA conditions (two-way GLM 

model for OA: F1,38 = 0.274, P = 0.604). Exposure to TBT also had little impact 

on SOD assay results, which are lower than the control and OA exposure groups 

with a large standard error value (two-way GLM model for TBT: F1,38 = 0.714, P 

= 0.404). The group which was exposed to both OA and TBT had the largest 

value of SOD units at 0.194 ± 0.052 compared with the pH 8.1 + TBT group with 

the lowest value, 0.113 ± 0.044. This represents an increase of 72% as a result 

of OA exposure when TBT is present. SOD units were 40% higher in the group 

exposed to OA and TBT together than in the control group, but this result was not 

statistically significant (two-way GLM model interaction term F1,38 = 1.406, P = 

0.244).  

Minimal variation was found between groups in the TBARs assay results (Figure 

2.8) and neither TBT nor OA caused any significant effects (two-way GLM model 

for OA: F1,38 = 0.023, P = 0.881; for TBT: F1,38 = 0.317, P = 0.577). The group 

with the highest MDA value was the pH 7.7 + TBT group at 0.238 ± 0.028 

compared with the lowest group, pH 8.1 + TBT, at 0.190 ± 0.014. This represents 

a 25% increase upon exposure to OA conditions when already exposed to TBT, 

but only a 7% increase when compared to the control group. The interaction 

between OA and TBT was not found to be statistically significant (two-way GLM 

model interaction term F1,38 = 2.940, P = 0.095). 
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Table 2.2  General Linear Model significances. GLM tested for effects of the presence of 
(1) OA, (2) TBT or (3) OA + TBT. Significances were observed using alpha levels of 0.05 
or below. The p values found are recorded. Tests where p = <0.05 are highlighted green. 

General Linear Model Significances 

Condition pCO2 [HCO3
-]   Haem. pH 

% DNA 
damage SOD TBARS 

OA .008 0.116 0.033 0.131 0.604 0.881 
TBT .974 0.182 0.505 0.026 0.404 0.577 
OA * TBT .843 0.377 0.964 0.293 0.244 0.095 

 

 

 

 

 
Figure 2.6  % DNA damage results for each exposure condition. Exposure to TBT was 

found to have a statistically significant effect on the % of DNA damage found in mussels 
(two-way GLM model for TBT: F1,35 = 5.418, P = 0.026). OA alone had a small effect and 

exposure to OA and TBT together had a large effect when compared to the 8.1 + TBT 
group. 
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Figure 2.7  SOD results for each exposure condition. Exposure to OA conditions and TBT 

simultaneously was found to cause a large increase in SOD. 
 

 

 
Figure 2.8  TBARS results for each exposure condition. The group exposed to future OA 

conditions and TBT simultaneously were found to have the greatest amount of MDA 
present 
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2.4 Discussion 
These experiments have revealed that TBT exposure may induce DNA damage 

in mussels and this toxicity effect can be 45% higher when exposed under OA 

conditions (Figure 2.6). It is important to note that this result was not statistically 

significant, but it is noticeably different from the significant decrease in DNA 

damage expected under OA. The response witnessed is the opposite response 

to that predicted by speciation models, so the hypothesis is rejected (Fent & 

Looser, 1995; Inaba et al., 1995; Meador, 2000). These findings are similar to 

previous studies by Lewis et al. (2016) looking at copper and OA interactions in 

mussels, whereby DNA damage was also found to increase when mussels were 

exposed to both OA (pH 7.7) and copper (Lewis et al., 2016); and by Roberts et 

al. (2012), who found significantly increased toxicity to the amphipod Corophium 

volutator when pH is reduced in the presence of metal pollutant contaminated 

sediments (Roberts et al., 2012).  

The comet assay results indicate that greater DNA damage was experienced by 

the OA, TBT and OA+TBT groups than the control group (Figure 2.6), 

demonstrating that greater than normal DNA damage was experienced by the 

mussels to varying degrees based upon the exposure conditions. OA alone is 

found to not significantly impact DNA damage, concurring with previous studies 

(Campbell et al., 2014; Lewis et al., 2016; Roberts et al., 2012). TBT was found 

to be a statistically significant cause of DNA damage at a concentration of 500 

ng l-1 but interestingly mussels exposed to TBT under OA conditions experienced 

45% greater DNA damage than those in the ambient seawater, with those 

sampled after being exposed to TBT and pH 7.7 having an average of 12.9% 

DNA damage compared with 7.0% for the control group at pH 8.1. This goes 

against the speciation predictions that DNA damage resulting from TBT exposure 

would be reduced under OA conditions. The GLM analysis revealed no significant 

interaction term between OA and TBT, which is suggestive of an additive toxicity 

effect of the two stressors rather than a synergistic interaction, though this is 

impossible to confirm using only one TBT concentration. This result is similar to 

those of Roberts et al. (2012), who investigated a range of contaminants and 

determined that the effects of pH on metal speciation could not explain the 

toxicological interaction found (Roberts et al., 2012). They proposed that 

organism responses will be impacted more by the additive physiological effects 
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of OA and contaminants than by changes in metal speciation, which the results 

of this study support.  

The finding regarding toxicity conflicts with the previously discussed study on the 

freshwater planktonic crustacean D. magna, which found decreased mortality 

under TBT exposure at lower pH levels (pH 6.0) (Fent & Looser, 1995). This is 

one of very few studies looking at the impacts of TBT and OA together and a 

similar published study on mussels was not found. D. magna is very different from 

M. edulis both physically and behaviourally, which may be behind the differing 

results found. D. magna as a free-floating planktonic crustacean does not face 

periods of daily exposure and is likely far less capable of filtering large volumes 

of water compared to M. edulis, which could result in less TBT being taken up. It 

could be hypothesised that TBT affects D. magna less at lower pH levels, as the 

chemistry predicts, because of reduced speciation. These results on the other 

hand suggest that exposure to either OA or TBT is impacting M. edulis in another 

way. This could be physiological or behavioural and appears to lead to a negative 

effect which overwhelms the benefits of reduced speciation on overall toxicity. 

Supporting this is the results of the oxidative stress endpoints used (SOD and 

TBARS), which did not show a significant response under any of the treatments 

in this study. This result is similar to that in a study by Lewis et al. (2016), who 

also found no significant effect of OA on SOD/TBARS assays. Taken together 

this evidence suggests that TBT is not exerting oxidative stress directly. A 

common mechanism by which metal based contaminants exert genotoxicity is via 

the generation of reactive oxidative species (ROS) which directly damage DNA 

causing the strand breaks which the comet assay then quantifies. The SOD and 

TBARS assay results however show that this is not the case with the pH 8.1 + 

TBT group displaying lower levels of SOD and MDA than the control group. This 

indicates that TBT is instead causing genotoxicity via an alternative pathway. It 

has previously been suggested that TBT exerts toxicity by uncoupling ATP 

synthesis from oxygen uptake (Snoeij et al., 1987). This would explain some of 

the effects caused by TBT, particularly on metabolic rate, but does not fully 

explain the dramatic increase in DNA damage witnessed. It may be that several 

pathways exist through which TBT can exert toxicity, which may be affected by 

future changes in pH and temperature in different ways.  
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The experimental data for the mussels’ acid-base chemistry agrees with and is 

similar to other previously published studies such as Booth et al. (1984), who 

showed that elevated seawater pCO2 causes haemolymph pCO2 to rise and pH 

to fall (Booth et al., 1984). This study also agrees that mussels have little, if any, 

ability to acid-base regulate through active processes by exchanging ions with 

the ambient seawater, instead relying on the buffering properties of their 

haemolymph and shell to partially compensate for the reduction in haemolymph 

pH (Booth et al., 1984; Lewis et al., 2016; Melzner et al., 2009; Wittmann & 

Pörtner, 2013). In this study when seawater pCO2 was increased, resulting in a 

reduction of environmental pH from 8.1 to 7.7, the mussels entered a state of 

hypercapnic acidosis, demonstrated in Figure 2.2 by a clear and significant 

increase in haemolymph pCO2 with a corresponding decrease in haemolymph 

pH (Figure 2.4). If the mussels were actively acid-base regulating, bicarbonate 

(HCO3
-) concentrations would be expected to increase significantly in line with 

pCO2, but the minimal variation of bicarbonate levels witnessed shows that this 

is not the case (Figure 2.3) (Thomsen & Melzner, 2010). This is similar to recent 

work by Lewis et al. (2016), who found in a similar study to this that bicarbonate 

levels changed less than either haemolymph pCO2 or pH when exposed to OA 

(Lewis et al., 2016).  

The Davenport diagram is a tool which allows the effects of physiological changes 

on acid-base chemistry to be demonstrated visually in three dimensions, with the 

axes showing bicarbonate concentration, pH and pCO2.  In this instance it shows 

some clear differences in acid-base physiology upon the addition of TBT which 

aren’t visible or significant when haemolymph pH, pCO2 or bicarbonate are 

viewed in isolation. A trend of reduced bicarbonate buffering ability can be seen, 

indicated by a lower bicarbonate concentration, under TBT exposures. In the 

absence of TBT when pH is reduced the concentration of bicarbonate increases 

by approximately 0.35, whereas in the presence of TBT bicarbonate 

concentration increases much less, by approximately 0.1. These results suggest 

the interesting possibility that the presence of TBT is inhibiting an increase in 

bicarbonate concentration in response to increased levels of haemolymph pCO2. 

Previous studies with copper have found that the greatest increase in pCO2 

occurs when mussels are exposed to both OA and copper, rather than just OA 

alone (Lewis et al., 2016). A possible explanation given by Lewis et al (2016) is 
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that mussels may be increasing their ventilation rate as a behavioural response 

to acidosis, as increased mussel gaping in response to lowered pH levels has 

previously been reported (Bamber, 1990).  

Studies looking at the impact of OA on the genotoxicity of other metals are 

currently limited, but when comparing the results of this study to those that exist, 

some interesting trends can be found. The overwhelming tendency seems to be 

for greater genotoxicity to be experienced when marine organisms are exposed 

to metal pollutants and OA together. The study by Roberts et al. (2012) in which 

sediments contaminated with a range of pollutants together, representing a more 

realistic scenario than studying individual metals, showed significantly increased 

DNA damage experienced by C. volutator when seawater pCO2 was 750 µatm 

(~pH 7.7). In their study DNA damage amongst the samples exposed to OA and 

the reference sediment was approximately 8-12%, whereas the contaminated 

sediment resulted in DNA damage of 16-24%, an increase not dissimilar to that 

found in this study. Studies by Lewis et al. (2012, 2016) and Campbell et al. 

(2014) have demonstrated increased genotoxicity when copper is exposed to OA 

conditions in P. lamarckii larvae as well as adult M. edulis, Paracentrotus lividus 

and Arenicola marina (Campbell et al., 2014; Lewis et al., 2012, 2016).  

Lewis et al. (2016) hypothesised that changes in mussel ventilation rate occur 

as a behavioural mechanism to reduce acidosis under reduced seawater pH 

conditions. This may explain the counter intuitive results observed here, as by 

ventilating more to reduce acidosis, the mussels are filtering a greater volume of 

water and therefore taking up more TBT. Significantly increased mussel gaping 

in response to reduced seawater pH levels has been reported at pH levels of 

6.6 and below, but it is possible that it occurs a sufficient extent at OA relevant 

pH levels, in the range of pH 7.7 – 7.4, to have an impact on TBT uptake 

(Bamber, 1990). This may be enough to more than compensate for the 

reduction in TBT bioavailability in the water due to speciation changes and 

could explain the increased toxicity witnessed with both TBT and Cu at reduced 

pH levels. Mussels have however been shown to close their shells in response 

to the presence of metal pollutants in the water (Fdil et al., 2006). These studies 

suggest that mussels potentially face a conflict between increasing gaping to 

reduce acidosis and reducing gaping to reduce the amount of metal pollutants 
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taken up. As the more immediate physiological threat acidosis could be 

expected to take priority, with pollutant uptake increasing as a result.  

It is possible that the fact that the mussels were taken from the intertidal yet 

kept in a fully subtidal system may have had an effect on this study but it is not 

expected that the results found were impacted affected by this. Every effort was 

made to ensure consistency in the study, with the only variables between the 

groups being narrowed down to pH and the presence of TBT. It would not have 

been practical to emulate an intertidal system for the mussels and would have 

needlessly complicated the experiment, posing a risk to the integrity of the 

results. 
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2.5 Conclusion 
These data lead us to reject the hypothesis that “mussels exposed to a 

combination of TBT and OA will experience less DNA damage than those 

exposed to TBT alone” as the evidence indicates that this is not the case. On the 

contrary, mussels experience greater TBT-induced DNA damage under future 

OA conditions than under current conditions. This goes against the predictions 

based on the chemical speciation of TBT under pH changes and so suggests that 

other factors, such as physiology or behaviour, are involved in determining the 

toxicity responses of OA exposed mussels.  
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3 Does ocean acidification impact shell gaping 
behaviour in Mytilus edulis? 
3.1 Introduction 
Shell gaping is a natural behaviour of bivalves, such as Mytilus edulis, whereby 

they open or shut their shells to varying degrees in response to a range of 

external and internal stimuli in addition to undergoing natural rhythmical periods 

of open and closed shell activity (García-March et al., 2008). Shell gaping is 

closely linked to important physiological processes, such as metabolism, 

respiration and feeding, as the shell must be open to allow water to be filtered for 

food particles and pass over the gills to enable gas transfer (Bayne, 1998; 

Markich et al., 2000; Riisgård, 2001). Closing their shells allows bivalves to 

defend themselves effectively from external threats, such as predation or 

desiccation at low tide or pollution. Bivalve shell closing behaviour is sensitive, 

with bivalves closing in response to touch and even sudden changes in light, such 

as a shadow, causing shell closure in presumed anticipation of a threat (García-

March et al., 2008). Laboratory conditions have been found to alter their natural 

behaviour (Williams & Pilditch, 1997), with most studies on bivalve gaping 

behaviour so far involving the use of sensors, magnets or other items of 

equipment attached on to the mussel shells (García-March et al., 2008). Given 

how sensitive bivalve shell behaviour can be even the presence of these 

instruments may impact their frequency of closing or gaping behaviour. Opening 

of the gape has been witnessed to coincide with food pulses (Higgins, 1980; 

Williams & Pilditch, 1997) and bivalves held in constant conditions in the 

laboratory have been shown to not exhibit the same synchronisation of 

movements as those monitored in situ (Ortmann & Grieshaber, 2003). Other 

observations include differences in daily rhythms of valve opening and changes 

in oxygen consumption in laboratory experiments (Englund & Heino, 1996; Kim 

et al., 2003). Additionally they have been found to alter their shell activity in 

response to the presence of toxins in the water (El-Shenawy, 2004).  

Bivalve gills are highly developed organs with a primary function of food filtration 

rather than gas exchange (Jørgensen, 1990), suggesting that the energetic 

needs of the individual take precedence in dictating gaping behaviour. This 

suggests that differences may be observed between groups of mussels which 



	

47 
	

have been starved or fed in the days prior to the experiment. Many mussels living 

in the inter-tidal zone face hours of emersion each day, during which they close 

their shells. With little to no gas exchange taking place, the haemolymph pCO2 

will rise and pO2 drop as the mussels continue to metabolise. The same can be 

expected to take place when mussels close their shells fully in response to a 

threat when immersed.  

It is thought that the need to gape for gas exchange in mussels occurs in 

response to lowered levels of oxygen in the haemolymph (Bayne, 1971), and 

mussels have been shown to increase their ventilatory flow when exposed to low 

oxygen conditions (Taylor & Brand, 1975). Much of this work however was not 

focused on the driver for mussel gaping, and more recent experiments have 

provided contradictory results. In an experiment on M. edulis, most mussels were 

found to remain closed most of the time under lowered oxygen concentration 

conditions and pH was not found to have an effect (Jakubowska & Normant, 

2014). Some mussels however were found to behave very differently to the others 

in the same experiment, remaining open and increasing their pumping activity. 

As such these results do not provide a clear answer. That most mussels remained 

closed most of the time suggests that an attempt was being made to keep out the 

anoxic water, whereas the mussels which remained open and increased their 

pumping activity suggest an attempt to compensate for reduced oxygen uptake 

due to the anoxic water through an increased ventilation rate. Another recent 

study found that filtration rates were not affected by elevated seawater pCO2, 

instead remaining at the control levels (Thomsen & Melzner, 2010), though again 

this was not the focus of the study. On the other hand, anecdotal evidence of 

increased gaping under OA conditions has been referred to but to date this has 

not been quantified. This might be expected since mussels have a minimal ability 

to acid-base balance and need to flush out the CO2 built up as a metabolic by-

product.  

If mussel gaping does increase under OA conditions this would offer a possible 

explanation for the unexpected results in Chapter 2, whereby TBT proved to be 

more toxic under OA conditions despite being predicted to be more prevalent in 

the water. These results suggest that a behavioural or physiological response of 

the mussel to OA is driving the toxicity rather than the chemical speciation of TBT. 
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The previous work of Lewis et al. (2016) showed similar responses of mussels to 

copper under OA but also found that mussels under elevated seawater pCO2 did 

not show a similar increase in coelomic fluid pCO2, suggesting the existence of a 

behavioural response to remove the excess pCO2 and prevent it from 

accumulating within the mussel (Lewis et al., 2016). Increased gaping was 

suggested as a potential explanation. Mussels have also been shown to respond 

to pollutants by spending less time open, presumably as a protective measure to 

minimise the amount of pollutant taken up (Fdil et al., 2006). It has also been 

suggested that depressing metabolism can be used as a measure to reduce 

metal transport (Pascal et al., 2010). All of this suggests that exposure to a 

pollutant in an OA environment would place two conflicting demands on the 

mussel. Increasing gaping would reduce the problem of acidosis, whereas 

reducing gaping and slowing metabolism would minimise the amount of pollutant 

taken up. As the more immediate threat it could be expected that the mussel 

would take action to reduce acidosis at the expense of taking up more of the 

pollutant, thereby increasing the effective toxicity of the pollutant. This would 

explain how TBT was found to be more genotoxic under OA conditions, despite 

being less prevalent in the water as a result of reduced speciation due to the 

lower pH level. Metabolic depression would also seem to address both the issue 

of high pCO2 and metal pollutants to some extent, by reducing the amount of 

metabolic CO2 produced, reducing the amount of water needed to pass over the 

gills to satisfy its physiological requirements to remove CO2/take up O2, and 

slowing the passage of metal pollutant particles through the mussel.  

It would be interesting if gaping rate is impacted by water pCO2, either 

independently from or along with pO2, as this is not currently thought to be the 

case. Global ocean pCO2 and pO2 levels are both expected to change 

significantly as a result of anthropogenic climate change and a resulting increase 

in pollutant toxicity would further stress the animal. To understand this further, 

here the hypothesis that mussel gaping will be greater under experimental OA is 

tested. 
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3.2 Materials and methods 

Adult specimens of Mytilus edulis were collected from the intertidal range off the 

beach at Starcross on the Exe Estuary, South Devon, UK, in the vicinity of 50.620, 

-3.446 (decimal degrees). Mussels were cleaned, all attached barnacles were 

removed and they were left to sit in controlled conditions at 15 °C in artificial 

seawater (©Tropic marine) for a period of 24 hours to depurate. Three holding 

tanks were set up at pHNBS levels 8.1, 7.7 and 7.4 with a salinity of ~34 ppt. All 

pH measurements taken throughout the experiment used the NBS scale. The 

mussels experienced a photoperiod of 12:12 throughout. Those mussels to be 

tested at each pH were stored in their respective tank up until the experiment for 

their group began. All mussels had a period of at least a week to acclimate to the 

pH they would be tested at. Daily feeding was conducted through the addition of 

Isochrysis Instant Phyto (ZM Systems) concentrated algal solution from collection 

until the day before the experiment began. Feeding did not take place during the 

experimental exposure. Those mussels to be measured as fed were fed daily up 

until but not including the day of the experiment. Those mussels to be measured 

as starved had not been fed for three full days before the experiment. 

Conditions for the three mussel holding tanks and the experimental tank were 

controlled in the same way as in the first experiment (Chapter 2). Each system 

consisted of a 70 litre header tank, through which experimental conditions were 

controlled and adjusted. A pump in the header tank fed water through CO2-

impermeable Tygon® R3603 tubing into the holding tanks which sat above. The 

water then overflowed down another tube and back into the header tank. OA 

conditions were achieved through the release of CO2 from a compressed cylinder 

directly into the header tank, controlled by pH computers (Aqua Medic, 

Bissendorf, Germany) and triggered when the header tank pH rose above 7.71. 

The pH of each system, and a random selection of mussel exposure tanks, was 

measured daily using a Metrohm 826 pH mobile pH probe and the pH computers 

adjusted accordingly. The salinity was measured and maintained at 

approximately 34 ppt through the addition of DI water as required to compensate 

for natural evaporation. Water temperature and pH measurements were recorded 

daily. Dissolved Inorganic Carbon (DIC) water samples were from each system 

throughout the holding and exposure period in order to provide water chemistry 

data.  
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The video recordings were taken over a period of approximately ten hours and 

nine mussels from the same condition group were tested each time. A recording 

for fed and starved was made for each pH level. The recording system was set 

up similarly to the holding systems. Water was pumped from the header tank 

where the pH was controlled directly into 9 small clear plastic containers. The first 

five were placed on an upside down tray which elevated them out of the water, 

and the water level controlled to not build any higher than the tray. The containers 

sat on a thin sheet of plastic with small plastic cut-outs glued on to the front. The 

front of the tray sat on this, raising it up slightly and ensuring that as water built 

up it overflowed down the rear of the container so as not to obstruct the view of 

the mussel inside. A sheet of plastic was placed on top of these containers and 

had holes drilled above each container to allow the water tube in and hold it in 

place. The remaining four containers were placed upon this sheet, tilted slightly 

as before and with another sheet of plastic place on top to hold the water tubes 

in place. Once it had overflowed out of the mussel containers, the water pooled 

in the bottom of the tank and flowed back down to the header tank. 

All recordings were made with a GoPro HD Hero 4 Silver (GoPro Inc., California, 

US). A large capacity portable battery was used to allow the camera to record for 

the required length of time (approx. ten hours) without potentially compromising 

the experiment by changing batteries, the movement of which may have altered 

the mussels’ behaviour. The time lapse mode was used, whereby one frame of 

video was captured every 0.5 seconds at a resolution of 3840 x 2160 (4K). This 

time setting was found to be sensitive enough to capture any mussel gaping 

movements whilst keeping the video file size at a reasonable level. The very high 

resolution allowed for 9 mussels to be recorded at one time, whilst also being 

able to zoom in for a clear view of just one mussel to assess its state of openness. 

The GoPro camera was placed on top of a container to align it with the mussel 

containers for the best view. In order to prevent the mussels from turning or 

moving out of site of the camera, Velcro pads were glued on to one side of the 

mussel. This allowed the mussels to be easily attached to wooden sticks which 

were attached to the container by a peg.  

A plastic shield was created which could be placed on top of the tank and 

prevented shadows caused by people moving in the laboratory from affecting the 
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mussels’ behaviour. Video analysis began 30 minutes after filming started so that 

the mussels will have returned to their normal behaviour after the disruption of 

being moved to their individual containers. Results were then recorded over ten 

hours following this adjustment period. A recording of wideness was taken from 

a still image of each mussel every five minutes for ten hours, after the 30 minutes 

of settling time. Strict criteria were adhered to in order to keep the results as 

consistent as possible. Results were recorded by zooming in to individual 

mussels during paused video playback and judging their degree of wideness 

against a set criteria based on how much of the siphon was visible and how large 

the gap was between siphons on each side of the shell. Mussels were 

categorised as being either closed, narrowly open, open wide or open very wide 

based on a visual assessment of how wide the mussels were open and what 

internal components were visible. To classify as narrow for example, the two shell 

halves would be clearly open but there would not be a visible gap in the mussel’s 

soft tissue. At wide a clear gap would be visible so that the mussel’s interior can 

be seen. At very wide there would be a large gap visible, with the mussel open 

to its maximum. A wideness score was applied for comparison between the fed 

and starved groups. Recordings were scored so that each recorded as very wide 

gave 3 points, wide gave 2 points, narrowly open 1 point and closed 0 points. 

This gave a wideness score for each mussel which took into account both how 

wide the mussels had been open and how long they had been open for, 

presented as a unit. This score could be averaged amongst all the mussels in a 

group, compared with the other groups and statistically analysed. 

Due to a mechanical failure which could not be resolved during the experimental 

phase of this project, it was not possible to analyse the seawater DIC samples 

taken. Instead an estimated control water pCO2 of 400 µatm was used to 

calculate an estimated alkalinity value for the water used for all four treatment s 

in order to partially compensate for this lack of data. Together with the recordings 

of temperature, pH and salinity the estimated alkalinity value could be used to 

calculate the remaining water chemistry values in Tables 3.1 and 3.2. 

All data were collated onto Microsoft Excel spreadsheets and statistical analyses 

performed using the SPSS software V23. A one-way Analysis of Variance 

(ANOVA) was carried out to determine whether variation between three pH 
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exposures was significant. The fed and starved mussel results were treated as 

two separate datasets during data analysis. Statistical analysis was carried out 

using both the number of each type of mussel openness and using the wideness 

scores to give two different sets of data. Significances were observed using alpha 

levels of 0.05 or below. All graphs were produced using Microsoft Excel. 
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3.3 Results 
3.3.1 Water chemistry 
 

Table 3.1  The seawater carbonate chemistry values for the mussel storage tanks, ± standard error, are summarised below. 

Treatment Temperature 
(°C) 

pHNBS Salinity TA  

(µmol/kg)† 

TCO2 
(µmol/kg)  

pCO2  

(µatm)† 

HCO3
- 

(µmol/kg)†  
CO3 

2- 

(µmol/kg)†  
ΩCa† ΩAr† 

7.4  

 

12.8 

(± 0.3) 

7.39 

(± 0.01) 

34.2 

(± 0.2) 

2077.2 

 

2136.3 

(± 4.2) 

2449.3 

(± 67.3) 

2012.2 

(± 2.0) 

25.7 

(± 0.8) 

0.62 

(± 0.02) 

0.39 

(± 0.01) 

7.7  

 

13.0 

(± 0.3) 

7.69 

(± 0.01) 

34.2 

(± 0.2) 

2077.2 

 

2047.8 

(± 3.25) 

1188.5 

(± 29.5) 

1950 

(± 3.4) 

50.2 

(± 1.3) 

1.20 

(± 0.03) 

0.77 

(± 0.02) 

8.1  

 

13.3 

(± 0.3) 

8.12 

(± 0.08) 

34.1 

(± 0.2) 

2077.2 1898 

(± 33.7) 

445.1 

(± 90.8) 

1751 

(± 49.8) 

129.2 

(± 19.8) 

3.10 

(± 0.48) 

1.98 

(± 0.30) 

 

Table 3.2  The seawater carbonate chemistry values for the test tank during each recording are summarised below. This is a single tank 
exposure so standard error values are not available.  

Treatment Temperature 
(°C) 

pHNBS Salinity TA  

(µmol/kg)† 

TCO2 
(µmol/kg)  

pCO2  

(µatm)† 

HCO3
- 

(µmol/kg)†  
CO3 

2- 

(µmol/kg)†  
ΩCa† ΩAr† 

7.4 starved 13.2 7.44 35.2 2077.2 2116.2 2156.4 2001.3 29.9 0.71 0.46 

7.7 starved 13.2 7.71 35.2 2077.2 2038.4 1122.7 1940.2 54.0 1.28 0.82 

8.1 starved 13.2 7.97 35.4 2077.2 1955.9 584.2 1839.3 93.6 2.22 1.42 

7.4 fed 12.8 7.44 33.3 2077.2 2122.4 2179.2 2006.4 28.1 0.68 0.43 

7.7 fed 14.2 7.72 33.7 2077.2 2037.0 1120.5 1939.0 54.8 1.32 0.84 

8.1 fed 14.9 7.89 33.5 2077.2 1984.0 740.1 1876.2 79.9 1.92 1.23 
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3.3.2 Starved mussels 
Under ambient pH conditions mussels were found at all gaping levels, with 25% 

classed as ‘very wide’ (very wide 25%, wide 24%, narrow 31%, closed 19%). 

There were far fewer samples from the pH 8.1 group recorded as being open 

wide and more recordings found to be open narrowly or closed than either of the 

OA groups.  

The pH 7.7 group had a far greater percentage of recordings categorised as open 

wide than any other group and fewer than half the percentage of closed 

recordings as the pH 8.1 group (very wide 7%, wide 71%, narrow 14%, closed 

8%).In the pH 7.4 treatment a higher percentage of the mussels were classed as 

open very wide and also had the most recordings open very wide or wide. It also 

had far fewer closed recordings than of the two higher pH groups (very wide 36%, 

wide 44%, narrow 17%, closed 3%). Statistical analysis revealed that pH had a 

significant effect on how many mussels were open wide amongst the starved 

mussels (one-way ANOVA between groups starved, very wide: F2,24 = 2.35, P = 

0.119; wide: F2,24 = 6.568, P = 0.006, narrow: F2,24 = 0.747, P = 0.486, closed: 

F2,24 = 1.418, P = 0.264). 

 
Figure 3.1  The percentages of samples from each starved exposure group judged as 

being very wide, wide, narrow or closed. The majority of the OA exposure group samples 
were either very wide or wide, whereas the control group’s samples were spread more 

evenly. 
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3.3.3 Fed mussels 
The pH 8.1 group was open wide or very wide the majority of the time but had 

the highest percentage of very wide, narrow and closed recordings as well as the 

lowest percentage wide recordings (fed: very wide 38%, wide 43%, narrow 15%, 

closed 4%). Despite having the most very wide recordings it had the least total 

wide recordings once the wide and very wide percentages are combined. 

The pH 7.7 group was mostly open wide and was open either wide or very wide 

94% of the time, more than either the pH 8.1 or pH 7.4 groups (fed: very wide 

26%, wide 68%, narrow 3%, closed 3%). It had the least number of narrow 

recordings. 

The pH 7.4 group was open wide the most as well as being closed and very wide 

the least of the groups (fed: very wide 9%, wide 78%, narrow 10%, closed 2%). 

Overall it was wide or very wide 87% of the time. Statistical analysis using a one-

way ANOVA revealed no significant effect was found on how many mussels were 

in each of the categories (one-way ANOVA between groups fed, very wide: F2,24 

= 1.345, P = 0.281; wide: F2,24 = 2.329, P = 0.121, narrow: F2,24 = 1.337, P = 

0.283, closed: F2,24 = 0.185, P = 0.833). 

 

 
Figure 3.2  The percentage of samples from each fed exposure group judged as being 

very wide, wide, narrow or closed.  The majority of samples for all three exposure 
conditions were either wide or very wide.  
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3.3.4 Wideness scores 
When wideness scores are combined for each pH level different trends are visible 

between the fed and starved mussels. An increase in wideness score can be 

seen amongst the starved mussels as pH decreases (Figure 3.3). Amongst the 

fed mussels however the lowest pH level (7.4) had the lowest wideness score, 

while the pH 7.7 and control groups had very similar scores. When presented in 

a line chart two different slopes can be seen, with the wideness score for the 

starved mussels increasing as pH decreases while the score for the fed mussels 

decreases but at a lower rate (Figure 3.4).  
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Figure 3.3  The mean wideness scores for each exposure condition having been either 

starved or fed in the three days prior to sampling. The score decreases as pH increases 
amongst starved mussels but no such result is seen in the fed mussels. 

 
Figure 3.4  Showing how wideness changes with pH for both fed and starved mussels. 
Contrasting results can be seen, as increasing pH leads to a slight trend of being open 

more widely for fed mussels, whereas the opposite is experienced with starved mussels. 
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3.4 Discussion 
The data collected here suggests that Mytilus edulis shows increased gaping 

behaviour under OA conditions in the absence of food, suggesting a physiological 

requirement for increased ventilation under OA conditions. Interestingly, 

however, this effect disappears when there is food present. Starvation is thought 

to affect mussel gaping behaviour and the primary function of the gills is thought 

to be for securing food rather than gas transfer (Jørgensen, 1990), so mussels 

were tested having either been starved or fed for the previous three days. This 

led to clear differences in the percentage of samples and wideness scores found. 

It has been suggested by some authors that remaining open is thought to be 

energetically costly to the mussels, as the gills are extremely densely populated 

by cilia, and when closed the cilia are thought to cease beating (Riisgård & 

Larsen, 2000).  

It has been questioned why a bivalve would isolate itself from a potential supply 

of food and a potential explanation found in a study on the Asian Clam Corbicula 

fluminea, which has been noted to synchronise opening with times when food is 

normally plentiful and close when it is not through a circadian rhythm (Ortmann & 

Grieshaber, 2003). The results found do not indicate that this kind of behaviour 

is occurring in M. edulis across all pH levels, but it is interesting to note that fed 

mussels were on average open more than starved mussels at pH 8.1 with this 

difference decreasing as pH is lowered. A possible explanation is that fed 

mussels are open more than starved mussels at pH 8.1, agreeing with the 

literature, but the increased build-up of pCO2 at the lower pH levels leads to 

starved mussels spending more time open to respire despite the loss of energy 

savings. The hypothesis that mussels would gape more under OA therefore holds 

under conditions of starvation. 

Interestingly the patterns observed show that mussels which have been starved 

are open more than those which have been fed at lower pH levels. It might be 

expected that starved mussels would open more to maximise the chances of 

filtering any food available in the water, but this would not explain the changes 

with pH. It may be that as the fed mussels do not have as much need to shut to 

save energy, the effect of reduced pH is much less noticeable. This effect could 

be demonstrated in figure 3.4, where there is a greater difference in gaping 
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between starved and fed mussels at pH 8.1, but this difference decreases until it 

essentially ceases by pH 7.4. A new hypothesis could be therefore that well fed 

mussels would be more susceptible to TBT in the water than starved mussels, as 

they will be open more, but this difference will decrease as the pH is reduced and 

the starved mussels open as much as the fed mussels. Another consideration is 

that mussels are vulnerable to predation when open, so the pH 8.1 starved group 

may be open less than any of the fed groups as there is no benefit to being open 

(no food available) while there is an increased risk (of predation). It could also be 

predicted that in the presence of a predator different patterns would be seen 

amongst the fed mussels, whereby instead of each pH level group being open 

roughly the same amount, the mussels would attempt to be closed as much as 

possible. Their physiological need to open would therefore prompt the mussels 

at lower pH levels to open more than those at higher levels. This would be an 

interesting area for further research, especially in conjunction with OA and 

pollutant exposure. 

TBT speciation has been shown to be influenced by pH, decreasing as pH is 

reduced, and as such would be expected to decrease in toxicity under future OA 

conditions (pH 7.7) (Laughlin, 1986; Meador, 2000). The results in Chapter 2 

however showed that this is not the case, going against what would be expected 

based purely on the chemistry and suggesting that changes in mussel physiology 

or behaviour at reduced pH levels may be behind the unexpected results. It was 

found that mussels at lower pH levels will generally be open wider and for longer 

than those at lower pH levels, reflecting increased ventilation. This could be 

expected to result in the mussels taking up more of the TBT in the water over 

time. TBT bioaccumulation measurements were not carried out due to the costs 

of the chemistry but would have helped to explain this result. The only result that 

was found to be statistically significant was that pH had an impact on the 

percentage of samples that were open wide, though the pattern suggests that 

perhaps more significant results could be found with larger sample sizes. 

The interaction of TBT with mussel gaping would also be an interesting area for 

further study, especially as TBT has been found to cause a steady increase in 

the rate of respiration with increasing concentrations of TBT in M. edulis 

(Widdows & Page, 1993) as well as previous studies having found that mussels 
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close their shells upon detecting pollutants in the water (Fdil et al., 2006). The 

relationship between TBT and respiration rate may be due to the inhibition of 

mitochondria energy production caused by TBT forcing the organism to increase 

its oxygen uptake. As a result, increased ventilation would be expected in those 

mussels which were exposed to TBT, but this would be complicated by the 

competing urge to close in response to the pollutant’s presence. 
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3.5 Conclusion 
These data showed that Mytilus edulis increases gaping behaviour under OA 

conditions in mussels which had been starved for three days before sampling, 

but not in those which had been fed. This provides a possible explanation for the 

results found in Chapter 2 and suggests that CO2 may be the driver behind 

mussel respiration. 
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4 How does OA impact Mytilus edulis physiology 
during tidal cycles? 
4.1 Introduction 
In the previous chapter it was established that Mytilus edulis shows increased 

gaping behaviour under OA conditions in the absence of food, suggesting a 

physiological requirement for increased ventilation under OA conditions. As OA 

causes a higher seawater pCO2 but doesn’t change the levels of O2 it suggests 

that it may be CO2 that drives the need to open, rather than O2 as previously 

thought. To further test this idea both CO2 and O2 were measured to see if O2 

also changes under OA conditions. 

M. edulis are intertidal animals so have to cope daily with periods of immersion 

and emersion over the tidal cycle, during which those residing in the intertidal 

zone may be exposed to the air for up to six hours. This presents a physiological 

challenge for the mussel as it continues to metabolise, consuming oxygen and 

producing CO2. A build-up of CO2 pushes up the haemolymph pCO2 which in turn 

reduces haemolymph pH and causes acidosis (Thomsen & Melzner, 2010). To 

further establish the extent to which reduced pH levels impact mussel gaping 

behaviour it is important to know whether the physiological driver behind mussel 

gaping is CO2, O2, or a combination of the two. This can be investigated by air 

exposing the mussels for a six-hour period to simulate the tide being out and re-

immersing them to simulate the tide coming back in, thereby gathering data on 

mussel physiological responses for the full tidal cycle. If mussel haemolymph 

pCO2 differs between the exposure pH levels over the course of the experiment 

while O2 does not it would suggest that CO2 drives respiration. Taken with the 

findings from Chapter 3 this would suggest that seawater with a higher pCO2 due 

to OA causes increased mussel gaping and therefore an increased uptake of 

pollutants such as TBT.  

Mytilus edulis has been shown to employ three complementary mechanisms to 

cope with the effects of air exposure: (1) a significant reduction in metabolic 

demands to 5% of that in normoxic water; (2) a switch to anaerobic respiration; 

and (3) the use of intermittent air breathing (Demers et al., 1994). Immediately 

upon being exposed to the air a mussel will contract its large posterior adductor 

muscle, shutting and sealing its shell. The sea water trapped inside allows limited 
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respiration to continue while the mussel is protected from desiccation and 

predation. Several physiological changes have been found to begin when a 

mussel closes its shell valves: the haemolymph and extrapallial fluid experience 

a gradual fall in pH and pO2 drops rapidly, while metabolism shifts towards being 

totally anaerobic. Booth et al. (1984) demonstrated, by air exposing mussels and 

conducting a standard rearrangement of the Henderson-Hasselbalch equation 

with mussel haemolymph pH and TCO2 samples, that mussels can partially 

compensate for the drop in haemolymph pH through the mobilisation of CaCO3 

reserves thereby increasing the concentration of haemolymph HCO3
- (Booth et 

al., 1984). This mobilisation of CaCO3 reserves is thought to come from the shell 

(Lindinger et al., 1984) and has been shown to be capable of fully compensating 

for the increase in pCO2, by buffering the haemolymph pH, at least down to water 

pH levels of 7.3 (Michaelidis et al., 2005).  

By performing this experiment, the lowest pH levels that mussel haemolymph will 

reach during the tidal cycle under OA conditions can be measured. There are 

indications that mussels will be able to adapt to some extent - mussels which 

have acclimated to the inter-tidal zone have been shown to be more tolerant of 

air exposure and Demers et al. (1994) demonstrated how both the air-tolerance 

and the metabolic means by which the mussels cope with exposure can be 

modified by acclimatisation (Demers et al., 1994). This suggests that the mussels 

may be able to adapt relatively quickly without requiring genetic adaptations to 

evolve.  

Here two hypotheses were tested to investigate whether previous exposure to 

OA influences the acid-base parameters in mussels during emersion: 1) previous 

exposure to OA will influence acid-base status during emersion in the mussel and 

2) haemolymph pCO2 will differ between ambient and OA treatments but O2 will 

not. 
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4.2 Materials and methods 

Adult specimens of Mytilus edulis were collected from the intertidal range off the 

beach at Starcross on the Exe Estuary, South Devon, UK, in the vicinity of 50.620, 

-3.446 (decimal degrees). The mussels were cleaned, all attached barnacles 

were removed and they were left to sit in controlled conditions at 15 °C in artificial 

seawater (©Tropic marine) for a period of 24 hours to depurate. Three holding 

tanks were set up at pHNBS levels 8.1, 7.7 and 7.4 with a salinity of ~34 ppt. All 

pH measurements taken throughout the experiment used the NBS scale. The 

mussels experienced a photoperiod of 12:12 throughout. The mussels were 

acclimated at a  pH of 8.1, 7.7 or 7.4 for 24 hours prior to the start of the 

experiment. The mussels were removed from the water to simulate tidal emersion 

at T0 and recordings taken at every hour from T0. At T6/R0 (recovery) the 

mussels were returned to the same pH water and samples were taken 

continuously from ten minutes after immersion to 60 minutes/R1 and then 120 

minutes/R2.  

In order to expose the mussels to the required pH levels three systems were set 

up. Mussels were exposed to current conditions (pH ~8.1), future OA conditions 

using the RCP 8.5 scenario (pH ~7.7) (Ridley et al., 2014), and long term future 

OA conditions (~7.4). A 70 litre header tank was used to control and adjust the 

experimental conditions and the mussels were housed in a flooded 50 litre 

storage tank. A pump in the header tank fed water through CO2-impermeable 

Tygon® R3603 tubing into the mussel storage tank. An overflow system allowed 

water to flow out of the storage tank and return to the header tank. Exposures 

took place in a controlled environment (15 °C, 12:12 photoperiod) using 

continually aerated 1 micron filtered artificial seawater (34 ppt). OA conditions 

were achieved through the release of CO2 from a compressed cylinder directly 

into the header tank, controlled by pH computers (Aqua Medic, Bissendorf, 

Germany) and triggered when the header tank pH rose above 7.71.  

Mussels were opened for sampling by inserting a blade into the dorsal hinge and 

1-2 ml of haemolymph was extracted from the adductor muscle using a 21 G 

needle fitted on a 1 ml syringe. The needle was removed to allow the 

haemolymph to clear the syringe quickly without risking cell damage and the 

contents ejected into 1.5 ml Eppendorf tubes. Haemolymph pH, temperature and 
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O2 concentration were recorded immediately at the room temperature of 

approximately 15 °C and three samples set aside from each mussel: two in 1.5 ml 

Eppendorf tubes and the final sample in capillary tubes. Mussel shell size was 

also recorded at the time of sampling. Of the two sets of Eppendorf tubes, one 

was put on ice to be used to prepare comet assay slides the same day and one 

snap frozen in liquid nitrogen to be stored in a freezer at -20 °C for use in oxidative 

stress assays. The capillary tubes were pushed into wax, twisted and pulled out 

in order to plug one end of the tube. Parafin oil was injected with a needle into 

the other end of the tube in order to prevent gas exchange. The capillary tubes 

for each mussel were labelled and stored on ice to be used for TCO2 analysis 

later that day. The mussels were immediately frozen in liquid nitrogen in order to 

preserve their physiological status at the moment of sampling, placed into 

labelled plastic bags and stored in a freezer at -20 °C. 

Haemolymph pH recordings were taken immediately upon sampling at 15 °C 

using a Metrohm 826 pH probe and the CO2 present in a sample measured to 

give values for the partial pressure of CO2 (pCO2) and concentration of 

bicarbonate ([HCO3]). 50 ml of haemolymph was extracted from capillary tubes 

using a Hamilton syringe and analysed in a Corning 965 CO2 analyser to 

determine TCO2 (Corning Ltd., UK). In between samples a blank run, a standard 

run (50 µl of 10 M NaHCO3) and a second blank run were carried out to verify the 

calibration. Blank and standard run results were recorded along with sample 

measurements and input into a spreadsheet setup to compensate for drift 

experienced with the CO2 analyser. Acid-base parameters were calculated on an 

Excel spreadsheet using a modified version of the Henderson-Hasselbach 

equation, where pH and TCO2 values are measured from sample haemolymph, 

pK is the carbonic acid dissociation constant and αCO2 is the carbon dioxide 

solubility constant given by Truchot (Truchot, 1976). Though calculated for 

Carcinus meanus, these constants may be used across marine invertebrate 

species and are often used for M. edulis. DIC analysis was carried out using a 

customised system, following Friederich et al. (2002) (Friederich et al., 2002). 

Due to a mechanical failure which could not be resolved during the experimental 

phase of this project, it was not possible to analyse the seawater DIC samples 

taken. An estimated control water pCO2 of 400 µatm was used to calculate an 
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estimated alkalinity value for the water used for all four treatments in order to 

partially compensate for this lack of data. Together with the recordings of 

temperature, pH and salinity the estimated alkalinity value could be used to 

calculate the remaining water chemistry values in Table 4.1. 

All data were assembled onto Microsoft Excel spreadsheets. In order to attain 

reliable start values the values from ten mussels were taken immediately after 

removing them from the water and averaged giving one more reliable start value 

for each exposure pH. Statistical analyses were performed using the SPSS 

software V23. A one-way Analysis of Variance (ANOVA) was carried out to 

determine whether variation between the conditions was significant. 

Significances were observed using alpha levels of 0.05 or below. 



	

67 
	

4.3 Results 
 

Table 4.1  The seawater carbonate chemistry values for the experimental treatments, just before the mussels were removed from the water, 
are summarised below. As each treatment was a single tank exposure, standard error values are not available. 

Treatment Temperature 
(°C) 

pHNBS Salinity TA  

(µmol/kg)† 

TCO2 
(µmol/kg)  

pCO2  

(µatm)† 

HCO3
- 

(µmol/kg)†  
CO3 

2- 

(µmol/kg)†  
ΩCa† ΩAr† 

8.24 13.0 8.24 34.1 2835.9 2558.9 400 2331.1 211.8 5.07 3.24 

7.76 12.8 7.76 33.7 2835.9 2781.6 1369.7 2647.7 78.9 1.89 1.21 

7.50 12.9 7.50 34.3 2835.9 2876.1 2567.8 2728.3 45.1 1.08 0.69 
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The results, when plotted for each mussel individually over the time period, show 

a clear difference between those exposed to control conditions (pH 8.26) and 

those exposed to water with an increased pCO2 (pH 7.76/7.50) in terms of both 

haemolymph pH and pCO2. Applying a 6 order polynomial trendline shows that 

mussels from all three groups follow the same pattern when removed from the 

water and when recovering, with their haemolymph pH steadily decreasing until 

they are placed back into the water whereupon it sharply increases (Figure 4.1). 

The rate of pH decrease is much slower than the rate of recovery for each group, 

with the starting pH being returned to in under an hour. There is a clear gap 

between the trendlines for pH 8.26 and pH 7.76, with the pH 8.26 trendline 

remaining above the pH 7.76 trendline at all times as the pH levels of the mussels 

analysed were on average higher. Interestingly there is very little difference 

between the results for pH 7.76 and 7.50, with the trendlines mostly matching 

and crossing over each other. The pH 8.26 group begins at pH 7.73, 0.53 below 

the exposure water pH. The pH 7.76 group results begin at pH 7.40, 0.36 below 

the exposure water pH, while the 7.50 group begin at 7.34, just 0.16 below the 

exposure water pH.  

The difference between groups is greater in the haemolymph pCO2 results, where 

a clear distinction can be seen (Figure 4.3). The pH 8.26 and 7.50 trendlines 

follow very similar patterns but with the pH 7.50 trendline approximately double 

the 8.26 trendline at all times. The pH 7.76 trendline however follows a very 

different pattern, getting close to both the 8.26 and 7.50 trendlines at points during 

the emersion. The results for all three groups follow the same pattern of 

increasing pCO2 up until the 6-hour mark, whereupon they were re-immersed and 

the pCO2 drops. As with pH, the pCO2 values reach their pre-emersion starting 

values in under an hour. 

The haemolymph bicarbonate concentration results appear affected by pH to 

some extent, with the lowest pH level showing the highest results (Figure 4.5). 

The six-order polynomial trendline is noticeably higher for the pH 7.50 group while 

the pH 8.24 and 7.76 group results are at a similar level to each other. The 

trendlines for the pH 8.24 and 7.50 groups follow a similar pattern while the pH 

7.76 group’s trendline differs.  
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The haemolymph oxygen concentration results do not appear to be affected by 

pH, with each group giving very similar results (Figure 4.7). The oxygen 

concentration can be seen to start high before very rapidly dropping when the 

mussels were emersed and remaining at about the same level until sharply rising 

upon re-immersion. Both the drop to low levels and the recovery back to normal 

levels occur in under an hour.  

Averaging the mussel physiology data sets for the emersion and recovery periods 

brings out significant differences between the groups. A clear and highly 

significant difference in the mean pH levels can be seen between the control 

group (pH 8.1) and those exposed to OA conditions (7.76) during both the 

emersion and recovery periods (Figure 4.2) (one-way ANOVA between groups, 

emersion: F1,62 = 11.469, P = 0.001; recovery: F1,41 = 12.423, P = 0.001). The 

control group experienced a mean pH of 7.23 over the six-hour emersion 

compared with 7.10 for the pH 7.76 group. During the recovery the mean pH for 

the control group was 7.49 compared with 7.27 for the pH 7.76 group. Those 

mussels exposed to further OA (pH 7.50) did not have significantly different 

haemolymph pH levels than the pH 7.76 exposure mussels during the emersion 

or recovery periods (one-way ANOVA between groups, emersion: F1,62 = 0.18, P 

= 0.673; recovery: F1,41 = 0.373, P = 0.545). The mean pH levels for the pH 7.50 

group were 7.09 during emersion and 7.25 during recovery, a difference when 

compared to the pH 7.76 results of only 0.01 and 0.02. 

When comparing pCO2 values there were significant differences between the 

control group and the pH 7.76 group during both the emersion and recovery 

periods (Figure 4.4) (one-way ANOVA between groups, emersion: F1,58 = 6.568, 

P = 0.013; recovery: F1,39 = 7.538, P = 0.009). The pCO2 values for the pH 7.50 

group were significantly different from the pH 7.76 group during the emersion 

period but not during the recovery (one-way ANOVA between groups, emersion: 

F1,60 = 6.624, P = 0.013; recovery: F1,38 = 2.476, P = 0.124). 

No significant differences were found between the bicarbonate concentrations of 

the mussels in the pH 8.24 or 7.76 groups during the emersion or recovery 

phases (Figure 4.6) (one-way ANOVA between groups, emersion: F1,58 = 0.76, P 

= 0.387; recovery: F1,39 = 0.038, P = 0.846). A significant difference was found 

between the pH 7.76 and the 7.50 groups during the emersion period and a 
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similar, though not significant, difference can be seen in the recovery period (one-

way ANOVA between groups, emersion: F1,60 = 10.237, P = 0.002; recovery: F1,38 

= 3.432, P = 0.072). 

The oxygen concentration results do not appear to be affected by the pH 

exposure level and no significant differences were found between the groups. 

During the emersion period the mean oxygen concentrations were much lower 

(~40) than during the recovery period (~95). 
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Figure 4.1  Mussel haemolymph pH over the six hour emersion and subsequent recovery with a six-order polynomial trendline applied. The mussel 
haemolymph pH for those mussels exposed to seawater with a pH of 8.24 can be seen to be noticeably higher at all times than for those mussels 

exposed to seawater with a pH of either 7.76 or 7.50. The results for these two OA exposures are very similar. 



	

72 
	

 
Figure 4.2  Average values of mussel haemolymph pH at each seawater pH level during the periods of emersion and recovery. Exposure to OA 

conditions (7.76) was found to cause a significant drop in haemolymph pH during both emersion and recovery (one-way ANOVA between groups, 
emersion: F1,62 = 11.469, P = 0.001; recovery: F1,41 = 12.423, P = 0.001). Exposure to further OA (pH 7.50 vs pH 7.76) was found to have little effect. 
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Figure 4.3  Mussel haemolymph pCO2 over the six-hour emersion and subsequent recovery with a six-order polynomial trendline applied. There is a clear 

difference between the pCO2 values found for each exposure pH level, with the highest pCO2 values found for the mussels exposed to seawater at pH 
7.50 and the lowest for those exposed to seawater at pH 8.24. 
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Figure 4.4  Average values of mussel haemolymph pCO2 at each seawater pH level during the periods of emersion and recovery. Exposure to OA 
conditions (pH 7.76) had a significant impact on pCO2 levels during both the emersion and recovery periods (one-way ANOVA between groups, 

emersion: F1,58 = 6.568, P = 0.013; recovery: F1,39 = 7.538, P = 0.009). Exposure to further levels of OA (pH 7.50 vs 7.76) was also found to have a 
significant impact on pCO2 (one-way ANOVA between groups, emersion: F1,60 = 6.624, P = 0.013; recovery: F1,38 = 2.476, P = 0.124). 
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Figure 4.5  Mussel haemolymph HCO3

- over the six-hour emersion and subsequent recovery with a six-order polynomial trendline applied. The mussels 
which were exposed to seawater with a pH of 7.50 had noticeably higher HCO3

- results than those exposed to seawater pH levels of either 7.76 or 8.24. 
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Figure 4.6  Average values of mussel haemolymph HCO3

- at each seawater pH level during the periods of emersion and recovery. Exposure to a seawater 
pH of 7.76 had a minor impact on haemolymph HCO3

- in both the emersion and recovery periods, whereas exposure to a seawater pH level of 7.50 led to 
a large and significant difference (one-way ANOVA between groups, emersion: F1,60 = 10.237, P = 0.002; recovery: F1,38 = 3.432, P = 0.072). 
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Figure 4.7  Mussel haemolymph O2 over the six-hour emersion and subsequent recovery with a six-order polynomial trendline applied. Broadly similar 

results are seen between the three different seawater exposure pH levels, but the pH 8.24 group’s oxygen level dropped at a slower rate on average than 
the other two groups. 
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Figure 4.8  Average values of mussel haemolymph O2 at each seawater pH level during the periods of emersion and recovery. A clear difference is visible 

between the averages during the emersion and recovery periods. Reducing exposure pH level leads to a slight reduction in haemolymph O2 during 
emersion. No trend is visible during recovery.



	

79 
	

4.4 Discussion 
The key point from the data gathered is that haemolymph pCO2 differs between 

the different seawater pH treatments while oxygen does not, supporting the 

hypothesis that mussel pCO2 levels will differ between seawater pH treatments 

over the course of a simulated tidal cycle and providing evidence that CO2 may 

be the driver behind mussel respiration rather than O2.  

The data shows that mussels under ambient conditions show acidosis when 

emersed, recovering when re-immersed. This simulates what mussels in the 

inter-tidal zone routinely experience with the tides and therefore demonstrates 

that mussels routinely experience and recover from acidosis. The level of 

acidosis experienced was found to be greater when mussels have been 

subjected to OA conditions prior to emersion starting. Interestingly a bicarbonate 

buffering response was measured in this experiment in the pH 7.5 treatment, 

which is not observed at pH 7.76. This suggests that there is a tipping point at 

which the mussel actively starts buffering so that the haemolymph pH in the pH 

7.5 treatment is approximately the same as in the pH 7.76 treatment. This 

bicarbonate response seems to begin after approximately four hours of emersion 

when haemolymph pH reaches 7.0, suggesting this is a physiological tipping 

point. The mussels at the ambient seawater pH of 8.1 never reach this level of 

acidosis, so OA is pushing mussels to their physiological limits during low tide. 

Acidosis has been shown, in a range of marine organisms including M edulis, to 

lead to a significant reduction in protein synthesis, metabolic suppression, 

respiratory stress and death (Seibel & Walsh, 2003). In M. edulis the observed 

compensation of haemolymph pH by shell bicarbonate is likely to slow down 

growth and weaken the shell (Michaelidis et al., 2005). A reduced growth of soft 

body tissue was also witnessed by Michaelidis et al. (2005) in hypercapnic 

mussels, which may suggest a combination of energy being diverted from growth 

to reduce the impacts of acidosis and the reduction of protein synthesis inhibiting 

growth.  

The oxygen concentration results demonstrate that OA has no influence on the 

haemolymph oxygen levels of mussels during either immersion or emersion. That 

increased gaping was seen under OA in Chapter 3 and O2 has been shown not 

to change implies that the gaping response must be driven by CO2 and not O2. 
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This is paradigm shifting as it has long been thought that O2 is the driver behind 

mussel respiration (Bayne, 1971; Taylor & Brand, 1975). These previous studies 

were looking at the effects of hypoxia on respiratory rate rather than investigating 

the respiratory driver and did not study acidosis or haemolymph pCO2 and O2 

levels simultaneously. This finding supports the explanation for the unexpected 

increase in TBT toxicity found in Chapter 2 that OA, through the role of CO2 in 

mussel gaping, causes increased gaping and therefore increased TBT take-up 

and toxicity. 

The data in this chapter raises several further questions beyond its effect on 

respiration, particularly for the very similar pH levels demonstrated by both OA 

groups. Firstly, as this experiment was only performed over a day and the 

mussels had been fed in the previous days, what is the long term sustainability 

of the maintained pH level (especially for the pH 7.50 group) and to what extent 

is it dependent on a sufficient food supply? Would we see different results if the 

mussels had spent longer at their respective pH levels before the experiment? 

To what level can mussels compensate for a reduced pH to? Answering these 

questions would provide a much clearer picture of how mussel physiology may 

be impacted as the oceans acidify and to what extent, under what conditions, 

they are able to manage before maintaining their pH becomes unsustainable. 
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4.5 Conclusion 
The data found in this experiment supports both hypotheses that 1) previous 

exposure to OA will influence acid-base status during emersion in the mussel and 

2) haemolymph pCO2 will differ between ambient and OA treatments but not O2 

will not. These findings providing significant evidence for the idea that mussel 

respiration is driven by CO2, rather than O2 as previously thought. This in turn 

supports the evidence found in Chapter 3 that mussels gape more at lower pH 

levels and providing an explanation for the unexpected increased TBT toxicity 

found in Chapter 2.   
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5 Discussion 
This work indicates that Mytilus edulis may be more vulnerable to pollutants at 

OA relevant pH levels. This is possibly due to increased mussel gaping, driven 

by the need to reduce haemolymph pCO2 levels, causing the mussel to filter more 

water. As a consequence the mussels exposed to TBT in OA conditions can be 

predicted to take on more TBT. An increased uptake of TBT would be expected 

to lead to increased genotoxicity being experienced and outweigh any benefit 

from reduced speciation in OA water. The next step to verify and further 

understand these results would be to measure the simple uptake of TBT into the 

mussel, which, due to the costs of the chemistry, was not possible for this small 

project. 

This study first set out to establish what impacts OA at pH 7.7, a level suitable for 

the 21st Century, would have on the susceptibility of Mytilus edulis mussels to the 

pollutant TBT and found unexpected results based on speciation chemistry. The 

anti-fouling agent and metal pollutant tributyltin, which has been gradually 

banned around the world in the last few decades but remains a threat to marine 

organisms, was expected to exhibit reduced genotoxicity under OA because 

experiments have shown and speciation models predict it to reduce in 

bioavailability as seawater pH decreases (Fent, 1996; Fent & Looser, 1995; 

Tsuda et al., 1990).  

Rather than their toxicity response decreasing as expected based on the 

speciation chemistry, DNA damage was found instead to be 45% higher when 

exposed to TBT under OA conditions. Though not a statistically significant result, 

it is noticeable that no significant reduction in DNA damage was found. This 

shows that TBT genotoxicity had either increased or stayed the same under OA, 

despite an expected reduction in speciation and thus reduced TBT bioavailability 

in the water. When taken together the toxicity endpoint assays (comet assay, 

SOD, TBARS) suggest that TBT is not exerting oxidative stress on the mussels, 

indicating that TBT’s mechanism of toxicity must be via an alternative pathway 

rather than a result of reactive oxidative species. Given that the toxicity response 

of the mussel did not follow the pollutant speciation change under OA, an 

alternative mechanism must be driving this altered toxicity. TBT has been thought 

to exhibit toxicity primarily by acting to uncouple ATP synthesis from oxygen 
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uptake, which it achieves by binding to and inactivating proton translocating 

ATPases in the mitochondrial membrane (Snoeij et al., 1987). This study 

supports this mechanism but it is not clear how it causes increased DNA damage.   

A similar study by Lewis et al. (2016) found differences in copper toxicity under 

OA conditions between M. edulis and the urchin Paracentrotus lividus, with M. 

edulis showing a greater response (Lewis et al., 2016). They hypothesised that 

mussel gaping activity may be directly affected by OA and this in turn may result 

in more metal ions entering the mussel, leading to increased toxicity. Increased 

ventilation in response to OA in mussels, which would not be possible to the same 

extent in urchins, would explain this difference. Mussel gaping responses were 

therefore investigated in this study to establish whether the behaviour is 

influenced by increases in seawater pCO2, which would suggest that mussel 

respiration is driven by haemolymph pCO2 rather than O2 as previously thought 

(Bayne, 1971; Taylor & Brand, 1975), as well as aiding in more general 

predictions of toxicity responses under OA. 

Taking video recordings of groups of 9 mussels at a resolution of 4K (3840 x 

2160) over a period of ten hours allowed their gaping states to be observed and 

measured at three pH levels: 1) a control at pH 8.1; 2) a 2100 predicted OA 

seawater pH 7.7; and 3) a further OA seawater pH 7.4. Shell gaping is closely 

linked to important physiological processes, such as metabolism, respiration and 

feeding, but little work has been done on the impacts of OA on gaping behaviour 

(Bayne, 1998; Markich et al., 2000; Riisgård, 2001). 

It was found upon analysis that mussels which had been starved for three days 

prior to the experiment taking place spent more time open and were open wider 

at lower pH levels. These results lend support to the hypothesis that the increased 

toxicity found in the results by Lewis et al. (2016) and in Chapter 2 of this study 

were a consequence of increased gaping meaning that mussels are passing 

more water over their gills and then taking up more of the contaminant. 

Bioaccumulation measurements of the amount of contaminant in the mussels 

would have further enabled this to be determined but was not done due to the 

costs involved. These results raise further questions regarding other aspects of 

mussel gaping which would be worth investigating. For example, if the urge to 

gape is increased with reduced seawater pH while starved, what impact would 
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the presence of a predator, such as a crab, have on mussel behaviour? Would 

the mussel risk being open more in the presence of a predator, sacrificing safety, 

to satisfy its physiological needs as a result of OA? This is an example of a new, 

complex, area of research stemming from this work on multiple stressors and 

further such questions would be expected to arise from other behavioural and 

physiological changes as more species and stressors are tested. 

To further support the hypothesis that CO2 was the driver for mussel respiration, 

rather than O2, the effects of a tidal cycle on mussel physiology were investigated. 

Groups of mussels acclimatised to one of three pH levels: 1) a control pH 8.21; 

2) OA at pH 7.76; and 3) further OA at pH 7.50 were emersed for a period of six 

hours and re-immersed with haemolymph samples taken at regular relevant 

intervals. The most important result found was that mussel haemolymph pCO2 

samples were distinctly different between each exposure condition pH at all times 

during both the emersion and re-immersion periods whilst the O2 results were 

very similar. This result ties up the results of the previous experiments by 

indicating that the hypothesis that CO2 is the driver for mussel respiration is 

correct and providing further evidence to support the hypothesis that OA causes 

increased mussel gaping due to the role of CO2 in respiration, in turn causing 

more water to be filtered by the mussel and increasing pollutant uptake. If this is 

the case this effect could be predicted to occur with any pollutant regardless of 

speciation chemistry, so a further test to confirm these findings would be to repeat 

the experiment in Chapter 2 with a range of other pollutants with differing effects 

of OA on their speciation. 

Another interesting and potentially important result to come from this experiment 

was that, despite the clear differences in haemolymph pCO2 between the three 

exposure groups, pH readings were near-identical for the two OA groups (pH 

7.76 and 7.50). This effect had not been visible in the experiment in Chapter 2 

which had only looked at the control pH (8.1) and an OA pH (7.7). This finding 

can be explained by the haemolymph bicarbonate data, which indicates a large 

and significant increase in the pH 7.50 group whereas the control and pH 7.76 

groups had similar readings. This suggests that the mussels exposed to pH 7.50 

water are successfully acid-base balancing throughout the emersion period with 

the effect that their haemolymph pH does not drop, as would be expected if acid-
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base balancing was not taking place, below the level found in the pH 7.76 

exposure group. It indicates as well that a physiological tipping point exists, where 

the mussel makes an active effort to significantly increase bicarbonate 

concentrations when haemolymph pH drops somewhere below that found in the 

pH 7.76 group. It should be noted that the effects of emersion, resulting in a drop 

in haemolymph pH over time, mean that bicarbonate increases will be triggered 

sooner than if the water pH was just lowered without emersion taking place. 

These findings suggest that mussel acid-base balance compensation is more 

capable than previously thought and would be worth investigating at lower pH 

levels to identify the point at which mussels are no longer able to maintain their 

haemolymph pH, at around the level of the pH 7.76 exposure group. 

It is important to note with these results that, due to the cost of the chemistry and 

the small size of this project, TBT uptake measurements were not taken. 

Measuring TBT uptake by the mussel at a range of pH levels would therefore be 

another step that needs to be pursued to fully understand and verify the results 

of this study. That toxins cause changes in mussel gaping behaviour is another 

area to pursue for a better understanding. Previous results have shown that 

mussels will reduce their gaping behaviour to limiting the amount of a toxin taken 

up in contaminated waters (El-Shenawy, 2004), which would clearly conflict with 

a need to gape more in lower pH waters. For a full understanding it would be 

beneficial to research this conflict. 

Overall this study has shown that OA affects mussel physiology through causing 

changes in their acid-base status, which leads them to be open more. This study 

focused on just one pollutant but the effects shown are likely to affect both the 

uptake of any pollutant in the water and as well as other aspects of mussel 

ecology, such as predator responses. OA studies have tended to look at OA as 

a stressor, hence are missing how these subtle effects on physiology have the 

potential to influence mussel responses to other stressors like pollution or 

predator-prey interactions. This was discussed by Riebesell and Gattuso (2015) 

who highlighted a need for OA research, which has until recently focused on 

single stressors and single organisms, to expand towards studying the impacts 

of double and multiple stressors on communities and ecosystems (Riebesell & 

Gattuso, 2015). 
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Taking the bigger picture into consideration, this study has shown that organism 

responses can be more important than metal speciation in determining the 

combined impacts of OA and metal toxicity, at least with TBT. Lewis et al. found 

the same with copper, indicating that this is not an isolated result. As such the 

key question to be addressed by future studies is does metal speciation matter 

with regard to metal toxicity under OA, or do organism responses to OA have a 

far greater impact? The role of speciation is not currently clear and different 

metals and chemicals are affected by OA in different ways. New chemicals are 

being created all the time and cannot all be tested to see how OA affects them, 

so understanding species responses is important.   

If species responses are primarily responsible for any changes in toxicity with 

OA, it is important to understand how else these response changes may affect 

them. For example, if changing ocean pH does cause a significant increase in 

mussel gaping, or increases the amount of seawater filtered by other animals, it 

may result in the animals suffering from greater exposure to micro-plastics, 

affecting not only the animal which takes up the micro-plastics but also those 

which feed on them throughout the ecosystem. There may also be considerations 

for the aquaculture industry, at least at open water sites where metal pollutants 

and micro-plastics can reach the species being cultured. In this case aquaculture 

managers may be interested in how the individual species being cultured respond 

to OA, or other climate change related changes such as reduced water oxygen 

levels and increased temperatures, and whether this can make them more 

vulnerable to pollutants which may affect their quality.  

This study has shown the benefits of studying double stressors and how single 

stressors may be misrepresentative of the real situation, possibly missing 

important physiological and behavioural changes. The relatively little amount of 

work available on OA and multiple stressors highlights the relative infancy of the 

field, but the need has been shown for increasingly complex studies to be carried 

out on a range of organisms with a realistic range of simultaneous stressors. This 

increased breadth and complexity will play a vital role in enabling accurate 

predictions of the effects OA will have on marine species in a complex changing 

world.  
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