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Capturing ecology in modelling approaches applied to environmental risk 43 

assessment of endocrine disrupting chemicals in fish  44 

 45 

Abstract 46 

Endocrine disrupting chemicals (EDCs) are widespread in freshwater environments and both laboratory 47 

and field based studies have shown reproductive effects in fish including for  environmentally relevant 48 

exposures. Environmental risk assessment (ERA) seeks to protect wildlife populations and prospective 49 

assessments rely on extrapolation from individual-level effects established for laboratory fish species 50 

to populations of wild fish using arbitrary safety factors. Population susceptibility to chemical effects, 51 

however, depends on exposure risk, physiological susceptibility, and population resilience - each of 52 

which can differ widely between fish species. Population models have significant potential to address 53 

these shortfalls and to include individual variability relating to life-history traits, demographic and 54 

density-dependent vital rates, and behaviors which arise from inter-organism and organism-55 

environment interactions. Confidence in population models is growing  and recently this has resulted 56 

in the EU Commission stating that results derived from reliable models may be considered when 57 

assessing the relevance of adverse effects of EDCs at the population level (European Commission 58 

2016).  This review critically assesses the potential risks posed by EDCs for fish populations, considers 59 

the ecological factors influencing these risks and explores the benefits and challenges of applying 60 

population modelling (including individual-based modelling) in ERA for EDCs in fish. We conclude 61 

that population modelling offers a way forward for incorporating greater environmental relevance in 62 

assessing the risks of EDCs for fishes and for identifying key risk factors through sensitivity analysis. 63 

Individual-based models (IBMs) allow for the incorporation of physiological and behavioral endpoints 64 

relevant to EDC exposure effects, thus enabling capturing both direct and indirect population-level 65 

effects.  66 

Keywords: environmental risk assessment; endocrine disrupting chemicals; population 67 

sensitivity; population resilience; life-history strategy; density dependence; population models; 68 

individual-based models 69 
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1. Introduction 76 

EDCs represent a class of chemicals with the potential to alter functions of the endocrine 77 

system, consequently causing adverse health effects in an intact organism, its progeny, or (sub) 78 

populations (Bergman et al. 2012). Entry of EDCs into freshwater environments may occur via 79 

point source discharges of domestic or industrial effluents and/or from diffuse land run off 80 

from roads and agriculture, and are of increasing environmental concern due to widespread 81 

reports of effects on wildlife, including fish (Guillette Jr et al. 1995; Jobling et al. 1998; 82 

Matthiessen & Gibbs 1998; Berg et al. 2016). Reproductive effects in fish resulting from EDC 83 

exposure have been reported widely, and they include physiological alterations in gonads 84 

resulting in intersex (presence of both male and female structures within the same gonad 85 

(Jobling et al. 1998; Tetreault et al. 2011; Jobling et al. 2002)), alterations in reproductive 86 

behavior (Weis & Weis 1974; Mathers et al. 1985; Brown et al. 1987; Saglio & Trijasse 1998; 87 

Bell 2004) and/or reproductive output (Ankley et al. 2003; Nash et al. 2004; Paulos et al. 2010), 88 

each of which can impair individual reproductive success (Jobling et al. 2002; Harris et al. 89 

2011; Tyler et al. 2012; Hamilton et al. 2015). However, it is less clear how these individual 90 

effects may impact the sustainability of fish populations in the wild. Studies on one fish species, 91 

the roach (Rutilus rutilus), in English rivers have shown widespread feminization in males due 92 

to exposure to natural and synthetic estrogens from wastewater treatment works (WwTW) 93 

effluent (Jobling et al. 1998; Jobling et al. 2002), but a genetic  analysis of populations of wild 94 

roach exposed to WwTW effluent in a UK river catchment indicated no effect on size of the 95 

effective breeding populations in those rivers, i.e. they were self-sustaining (Hamilton et al. 96 

2014).  97 

Nevertheless, given that physiological effects seen, such as intersex, are considered to 98 

be adverse, that they can be induced following controlled exposure to individual EDCs, and 99 

the effects of multiple EDCs can, in some instances, be additive (Thorpe et al. 2001; 100 
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Kortenkamp 2007; Backhaus & Faust 2012) it is possible that EDCs may impact at the 101 

population level in some fish species. 102 

Current approaches for the environmental risk assessment (ERA) of chemicals, 103 

including EDCs, lack certainty for protecting wildlife populations, because of differences in 104 

species sensitivity, natural variability in population numbers over time, differences in density 105 

dependent regulation, and difficulty in defining adverse (unsustainable) population-level 106 

effects (Hamilton et al. 2015). Typically ERA relies on the application of (often arbitrary) 107 

assessment, or uncertainty, factors to extrapolate from laboratory derived no observed effect 108 

concentrations, in model test organisms, to the protection of wild populations. To reduce the 109 

reliance on assessment factors, higher tier tests may be conducted for some chemicals in the 110 

form of semi-natural single- or multi- species ecosystem studies (micro-/mesocosms). These 111 

higher tier studies, however, are expensive, time consuming, can be complex to interpret and 112 

often demonstrate low statistical power. Furthermore, micro- and mesocosm experiments may 113 

not account adequately for vital ecological processes (e.g. density dependence) and 114 

environmental variation (Galic et al. 2010), and very few of these studies have included fish 115 

(Giddings et al. 2002).  116 

Typically, fish species are chosen for ERA based on a combination of their 117 

physiological sensitivity to chemicals, species specific information (e.g. genomic resources 118 

available), ease of maintenance in aquaria (e.g. fathead minnow, Pimephales promelas; 119 

zebrafish, Danio rerio; rainbow trout, Oncorhynchus mykiss) and the ability to measure effects 120 

on partial or whole life-cycles in short timescales (e.g. Japanese medaka, Oryzias latipes). 121 

Some species are used routinely also because of developed biomarker assays that indicate 122 

exposure to certain classes of EDCs, for example  vitellogenin, for estrogens (all egg laying 123 

fish species (Tyler et al. 1996)) and spiggin (a glue-like protein used for nest building in the 124 

three-spined stickleback) for assessing (anti) androgenic chemicals (Katsiadaki et al. 2002). 125 
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Sensitivity of individual fish to an EDC depends on their innate and environmentally mediated 126 

physiology, the inherent potency/toxicity of the chemical, the exposure concentration and the 127 

timing of the exposure relative to the fishes life-cycle. However, at the population level many 128 

other factors influence sensitivity, including fecundity, density dependence, and both abiotic 129 

(e.g. water physiochemistry) and biotic (e.g. prey and predators) environmental conditions. 130 

Exposure likelihood and population resilience are dependent upon ecological life-history 131 

strategy and population-level interactions (Van Straalen et al. 1992; Brown et al. 2014).  Fish 132 

breeding strategies, lifespan and habitat preferences that can affect population resilience are 133 

only considered (often arbitrarily) within safety/assessment factors during risk assessment. It 134 

is possible that population-level processes may mitigate, via compensatory density 135 

dependence,  or exacerbate, via depensatory density dependence, the effects of chemical 136 

exposure in the wild, but these processes are difficult to quantify and are not therefore explicitly 137 

considered in current ERA schemes. 138 

In this review, we critically assess the potential for adverse impacts on fish populations 139 

exposed to EDCs in the wild and the factors affecting their susceptibility. We then assess the 140 

applicability (strengths and weaknesses) of individual-based population modelling as a method 141 

to provide more integrative assessments of chemical effects in fish within ERA schemes.  142 

2. Exposure to EDCs and potential consequences in fish  143 

EDCs represent a potential threat to aquatic vertebrates, including fish, as they are capable of 144 

altering pathways of hormone biosynthesis, metabolism and/or excretion, or binding to and 145 

modulating hormone receptors (Swedenborg et al. 2009).  The most widely studied EDCs 146 

include the environmental (anti)estrogens, (anti)androgens, aromatase inhibitors, and 147 

progestins (Tyler et al. 1998; Hutchinson et al. 2006; Goodhead & Tyler 2009; Swedenborg et 148 

al. 2009). Entry of EDCs into freshwater environments can occur through a wide variety of 149 

sources including domestic and industrial waste discharges (Petrovic et al. 2002) and 150 
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agricultural runoff (Khatun & Mahanta 2014). A number of naturally occurring EDCs also 151 

exist in aquatic environments including, endogenous human hormones (Chang et al. 2009), 152 

phytoestrogens (Rearick et al. 2014) and mycotoxins (Molina-Molina et al. 2014). 153 

Environmental concentrations of estrogenic EDCs within sewage effluents and surface waters 154 

are widely documented. One of the more potent synthetic estrogens, 17α-ethinylestradiol (EE2), 155 

used in the contraceptive pill, has been reported in effluents ranging between < 0.2 ng L-1 156 

(Desbrow et al. 1998) and 42 ng L-1 (Ternes et al. 1999) and in surface waters from below 157 

limits of detection of 0.01 ng L-1 (Hintemann et al. 2006) up to concentrations of 273 ng L-1 in 158 

some streams in the USA (Kolpin et al. 2002). Hannah et al. (2009), however, reported that 159 

predicted environmental concentrations in typical surface waters in Europe and the USA are 160 

estimated at 0.2 and 0.3 ng L-1, respectively, and are considered unlikely to exceed 9 ng L-1. 161 

Reproductive impairments, including feminization of male fish and reduced reproductive 162 

success, have been demonstrated in the lab after exposure to concentrations of steroid estrogens 163 

within environmentally relevant ranges (e.g. EE2 ranging from < 1 ng L-1 up to 5 ng L-1 (Nash 164 

et al. 2004; Parrott & Blunt 2005; Lange et al. 2008; Zha et al. 2008; Armstrong et al. 2015)) 165 

and the incidence and severity of intersex (occurrence of ovo-testis) in male roach sampled 166 

from a series of UK Rivers is  significantly correlated with predicted concentrations of steroid 167 

estrogens (EE2 concentrations ranging from 0 to 0.37 ng L-1 (Jobling et al. 2005)). 168 

For androgens, the most widely reported effects in fish for environmentally relevant 169 

exposures are for the steroid trenbolone,  used as a growth promoter in beef cattle in the US, 170 

South America and Australia. Aqueous exposure concentrations of trenbolone between 9.2 – 171 

26.2 ng L-1 have been shown to cause male skewed sex ratios and masculinization of female 172 

zebrafish (Morthorst et al. 2010). Androgen antagonists appear to be widespread in effluent 173 

discharges from UK sewage treatment works with potency of  between 21.3 and 1231 μg L-1 174 

flutamide equivalents  as assessed using  a yeast (anti-) androgen screen (Johnson et al. 2007). 175 
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Anti-androgenic activity at levels measured in some sewage treatment works effluents have 176 

been shown to disrupt reproductive behavior and spiggin production in male stickleback 177 

(Sebire et al. 2008) and cause reduced fecundity in fathead minnows (Jensen et al. 2004).  178 

A diverse range of chemicals have been identified that act as aromatase inhibitors (that 179 

affect sex hormone biosynthesis) with reproductive effects in fish, including for exposures to 180 

environmentally relevant concentrations (e.g. tributyltin (McAllister & Kime 2003); 181 

clotrimazole (Brown et al. 2015)). Progestins, synthetic analogs to progesterone (Svensson et 182 

al. 2014), have been reported to cause reproductive impairments in fish, including reduced 183 

fecundity (Paulos et al. 2010) and masculinization of female fish. Some progestins also act as 184 

androgens, (Zeilinger et al. 2009; Runnalls et al. 2013; Svensson et al. 2014) and have been 185 

shown to alter secondary sex characteristics (Svensson et al. 2014) in the concentration range 186 

measured in some aquatic environments (measured concentration ranges between 1 and 199 ng 187 

L-1 (Kolpin et al. 2002; Petrovic et al. 2002; Andersson et al. 2005; Viglino et al. 2008; Vulliet 188 

et al. 2008; Al-Odaini et al. 2010; Chang et al. 2011; Svensson et al. 2014). Although the 189 

reported reproductive effects for all of these chemicals in individuals have the potential to result 190 

in population level effects this has received little empirical study. Furthermore, population level 191 

studies have focused almost exclusively on estrogens (Hamilton et al. 2015).  192 

  An experimental study has shown population level effects of EE2 in a Canadian lake 193 

that was dosed at 4–6 ng EE2 L
-1 for 3 years (Kidd et al. 2007). This resulted in delayed ovarian 194 

development and the subsequent collapse of a fathead minnow (FHM) fishery. Fathead minnow 195 

spawn annually and have a relatively short lifespan of 2-3 years. In contrast, there was no 196 

evidence for reproductive failure in the pearl dace (Margariscus margarita), an annual 197 

spawning fish with a lifespan of up to 7 years. This indicates life-history characteristics could 198 

be important in determining species risk to EE2. Evidence for indirect effects of EE2 were also 199 

seen in the Canadian lake study with subsequent  declines in the predatory lake trout (Salvelinus 200 



9 

 

namaycush) as well as increases in the zooplankton and emerging insects (e.g. Chaoborus) on 201 

which FHM prey (Kidd et al. 2014). These findings constitute an ecosystem level effect of EE2, 202 

however, it should be emphasized that the dosing level adopted (4–6 ng EE2 L
-1 ) is higher than 203 

occurs for most undiluted wastewater treatment works (WwTW) effluent discharges (Desbrow 204 

et al. 1998; Belfroid et al. 1999; Larsson et al. 1999; Ternes et al. 1999).  205 

   Although single chemical exposures give a good indication of potential effects based on the 206 

mode of action of that chemical, surface waters generally receive inputs of mixtures of EDCs,  207 

and  numerous studies have established that the combined effects of mixtures of EDCs can be 208 

additive (Silva et al. 2002; Brian et al. 2005; Correia et al. 2007). Furthermore, mixed chemical 209 

exposure effects outcomes can differ significantly than for single class of EDCs. As an example 210 

of this, in laboratory based exposures of roach the feminizing effects of a mixture of 211 

antiandrogens and ethinyloestradiol in combination was far greater than that for either the 212 

antiandrogens or EE2 separately  - Lange et al., 2011).  The interactive effects of chemicals are 213 

now being measured directly in an increasing number of research studies [e.g. exposure to 214 

sewage effluents (Lange et al. 2011; Hamilton et al. 2015) and risk assessment schemes for 215 

pesticides now consider the potential cumulative effects of similarly acting compounds 216 

[Regulation (2013a) No 284/2013]. Detecting the effects of low-dose exposure is another major 217 

issue in the study of EACs. Low-dose effects can be defined as any biological changes which 218 

occur at doses lower than those typically used in standard testing protocols (Melnick et al. 219 

2002); consequently, effects at these concentrations are easily overlooked in traditional risk 220 

assessments. In order to capture low-dose mixture effects, it has been suggested that regulatory 221 

testing needs to incorporate biomarker endpoints rather than traditional dose-response 222 

relationships alone (Kortenkamp 2008). The US EPA requested the development of a strategy 223 

to address the current issues associated with detecting low-dose effects for EACs (National 224 

Academies of Science, Engineering and Medicine 2017) and which informs regulatory bodies 225 

http://www.sciencedirect.com/science/article/pii/S0160412010002345#bb0300
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of the appropriate actions, e.g. updating chemical assessments, which should be taken if a 226 

chemical is found to incur low-dose effects. Incorporating scenarios for possible low dose 227 

effects in modeling for EAC effects has not yet received major attention due to uncertainties 228 

into where these effects may occur and for what EACs.  229 

Collectively, laboratory and (limited) field studies for selected environmental estrogens 230 

suggest that they can have adverse impacts on some wild fish at the individual level with 231 

potential for impacts on the population. Quantifying the effects of EDC exposure at the 232 

population-level more generally, however, is extremely challenging. Challenges in EDC ERA 233 

include major uncertainties in extrapolating effects from a narrow range of model species used 234 

within regulatory assessments to the extremely diverse range of existing fish species (~28,000 235 

fish species are known to be extant worldwide (Nelson et al. 2016)) and the lack of accurate 236 

data on fish abundance.  The latter is lacking generally for freshwater fish and many years of 237 

monitoring data are required to be able to determine accurately if a population decline is a 238 

result of a natural fluctuation or a stressor response (Hamilton et al. 2015). 239 

3. Assessing population susceptibility 240 

Overall, population susceptibility to chemicals is characterized by the risk of chemical 241 

exposure, the physiological sensitivity of individuals within a population, and overall 242 

population resilience. In natural populations, species evolve life-history strategies for 243 

sustaining a viable population in specific habitats (Spromberg & Birge 2005, Wootton 1992) 244 

and as a consequence different species, and different populations of the same species in 245 

different geographical regions, may exhibit different susceptibilities to EDCs.  This highlights 246 

the need for ERA to consider both inter- and intra-species differences in life-history traits. 247 

3.1. Probability of chemical exposure 248 

Population level risk of chemical exposure is affected by habitat preferences (e.g. pelagic, 249 

demersal), feeding ecology (e.g. bioaccumulation of chemicals through the food chain), and/or 250 
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migratory behavior (Kirby et al. 2004), as well as factors such as lifespan and fecundity. Overall 251 

risk of exposure is determined by the life-history strategies and the susceptibility for effects for 252 

all the different life stages combined. Additionally, exposure can be highly variable, both 253 

spatially and temporally, depending on the exposure source; inputs of effluent discharges often 254 

result in a continuous exposure, compared with agricultural runoff where exposure is largely 255 

intermittent (Holt 2000). The exposure scenario can therefore affect the likelihood and intensity 256 

of population exposure.   257 

Using the US EPA’s AQUIRE database Baird & Van den Brink (2007) suggested an 258 

organism’s sensitivity to chemical stress can be predicted from species traits relating to 259 

morphology, life-history, physiology, and feeding ecology. Their findings suggested that 260 

species possessing predatory behavior and with a long life-cycle were most susceptible to 261 

chemical exposure. Similarly, evaluating five different life-history scenarios, Spromberg & 262 

Birge (2005) established that the factors most likely to reduce population vulnerability included 263 

the following life-history traits: short lifespan, short time to reproductive maturity, parental 264 

guarding behavior, and a large number of spawning events. These trait based approaches, 265 

however, are not supported by the long-term field study for exposure to EE2 described above 266 

(Kidd et al. 2007) where effects on FHM populations were more significant than for effects on 267 

the longer lived pearl dace. Because trait-based assessments do not incorporate vital 268 

population-level processes (density dependence) or individual variability, they may 269 

misrepresent species susceptibility and more integrated approaches, such as population 270 

modelling, are likely to be more effective (Brown et al. 2005). 271 

3.2. Physiological sensitivity 272 

Sensitivity of individuals to chemical effects within populations varies depending on age, 273 

reproductive status, growth rate, and habitat type. Life stage sensitivity will depend on the 274 

process affected by the chemical and the temporal exposure profile.  The most studied effects 275 
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of progestins, (anti)androgens, aromatase inhibitors, and estrogens occur for exposures during 276 

sexual maturation, in reproducing adults, and during sexual differentiation (Jobling et al. 2002; 277 

Brian et al. 2006; Sebire et al. 2009; Zeilinger et al. 2009; Runnalls et al. 2013; Brown et al. 278 

2014; Svensson et al. 2014).  Latent effects for exposures have also been observed; for example, 279 

exposure of three spined sticklebacks to ethinyloestradiol during early life was observed to 280 

subsequently affect breeding behavior in adults (Maunder et al. 2007).  Furthermore, longevity 281 

of exposure will also impact on potential for effects. As an example, exposure of adult zebrafish 282 

to EE2 (5 ng L-1) for 40 days resulted in no effects on reproductive output, but exposure to the 283 

same concentration continuously from embryo to sexual maturity caused complete 284 

reproductive failure (there were no egg fertilizations (Nash et al. 2004)). Only in fish full-life 285 

cycle (FFLC) tests are the physiological sensitivities to chemicals captured fully. A FFLC test 286 

is a requirement for some active ingredients in pesticides (according to Regulation (2009) No 287 

1107/2009 and Regulation (2013) No 283/2013) but they are resource and animal intensive and 288 

are rarely used in the routine testing of EDCs (Ankley & Johnson 2004). It can also be argued 289 

that a constant chronic exposure in a FFLC test may represent a worst case scenario as under 290 

natural conditions the chemical exposure may fluctuate (be intermittent) and specific life stage 291 

behaviors may result in chemical avoidance. 292 

3.3. Population resilience 293 

Population resilience determines the capacity for a population to withstand and recover from 294 

disturbances. The regulation of fish population numbers is primarily determined by 295 

compensatory density dependent mechanisms (Beverton & Holt 1957, Ricker 1987), which 296 

result in a slowed population growth at high densities, due to predation, disease and/or 297 

increased competition for resources, and conversely an increase in population growth at low 298 

densities, due to reduced competition and predation (Rose et al. 2001). Life-history processes 299 

are considered to be density dependent if their rates change as a result of the density (or 300 
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number) of individuals in a population e.g. individual growth, mortality or reproduction. 301 

Population dynamics studies (variation in population numbers over time), indicate that the 302 

majority of wildlife populations, including fish, are regulated by density dependent (DD) biotic 303 

interactions (Brook & Bradshaw 2006). This regulation underlies the management of fish 304 

populations (Rose et al. 2001) and is exploited throughout fisheries worldwide to permit 305 

sustainable yields. 306 

Depensatory density dependence, on the other hand, results in a reduced per capita 307 

population growth at low densities (Liermann & Hilborn 2001) as, for example, a result of 308 

reduced rates of survival and reproduction (Allee & Alle 1958; Wood 1987; Fowler & Baker 309 

1991). Fish schooling is an example of a depensatory mechanism at low densities as it relies 310 

on the congregation of numerous fish to increase survival or reproductive success (Marsh & 311 

Ribbink 1986). As such depensatory density dependence could exacerbate the effects of 312 

chemical exposure at low population densities. As an example, some EDC exposures have been 313 

shown to reduce schooling behavior in zebrafish (Xia et al. 2010) and juvenile rainbow trout 314 

(Ward et al. 2006); it is therefore possible that depensation could reduce population growth 315 

rates during EDC exposure, by reducing schooling behavior. Although there is evidence for 316 

the occurrence of depensation in fish populations (Wood 1987; Myers et al. 1995), it’s possible 317 

role in exacerbating the effects of chemical exposure has received very little study. This is 318 

because depensation is difficult to detect as many populations rarely reach such low population 319 

levels. Even when they do the effects of demographic and environmental stochasticity may be 320 

neutralizing the ability to observe such impacts (Liermann & Hilborn 2001). The strength of 321 

density dependent mechanisms within populations can therefore play a fundamental role in 322 

determining the susceptibility versus resilience of a population to chemical exposure. 323 

Forbes et al. (2001) suggested that the mitigating role of compensatory density dependence 324 

often leads to reduced level of effects on populations when compared with effects on individual 325 
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life-cycle traits. As a consequence, it is possible that current extrapolation methods from 326 

individuals to population in ERA may be over-protective. Empirical studies on invertebrates 327 

have indicated that exposing a density-limited population (at or approaching carrying capacity) 328 

to a toxicant, which reduces survival, growth and/or reproduction, can reduce the intensity of 329 

intraspecific competition and/or predation thus compensating for the toxicant-induced 330 

reduction in vital rates (e.g. growth, reproduction or survival), and thereby reducing the impact 331 

on the population as a whole (Liess 2002; Moe et al. 2002). It has also been suggested that a 332 

toxicant could remove less fit individuals within a population, promoting population growth 333 

and population fitness (Calow et al. 1997). Population modelling studies have supported this 334 

theory. As an example, Grant (1998), applying life-table response experiments, showed that 335 

substantial reductions in some vital rates, as a result of toxicant exposure, were compensated 336 

for by density dependence in the copepod Eurytemora affinis. Applying matrix models Hayashi 337 

et al. (2009) similarly demonstrated that toxic impacts of zinc on populations of the fathead 338 

minnow and brook trout (Salvelinus fontinalis) depended largely on the strength of density 339 

dependence and differences in life histories. However, empirical studies investigating the role 340 

of density dependent processes in the population resilience of fish subjected to chemical 341 

exposure are lacking and are much needed to help build confidence in the modelled examples. 342 

Furthermore, it should be emphasized that chemical resistance in individuals does not 343 

necessarily always equate with desired traits for population relevant measures of fitness. 344 

4. Population modelling approaches and incorporating susceptibility and resilience into 345 

assessments of EDC effects in fish  346 

Generally, the protection goals for EDCs and other chemicals set out to try to ensure no adverse 347 

effects occur for ecosystems and the environment as a whole and the protection of populations 348 

is the focus for this (Brown et al. 2016). Models which predict the effects of chemical exposure 349 

on individuals can provide highly specific predictions of chemical effects. For example, toxico-350 
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dynamic/ toxico-kinetic (TK/TD) models can be used to assess chemical modes of action 351 

within individuals; trait-based assessments are useful in identifying species sensitivity based 352 

on life-history strategy; energy budget models allow physiological processes, such as metabolic 353 

rate, to be incorporated into chemical assessments. However, none of these methods can 354 

provide predictions on how chemical exposure may impact whole populations and are therefore 355 

limited as tools when used on their own. Population models, on the other hand, provide tools 356 

for extrapolating from individual- to population- level effects, including exploring the 357 

importance of interactions between individuals and between individuals and their surrounding 358 

environments (Forbes et al. 2009). The choice of model within chemical assessment is 359 

dependent upon the specific questions addressed in the risk or hazard assessment schemes and 360 

on the level of species specific detail required, how broad an application or ecological scenario 361 

is desired, and the amount of empirical data available (Fig. 1). 362 

Correlative modelling has been used in ecology since the 1700s (Malthus 1926). 363 

Correlative models have a wide application within fisheries to estimate population recruitment 364 

(Ricker 1954; Beverton & Holt 1957), growth rates (Von Bertalanffy 1957) and fecundity 365 

(Carlander 1997), and are relatively easily adapted for use in chemical assessments. However, 366 

correlative models provide very simplistic estimates of population processes only because they 367 

represent the whole population as a single entity i.e. every process is taken as an average of the 368 

whole population. Their interpretation regarding chemical assessments should therefore be 369 

approached with caution as they do not include any population-level processes and they do not 370 

incorporate individual or age/stage based variability.  371 

Age/ stage based (matrix) models are one of the most common methods for analyzing the 372 

potential for chemical-induced population level effects, allowing population growth of 373 

individual age classes to be quantified using vital rates (fecundity, growth and mortality). 374 

Matrix models take vital rates as static values for each age/stage class meaning that they are 375 
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more integrative than correlative models. They also benefit from their low data requirements 376 

and are therefore relatively easy to parameterize. However, in a similar way to correlative 377 

models, they remain constrained when incorporating inter-organism and organism-378 

environment interactions, and spatial and temporal variability (Caswell 2001). These benefits 379 

and shortfalls are illustrated in a number of matrix modelling studies (life-table response 380 

experiments) which use simple age-based models to assess the potential susceptibility of 381 

different fish species to chemicals, including EDCs. Ibrahim et al. (2014), for example, using 382 

matrix models provided general predictions of species susceptibility to pesticide risk for a large 383 

number of species with relatively low data requirements. The most vulnerable species 384 

identified were the minnow, Phoxinus phoxinus, the lamprey, Lampetra planeri and pike, Esox 385 

Lucius. These findings however have not been validated empirically. Most studies assessing 386 

chemical effects using matrix models have not included validation against field data (Miller & 387 

Ankley 2004; Hayashi et al. 2009; Brown et al. 2014; Ibrahim et al. 2014;). Furthermore, matrix 388 

models do not incorporate density dependent processes or individual variability and thus the 389 

level of realism is relatively low.  390 

IBMs, in contrast, are spatially explicit and benefit from the ability to incorporate 391 

ecological processes and life-history strategies including interactions between 392 

competing/cooperating individuals within single or interlinking populations. In comparison 393 

with mathematical-based/ matrix models, IBMs predict how vital rates (i.e. fecundity, growth, 394 

mortality) vary with environmental conditions and interactions with other individuals, allowing 395 

the population dynamics to emerge based on these interactions. Therefore, IBMs may provide 396 

a better approach to ERA of EDCs, as they allow the impacts of these other factors to be 397 

incorporated, and are discussed in detail in the next section. 398 

Ecosystem models include the highest levels of biological organization incorporating 399 

interacting species populations, food webs and communities (Galic et al. 2010). They are the 400 
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most complex and are often the most integrative modelling strategy used in chemical 401 

assessment (e.g. AQUATOX (Park et al. 2008)). However, ecosystem models can be limited 402 

by their low levels of tractability and few of those developed include uncertainty and sensitivity 403 

analysis (Bartell et al. 2003). AQUATOX is perhaps the most comprehensive ecosystem model 404 

available and is used regularly in the assessment of chemical effects by the US environmental 405 

protection agency (Park et al. 2008). Although ecosystem models benefit from their ability to 406 

represent a complete aquatic system and a wide breadth of ecological processes, as a 407 

consequence species specific behaviors or traits are often neglected or under-represented. This 408 

is particularly important for EDC effect analyses, as many EDCs affect specific behaviors (e.g. 409 

breeding behavior) or processes. Furthermore, the time required to develop ecosystem models 410 

and large amounts of data required to do so (both biotic and abiotic) will limit the development 411 

of new ecosystem models. From the outset it is important to identify the necessary model 412 

complexity and specificity required to achieve sufficiently accurate levels of risk as defined by 413 

risk managers (Bartell et al. 2003).  414 

4.1. Individual-based models  415 

IBMs are a population and community modelling approach that allow for a high degree of data 416 

complexity from individuals and of interactions among individuals, each of which are treated 417 

as unique and discrete entities (DeAngelis & Grimm 2014). IBMs have been used widely 418 

within ecology and conservation since the 1970s and have a good degree of realism, which 419 

makes them suitable for use in higher tiers of ERA (Galic et al. 2010). They can also deal with 420 

spatial heterogeneity and individual variability (Hölker & Breckling 2001). Crucially, they 421 

enable the integration of a wide range of factors essential for the simulation of realistic 422 

population-level effects including (1) chemical exposure (via spatial tools), (2) physiological 423 

processes (they can link directly to TK/TD models) and (3) population resilience emerging 424 

from density-dependent interactions between individuals within a population and interactions 425 
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with their surrounding environment (including chemical contaminants). IBMs are a pragmatic 426 

approach towards more complex population modelling, as they bridge the gap between 427 

individual effects observed in toxicity studies and the potential consequences on wild 428 

populations. The implementation of additional sub-models into IBMs is an approach often 429 

adopted to develop greater realism (accuracy). These sub-models include TK/TD models, 430 

which allow incorporation of ADME (absorption, distribution, metabolism, and excretion) and 431 

internal damage and repair processes into environmental risk assessment (Liu et al. 2014); fate 432 

models, which can be used to predict the fate of chemicals within aquatic water bodies (Focks 433 

et al. 2014); and matrix models, which can predict the effects of chemicals on population 434 

dynamics (Meli et al. 2014).   435 

Population models require guidance and standardization for their development and 436 

validation, and communication for their subsequent uptake and acceptance into ERA 437 

(Schmolke et al. 2010b). This has been facilitated by a European funded project, CREAM 438 

(Mechanistic Effect Models for Ecological Risk Assessment of Chemicals) that has produced 439 

several IBMs assessing the effects of various chemicals on a range of taxa (Gabsi et al. 2014; 440 

Kułakowska et al. 2014; Liu et al. 2014). However, IBMs which assess chemical effects on 441 

fish populations are relatively few compared to other (invertebrate) taxa (Focks et al. 2014; 442 

Gabsi et al. 2014; Johnston et al. 2014; Meli et al. 2014). This is likely because life-history data 443 

for shorter-lived invertebrates are relatively easy to obtain, making model development and 444 

validation more tractable. However, given that population models might be used to help inform 445 

on the environmental risk and identification of EDCs (European Commission 2016), in 446 

combination with experimental evidence of individual and population-level effects in fish 447 

(Huestis et al. 1996; Jobling et al 1998; Kidd et al. 2007), practical challenges for the 448 

development of IBMs for fish need to be addressed: i.e. selection of appropriate species and 449 

populations, data availability for parameterization and validation. 450 
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The relevance and reliability of population models can be established through appropriate 451 

model evaluation. Methods of evaluation include model verification (model outputs compared 452 

to data used for parameterization), sensitivity analysis (testing the influence of input parameters 453 

on model outputs), and validation (model predictions compared to empirical laboratory and/or 454 

field data) (Schmolke et al. 2010a). Validation is of particular importance because it 455 

demonstrates the structural realism of the model as well as the accuracy of parameterization 456 

(Schmolke et al. 2010a). However, validation is not always straightforward because empirical 457 

data are not always available. In a study which evaluated 62 models dealing with toxicant 458 

effects for a range of taxa, Schmolke et al. (2010a) found that only 3% of models were validated 459 

against independent empirical data. Validation of fish models is restricted by the fact that there 460 

are very few datasets which provide long term information on fish populations and their natural 461 

fluctuations, and even less data for chemical effects exposures (Hamilton et al. 2015). In the 462 

absence of long-term population dynamics, data validation may be permitted using population 463 

census data which provide a snapshot of a population size/ age distribution, as demonstrated 464 

by Hazlerigg et al. (2014). This, however, does not account for variation in year class strength.  465 

In cases where data on population dynamics do not exist, Augusiak et al. (2014) suggest that a 466 

thorough evaluation, including validation of sub-models, can in some cases be sufficient to 467 

assess a model’s realism in the absence of a full validation. However, this is debatable, and 468 

access to population dynamics data for wild fish populations needs to be a key priority when 469 

assessing the realism of IBMs.  470 

There is a trade-off between more general models which incorporate a greater range of 471 

processes and interactions (i.e. community or ecosystem models), and models which do not 472 

necessarily represent a whole system but provide more specific outputs. Population models are 473 

constrained by their ability to represent only single species populations i.e. a discrete 474 

population within a defined waterbody or an interconnected meta-population in a larger 475 
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watershed, resulting in species- and (meta) population- specific outputs. It can be argued 476 

therefore that each model is only applicable to a defined set of scenarios and natural 477 

environments. Nevertheless, predator-prey interactions (Lorenzen 1996) and climatic/seasonal 478 

variations in habitat selection, growth, and mortality (Railsback & Harvey 2002) can be 479 

factored in.   IBMs require a high of level of detail which ultimately results in a more accurate 480 

output for a specific exposure scenario compared with ecosystem models. The future 481 

development of IBMs should therefore be targeted by focusing on characteristics and life-482 

history strategies influencing ecological sensitivity when considering species selection 483 

(Topping 2014). The choice and specification of IBMs is likely to be guided by the future 484 

development of ecological scenarios for ERA within international programs (e.g. those 485 

coordinated by the European Federation of Chemical Industries (CEFIC) on-going long-range 486 

research initiative (LRi ECO28) and OECD). With regard to assessing the effects of EDC 487 

exposure on fish, IBMs currently represent the most viable modelling strategy because of their 488 

ability to capture species specific and emergent effects, resulting from changes to ecological 489 

interactions, such as disruption of breeding behavior.  490 

4.1.1. Incorporating behavioral effects into the assessment of EDCs 491 

In the context of fish and EDCs, a strong feature of IBMs is their ability to incorporate aspects 492 

of an individual’s behavior. However, despite experimental evidence documenting the effects 493 

of chemical exposure on fish behavior and possible impacts on individual fitness (Scott & 494 

Sloman 2004; Valenti Jr et al. 2012; Brodin et al. 2014; Dzieweczynski et al. 2014; Klaminder 495 

et al. 2014), environmental risk assessment schemes have not yet begun to explicitly measure 496 

the effects of behavioral changes in fish as an endpoint for chemical effects. Territoriality, 497 

courtship and guarding of eggs and fry within fish are characteristics seen for a number of 498 

species (e.g. three-spined stickleback, Gasterosteus aculeatus; fathead minnow, Pimephales 499 

promelas; sand goby, Pomatoschistus minutus) and chemical-induced behavioral impairments 500 
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of these traits can have significant impacts on young survival rates (Wibe et al. 2002; Brian et 501 

al. 2006; Sebire et al. 2008; Saaristo et al. 2010). This, in turn, could have population-level 502 

effects, however, the actual relevance or impacts of such effects at the population level have 503 

received very little study. This is particularly relevant in the assessment of EDCs because of 504 

their reported effects on reproductive behavior (Weis & Weis 1974; Mathers et al. 1985; Scholz 505 

& Gutzeit 2000; Balch et al. 2004; Bell 2004; Sebire et al. 2008; Söffker & Tyler 2012). 506 

Similarly, anti-predator behavior is a vital survival trait in virtually every species, and 507 

impairments have been documented as a result of EDC exposure, for example in killifish (Weis 508 

et al. 2001). Reported declines in fish schooling behavior have also been observed in several 509 

fish species after exposure to various EDCs (Ward et al. 2006, Xia et al. 2010) and population 510 

declines could emerge from these effects via increased predation/ reduced feeding success. 511 

These reported behavioral effects and their potential impacts at the population level are not 512 

taken into consideration within ERA schemes because they are both difficult to quantify and 513 

interpret. Incorporating behavioral effects into IBMs can be achieved through the incorporation 514 

of an energy budget model (Stillman & Goss‐Custard 2010; Sibly et al. 2013), foraging arena 515 

theory (Christensen et al. 2005) or, more simply, by using a set of simple physical and 516 

biological parameters. For example, basic decision rules and strategies including ‘prey 517 

perception length’ and ‘panic distance’ have been applied by (Vabø and Nøttestad 1997) in an 518 

IBM in which they investigated the anti-predator behavior of herring schools.  This approach 519 

may not be as accurate as an energy budget model approach but it does not require a high 520 

density of empirical data. Furthermore, the overall model was found to validate well against 521 

wild data regarding the ability to mimic anti-predator strategies e.g. shoaling, splitting. Other 522 

approaches for incorporating aspects of behavior into IBMs have included the use of neural 523 

networks (a method that applies neurobiological principles of synaptic brain-activity to model 524 

behavioral outputs, (Rumelhart et al. 1988; Montana & Davis 1989) and genetic algorithms 525 
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(Huse et al. 1999). Simulations run with a model developed by Huse et al. (1999) using this 526 

method looked promising, but again validation was not undertaken against empirical data.  527 

Since behavioral effects are both difficult to detect and quantify in the field, IBMs present 528 

a tool to extrapolate these effects from laboratory studies to possible effects in the field. An 529 

example of an IBM which assesses the behavioral effects of chemical exposure in mammals is 530 

described by Liu et al. (2013). The model validated well against field data and was 531 

subsequently used to predict the effects of pesticide exposure on the spatial dynamics of the 532 

wood mouse (Apodemus sylvaticus), with a focus on the effects of varying home range. 533 

However, there are currently no published IBMs which incorporate complex behaviors into 534 

chemical risk assessments for fish and these are needed for further assessment of EDCs which 535 

have been shown to affect behaviors.  536 

5. Conclusions 537 

Environmental risk assessment (ERA) of chemicals, including EDCs currently fails to account 538 

explicitly for factors which affect species and population susceptibility (risk of exposure, innate 539 

physiology, population resilience). For example, the assessment of species specific traits and 540 

behaviors, and their roles in determining the direct and indirect effects of EDCs on individual 541 

organisms and their interactions within populations are currently neglected, despite their 542 

potential importance in determining population effects. The need to address these knowledge 543 

gaps is emphasized by a growing number of publications reporting on the perturbation of fish 544 

behavior by numerous chemicals, including EDCs and the increasing assertion that these 545 

behavioral effects can impact significantly on individual and population fitness.  Population 546 

models, particularly IBMs, offer the possibility of robust testing of these assertions by bridging 547 

the uncertainty gap between individual effects observed in laboratory and field studies, and the 548 

potential consequent effects on wild populations.  Crucially, IBMs can account for species 549 

specific traits and behaviors (e.g. breeding behaviors) and simulate inter-organism interactions 550 
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and organism-environment interactions (including responses to chemical exposure) and can 551 

therefore capture both the direct and indirect population-level effects of chemical exposures.  552 

The main challenges for generating robust models for fish populations include model 553 

parameterization and applicability (i.e. striking a balance between site-specific versus generic 554 

applicability due to the often complex and environmentally plastic life-histories of fish) and 555 

model validation. We recommend that the development of future models (IBMs or otherwise) 556 

should include species representing a range of life-histories and that their selection should be 557 

guided by the derivation of ecological scenarios which are relevant to major land use and 558 

waterbody types in which chemical exposures and effects are predicted according to current 559 

risk assessments.  We also advocate better provision and sharing of raw data for fish 560 

populations (both reference (control) and impacted populations) or the generation of new data 561 

where existing data are lacking; this will be a priority for assessing the realism of existing and 562 

future models.  563 

Declaration of interest:  The employment affiliation of the authors is shown on the cover 564 

page. The authors at the University of Exeter were supported by a BBSRC iCASE grant co-565 

funded by Syngenta (BB/M503423/1). The authors employed by Syngenta prepared the 566 

review during the normal course of their employment. The paper is the exclusive professional 567 

work product of the authors. None of the authors has appeared in any litigation or regulatory 568 

proceedings during the past five years related to the contents of this paper.  569 

 570 

References 571 

Al-Odaini NA, Zakaria MP, Yaziz MI, Surif S. 2010. Multi-residue analytical method for 572 

human pharmaceuticals and synthetic hormones in river water and sewage effluents by solid-573 

phase extraction and liquid chromatography–tandem mass spectrometry. J Chromatogr. 574 

1217:6791-6806. 575 



24 

 

Alle WC. 1958. The social life of animals. W. Heinemann 576 

Andersson J, Woldegiorgis A, Remberger M, Kaj L, Ekheden Y, Dusan B, Svenson A, 577 

Brorström-Lundén E, Dye C, Schlabach M. 2005. Results from the Swedish national screening 578 

programme 2005: IVL Swedish Environmental Research Institute. 579 

Ankley GT, Jensen KM, Makynen EA, Kahl MD, Korte JJ, Hornung MW, Henry TR, Denny 580 

JS, Leino RL, Wilson VS. 2003. Effects of the androgenic growth promoter 17‐β‐trenbolone 581 

on fecundity and reproductive endocrinology of the fathead minnow. Environ Toxicol Chem. 582 

22:1350-1360. 583 

Ankley GT, Johnson RD. 2004. Small fish models for identifying and assessing the effects of 584 

endocrine-disrupting chemicals. Ilar Journal. 45:469-483. 585 

Armstrong BM, Lazorchak JM, Murphy CA, Haring HJ, Jensen KM, Smith ME. 2015. 586 

Determining the effects of a mixture of an endocrine disrupting compound, 17α-587 

ethinylestradiol, and ammonia on fathead minnow (Pimephales promelas) reproduction. 588 

Chemosphere. 120:108-114. 589 

Augusiak J, Van den Brink PJ, Grimm V. 2014. Merging validation and evaluation of 590 

ecological models to ‘evaludation’: a review of terminology and a practical approach. Ecol 591 

Model. 280:117-128. 592 

Backhaus T, Faust M. 2012. Predictive environmental risk assessment of chemical mixtures: a 593 

conceptual framework. Environ Sci Technol. 46:2564-2573. 594 

Baird DJ, Van den Brink PJ. 2007. Using biological traits to predict species sensitivity to toxic 595 

substances. Ecotoxicol Environ Saf. 67:296-301. 596 

Balch GC, Mackenzie CA, Metcalfe CD. 2004. Alterations to gonadal development and 597 

reproductive success in japanese medaka (Oryzias latipes) exposed to 17α‐ethinylestradiol. 598 

Environ Toxicol Chem. 23:782-791. 599 



25 

 

Bartell SM, Pastorok RA, Akçakaya HR, Regan H, Ferson S, Mackay C. 2003. Realism and 600 

relevance of ecological models used in chemical risk assessment. Hum Ecol Risk Assess. 601 

9:907-938. 602 

Belfroid A, Van der Horst A, Vethaak A, Schäfer A, Rijs G, Wegener J, Cofino W. 1999. 603 

Analysis and occurrence of estrogenic hormones and their glucuronides in surface water and 604 

waste water in The Netherlands. Sci Total Environ. 225:101-108. 605 

Bell AM. 2004. An endocrine disrupter increases growth and risky behavior in threespined 606 

stickleback (Gasterosteus aculeatus). Horm Behav. 45:108-114. 607 

Berg V, Kraugerud M, Nourizadeh-Lillabadi R, Olsvik PA, Skåre JU, Alestrøm P, Ropstad E, 608 

Zimmer KE, Lyche JL. 2016. Endocrine effects of real-life mixtures of persistent organic 609 

pollutants (POP) in experimental models and wild fish. J Toxicol Environ Health, A. 79:538-610 

548. 611 

Bergman Å, Heindel J, Jobling S, Kidd K, Zoeller RT. 2012. State-of-the-science of endocrine 612 

disrupting chemicals, 2012. Toxicol Lett. 211:S3. 613 

Beverton RJ, Holt SJ. 1957. On the dynamics of exploited fish populations, Fishery 614 

Investigations Series II, Vol. XIX, Ministry of Agriculture. Fisheries and Food. 1:957. 615 

Brian J, Augley J, Braithwaite V. 2006. Endocrine disrupting effects on the nesting behaviour 616 

of male three‐spined stickleback Gasterosteus aculeatus L. J Fish Biol. 68:1883-1890. 617 

Brian JV, Harris CA, Scholze M, Backhaus T, Booy P, Lamoree M, Pojana G, Jonkers N, 618 

Runnalls T, Bonfà A, Marcomini A. 2005. Accurate prediction of the response of freshwater 619 

fish to a mixture of estrogenic chemicals. Environ Health Perspect. 113: 721. 620 

Brodin T, Piovano S, Fick J, Klaminder J, Heynen M, Jonsson M. 2014. Ecological effects of 621 

pharmaceuticals in aquatic systems—impacts through behavioural alterations. Phil Trans R 622 

Soc B. 369:20130580. 623 



26 

 

Brook BW, Bradshaw CJ. 2006. Strength of evidence for density dependence in abundance 624 

time series of 1198 species. Ecology. 87:1445-1451. 625 

Brown AR, Gunnarsson L, Kristiansson E, Tyler CR. 2014. Assessing variation in the potential 626 

susceptibility of fish to pharmaceuticals, considering evolutionary differences in their 627 

physiology and ecology. Phil Trans R Soc B. 369:20130576. 628 

Brown AR, Owen SF, Peters J, Zhang Y, Soffker M, Paull GC, Hosken DJ, Wahab MA, Tyler 629 

CR. 2015. Climate change and pollution speed declines in zebrafish populations. Proceedings 630 

of the National Academy of Sciences. 112:E1237-E1246. 631 

Brown AR, Whale G, Jackson M, Marshall S, Hamer M, Solga A, Kabouw P, Galay‐Burgos 632 

M, Woods R, Nadzialek S. 2016. Towards the Definition of Specific Protection Goals for the 633 

Environmental Risk Assessment of Chemicals: A Perspective on Environmental Regulation in 634 

Europe. Integr Environ Assess Manage. 13:17-37 635 

Brown JA, Johansen PH, Colgan PW, Mathers RA. 1987. Impairment of early feeding behavior 636 

of largemouth bass by pentachlorophenol exposure: a preliminary assessment. Trans Am Fish 637 

Soc.116: 71-78. 638 

Calow P, Sibly RM, Forbes V. 1997. Risk assessment on the basis of simplified life‐history 639 

scenarios. Environ Toxicol Chem. 16:1983-1989. 640 

Carlander KD. 1997. Handbook of freshwater fishery biology: Volume 3. Iowa State 641 

University Press. 642 

Caswell H. 2001. Matrix population models. John Wiley & sons, Ltd. 643 

Chang H-S, Choo K-H, Lee B, Choi S-J. 2009. The methods of identification, analysis, and 644 

removal of endocrine disrupting compounds (EDCs) in water. J Hazard Mater. 172:1-12. 645 

Chang H, Wan Y, Wu S, Fan Z, Hu J. 2011. Occurrence of androgens and progestogens in 646 

wastewater treatment plants and receiving river waters: Comparison to estrogens. Water Res. 647 

45:732-740. 648 



27 

 

Christensen V, Walters CJ, Pauly D. 2005. Ecopath with Ecosim: a user’s guide. Fisheries 649 

Centre, University of British Columbia, Vancouver.154. 650 

Commission E. 2016. European Parliament and Council Regulation (EC) No. 1107/2009 651 

setting out scientific criteria for the determination of endocrine disrupting properties and 652 

amending Annex II to Regulation (EC) 1107/2009. 653 

Correia AD, Freitas S, Scholze M, Gonçalves JF, Booij P, Lamoree MH, Mañanós E, Reis-654 

Henriques MA. 2007. Mixtures of estrogenic chemicals enhance vitellogenic response in sea 655 

bass. Environ Health Perspect. 115: 115-121. 656 

DeAngelis DL, Grimm V. 2014. Individual-based models in ecology after four decades. 657 

F1000Prime Rep. 6:6. 658 

Desbrow C, Routledge E, Brighty G, Sumpter J, Waldock M. 1998. Identification of estrogenic 659 

chemicals in STW effluent. 1. Chemical fractionation and in vitro biological screening. Environ 660 

Sci Technol. 32:1549-1558. 661 

Dzieweczynski TL, Campbell BA, Marks JM, Logan B. 2014. Acute exposure to 17α-662 

ethinylestradiol alters boldness behavioral syndrome in female Siamese fighting fish. Horm 663 

Behav. 66:577-584. 664 

Focks A, ter Horst M, van den Berg E, Baveco H, van den Brink PJ. 2014. Integrating chemical 665 

fate and population-level effect models for pesticides at landscape scale: New options for risk 666 

assessment. Ecol Model. 280:102-116. 667 

Forbes VE, Hommen U, Thorbek P, Heimbach F, Van den Brink PJ, Wogram J, Thulke HH, 668 

Grimm V. 2009. Ecological models in support of regulatory risk assessments of pesticides: 669 

developing a strategy for the future. Integr Environ Assess Manage. 5:167-172. 670 

Forbes VE, Sibly RM, Calow P. 2001. Toxicant impacts on density-limited populatins: A 671 

critical reviews of thery, practise, and results. Ecol Appl. 11:1249-1257. 672 



28 

 

Fowler C, Baker J. 1991. A review of animal population dynamics at extremely reduced 673 

population levels.(IWC SC/42/0-10). Annu Rep Int Whaling Comm. 41:545-554. 674 

Gabsi F, Hammers-Wirtz M, Grimm V, Schäffer A, Preuss TG. 2014. Coupling different 675 

mechanistic effect models for capturing individual-and population-level effects of chemicals: 676 

Lessons from a case where standard risk assessment failed. Ecol Model. 280:18-29. 677 

Galic N, Hommen U, Baveco J, van den Brink PJ. 2010. Potential application of population 678 

models in the European ecological risk assessment of chemicals II: review of models and their 679 

potential to address environmental protection aims. Integr Environ Assess Manage. 6:338-360. 680 

Giddings JM, Brock T, Heger W. 2002. Community level aquatic system studies-Interpretation 681 

criteria. In: Community level aquatic system studies-interpretation criteria. SETAC. 682 

Goodhead R, Tyler C. 2009. Endocrine-disrupting chemicals and their environmental impacts. 683 

In: CRC Press: Boca Raton, FL. 684 

Grant A. 1998. Population consequences of chronic toxicity: incorporating density dependence 685 

into the analysis of life table response experiments. Ecol Model. 105:325-335. 686 

Guillette Jr LJ, Crain DA, Rooney AA, Pickford DB. 1995. Organization versus activation: the 687 

role of endocrine-disrupting contaminants (EDCs) during embryonic development in wildlife. 688 

Environ Health Perspect. 103:157. 689 

Hamilton PB, Lange A, Nicol E, Bickley LK, De-Bastos ES, Jobling S, Tyler CR. 2015. Effects 690 

of Exposure to WwTW Effluents over Two Generations on Sexual Development and Breeding 691 

in Roach Rutilus rutilus. Environ Sci Technol. 49:12994-13002. 692 

Hamilton PB, Nicol E, De-Bastos ES, Williams RJ, Sumpter JP, Jobling S, Stevens JR, Tyler 693 

CR. 2014. Populations of a cyprinid fish are self-sustaining despite widespread feminization 694 

of males. BMC Biol. 12:1. 695 



29 

 

Hannah R, D'Aco VJ, Anderson PD, Buzby ME, Caldwell DJ, Cunningham VL, Ericson JF, 696 

Johnson AC, Parke NJ, Samuelian JH. 2009. Exposure assessment of 17α‐ethinylestradiol in 697 

surface waters of the United States and Europe. Environ Toxicol Chem. 28:2725-2732. 698 

Harris CA, Hamilton PB, Runnalls TJ, Vinciotti V, Henshaw A, Hodgson D, Coe TS, Jobling 699 

S, Tyler CR, Sumpter JP. 2011. The consequences of feminization in breeding groups of wild 700 

fish. Environ Health Perspect. 119:306. 701 

Hayashi TI, Kamo M, Tanaka Y. 2009. Population-level ecological effect assessment: 702 

estimating the effect of toxic chemicals on density-dependent populations. Ecol Res. 24:945-703 

954. 704 

Hazlerigg CR, Tyler CR, Lorenzen K, Wheeler JR, Thorbek P. 2014. Population relevance of 705 

toxicant mediated changes in sex ratio in fish: An assessment using an individual-based 706 

zebrafish (Danio rerio) model. Ecol Model. 280:76-88. 707 

Hintemann T, Schneider C, Schöler HF, Schneider RJ. 2006. Field study using two 708 

immunoassays for the determination of estradiol and ethinylestradiol in the aquatic 709 

environment. Water Res. 40:2287-2294. 710 

Hölker F, Breckling B. 2001. An individual-based approach to depict the influence of the 711 

feeding strategy on the population structure of roach (Rutilus rutilus L.). Limnologica-Ecology 712 

and Management of Inland Waters. 31:69-78. 713 

Holt M. 2000. Sources of chemical contaminants and routes into the freshwater environment. 714 

Food Chem Toxicol. 38:S21-S27. 715 

Huestis SY, Servos MR, Whittle DM, Dixon DG. 1996. Temporal and age-related trends in 716 

levels of polychlorinated biphenyl congeners and organochlorine contaminants in Lake Ontario 717 

lake trout (Salvelinus namaycush). J Great Lakes Res. 22:310-330. 718 

Huse G, Strand E, Giske J. 1999. Implementing behaviour in individual-based models using 719 

neural networks and genetic algorithms. Evol Ecol. 13:469-483. 720 



30 

 

Hutchinson TH, Ankley GT, Segner H, Tyler CR. 2006. Screening and testing for endocrine 721 

disruption in fish-biomarkers as" signposts," not" traffic lights," in risk assessment. Environ 722 

Health Perspect. 114:106. 723 

Ibrahim L, Preuss TG, Schaeffer A, Hommen U. 2014. A contribution to the identification of 724 

representative vulnerable fish species for pesticide risk assessment in Europe—A comparison 725 

of population resilience using matrix models. Ecol Model. 280:65-75. 726 

Jensen KM, Kahl MD, Makynen EA, Korte JJ, Leino RL, Butterworth BC, Ankley GT. 2004. 727 

Characterization of responses to the antiandrogen flutamide in a short-term reproduction assay 728 

with the fathead minnow. Aquat Toxicol. 70:99-110. 729 

Jobling S, Coey S, Whitmore J, Kime D, Van Look K, McAllister B, Beresford N, Henshaw 730 

A, Brighty G, Tyler C. 2002. Wild intersex roach (Rutilus rutilus) have reduced fertility. Biol 731 

Reprod. 67:515-524. 732 

Jobling S, Nolan M, Tyler CR, Brighty G, Sumpter JP. 1998. Widespread sexual disruption in 733 

wild fish. Environ Sci Technol. 32:2498-2506. 734 

Jobling S, Williams R, Johnson A, Taylor A, Gross-Sorokin M, Nolan M, Tyler CR, van Aerle 735 

R, Santos E, Brighty G. 2005. Predicted exposures to steroid estrogens in UK rivers correlate 736 

with widespread sexual disruption in wild fish populations. 737 

Johnson I, Hetheridge M, Tyler C. 2007. Assessment of (anti-) oestrogenic and (anti-) 738 

androgenic activities of final effluents from sewage treatment works: Environment Agency. 739 

Johnston A, Hodson ME, Thorbek P, Alvarez T, Sibly R. 2014. An energy budget agent-based 740 

model of earthworm populations and its application to study the effects of pesticides. Ecol 741 

Model. 280:5-17. 742 

Katsiadaki I, Scott AP, Hurst MR, Matthiessen P, Mayer I. 2002. Detection of environmental 743 

androgens: A novel method based on enzyme‐linked immunosorbent assay of spiggin, the 744 

stickleback (Gasterosteus aculeatus) glue protein. Environ Toxicol Chem. 21:1946-1954. 745 



31 

 

Khatun N, Mahanta R. 2014. A Study on the Effect of Chlorpyrifos (20% EC) on Thyroid 746 

Hormones in Freshwater Fish, Heteropneustes fossilis (Bloch.) by using EIA Technique. 747 

Science. 2. 748 

Kidd KA, Blanchfield PJ, Mills KH, Palace VP, Evans RE, Lazorchak JM, Flick RW. 2007. 749 

Collapse of a fish population after exposure to a synthetic estrogen. Proceedings of the National 750 

Academy of Sciences. 104:8897-8901. 751 

Kidd KA, Paterson MJ, Rennie MD, Podemski CL, Findlay DL, Blanchfield PJ, Liber K. 2014. 752 

Direct and indirect responses of a freshwater food web to a potent synthetic oestrogen. Phil 753 

Trans R Soc B. 369:20130578. 754 

Kirby MF, Allen YT, Dyer RA, Feist SW, Katsiadaki I, Matthiessen P, Scott AP, Smith A, 755 

Stentiford GD, Thain JE. 2004. Surveys of plasma vitellogenin and intersex in male flounder 756 

(Platichthys flesus) as measures of endocrine disruption by estrogenic contamination in United 757 

Kingdom estuaries: temporal trends, 1996 to 2001. Environ Toxicol Chem. 23:748-758. 758 

Klaminder J, Jonsson M, Fick J, Sundelin A, Brodin T. 2014. The conceptual imperfection of 759 

aquatic risk assessment tests: highlighting the need for tests designed to detect therapeutic 760 

effects of pharmaceutical contaminants. Environmental Research Letters. 9:084003. 761 

Kolpin DW, Furlong ET, Meyer MT, Thurman EM, Zaugg SD, Barber LB, Buxton HT. 2002. 762 

Pharmaceuticals, hormones, and other organic wastewater contaminants in US streams, 1999-763 

2000: A national reconnaissance. Environ Sci Technol. 36:1202-1211. 764 

Kortenkamp A. 2007. Ten years of mixing cocktails: a review of combination effects of 765 

endocrine-disrupting chemicals. 766 

Kułakowska K, Kułakowski T, Inglis I, Smith G, Haynes P, Prosser P, Thorbek P, Sibly R. 767 

2014. Using an individual-based model to select among alternative foraging strategies of 768 

woodpigeons: Data support a memory-based model with a flocking mechanism. Ecol Model.  769 

280:89-101. 770 



32 

 

Lange A, Katsu Y, Ichikawa R, Paull GC, Chidgey LL, Coe TS, Iguchi T, Tyler CR. 2008. 771 

Altered sexual development in roach (Rutilus rutilus) exposed to environmental concentrations 772 

of the pharmaceutical 17α-ethinylestradiol and associated expression dynamics of aromatases 773 

and estrogen receptors. Toxicol Sci. 106:113-123. 774 

Larsson D, Adolfsson-Erici M, Parkkonen J, Pettersson M, Berg A, Olsson P-E, Förlin L. 1999. 775 

Ethinyloestradiol—an undesired fish contraceptive? Aquat Toxicol.45:91-97. 776 

Liermann M, Hilborn R. 2001. Depensation: evidence, models and implications. Fish Fish. 777 

2:33-58. 778 

Liess M. 2002. Population response to toxicants is altered by intraspecific interaction. Environ 779 

Toxicol Chem. 21:138-142. 780 

Liu C, Bednarska AJ, Sibly RM, Murfitt RC, Edwards P, Thorbek P. 2014. Incorporating 781 

toxicokinetics into an individual-based model for more realistic pesticide exposure estimates: 782 

A case study of the wood mouse. Ecol Model. 280:30-39. 783 

Lorenzen K. 1996. The relationship between body weight and natural mortality in juvenile and 784 

adult fish: a comparison of natural ecosystems and aquaculture. J Fish Biol. 49:627-642. 785 

Malthus TR. 1926. First essay on population 1798. Macmilland and co. 786 

Marsh AC, Ribbink AJ. 1986. Feeding schools among Lake Malawi cichlid fishes. Environ 787 

Biol Fishes. 15:75-79. 788 

Mathers RA, Brown JA, Johansen PH. 1985. The growth and feeding behaviour responses of 789 

largemouth bass (Micropterus salmoides) exposed to PCP. Aquat Toxicol. 6:157-164. 790 

Matthiessen P, Gibbs PE. 1998. Critical appraisal of the evidence for tributyltin‐mediated 791 

endocrine disruption in mollusks. Environ Toxicol Chem. 17:37-43. 792 

Maunder R, Matthiessen P, Sumpter J, Pottinger T. 2007. Rapid bioconcentration of steroids 793 

in the plasma of three‐spined stickleback Gasterosteus aculeatus exposed to waterborne 794 

testosterone and 17β‐oestradiol. J Fish Biol. 70:678-690. 795 



33 

 

McAllister BG, Kime DE. 2003. Early life exposure to environmental levels of the aromatase 796 

inhibitor tributyltin causes masculinisation and irreversible sperm damage in zebrafish (Danio 797 

rerio). Aquat Toxicol. 65:309-316. 798 

Meli M, Palmqvist A, Forbes VE, Groeneveld J, Grimm V. 2014. Two pairs of eyes are better 799 

than one: combining individual-based and matrix models for ecological risk assessment of 800 

chemicals. Ecol Model. 280:40-52. 801 

Miller DH, Ankley GT. 2004. Modeling impacts on populations: fathead minnow (Pimephales 802 

promelas) exposure to the endocrine disruptor 17β-trenbolone as a case study. Ecotoxicol 803 

Environ Saf. 59:1-9. 804 

Mills LJ, Chichester C. 2005. Review of evidence: are endocrine-disrupting chemicals in the 805 

aquatic environment impacting fish populations?. Sci Total Environ. 343:1-34. 806 

Moe SJ, Stenseth NC, Smith RH. 2002. Density‐dependent compensation in blowfly 807 

populations give indirectly positive effects of a toxicant. Ecology. 83:1597-1603. 808 

Molina-Molina J-M, Real M, Jimenez-Diaz I, Belhassen H, Hedhili A, Torné P, Fernández 809 

MF, Olea N. 2014. Assessment of estrogenic and anti-androgenic activities of the mycotoxin 810 

zearalenone and its metabolites using in vitro receptor-specific bioassays. Food Chem Toxicol. 811 

74:233-239. 812 

Montana DJ, Davis L. 1989. Training Feedforward Neural Networks Using Genetic 813 

Algorithms. Proceedings of the IJCAI. 89:762-767 814 

Morthorst JE, Holbech H, Bjerregaard P. 2010. Trenbolone causes irreversible masculinization 815 

of zebrafish at environmentally relevant concentrations. Aquat Toxicol. 98:336-343. 816 

Myers R, Barrowman N, Hutchings J, Rosenberg A. 1995. Population dynamics of exploited 817 

fish stocks at low population levels. Science. 269:1106. 818 



34 

 

Nash JP, Kime DE, Van der Ven LT, Wester PW, Brion F, Maack G, Stahlschmidt-Allner P, 819 

Tyler CR. 2004. Long-term exposure to environmental concentrations of the pharmaceutical 820 

ethynylestradiol causes reproductive failure in fish. Environ Health Perspect.1725-1733. 821 

Nelson JS, Grande TC, Wilson MV. 2016. Fishes of the World. John Wiley & Sons. 822 

Park RA, Clough JS, Wellman MC. 2008. AQUATOX: Modeling environmental fate and 823 

ecological effects in aquatic ecosystems. Ecol Model. 213:1-15. 824 

Parrott JL, Blunt BR. 2005. Life‐cycle exposure of fathead minnows (Pimephales promelas) 825 

to an ethinylestradiol concentration below 1 ng/L reduces egg fertilization success and 826 

demasculinizes males. Environ Toxicol. 20:131-141. 827 

Paulos P, Runnalls TJ, Nallani G, La Point T, Scott AP, Sumpter JP, Huggett DB. 2010. 828 

Reproductive responses in fathead minnow and Japanese medaka following exposure to a 829 

synthetic progestin, Norethindrone. Aquat Toxicol. 99:256-262. 830 

Petrovic M, Solé M, López De Alda MJ, Barceló D. 2002. Endocrine disruptors in sewage 831 

treatment plants, receiving river waters, and sediments: integration of chemical analysis and 832 

biological effects on feral carp. Environ Toxicol Chem. 21:2146-2156. 833 

Railsback SF, Harvey BC. 2002. Analysis of habitat-selectoion rules using an individual-based 834 

model. Ecology. 83:1817-1830. 835 

Rearick DC, Fleischhacker NT, Kelly MM, Arnold WA, Novak PJ, Schoenfuss HL. 2014. 836 

Phytoestrogens in the environment, I: Occurrence and exposure effects on fathead minnows. 837 

Environ Toxicol Chem. 33:553-559. 838 

Regulation E. 2009. No 1107/2009 of the European Parliament and of the Council of 21 839 

October 2009 concerning the placing of plant protection products on the market and repealing 840 

Council Directives 79/117/EEC and 91/414/EEC. EU, Brussels. 841 



35 

 

Regulation E. 2013. No. 283/2013 setting out the data requirements for active substances, in 842 

accordance with Regulation (EC) No 1107/2009 of the European Parliament and of the Council 843 

concerning the placing of plant protection products on the market. EU, Brussels. 844 

Ricker WE. 1954. Stock and recruitment. Journal of the Fisheries Board of Canada. 11:559-845 

623. 846 

Ricker WE. 1987. Computation and interpretation of biological statistics of fish populations. 847 

Dept. of Fisheries and Oceans. 848 

Rose KA. 2005. Lack of relationship between simulated fish population responses and their 849 

life history traits: inadequate models, incorrect analysis, or site-specific factors? Can J Fish 850 

Aquat Sci. 62:886-902. 851 

Rose KA, Cowan JH, Winemiller KO, Myers RA, Hilborn R. 2001. Compensatory density 852 

dependence in fish populations: importance, controversy, understanding and prognosis. Fish 853 

Fish. 2:293-327. 854 

Rumelhart DE, Hinton GE, Williams RJ. 1988. Learning representations by back-propagating 855 

errors. Cognitive modeling. 5:1. 856 

Runnalls TJ, Beresford N, Losty E, Scott AP, Sumpter JP. 2013. Several synthetic progestins 857 

with different potencies adversely affect reproduction of fish. Environ Sci Technol. 47:2077-858 

2084. 859 

Saaristo M, Craft JA, Lehtonen KK, Lindström K. 2010. An endocrine disrupting chemical 860 

changes courtship and parental care in the sand goby. Aquat Toxicol. 97:285-292. 861 

Saglio P, Trijasse S. 1998. Behavioral responses to atrazine and diuron in goldfish. Arch 862 

Environ Contam Toxicol. 35:484-491. 863 

Schmolke A, Thorbek P, Chapman P, Grimm V. 2010a. Ecological models and pesticide risk 864 

assessment: current modeling practice. Environ Toxicol Chem. 29:1006-1012. 865 



36 

 

Schmolke A, Thorbek P, DeAngelis DL, Grimm V. 2010b. Ecological models supporting 866 

environmental decision making: a strategy for the future. Trends Ecol Evol. 25:479-486. 867 

Scholz S, Gutzeit H. 2000. 17-α-ethinylestradiol affects reproduction, sexual differentiation 868 

and aromatase gene expression of the medaka (Oryzias latipes). Aquat Toxicol. 50:363-373. 869 

Scott GR, Sloman KA. 2004. The effects of environmental pollutants on complex fish 870 

behaviour: integrating behavioural and physiological indicators of toxicity. Aquat Toxicol. 871 

68:369-392. 872 

Sebire M, Allen Y, Bersuder P, Katsiadaki I. 2008. The model anti-androgen flutamide 873 

suppresses the expression of typical male stickleback reproductive behaviour. Aquat Toxicol. 874 

90:37-47. 875 

Sebire M, Scott AP, Tyler CR, Cresswell J, Hodgson DJ, Morris S, Sanders MB, Stebbing PD, 876 

Katsiadaki I. 2009. The organophosphorous pesticide, fenitrothion, acts as an anti-androgen 877 

and alters reproductive behavior of the male three-spined stickleback, Gasterosteus aculeatus. 878 

Ecotoxicology. 18:122-133. 879 

Sibly RM, Grimm V, Martin BT, Johnston AS, Kułakowska K, Topping CJ, Calow P, Nabe‐880 

Nielsen J, Thorbek P, DeAngelis DL. 2013. Representing the acquisition and use of energy by 881 

individuals in agent‐based models of animal populations. Methods in Ecology and 882 

Evolution.4:151-161. 883 

Silva E, Rajapakse N, Kortenkamp A. 2002. Something from “nothing”− eight weak estrogenic 884 

chemicals combined at concentrations below NOECs produce significant mixture effects. 885 

Environ. Sci. Technol. 36:1751-1756. 886 

Söffker M, Tyler CR. 2012. Endocrine disrupting chemicals and sexual behaviors in fish–a 887 

critical review on effects and possible consequences. Crit Rev Toxicol. 42:653-668. 888 

Spromberg JA, Birge WJ. 2005. Modeling the effects of chronic toxicity on fish populations: 889 

The influence of life‐history strategies. Environ Toxicol Chem. 24:1532-1540. 890 



37 

 

Stillman RA, Goss‐Custard JD. 2010. Individual‐based ecology of coastal birds. Biological 891 

Reviews. 85:413-434. 892 

Svensson J, Fick J, Brandt I, Brunström B. 2014. Environmental concentrations of an 893 

androgenic progestin disrupts the seasonal breeding cycle in male three-spined stickleback 894 

(Gasterosteus aculeatus). Aquat Toxicol. 147:84-91. 895 

Swedenborg E, Rüegg J, Mäkelä S, Pongratz I. 2009. Endocrine disruptive chemicals: 896 

mechanisms of action and involvement in metabolic disorders. Journal of molecular 897 

endocrinology. 43:1-10. 898 

Ternes TA, Stumpf M, Mueller J, Haberer K, Wilken R-D, Servos M. 1999. Behavior and 899 

occurrence of estrogens in municipal sewage treatment plants—I. Investigations in Germany, 900 

Canada and Brazil. Sci Total Environ. 225:81-90. 901 

Tetreault GR, Bennett CJ, Shires K, Knight B, Servos MR, McMaster ME. 2011. Intersex and 902 

reproductive impairment of wild fish exposed to multiple municipal wastewater discharges. 903 

Aquat Toxicol. 104:278-290. 904 

Thorpe KL, Hutchinson TH, Hetheridge MJ, Scholze M, Sumpter JP, Tyler CR. 2001. 905 

Assessing the biological potency of binary mixtures of environmental estrogens using 906 

vitellogenin induction in juvenile rainbow trout (Oncorhynchus mykiss). Environ Sci Technol. 907 

35:2476-2481. 908 

Topping CJ. 2014. Scientific opinion on good modelling practice in the context of mechanistic 909 

effect models for risk assessment of plant protection products. Efsa Journal. 910 

Tyler C, Hamilton P, Lange A, Filby A, Soffkar M, Lee O, Takesono A, Kudoh T, Paull G, 911 

Iguchi T. 2012. Health impacts of exposure to environmental oestrogens in fish. Comparative 912 

Biochemistry and Physiology Part A: Molecular & Integrative Physiology. 163:S3. 913 

Tyler C, Jobling S, Sumpter J. 1998. Endocrine disruption in wildlife: a critical review of the 914 

evidence. Crit Rev Toxicol. 28:319-361. 915 



38 

 

Tyler C, Van der Eerden B, Jobling S, Panter G, Sumpter J. 1996. Measurement of vitellogenin, 916 

a biomarker for exposure to oestrogenic chemicals, in a wide variety of cyprinid fish. Journal 917 

of Comparative Physiology B. 166:418-426. 918 

Vabø R, Nøttestad L. 1997. An individual-based model of fish school reactions: predicting 919 

antipredator behaviour as observed in nature. Fish Oceanogr. 6:155-171. 920 

Valenti Jr TW, Gould GG, Berninger JP, Connors KA, Keele NB, Prosser KN, Brooks BW. 921 

2012. Human therapeutic plasma levels of the selective serotonin reuptake inhibitor (SSRI) 922 

sertraline decrease serotonin reuptake transporter binding and shelter-seeking behavior in adult 923 

male fathead minnows. Environ Sci Technol. 46:2427-2435. 924 

Van Straalen NM, Schobben JH, Traas TP. 1992. The use of ecotoxicological risk assessment 925 

in deriving maximum acceptable half‐lives of pesticides. Pestic Sci. 34:227-231. 926 

Viglino L, Aboulfadl K, Prévost M, Sauvé S. 2008. Analysis of natural and synthetic estrogenic 927 

endocrine disruptors in environmental waters using online preconcentration coupled with LC-928 

APPI-MS/MS. Talanta. 76:1088-1096. 929 

Von Bertalanffy L. 1957. Quantitative laws in metabolism and growth. Q Rev Biol. 217-231. 930 

Vulliet E, Wiest L, Baudot R, Grenier-Loustalot M-F. 2008. Multi-residue analysis of steroids 931 

at sub-ng/L levels in surface and ground-waters using liquid chromatography coupled to 932 

tandem mass spectrometry. J Chromatogr. 1210:84-91. 933 

Ward AJ, Duff AJ, Currie S. 2006. The effects of the endocrine disrupter 4-nonylphenol on the 934 

behaviour of juvenile rainbow trout (Oncorhynchus mykiss). Can J Fish Aquat Sci. 63:377-382. 935 

Weis JS, Smith G, Zhou T, Santiago-Bass C, Weis P. 2001. Effects of Contaminants on 936 

Behavior: Biochemical Mechanisms and Ecological Consequences Killifish from a 937 

contaminated site are slow to capture prey and escape predators; altered neurotransmitters and 938 

thyroid may be responsible for this behavior, which may produce population changes in the 939 

fish and their major prey, the grass shrimp. Bioscience. 51:209-217. 940 



39 

 

Weis P, Weis JS. 1974. DDT causes changes in activity and schooling behavior in goldfish. 941 

Environ Res. 7:68-74. 942 

Wibe AE, Rosenqvist G, Jenssen BM. 2002. Disruption of male reproductive behavior in 943 

threespine stickleback Gasterosteus aculeatus exposed to 17β-estradiol. Environ Res. 90:136-944 

141. 945 

Wood C. 1987. Predation of juvenile Pacific salmon by the common merganser (Mergus 946 

merganser) on eastern Vancouver Island. I: Predation during the seaward migration. Can J Fish 947 

Aquat Sci. 44:941-949. 948 

Wootton R. 1992. Constraints in the evolution of fish life histories. Neth J Zool. 42:291-303. 949 

Xia J, Niu C, Pei X. 2010. Effects of chronic exposure to nonylphenol on locomotor activity 950 

and social behavior in zebrafish (Danio rerio). Journal of Environmental Sciences. 22:1435-951 

1440. 952 

Zeilinger J, Steger‐Hartmann T, Maser E, Goller S, Vonk R, Länge R. 2009. Effects of 953 

synthetic gestagens on fish reproduction. Environ Toxicol Chem. 28:2663-2670. 954 

Zha J, Sun L, Zhou Y, Spear PA, Ma M, Wang Z. 2008. Assessment of 17α-ethinylestradiol 955 

effects and underlying mechanisms in a continuous, multigeneration exposure of the Chinese 956 

rare minnow (Gobiocypris rarus). Toxicol Appl Pharmacol. 226:298-308. 957 

 958 



40 

 

 959 

 960 

 961 

 962 

 963 

 964 

 965 

 966 

 967 

 968 

 969 

 970 



41 

 

Figure 1. Conceptualisation of the factors / processes which affect individual- and population- 971 

level sensitivity to toxicant exposure (blue arrows) and the category of model which 972 

incorporates each of these factors/ processes (black arrows). Dotted arrows highlight the factors 973 

which are incorporated within IBMs.  974 


